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Abstract 

 
Relationships between trace metals and nanoparticles were investigated using analytical 

transmission electron microscopy (aTEM) and asymmetric flow field flow fractionation (aFlFFF) 

coupled to both multi-angle laser light scattering (MALLS) and high resolution-inductively 

coupled plasma mass spectroscopy (HR-ICPMS).  Riverbed sediment samples were taken from 

the Clark Fork River in Montana, USA where a large-scale dam removal project has released 

reservoir sediment contaminated with toxic trace metals (namely Pb, Zn, Cu and As) which 

accumulated from one and a half centuries of mining activities upstream.  An aqueous extraction 

method was used to attempt to separate the nanoparticles from the bulk sediment.  After analysis 

of initial results, it was found that low density clays were being selected for in this process and 

made up a major portion of the particles within the extracts.  However, it was also realized that 

the metals of interest were associated almost exclusively with nano-sized Fe and Ti oxides.  

In order to more fully examine these relationships, a density separation method, using 

sodium polytungstate (2.8g/cm
3
), was developed to separate these higher density oxides from the 

lower density clays.  The heavy fraction was then subjected to an aqueous extraction routine to 

extract the nanoparticulate fraction.  FFF results indicated a smaller size distribution and more 

ideal fractionation with this method.  The aFlFFF-HR-ICPMS profiles for Fe and Ti also 

matched strongly with the data for the trace metals.  The majority of particles analyzed with the 

TEM were nano-sized Fe and Ti oxides (most commonly goethite, ferrihydrite and brookite), 

which typically had trace metals associated with them.  In many cases, it was aggregates of these 

nano oxides that were found hosting trace metals.  Nanoparticles and aggregates are known to 

behave differently than their bulk mineral phases or constituent particles, respectively.  

Nanoparticles are also capable of extended transport in the environment.  For these reasons, it is 

important that their associations with toxic trace metals be extensively evaluated, as they will 

affect the bioavailability and toxicity of these metals with implications for any type of 

contaminant sediment relocation, dam removal or metal contaminated site.  
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1) Introduction 

Nanoparticles are defined as particles
 
that can be as small as approximately 1 nm and as large

 
as 

several tens of nanometers in at least one dimension.
[1]

  They have been of particular interest in 

many fields within the scientific community due to the fact that many types of nanoparticles 

display properties which differ from those of the same material at micro or macro sizes.  These 

properties can be, for example, electronic, conductive, thermal, thermodynamic, magnetic, 

mechanical, or optical.  Nanoscience has developed over the years as a way of exploring these 

property changes as a function of particle size.  Geochemistry entails the study of the chemical 

composition of the Earth and the processes which cause transformation and transportation of 

elements.  These reactions take place within and at the various interfaces existing between 

components of the lithosphere, biosphere, hydrosphere and atmosphere.  

Nanogeoscience, therefore, concerns nanoscale phenomena and how they relate to Earth 

processes.  Nanoparticles are ubiquitous in the environment and because of their property 

changes and increased reactivity they likely play a fascinating role in chemical transformation 

and cycling.  The increased reactivity can be due to the larger surface to volume ratio of 

nanoparticles as compared to the bulk mineral.  However, it has also been shown that even when 

surface area to volume ratios are normalized across particle size, an increase in reactivity can still 

be seen.  This can be due to, for example, changes in the surface structure of the particles as they 

decrease in size.  It was found with hematite nanoparticles that a decrease in size produced 

alterations in surface structure that both promoted oxidation of Mn and increased the Cu
2+

 

sorption capacity.
[2-3]

  Other studies on nanoparticles have also been reported showing, for 

example, the ability of Fe and Mn oxides to scavenge heavy metals,
[4-6]

 degrade organic 

contaminants
[7]

 and act as transporters for metals in soil-river systems.
[8]

  Various types of 

nanoparticles can also be formed, often times produced by microbial activity, and these products 

can then also effect the cycling and transformation of metals in the environment.
[9]

  Because of 

their small size, single nanoparticles are more likely to stay suspended in water columns or pore 

waters than larger particles.  So, in instances where aggregation leading to sedimentation does 

not take place, nanoparticles have a higher potential for distant transport. This clearly influences 

the fate of contaminants in the environment.      

The focus of this research was to determine the associations between nanoparticles and 

toxic trace metals in a contaminated river system.  The model system chosen for the work is the 
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Clark Fork River system in western Montana, U.S.A between the cities of Butte and Missoula.  

This site was selected because it includes the largest Superfund Site in the United States and has 

been severely contaminated with toxic metals (most notably As, Pb, Zn and Cu) from over 150 

years of base metal mining.  These metals have traveled downstream and accumulated in the 

reservoir behind the Milltown Dam, which was built in 1908.  Prior to sampling at this site a 

large project was put in motion to remove the dam and reconstruct the river to pre-dam 

conditions.  Due to a higher than predicted level of riverbed scouring after the dam was removed, 

a significant amount of metals were released downstream.  Samples were taken downstream 

from the former dam site in order to elucidate the role of nanoparticles in trace metal transport.  

Because nanoparticles have already been found to host metals over 150 km upstream in this 

system
[10-12]

 and in other acid mine drainage systems,
[13]

 we anticipated that nanoparticles were 

also playing a role in toxic metal transport below the former Milltown Dam site.  To our 

knowledge, no study has ever looked at the transport of contaminants over such a long distance 

in a river.  

Asymmetrical flow field-flow fractionation (aFlFFF) was chosen as one of the main 

analytical techniques for this work for multiple reasons.  It is currently one of the least invasive 

ways to continuously size separate a sample and is also one of the most universal and frequently 

used methods of the field flow fractionation (FFF) group.  It is applicable in the size range of 

humic acids to macromolecules and so is ideal for natural samples displaying a wide range of 

particle sizes.
[14]

  Size separation is obtained along the axis of a very thin channel where one wall 

consists of a semi-permeable membrane and the other wall consists of a glass plate (Figure 1.1).  

Laminar flow with a parabolic profile is established as a carrier liquid is pumped through the 

channel.  Following injection of the sample there is a period of focusing and relaxation of the 

sample components towards the membrane (Figure 1.2a,b).  During this time the sample 

components diffuse upward into the channel against a field applied perpendicular to the laminar 

flow (called the cross-flow) to distances from the membrane, which vary depending on their 

diffusion coefficients.  The cross-flow in aFlFFF is generated by a surplus of carrier flow 

entering the channel, which then exits through the membrane instead of continuing along 
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Figure 1.1  A schematic drawing of the aFlFFF channel components used in this study.  Figure from Hassellöv, et 

al., 2007. 
[15]

 

 

the channel.
[15]

  The amount of this flow passing through the membrane is controlled and is a 

main factor in determining the retention times of the sample components.  The remainder of the 

carrier flow makes up the laminar flow through the channel and is what carries the sample 

components through the channel during the elution step (Figure 1.2c).  Smaller particles will 

diffuse farther up than larger particles during the focusing step, thereby putting them in the 

higher velocity areas of the parabolic flow profile. Therefore, after the focusing flow is stopped, 

and the components begin to elute through the channel, the smaller particles will be the first to be 

detected.  So, the sample components are eluted at given retention times which are determined 

by the cross-flow and the retention times are based on the diffusion coefficients of the 

components.  Hydrodynamic diameters can then be determined by using either FFF theory or 

particle size standards run under the same conditions as the sample.    

FFF can also be coupled with multiple detectors to give a wide range of information 

about the sample.  In this work, aFlFFF was coupled to both multi-angle laser light scattering 

(MALLS) and high resolution-inductively coupled plasma mass spectroscopy (HR-ICPMS).  

MALLS will give information about both the size and shape of the particles in the sample and 

HR-ICPMS will allow determination of the chemistry of the sample as a function of particle size.  



4 
 

This type of information is critical in determining what types of relationships exist between 

nanoparticles and toxic trace metals.     

 

 

Figure 1.2  Diagrams depicting the flow patterns and sample component locations during the steps of an aFlFFF 

run. a) injection of the sample, run conditions have already been started and the focus flow is entering the channel 

from both sides; b) focusing step, the particles are being focused in a small zone and diffusion against the cross-flow 

occurs; c) elution step, focusing flow is stopped and sample is allowed to elute through the channel. 

 

The other analytical technique applied to the analysis of the contaminated sediment was 

analytical transmission electron microscopy (aTEM).  By using energy dispersive x-ray 

spectrometry (EDX) it is possible to obtain chemical spectra for particles for all elements greater 

than atomic number 4. Ni and Cu cannot be analyzed for as Ni is the grid material and Cu is 
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contained in some internal parts of the microscope and therefore they both have a visible peak on 

every spectrum.  Imaging allows for direct visualization of particles with sub-nanometer 

resolution and particle size analysis on a single particle level.  Fast Fourier Transforms (FFT) can 

also be calculated from high resolution images.  The resulting FFT image can then be used in the 

same way as a diffraction pattern, so when it is used in combination with the chemical spectra 

from EDX the exact mineral phase of the particle can be determined. 

By combining data from the FFF analyses and the TEM work, a full picture of trace 

metal – nanoparticle associations can be realized.  The FFF allows for determination of the 

extent of association between the nanoparticles and the metals of interest, gives information on 

the size and shape of the particles in the sample, and tells how the chemistry of the sample varies 

as a function of particle size.  The TEM can then be used to determine the exact mineral phase(s) 

which host the trace metals of interest.   

This is critical information in any metal contaminated area as nanoparticles are 

potentially capable of long-distance transport, they can be more reactive in the environment than 

larger particles, and they can display properties that differ from those of bulk minerals in ways 

which, in many cases, are still not fully understood.  When thinking of remediating an area, 

relocating sediment, reconstructing riverbanks, or any sediment relocation project which may 

involve contaminant metals, it is important to understand how those metals exist in their 

environment.  Nanoparticles have often been overlooked in this regard in the past.  For example, 

when standard chemical analysis for water is preformed, the filter size cut-off used to separate 

the particulate phases from the dissolved portion is 0.45μm.
[16]

  This is severely underestimating 

the particulate fraction as nanoparticles will easily pass through this size filter and then be 

counted as dissolved material.  Another reason why it is so important to understand how 

nanoparticles behave has to do with the production and release of manufactured nanoparticles 

into the environment.
[17]

  Although there is an ever increasing amount of work done to determine 

how these particles effect their environment, there is still a large information void and, therefore, 

a lack of regulation as to how these synthetic particles are used and discarded.  Any information 

gathered, whether dealing with natural or man-made particles, will help towards future decisions 

made regarding regulation and remediation. 
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ENVIRONMENTAL CONTEXT 

Determining associations between trace metals and nanoparticles in contaminated systems is 

important in order to make sound decisions regarding remediation.  This study utilized multiple 

methodologies to analyze metal contaminated sediment from the Clark Fork River Superfund 

Site.  It was discovered that in the < 1 µm fraction the toxic trace metals were almost exclusively 

associated with nanoparticulate Fe and Ti oxides.  This type of information is relevant because 

nanoparticles are often more reactive and show altered properties compared to their bulk 

equivalents, therefore affecting metal toxicity and bioavailability.  This might have implications 

for any trace metal contaminated area or toxic sediment relocation projects. 

        

ABSTRACT 

Analytical transmission electron microscopy (aTEM) and flow field flow fractionation (FlFFF) 

coupled to multi-angle laser light scattering (MALLS) and high-resolution inductively coupled 

plasma mass spectroscopy (HR-ICPMS) were utilized to elucidate relationships between trace 

metals and nanoparticles in contaminated sediment.  Samples were obtained from the Clark Fork 

River (Montana, USA), where a large-scale dam removal project has released reservoir sediment 

contaminated with toxic trace metals (namely Pb, Zn, Cu and As) which had accumulated from a 

century of mining activities upstream.  An aqueous extraction method was used to recover 

nanoparticles from the sediment for examination; FlFFF results indicate that the toxic metals are 
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held in the nano-size fraction of the sediment and their peak shapes and size distributions 

correlate best with those for Fe and Ti.  TEM data confirms this on a single nanoparticle scale; 

the toxic metals were found almost exclusively associated with nano-size oxide minerals, most 

commonly brookite, goethite and lepidocrocite.   

 

2.1 INTRODUCTION 

Trace metal contamination of water and sediment due to mining activities is a major problem 

throughout many areas of the world.
[1-4]

 These metals can exist and be transported in various 

ways, such as dissolved species in solution, sorbed on or incorporated into inorganic particulates, 

and complexed by organic matter.  Since these different species and size fractions will be 

affected by different transport processes (e.g. diffusion, aggregation and sedimentation) and 

because they have different availability to biota and to remediation technologies, an 

understanding of these relationships is critical.  Colloids, defined as solid material less than 1 μm 

in size, have been given much attention recently as a major player in trace metal transport.
[5-10]

  

Because of the small size of colloids, they are more readily transported longer distances than 

larger materials but may quickly aggregate to larger units and are less easily re-suspended than 

larger particles (e.g. Hjulstrøm curve),
[11]

 hence transport and distribution processes are 

multifactorial and complex.  A subset of colloidal material, nanoparticles (at least one dimension 

less than a few tens of nanometers) have been shown to display properties differing from those of 

bulk material of the same phase.
[12-15]

  These property changes include such things as increased 

capacity to sorb metals or an altered redox potential. While some of the property changes are 

directly related to the increase of specific surface area, some are emerging from changes in the 

surface properties and chemistry of these surfaces at or below certain particle sizes.
[16-21]

  In other 

words, surface and particle properties, even when normalized for surface area, often show 

changes in the nanoscale size range.  Characteristics like these are key in understanding metal 

behavior in the environment as they alter characteristics of the metal, such as bioavailability and 

toxicity.
[22]

   In order to know how metals and nanoparticles are associated in these types of 

environments, one needs to be able to evaluate the chemistry of the particles as a function of 

their size.   

The sediment samples for this study were collected from the Clark Fork River in western 

Montana, U.S.A.  This is an important area as far as metal contamination is concerned as it is the 
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largest Superfund Site in the country.  Base metal mining over the past 150 years has released 

considerable quantities of metals at toxic concentrations (namely Pb, Zn, Cu and As) into the 

river and floodplain environments.  Approximately 100 years ago the Milltown Dam was built 

about 200 km downstream from the mining and smelting source areas in Butte and Anaconda, 

Montana.  A large amount of these trace metals has since traveled downstream and accumulated 

in the sediments of the reservoir behind the dam.  It has been estimated that many thousands of 

metric tons of the aforementioned metals were held behind the dam.
[23]

  There is currently a 

large-scale project in progress removing the dam and reconstructing the channel.  A higher than 

predicted level of riverbed scouring during this process has released more sediment
[24]

 and more 

contamination than was anticipated.  Immediately after dam removal, fine-grained riverbed 

sediment up to 70 km downstream from the dam removal site showed  a 5-fold increase in As 

and a 3-4-fold increase in Cu, Zn, and Pb when compared to previous concentrations
[25-27]

 

(Figure 2.1). 

 

 

Figure 2.1  Data from riverbed mud showing arsenic concentrations both before and post dam breaching. , data 

from US Geological Survey before dam breaching; , data collected after dam breaching; , data from two 

tributaries (Black Foot River and Bitterroot River) showing background levels of arsenic at the same time the post 

breach samples were taken. 

 

In order to make rational decisions concerning remediation, it is important to understand 

metal behavior and transport in the environments.  As nanoparticles are ubiquitous in nature and 

have already been found associated with metals in this particular system
[2,28-29]

 and other mine 

drainage locales,
[1,30]

 it is likely that they are affecting trace metal mobility and bioavailability.  
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The goal of this study was to determine associations existing between nanoparticles and trace 

metals in order to better elucidate these complex relationships.  Asymmetrical flow field-flow 

fractionation (aFlFFF) combined with multi-angle laser light scattering (MALLS), high 

resolution-inductively coupled plasma mass spectroscopy (HR-ICPMS) and analytical 

transmission electron microscopy (aTEM) were utilized in pursuit of this goal. 

As the theory behind FFF has been described elsewhere,
[31-33]

 it will not be explained in 

detail here.  However, briefly, FFF is a continuous analytical particle separation technique 

which, in combination with suitable detection systems, can be utilized to determine properties of 

the sample as a function of the particle size. The particle separation takes places in a thin (~ 

0.25mm) channel under the effect of a field applied perpendicular to the main parabolic flow of a 

mobile phase.  Flow-FFF (FlFFF), one of the many subtypes of FFF, relies on the varying 

diffusion coefficients of the different particle sizes to continuously size separate a sample. Using 

either FFF theory or calibration with particle size standards, the retention volume of the particles 

can then be converted to hydrodynamic diameters.  FFF was chosen as it is currently one of the 

least invasive ways to acquire quantitative information on the continuous size distribution of 

particles in a sample.  By utilizing light scattering and ultra-violet diode array detection (UV-

DAD) spectrometers, information about the mass concentration (approximated from determined 

turbidity),
[34]

 size and shape of the particles can be accomplished. Also, by employing mass 

spectroscopy coupled to FFF, chemical data can be acquired, thereby giving much useful 

information about the size distribution versus chemistry of particles.  When the material is also 

examined using transmission electron microscopy and electron diffraction, coupled to energy 

dispersive x-ray spectroscopy (EDS), it becomes possible to identify which particular mineral 

phases and particle sizes are hosting metals of interest.  This combination of FlFFF and aTEM, 

therefore, gives a comprehensive picture of trace metal - nanoparticle associations.  While 

various studies have utilized FFF coupled to light scattering,
[34-45]

 ICPMS,
[7,46-52]

 TEM
[33,53-55]

 or 

some combination thereof, many of these studies focused on organic matter, synthetic 

nanoparticles, or uncontaminated river water.  This study uses the above mentioned techniques to 

provide a first look at the direct associations between mineral nanoparticles and toxic trace 

metals in contaminated sediment.    
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2.2 EXPERIMENTAL 

2.21 Sample site and description 

Samples for this study were collected at three sites in September 2008 from a channel of the 

Clark Fork River at 2.3, 15 and 20 river km below the Milltown Dam removal site (Figure 2.2).  

All sediment samples were collected with plastic scoops and placed into bottles that had been 

purged with river water.  All sample collection materials were previously acid-cleaned, rinsed 

with ultra pure de-ionized water and placed in plastic bags until sampling in the field.  The 

samples were stored on ice until return to the University of Montana Geology Analytical 

Laboratory.  Once there, they were air-dried and then stored in plastic bags for shipment. Data 

analysis revealed that all samples exhibited similar chemical trends as they were likely all 

deposited during the same transport event after dam removal.  Therefore, only data from location 

1 will be presented here, and it will hereafter be referred to as CF-1. 

 

 

 

Figure 2.2  Location map showing the stretch of the Clark Fork River that flows through Missoula, Montana.  

Samples were taken at locations 1, 2 and 3. 

 

2.22 Sample preparation and aFlFFF - MALLS setup 

All chemicals were purchased from Fisher Scientific, Austria, at analytical grade or better. A 

colloidal extraction method was used to prepare aqueous samples from the sediment for aFlFFF 

analysis.
[56]

  The sediments were gently disaggregated using mortar and pestle and dry-sieved to 

< 125 μm.  A portion of the sieved sediment was digested using hydrofluoric acid for trace metal 

analysis with ICPMS.  To increase the sodium adsorption ratio and remove divalent cations (e.g. 
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sorbed Ca
2+

) which would interfere with later colloid dispersion, a 1:10 solid/liquid mixture of 

sediment and 0.1M NaCl solution was prepared, sonicated in a bath (2 x 120 W ultrasonic 

power; Bandelin Sonorex Super RK106) and placed on a shaker for 24 hours.  The mixtures 

were then centrifuged to give a 100 nm particle size cut-off for particles with a density of 2.6 g 

cm
-3

 using the following equation:
[56]
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This equation assumes spherical particles and an increasing centrifugal force with the radius.  It 

calculates the time, ts, necessary for a particle with diameter d to travel from the surface of the 

sample (rin = distance from rotor axis to sample surface) to the bottom of the tube (rout = distance 

from motor axis to tube bottom) under given revolutions per minute (rpm), density difference 

between particles and medium (Δρ), and viscosity of the medium (η).  Since the particles were 

expected to be fully aggregated under 0.1 M NaCl the chosen cut-off of 100 nm was a suitable 

compromise between safe removal of all particles from the supernatant, centrifugation time and 

g-force related compaction of the sediment at the bottom of the tubes. Absence of particles in the 

supernatant was inspected visually by using a standard red laser pointer (clear supernatant, no 

scattered light visible to the naked eye at ~ 30 ° scattering angle). After centrifugation the 

supernatant was collected and the tubes refilled with Milli-Q water (Millipore Advantage A10 

system equipped with a Bio-Pak
TM

 5kDa ultrafilter, Millipore, Billerica, U.S.), again sonicated 

and placed on a shaker for 4 hours, then centrifuged again (as above).  This washing step was 

repeated until the supernatant returned from centrifugation turbid.  At this point, the extraction 

continued with a centrifugation particle size cut-off of 500 nm (determined using equation 1) and 

the supernatant was collected after each step for final analysis (approximately 500 mL final 

extract volumes).  Preliminary aFlFFF data showed clearly visible steric effects, which are 

produced when the upper particle size for the samples is too large.  These effects were 

recognizable by a pronounced shoulder on the high diameter side of the sample peak, but more 

so from a sudden sharp rise of the MALLS determined particle size.  Therefore, all samples were 

centrifuged to a 200 nm cut-off and these final extracts were used for all further experiments.  

Aliquots of these extracts were also analyzed using ICPMS in order to compare trace metal 

concentrations to those of the sieved bulk sediment.  Total particle mass in the extracts was 
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measured by filtering a portion of the extract over a 20 nm filter and weighing the filter after 

drying it.    

 

Table 2.1  Field flow fractionation (FFF) operational parameters 

tip to tip channel length (cm) 27.7 

inlet triangle breadth/length (mm) 20/34 

outlet triangle breadth/length (mm) 5/10 

focus flow rates (forward/backward) (mL min
-1

) 0.05/0.4 

focus time (min) 20 

channel flow rate (mL min
-1

) 1.4 

cross flow rate (mL min
-1

) 0.4 

UV wavelength (nm) 220 

fluorescence wavelength (nm) 350 

injection loop 100 μL 

carrier solution 0.5 mM Na pyrophosphate 

 

 

The aFlFFF system used was a PostNova2000 Focus coupled to a UV-DAD detector 

(Shimadzu SPD-M20A), and an 18-angle static light scattering detector (Dawn EOS, Wyatt 

Technology, Santa Barbara, USA).  The channel was equipped with a 10 kDa nominal cut-off 

polyether sulphone membrane (Pall Filtration, Omega) and the system was made virtually metal 

free by acid-cleaning procedures and the replacement of all metal parts with plastic.  aFlFFF 

parameters and run specifications are detailed in Table 2.1.  Due to the findings in Dubascoux et 

al.
[36]

 we did not apply sodium dodecyl sulfate (SDS) as a carrier component since it seems to 

have minor or no effect on the stabilization of clay-containing soil extracts.  Instead we chose a 

low concentration of sodiumdiphosphate (0.5 mM Na4P2O7, giving a Na
+
 molarity of 2 mM).  

Recoveries are given and discussed later.  Sodiumdiphosphate was chosen after several 

uncalibrated check runs with MALLS detection, which showed smaller peak areas and non-ideal 

peak shapes with borate buffer, SDS and (NH4)2CO3 at different concentrations and pH.  For 

example, with borate and SDS as carriers a smaller recovery was observed, especially with the 

larger particles, and with ammonium carbonate sharp and fragmented peaks were obtained which 

gave no useable MALLS signal. These peak shapes were interpreted as membrane adsorption of 

the particles and as aggregation and steric elution of large particles, respectively.  However, the 

results with the other carrier components were not fully quantified and are not reported here.  We 
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did not utilize sodium azide during runs since the strong UV-absorption of NaN3 renders the use 

of detection wavelengths below 280 nm inappropriate for the only light scattering mineral 

nanoparticles due to strong background absorption.  Also, the addition of another ~ 3 mM Na
+
 

would have reduced the recovery significantly.
[36]

 Instead, the system was flushed overnight with 

NaN3 solutions (200 ppm).   Particle size calibration was accomplished using seven NIST 

traceable polystyrene sulfonate size standards between 40 and 600 nm hydrodynamic diameter 

(Nanospheres
TM

, Duke Scientific Corp.) run under the same conditions as the samples.  

Independent determination of standard sizes was done by analyzing the MALLS peak maximum 

data with a spherical particle model and deviations from manufacturer stated sizes were 

negligible (typically less than 5%).    

 

2.23 Asymmetric Flow-FFF – HR-ICPMS setup  

The aFlFFF system used for the element distributions was the same as described in the previous 

section.  Injection volume, carrier solution, separation parameters and size calibration standards 

were also identical in order to obtain comparable size distributions.  Before entering the HR-

ICPMS (ThermoFinnigan ELEMENT 2), the effluent from the aFlFFF passed through an 

interface where HNO3 and Indium were mixed in on-line to make final concentrations of 1% 

HNO3 and 1 ppb In.  After every sample run, a blank (Milli-Q water) and a standards solution 

(20 ppb of all elements of interest, made up in FFF carrier solution) were injected into the 

aFlFFF-ICPMS interface and measured.  These standards were then used for concentration 

calibration of the samples.  Elements measured included Al, Fe, Si, Mg, Ti, Zn, Cu, Mn, Ba, Pb, 

Sr, Cr, Ce, La, Co, Th, Bi, Pr and In. 

 

2.24 Analytical electron microscopy  

The samples (same extracts used for aFlFFF) were prepared for TEM analysis using the 

following procedure: One mL of each sample was mixed with 100 μL of a Nanoplast resin 

mixture (1.0 g melamine resin + 0.025 g catalyst).  This resin is used in order to prevent artifacts 

from forming during evaporation of the sample.  For each mixture, 5 μL was pipetted onto a 

carbon-coated 300 mesh Ni TEM grid which was lightly adhered to a small horizontal 

centrifuge.  The centrifuge spins fast enough to produce a very thin veneer of resinated sample.  
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The grids were then placed in an oven at 40°C for 48 hrs and at 60°C for 48 hrs in order to cure 

the resin. 

The TEM used in this study was an FEI Titan 300, which has a field emission gun and 

was operated at 200 kV.  The microscope is equipped with an energy dispersive x-ray 

spectrometer (EDS), which allows for semi-quantitative analysis of all elements greater than 

atomic number 4.  Cu and Ni cannot be quantified here as the grids are Ni and certain interior 

parts of the microscope contain Cu which produces a spurious peak in each spectrum due to 

splay x-rays or electrons.  High resolution images (typically at a magnification of 570k) were 

taken of each particle and converted using a Fast Fourier Transform (FFT) function.  These 

converted patterns were then used to determine mineral phases within the particles.  Chemical 

spectra were also obtained for approximately 50 particles per sample.   

 

2.3 RESULTS AND DISCUSSION 

2.31 Asymmetric Flow-FFF – MALLS 

FFF provides only the separation of the particles in the channel, and this process may experience 

several critical interferences due to non-ideal behavior, including strong aggregation, steric 

inversion effects with larger particles, overloading effects and membrane repulsion interferences. 

[32,41,57]
  It is necessary to check the suitability of the sample, the selected carrier composition, 

and the run conditions against independent methods to assure proper fractionation. It is possible 

to detect possible interferences with an on-line MALLS detector, an on-line or off-line dynamic 

light scattering (DLS) system and/or a combination of spectral turbidity and nephelometric 

turbidity data.
[34]

  Checking sample recoveries on different detection systems is necessary to 

assess the membrane penetration loss and particle-membrane adhesion, which tend to cause 

losses of especially the very small and very large particles, respectively. 

Considering results from batch DLS measurements in the < 200 nm cut-off extracts (Fig. 

3, top) it was decided to set the run conditions to separate particles from 20 to 400 nm, which is a 

20-fold stretch and at the expected maximum for FFF.
[32]

  Figure 2.4 shows the signal trace of 

CF-1 as a function of the elution volume and calibrated hydrodynamic diameter (dh) together 

with the applied set of monodisperse particle size standards.  The signal trace is from the 90° 

angle signal of the MALLS detector.  Shown together with CF-1 is the trace of an in-house 
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reference of natural soil nanoparticles, extracted in a similar method.
[41,56]

  This reference sample 

is a derivative of sample S3 from v.d. Kammer et al.
[41]

 and has been colloidally stable for over 5 

years.  A subsample of this (named REF6) was also utilized  in Dubascoux et al.
[36]

  It is 

routinely used as a benchmark for FFF analysis, and the size distribution of the parent sample, 

S3, measured on a symmetric FlFFF in 2004, is nearly identical to the results obtained here.  The 

results here also match well with those in Dubascoux et al.
[36]

 considering the different run 

conditions and Na
+
 concentrations.   

 

 

Figure 2.3  Graph shows particle size distribution from (dynamic light scattering) DLS data from CF-1.   The 

transmission electron microscopy (TEM) image and diffraction pattern of particles are from the same sample.  Both 

data indicate that particles are present larger than the 200nm diameter cut-off used to prepare the sample.  The 

diffraction pattern also told that the majority of these particles are clays. 
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Figure 2.4  Graph showing the signal trace of the reference samples and CF-1 as a function of the elution volume 

and calibrated hydrodynamic radius (rh) together with the applied set of particle size standards (♦).  It can be seen 

that CF-1 lies within the range of the linear calibration function. 

 

The recoveries obtained are 75%, 70% and 57% for CF-1 in the MALLS 90° angle, 25° 

angle and UV-VIS at λ=220 nm, respectively.  For the soil reference the values are 86%, 82% 

and 56%.  This shows the selective loss of larger particles (the MALLS 25° angle is much more 

sensitive to large particles compared to the 90° angle) and the loss of light absorbing organic 

substances through the 10 kDa membrane.  This is reflected more in the UV-VIS recoveries 

since small amounts of light absorbing organic substances will dominate the signal over the only 

weakly scattering mineral particles.
[34]

  When comparing the results from the size calibration and 

CF-1, it can be seen that for sample CF-1 the 20 nm region is separate from the void region, 

which is the minimum of the signal trace between the void peak (produced from sample material 

which is too large, not properly focused or relaxed and therefore elutes directly after the 

transition from focusing to elution time) and the sample peak, meaning that 20 nm is an 

acceptable lower size limit for particle analysis.  Also, while the spherical 400 nm diameter 

standard is still in the linear range of the size calibration function, the 600 nm diameter standard 

clearly experiences effects of steric inversion, leading to pre-elution.  However, the sample 

covers the whole usable size fractionation region under the given conditions.  It must be clearly 
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stated that the limit for steric inversion determined with spherical standards is not directly 

transferable to non-spherical particles. This is the case because a platelet with the same 

hydrodynamic diameter as a 400 nm spherical particle will have a much larger plate diameter 

and hence cause steric inversion comparable to a spherical particle with a diameter 

approximately equal to the plate diameter. Additionally, lift forces and entropic effects may be 

encountered with large, high aspect ratio platelets, shifting the steric inversion limit to even 

smaller hydrodynamic sizes.
[57]

  While the soil reference sample (which also contains high aspect 

ratio platelet-shaped clay particles) does not show indication of steric inversion, the CF-1 curve 

has a shoulder on the high diameter side of the peak, which can be due to the presence of a 

higher amount of large particles or to a very minor steric inversion effect if very high aspect ratio 

particles are present. However, due to the heterogeneous nature of the natural sample, there is no 

straightforward solution to prove a possible interference other than to take into account the TEM 

analysis of the sample and the data from the independent size analysis by MALLS.  The TEM 

image in Figure 2.3 clearly shows that particles with a diameter > 500 nm are virtually absent 

(the large particles are mainly thin platelets with plate diameters up to 500 nm). 

 

 

Figure 2.5  Graph showing the evolution of the radius of gyration (rg) with the retention volume (hydrodynamic 

diameter, dh) for both CF-1 and the soil reference sample. 
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Following the concepts in v.d. Kammer et al.
[41]

, values of the radii of gyration (rg) were 

determined using the MALLS detector and are shown in Figure 2.5.  This technique revealed 

information about the size and grade of non-spherical shape of the particles within the aqueous 

extracts.  When using polystyrene standards it is possible to obtain a calibration curve to convert 

eluted volume into hydrodynamic radius (rh) of the particles.  MALLS also gives information 

about rg by measuring the net intensity of scattered light through a range of angles.  The rg is 

given by the mass distribution within the particle and the single mass increments are weighted by 

the square of the radius distance from the center of mass.  So, particles with the same rh could 

have different rg values, when they have, for example, a non-spherical shape, hence a different 

mass distribution within the particle.  Information about the shape of the particles, or in a first 

instance, the deviation from an ideal homogeneous sphere, can then be obtained by taking the 

ratio of these two values (rg\rh).
[40-41]

  Homogeneous spherical particles would have a value of 

0.775 and values above this indicate an increasingly higher aspect ratio or a non-homogeneous 

distribution of mass (e.g. hollow spheres).  Theoretical calculations have been made for this ratio 

for various particle shapes (e.g. rods, hollow spheres, ellipsoids of rotation, plates) and the ratio 

increases more rapidly with aspect ratio for rods than for plates and also more rapidly for plates 

than for oblates.  Figure 2.5 shows the evolution of the rg with the retention volume 

(hydrodynamic diameter) for both samples.  The calculation of rg is based on a linear Zimm fit of 

the obtained Rayleigh ratios.
[41]

  The soil reference gives the expected linear increase of rg with 

slight void peak interferences in the small size region.  Both rg curves meet in the main peak 

region, showing that the fractionation here is ideal and average particle shapes seem to be 

similar.  The slightly larger rg determined for CF-1 here can be attributed to the high content of 

clays, as shown in the TEM image (Figure 2.3).  From about 200 nm in rh, both rg curves develop 

significantly differently.  This can be attributed to the high clay content with high particle aspect 

ratios.  Additionally in the high rg range of CF-1, it can be assumed that the MALLS rg 

determination based on a linear Zimm fitting is beyond the limits of applicability.   

The FFF-MALLS analysis shows that the samples are correctly fractionated in the main 

peak region, that CF-1 contains a great amount of high aspect ratio particles and that a minor 

steric effect may be present with these high aspect ratio particles, which was not anticipated from 

the spherical particle calibration curve.  The results from this analysis should be taken into 

account when interpreting FFF-ICPMS data and when evaluating the chosen sediment extraction 
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technique. Because the assumption of spherical particles and uniform density used during 

calculation of the centrifugation times (equation 1) does not hold true for natural samples, some 

particles, like lighter weight, higher aspect ratio clays (as compared to denser Fe oxides), are 

being selectively enriched when the supernatant is collected because they settle more slowly than 

spherical particles of the same volume.  Thus, while retaining clay particles with low density in 

the collected supernatant, smaller, denser and nearly spherical oxide particles may be lost.  TEM 

images of large aggregates in the extract show that, although nano-sized particles were present, 

many of the particles were larger than the supposed 200 nm cut-off (Figure 2.3) in terms of plate 

diameter (not hydrodynamic or equivalent volumetric diameter).  Analysis of the diffraction 

pattern also indicated that the major mineral phases present were clays, such as mica-

montmorillinite, illite, pyrophillite, and muscovite.    

 

 

2.32 Asymmetric Flow-FFF – HR-ICPMS 

The total amounts of selected trace and main metals in the aqueous colloid extracts and 

the bulk sieved sediment can be found in Table 2.2.  By looking at the colloidal enrichment 

factor which in this paper describes the relative increase of metal concentrations in the < 200 nm 

fraction compared to the < 125 µm fraction, it can be seen that the metals (with the exception of 

Ti) are enriched in the colloidal fraction as compared to the bulk sieved sediment.  This indicates 

that a higher percentage of metals are held in/on particles in the extract than particles in the bulk 

sediment. Interestingly, the enrichment is relatively low for the usually strongly particulate and 

iron-oxide bound Pb while the iron-oxide bound As shows the highest enrichment even after 

numerous aqueous extraction steps with high liquid to solid ratios. Iron is more strongly enriched 

than aluminum although the results from FFF runs suggested a relative enrichment of clay 

minerals over heavier oxides. 
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Table 2.2  Trace metal concentrations for bulk sediment and aqueous extracts from CF-1.  Concentration on 

colloids was calculated using total colloidal mass and colloid enrichment factor was calculated by dividing the 

concentration on the colloids by the concentration in the < 125 μm fraction. 

 
< 125 μm fraction 

(ppm) 

aqueous extract 

(ppm) 

concentration on colloids 

(ppm) 

colloid enrichment factor 

(%) 

Al 56,505 18.64 79,658 1.41 

Fe 27,122 14.56 62,222 2.29 

Ti 3290 0.44 1880 0.51 

Zn 1226 0.66 2,820 2.3 

Cu 526 0.21 897 1.7 

Pb 121 0.05 214 1.77 

As 50 0.08 342 6.84 
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Figure 2.6 Data from Asymmetrical flow field flow fractionation-high resolution inductively coupled plasma mass 

spectroscopy (FlFFF-HR-ICPMS) for selected elements from sample CF-1.  The solid line represents the peak 

maximum for Fe and the dotted line the peak maximum for Al.  It is clear that Al, a likely representative of the clay 

fraction in the sediment, has a larger size distribution than Fe and Ti and that the trace metals are held in/on 

minerals in the nano-size range and are more closely associated with Fe and Ti than with Al.     
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Analysis of these extracts with aFlFFF-HR-ICPMS gave information about the 

compositional chemistry as a function of particle size (Figure 2.6).  Elements that represent the 

clay fraction in the extracts (e.g. Al and Si) had a peak maximum >100 nm.  The Fe peak has a 

maximum below 100 nm; so while this peak would have some contribution from the clay 

fraction, it also indicates that the majority of Fe is held in one or more truly nano-sized (< 100 

nm in diameter) mineral phases.  Ti has a peak maximum in between Al and Fe, which means it 

is present in clays and also in some smaller mineral phases.  The trace metals of interest that 

were measured (Zn, Cu, Pb) all have peaks that match very well with Fe and fairly well with Ti.  

This shows that these metals are likely held in/on nano-sized minerals, which contain Fe and Ti 

as major elements.  If Al is taken as a representative element for the clay fraction of the sediment 

and selected other elements are normalized to the Al data, it can be seen that Fe, Zn, Cu and Pb 

are all enriched in the < 100 nm range compared to Al and that Ti shows a constantly increasing 

trend towards smaller particles, which is, however, less expressed than the others (Figure 2.7). 

 

 

Figure 2.7  Asymmetrical flow field flow fractionation-high resolution inductively coupled plasma mass 

spectroscopy (FlFFF-HR-ICPMS) data for selected elements from CF-1.  The concentrations of metals listed on the 

right were normalized to Al concentrations in order to see trends in metal distribution.  It can be seen that all the 

metals are much more enriched in the nano-size range (<100nm) compared to Al.   

 

This means that the majority of the < 200 nm Fe and Ti dominated minerals are truly 

nanoparticulate and are also the ones which are more likely to be associated with the toxic trace 

metals, which are also enriched in the nano-size range.  It is likely that Ti is bound to clays as 
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well.  Interestingly, the Ti data suggests that there is an ionic form of Ti bound to the clay 

minerals which dominate the large size region, while it is also present in small Ti-bearing 

minerals (as the TEM results confirm; discussed below).  Taking into account the enrichment 

ratios for the CF-1 sample, Ti is less prominent in the < 200 nm fraction compared to the whole 

sample. The less pronounced slope towards smaller particles suggests that there is a dominant Ti 

fraction which is not captured by the extraction procedure. Hence Ti-rich particles are >> 200 

nm or selectively excluded from the extract by higher density. TEM results, described below, 

further clarify the role of this behavior for the observed low enrichment factors for Pb. Similar 

results for the Fe to Al ratio were also reported by Ranville et al.
[58]

 in a soil colloid study which 

utilized sedimentation FFF and ICPMS.  Using a sedimentation-FFF system on soil colloids of 

different origin, Ranville et al. found that the ratio also decreases with increasing particle size 

and noted that Fe is enriched in the smaller particle sizes.  However, in that study they attributed 

the high Fe concentration in the fine fractions to a significant portion of the Fe being present as 

oxyhydroxide surface coatings.  This study found no evidence for that; however, many Fe oxide 

nanoparticles were found using TEM (discussed below) and for this study it is likely that the 

presence of phases such as goethite and lepidocrocite are the main reason why Fe is so enriched 

in the small size fraction.  Most of the clays and other silicates will be larger in size and are not 

expected to be found associated with the trace metals, due to less reactive surfaces compared to 

metal oxides.  So, in these samples aFlFFF analysis revealed that the trace metals of interest are 

likely associated with nano-sized Fe and Ti dominated minerals and to a much lesser extent with 

clays and other silicate minerals. 

 

2.33 Analytical TEM results 

FFF enables the analysis of a relatively large number of particles with the drawback of reporting 

only averages over several thousands to millions of particles in each slice measured by the 

detectors in the outflow of the channel. In contrast, TEM may have difficulties in describing a 

sample on a fully quantitative basis after looking at 10 to 100 particles (instead of orders of 

magnitude  more), but it offers the possibility to overcome averaging effects simply by its 
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Figure 2.8  Selected transmission electron microscopy (TEM) data from the most common nanominerals found 

associated with toxic trace metals.  Each frame contains the energy dispersive X-ray spectroscopy (EDS) spectrum 

for each particle with an enlarged inset showing the trace metal peaks which are often difficult to see at the same 

scale as the major elements.  To the right of each spectrum is both normal and high resolution images of the 

particles, showing lattice fringes (indicative of crystallinity), and the FFT pattern of the high resolution image.  Pb-

bearing brookite (a)  As and Zn-bearing goethite (b)  As and Zn-bearing lepidocrocite (c).    
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inherent special resolution. In addition to morphological information, elemental composition and 

the distribution of elements in the particle may be obtained. The data gathered from aTEM 

confirmed the results obtained using aFlFFF on a single particle level.  The particles which 

contained the toxic trace metals of interest were almost exclusively oxides, most commonly 

goethite, lepidocrocite and brookite (Figure 2.8).  In acid mine drainage systems the most 

commonly found Fe oxides are ferrihydrite, jarosite, goethite and lepidocrocite,
[2]

 so the presence 

of these mineral phases in these samples is not unusual.  Also, the presence of Ti oxides has been 

previously reported in this particular river system, although the mineral phase itself could not be 

determined in that study.
[13]

 It was more common for the Fe oxides to host Zn and As, while 

brookite was a more frequent host for Pb.  These particles were also almost exclusively 

nanoparticles.  In many cases, these particles were found as a group comprising aggregates that 

were also nanosized (Figure 2.8b,c).  Previous TEM studies on river sediment from the Clark 

Fork also found nanoparticulate Fe oxides, in the form of ferrihydrite, which contained either Zn 

or Zn and As.
[2,29]

  The favored association of Pb with brookite in CF-1 and the low enrichment 

ratio for Ti (see table 2.2) may explain the low enrichment of Pb in the extracts compared to 

systems where Pb is more associated with iron/manganese oxides. Another interesting find was 

that in every sample there was one or two trace metal bearing particles which were also enriched 

with various rare earth elements.  For example, in CF-1, a Ce-allanite nanoparticle was found 

that contained Pb, Zn, La, and Th (Figure 2.9).  Trace metals were almost never found associated 

with clays or other silicate minerals.   
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Figure 2.9  Energy dispersive X-ray spectroscopy (EDS) spectrum (with enlarged inset showing trace metal peaks), 

normal and high resolution images and the FFT patterns of the high resolution image from a Ce-allanite 

nanoparticle which, along with other rare earth elements, Th and La, is a host for both Pb and Zn. 

 

2.4 CONCLUSIONS 

This study of sediment samples taken from a toxic metal contaminated river channel has shown 

that there are extensive associations between these metals and nanoparticles.  aFlFFF-HR-

ICPMS revealed that the trace metals measured (Pb, Zn, and Cu) are held on/in nano-size 

particles rich in Fe and Ti while Al-rich minerals, such as clays, are much more depleted in the 

true nano-size range and play a far less important role in metal binding.  aTEM confirmed this 

and showed that the main Fe and Ti minerals associated with the trace metals are goethite, 

lepidocrocite and brookite.  For all samples it was more common for the Fe oxides to be 

associated with As and Zn, while Pb was more often found with Ti oxides.  In several cases, 

nano-aggregates, composed of the same mineral phase, were found as hosts for trace metals.   

Nanoparticles containing rare earth elements and trace metals were also found.  Overall in this 

system, the main particles of interest are typically various types of Fe and Ti oxides, which are 

lower aspect ratio, high-density minerals.  Because the aqueous extraction method used to 

separate nanoparticles from the larger sediment particles relied on centrifugational removal of 

oversized material, the clay fraction of the sediment is being actively selected for in the 
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extraction and the particles of interest here are being depleted.  Methods are currently being 

developed to remove the clay fraction during the extraction process and enrich the heavier oxide 

fraction.  Then perhaps more information can be gathered about the specific associations 

between these trace metals and the nano-oxides.  This type of information is essential because of 

the increased reactivity of nanoparticles in the environment.  These altered properties, which can 

include things like redox potential and absorption capacity, will affect the bioavailability and 

toxicity of metals in the environment.  Nanoparticles, even when aggregated into small clusters, 

will also stay suspended in the water column of a river or pore water of sediment if sufficiently 

stabilized by, for example, natural organic matter.  Because these nanoparticles are hosting trace 

metals of interest, there is the potential for increased metal transport, especially when the trace 

metals are incorporated into the nanoparticle and excluded from exchange reactions with the 

surrounding medium.   This type of information has implications for not only this particular dam 

removal project and others like it, but any type of contaminated sediment relocation project or 

metal contaminated area.    
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ABSTRACT 

Nanoparticulate and aggregate oxides from a contaminated river system were examined to 

determine their potential as transporters of toxic trace metals.  A recent large scale dam removal 

project on the Clark Fork River in western Montana (USA), had released reservoir sediment 

contaminated with toxic trace metals (Pb, As, Cu and Zn), which had accumulated from a 

century of upstream mining activity. Density separation with sodium polytungstate (2.8g/cm
3
) 

was used to separate the low and high density particle fractions of riverbed sediment. The high 

density fraction was then further extracted to retrieve the nanoparticle content and analyzed by 

analytical transmission electron microscopy (aTEM) and flow field-flow fractionation (FlFFF) 

coupled to both multi angle laser light scattering (MALLS) and high resolution – inductively 

coupled plasma mass spectroscopy (HR-ICPMS).  FFF analysis revealed a size distribution in the 

nano range and that the elution profiles of the trace metals matched most closely to that for Fe 

and Ti.  aTEM confirmed these results as the majority of the particles and aggregates analyzed 

were Fe and Ti oxides and were associated with one or more of the trace metals of interest.  The 

main mineral phases hosting metals were goethite, ferrihydrite and brookite.  As nanoparticles 

are known to have altered properties from bulk mineral phases and are capable of extended 

transport, this demonstrates that they are likely playing a key role in determining the 

bioavailability and toxicity of contaminant trace metals.    
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3.1 INTRODUCTION 

Contamination of soils and sediments with heavy metal(loid)s is a worldwide problem stemming 

from many anthropogenic activities, such as ore mining, metal purification (e.g. flotation and 

smelting of ores or preparation of nuclear fuels), automobiles, coal burning power plants and 

other combustion by-products.  Elevated concentrations of metal(loid)s can also be produced 

naturally (e.g. arsenic contamination of groundwater in the Ganges Delta).  Whatever the source, 

metal(loid) contamination is known to have adverse effects on humans, fauna and flora.  For 

example, in humans, intake of high metal concentrations can cause allergic reactions (Be, Cr), 

neurotoxicity (Pb), nephrotoxicity (Hg, Cd) and various types of cancer (As, Cr).
[1]

  Because 

metal(loids) cannot be degraded or destroyed, remediation techniques must attempt to remove 

them from the system.  Before removal of metals can occur, one must have certain information 

regarding how the contaminant of interest is interacting with its environment.  Certain things of 

note are the state of the contaminant (e.g. precipitate or dissolved), its contact with its 

surroundings (e.g. if it is sorbed onto mineral surfaces) and its capacity for transport.  All of 

these factors and many others will determine the ultimate toxicity and bioavailability of the 

contaminant.   

Nanoparticles, which have at least one dimension less than a few tens of nanometers, will 

affect contaminants differently than particles which have the same composition but are much 

larger in size.  Particles in the nano-size range have been shown in many cases to have properties 

which vary from those of the bulk mineral.
[2-3]

  These altered properties, which can include redox 

potential and sorption capacity, could affect the availability and toxicity of the contaminant 

within its environment.
[2]

  One of the main reasons nanoparticles are so reactive is that as a 

particle‘s size decreases, the ratio of its surface area to volume increases, thereby increasing the 

amount of surface available for reactions.  However, while many property changes are a result of 

this increased ratio, some are due to variations in surface properties and chemistry which only 

occur when the particle exists in the nano-size range.
[4-9]

  Because of their small size, 

nanoparticles are also capable of staying suspended in water columns and pore waters for 

extended periods when shielded against aggregation or attachment to other, larger particles.  So, 

notwithstanding aggregation processes which may or may not cause sedimentation, this could 

definitely have an effect on the ability of nanoparticles to transport contaminants longer 

distances than their larger relatives, whether the contaminant is sorbed to the nanoparticle, co-
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precipitated with it, or perhaps is the nanoparticle.  It is also likely that this nanoparticulate 

fraction existing within waters and sediments is often overlooked.  For example, the filter cut-off 

size for determining dissolved versus particulate phases in a standard water analysis is 

0.45μm.
[10]

  Particles in the nano-size range would easily pass through a filter of this size and 

therefore be determined as dissolved phases.  The state of the contaminant (e.g. dissolved or 

nanoparticulate), would certainly affect its behavior within its environment and is therefore a 

factor which needs to be accounted for in determining a remediation or risk assessment strategy.   

It is important to understand if the contaminant is in fact associated with nanoparticulate species 

and if so, how that could have an effect on availability and toxicity.  Many studies dealing with 

nanotoxicity, a newly developing field, have found that particle size, and the properties linked to 

that size, has an effect on both the bioavailability and the subsequent level of toxicity to 

organisms, including humans.
[11-13]

  For example, if inhaled, nanoparticles deposit in all areas of 

the respiratory tract, evade defense mechanisms to get rid of them and can translocate to other 

areas of the body.  Nanoparticles can enter through the skin and be translocated to lymph nodes, 

and if they enter blood circulation they can be distributed throughout the body and taken up into 

the liver, spleen, bone marrow, heart and other organs.
[11]

  So, not only can nanoparticles have 

adverse affects on their own , if they are associated with or comprised of toxic metals they may 

release them into the body once they are exposed to the various and complicated chemistries 

therein.       

To further examine the extent to which nanoparticles may be influencing the movement 

of metal contaminants in a river system, sediment samples were taken from the Clark Fork River 

in western Montana, USA.  Over the past 150 years, base metal mining released significant 

amounts of metals (most notably Pb, As, Zn and Cu) into Clark Fork river/floodplain system at 

levels toxic to the environment, resulting in the largest Superfund Complex in the United States.  

Approximately 100 years ago the Milltown Dam was built 200 river km downstream from the 

source area of the contamination, and it was estimated that many thousands of metric tons of 

these metals had accumulated in the reservoir behind the dam.
[14]

  In 2007 a large scale project 

was put into place in to remove the dam and restore the channel, and by March 2008 the river 

was allowed to flow freely again.  However, a high amount of riverbed scouring occurred after 

this time, releasing a higher than predicted amount of sediment and contamination 

downstream.
[15]

  Only 2 months later, in May of 2008, chemical analysis of fine-grained riverbed 
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sediment about 70 km downstream from the dam removal site revealed a 5-6 fold increase in As 

and a 3-4 fold increase in Pb, Zn and Cu compared to pre-dam breach concentrations.
[16]

  The 

first detailed investigation of downstream contamination, with samples collected approximately 

3 km downstream from the dam removal site, revealed that these toxic trace metals were almost 

exclusively associated with nanoparticulate Fe oxides and Ti oxides of elevated density in the 

fraction that was studied.
[16]

  In the aforementioned study, it was found that these toxic trace 

metals were almost never associated with comparably low density clays and other silicates; 

however, a large fraction of the analyzed material consisted of that type of material.   

In order to take a closer look at the nanooxide – heavy metal relationships it was decided 

to employ a density fractionation technique, using sodium polytungstate, to separate the higher 

density, more metal-rich oxide particles from the lower density clay particles. This separation 

was coupled with a nanoparticle extraction method to in total separate the dense nanoparticulate 

fraction from the bulk sediment. The results from the density separated samples are then 

compared to results obtained using the normal aqueous extraction method developed in Plathe et 

al 2010.
[16]

  All samples were analyzed using analytical transmission electron microscopy 

(aTEM) and asymmetrical flow field-flow fractionation (aFlFFF) coupled to multi angle laser 

light scattering (MALLS) and high resolution – inductively coupled plasma mass spectroscopy 

(HR-ICPMS).  Although sodium polytungstate has been used previously as a density separation 

medium, its main purposes have been to fractionate soil organic matter 
[17-19]

 or to determine 

organic matter – mineral associations in soils.
[20-21]

  One study also focused on the speciation of 

Cr within a soil as a function of mineral density.
[22]

  However, this study is the first to utilize this 

method to separate, and subsequently analyze, metal-rich nanoparticles from an otherwise metal-

poor clay fraction in a contaminated sediment.   

 

3.2 MATERIALS AND METHODS 

3.21 Sample site and description 

Two samples were taken from a stretch of the Clark Fork River in September 2008 at 

approximately 15 and 20 km downstream from the Milltown Dam removal site (Figure 3.1).   

They were collected from newly formed deposits created from the increase in sediment 

movement downstream due to the dam removal process.  The sediment was collected with 

plastic scoops and placed into bottles that had been flushed with river water.  All sample 
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collection materials were previously acid-cleaned, rinsed with ultra pure de-ionized water and 

placed in plastic bags until sampling in the field.  The samples were stored on ice until return to 

the University of Montana Geology Analytical Laboratory and once there, they were air-dried 

and then stored in plastic bags for shipment.  

 

 

Figure 3.1.  Map depicting the segment of the Clark Fork River which flows through Missoula, Montana USA.  

Samples were taken at locations 1 and 2, approximately 20 and 15 river km downstream from the Milltown Dam 

removal site, respectively.  

 

3.22 Density separation and nanoparticle extraction 

Sodium polytungstate (SPT; SOMETU-USA) was heated in an oven at 60 °C to obtain a density 

of 2.8 g/cm
3
.  Thirty grams SPT was then mixed separately with 1 g of each sample (dry sieved 

to < 125 μm) in 15 mL centrifuge tubes.  The mixtures were then placed in a sonication bath (2 x 

120W ultrasonic power; Bandelin Sonorex Super RK106) for 30 minutes, then centrifuged for 90 

minutes at 4500 rpm.  The light fraction and the supernatant were transferred into new 15 mL 

tubes, sonicated for 30 minutes and centrifuged for 60 minutes at 4000 rpm.  This process was 

repeated a 3
rd

 time and the heavy fractions from all 3 runs were combined.  Ten mL of 0.1M 

NaCl was then added to each of the two heavy fractions in order to increase the sodium 

absorption ratio and exchange divalent cations which would interfere with the next nanoparticle 

dispersion step.  This was sonicated for 30 minutes and centrifuged for 90 minutes at 4500 rpm.  

The supernatant was then drained and this NaCl washing was repeated 3 more times.  After the 

4
th

 wash the sediment was mixed with 5 mL Milli-Q water (Millipore Advantage A10 system 

equipped with a Bio-Pak
TM

 5kDa ultrafilter, Millipore, Billerica, USA), sonicated 30 minutes 

and centrifuged for 30 minutes at 3000 rpm to get a 100 nm maximum size cut-off using the 

following equation:
[23]
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This equation calculates the time of centrifugation, ts, needed for a particle with diameter, 

d, to go from the surface of the sample (rin = distance from rotor axis to sample surface) to the 

bottom of the tube (rout = distance from motor axis to tube bottom) under given revolutions per 

minute (rpm), density difference between particles and medium (Δρ), and viscosity of the 

medium (η).  For this system, the density of particles was chosen to be 4g/cm
3
 so Δρ was 3g/cm

3
.  

The equation also assumes spherical particles.  The top 2 mL of the supernatant was collected 

and the tubes refilled with 2 mL Milli-Q water.  This collection process was then repeated 7 

times (until the supernatant came back from centrifugation substantially less turbid) to give a 

final sample volume of approximately 16 mL.  All tubes were acid-cleaned and rinsed with 

Milli-Q water prior to use.  Both sample 1 and 2 were also prepared with an aqueous extraction 

method identical to that described in Plathe 2010.
[16]

  Samples will be referred to as 1D and 2D 

for the density separated samples and 1A and 2A for the aqueous extraction samples.  Both sets 

of samples were analyzed using dynamic light scattering (DLS) to determine size distribution 

and with inductively coupled plasma optical emission spectroscopy (ICPOES) to determine bulk 

chemistry.   

 

3.23 Asymmetric Flow FFF-MALLS setup   

The aFlFFF used was a PostNova2000 Focus coupled to an ultra violet-diode array detector 

(UV-DAD; Shimadzu SPD-M20A), and an 18-angle static light scattering detector (Dawn EOS, 

Wyatt Technology, Santa Barbara, USA).  The channel was equipped with a 10 kDa nominal 

cut-off polyether sulphone membrane (Pall Filtration, Omega) and the system made virtually 

metal free by acid-cleaning procedures and the replacement of all metal parts with plastic.  For 

samples 1D and 2D, a 0.5mM NaCl carrier was chosen after several attempts with other carrier 

compositions (e.g. sodiumdiphosphate, FD-70 detergent, pure Milli-Q water) interfered with an 

ideal fractionation process and produced either sharp, fragmented peak (indicating non-ideal 

fractionation) or low recovery.  The results obtained with the other carriers were not fully 

quantified and are not reported here.  Samples 1A and 3A were run using 0.5mM sodium 
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pyrophosphate as a carrier; reasons for choosing this carrier can be found in Plathe 2010.
[16]

  Run 

parameters for all samples can be found in Table 3.1.  Although the injection loops used for the 

two sets of samples was different, the data for 1D and 2D has been normalized to the former runs 

in terms of injection volume for ease of comparison.  Size calibration was accomplished using 

several NIST traceable polystyrene sulfonate size standards between 40 and 600 nm 

hydrodynamic diameters (Nanospheres
TM

, Duke Scientific Corp.).  Recoveries were run using 

diluted sample (1:20), a 1.01mL/min tip flow rate and 0.01mL/min cross-flow rate with direct 

injection (not focusing the sample).  Each sample was injected 5 times over 30 minutes to obtain 

an average recovery.   

 

Table 3.1.  Asymmetric flow – field flow fractionation (aFlFFF)  operational parameters 

 1D and 2D 1A and 2A 

tip to tip channel length (cm) 27.7 

inlet triangle breadth/length (mm) 20/34 

outlet triangle breadth/length (mm) 5/10 

focus flow rates (forward/backward) (mL min
-1

) 0.05/0.6 0.05/0.4 

focus time (min) 15 20 

transition time (min) 1 

detector flow rate (mL min
-1

) 1 

cross flow rate (mL min
-1

) 0.6 0.4 

UV wavelength (nm) 220 

fluorescence wavelength (ex/em nm) 350/350* 

injection loop 50 μL 100 μL 

carrier solution 0.5 mM NaCl 0.5mM Na4P2O7 

* nephelometric mode (v.d. Kammer et al. 2005) 
[24]

 

 

3.24 Asymmetric Flow FFF-HR-ICPMS setup  

The aFlFFF system used for the element distributions was located in a different lab but the same 

as described in the previous section and the channel, membrane and assembly was exactly the 

same as used for the MALLS analysis.  Injection volume, carrier solution, separation parameters 

and size calibration standards were also identical in order to obtain comparable size distributions.  

Before entering the HR-ICPMS (ThermoFinnigan ELEMENT 2), the effluent from the aFlFFF 

passed through an interface where HNO3 and Indium were mixed in on-line to make final 

concentrations of 1% HNO3 and 1 ppb In.  After every sample run a blank (Milli-Q water) and a 
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standards solution (20 ppb of all elements of interest, made up in FFF carrier solution) were 

injected into the aFlFFF-ICPMS interface and measured.  These standards were then used for 

concentration calibration of the samples.  Elements measured included Al, Fe, Si, Mg, Ti, Zn, 

Cu, As, Mn, Ba, Pb, Sr, Cr, Ce, La, Co, Th, Bi, Pr. 

 

3.25 Analytical transmission electron microscopy  

All samples were prepared identically to that described in Plathe 2010.
[16]

  In short, portions of 

the samples were mixed with a water soluble resin and deposited on carbon-coated Ni grids.  The 

grids were spun on a horizontal centrifuge to produce a thin veneer of resin-sample mixture.  

They were then placed in an oven at 40°C for 2 days and 60°C for 2 days to cure the resin and 

evaporate the water.  The TEM used was an FEI Titan 300 operated at 200kV.  It is equipped 

with an energy dispersive X-ray spectrometer (EDS), which allows for semi-quantitative analysis 

of elements greater than atomic number 4.  Ni cannot be analyzed for as the grids are composed 

of it.  Low and high resolution images were taken of all particles analyzed.  Low resolution was 

used for particle size analysis and high resolution images were converted using Fast Fourier 

Transform (FFT) function.  These converted images can then be used to determine the mineral 

phase of the particle.  EDS spectra were also obtained for all particles analyzed (approximately 

50 per sample). 

 

3.3 RESULTS AND DISCUSSION 

In order to initially compare how this new density separation methodology compared to the 

aqueous extraction method, the samples were analyzed with dynamic light scattering (DLS) to 

determine if size distribution had indeed shifted to smaller particle sizes as intended, from the 

removal of large clays and by the change in the centrifugation routine, which aimed at a 

maximum particle size of 100 nm rather than 200 nm.  Based on the information in Figure 3.2 it 

can be seen that the size distribution did shift substantially into a lower size range; the mode of 

the distribution for sample 1 decreased by 180 nm and sample 2 decreased by 135 nm.   Because 

the goal of the density separation was to enrich the nano-sized oxide portion of the sediment and 

deplete silicates and large, high aspect ratio clays, this is a first indication that larger particles 

have, in fact, been depleted.  Another aim of the density separation was to increase the total 

amount of particles present in the extract in order to give a better overview of the relationships 
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these particles have to the trace metals.  By comparing the bulk chemistry of the two sets of 

samples obtained using ICPOES (Table 3.2) it can be seen that the concentrations of elements 

increased from anywhere from 300 to over 900% from the aqueous extracted samples to the 

density separated samples.  In order to rule out that this could be an increase in dissolved species, 

a portion of sample 1D was filtered over a 20 nm filter (Whatmann Anotop 0.02 µm) and the 

filtrate was also analyzed using ICPOES and no significant amounts of elements were present.  It 

can be concluded, therefore, that the particle concentration has been significantly increased using 

the density separation method for particle extraction.    

 

 

Figure 3.2.  Graph showing particle size distributions for both sets of samples obtained using dynamic light 

scattering (DLS).  It can be seen that the particle size distribution has decreased dramatically for the density 

separated samples.  

 

Table 3.2.  Chemical data for main elements and trace metals for all samples along with the percentage increase 

from the aqueous extraction to the density separation method 
 Si Al Fe Ti Pb Cu Zn As 

1A 35.25 13.74 10.11 0.34 0.03 0.14 0.35 0.04 

1D 166.50 74.10 63.80 3.20 0.31 0.76 3.48 0.21 

% increase 372 439 531 836 933 431 894 425 

2A 40.96 17.54 15.74 0.45 0.04 0.18 0.56 0.04 

2D 165.80 74.10 64.70 3.40 0.31 0.89 4.01 0.22 

% increase 305 322 311 662 675 409 616 450 
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3.31 Asymmetric Flow FFF-MALLS 

The main purpose for choosing to use MALLS in this study was to ensure a correct fractionation 

of the samples.  Because MALLS detects scattered light at various angles and utilizes the 

relationship between particle size and structure and the light scattering pattern, this method has 

the advantage of giving information on how particles of various sizes are behaving during the 

elution time.  This way one can see if particles of all sizes are being fractionated correctly as 

opposed to believing that the spherical calibration standards behave exactly the same as the 

injected natural sample particles, causing a lack of knowledge about total sample behavior during 

the fractionation period.  The advantage of MALLS analysis is the analysis of the radius of 

gyration, rg, over nearly the entire elution time.  The radius of gyration is a different particle size 

calculation than other models such as geometrically derived values or the equivalent spherical 

diameter.  In the case of rg, the particle is considered as a group of point masses, mi, at a specific 

radial distance, ri, from the center of mass.   The rg is then defined as the square root of the 

weight average of ri
2
 for all point masses 

[25]
: 
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Therefore, with rg and the calibrated hydrodynamic diameter (dh) obtained by analyzing particle 

size standards, this method of analysis gives the opportunity to have two independent particle 

size calculations for comparison.   

Based on the results from the DLS size distribution analysis of the samples, the run 

conditions for samples 1A and 2A were set to separate particles from 20 to 400 nm and for 

samples 1D and 2D the conditions were set to fractionate from 15 to 250 nm.  Figure 3.3 shows 

the elution profiles of the samples as a function of retention volume, Vret, and calibrated dh, along 

with the data from the particle size standards used for calibration.  The elution profiles chosen 

were from the 90° angle of the MALLS detector.  It can be seen, when looking at the small size 

region of the peaks, that the 15 nm area (for 1D and 2D) and the 20 nm area (for 1A and 2A) is 

separate from the void peak.  This void region is produced from sample components which are 

either not properly focused or relaxed, causing them to elute directly during the transition from 

focusing to elution time.  The fact that these two regions are separate signifies that these are 

acceptable lower size limits for fractionation.    It should also be noted that even though the 600 

nm standard for the aqueous extraction samples does not lie on the linear fit with the rest of the 
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standards (Figure 3.3a), the data for both sets of samples is within the linear range of the size 

calibration.     

 

 

Figure 3.3.  Graphs showing the MALLS 90
o
 trace for samples 1 (black) and 2 (grey) plus the size calibration data 

obtained by analysis of polystyrene size standards. a: aqueous extraction samples; b: density separated samples 

 

The information gathered from the calculation of the rg for all samples can be found in 

Figure 3.4 along with the MALLS 90° response.  As discussed above, rg gives an independent 

means of size analysis from the calibrated dh.  If fractionation is ideal and the mass distribution 

in the particle constant over size , the rg should increase linearly with the dh through the elution 

peak region.  It can be seen that for the aqueous extraction samples (Figure 3.4a) there are 3 

distinct slopes of rg through the elution profile, while for the density separated samples there are 

only two, indicating a more ideal fractionation.  Another aspect of note is that in the elution 

profile of 1A and 2A, there is a slight bulge in the higher dh region of the peaks.  This is an 

indication of the beginning of steric inversion, which is a phenomenon that occurs when larger 

particles elute too early in the run (i.e. larger particles are eluting together with smaller ones).  

Generally, steric inversion occurs when the size distribution of a sample is larger than the run 

conditions have been set.
[26]

   So, for samples 1A and 2A, steric inversion is an indication that 

there are particles existing in the sample greater than 400nm in hydrodynamic diameter.  The 

behavior of these particles is governed by their physical dimensions rather than their diffusion 

behavior and they are entrained in the high velocity part of the parabolic flow profile, and hence 

are eluting with particles of a smaller size.  This is especially evident in the rg trace for sample 
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2D, where at ~ 320 nm rg the slope takes a rather drastic decline indicating that the particles 

eluting are exceeding the MALLS limits for particle sizing, resulting in an often observed 

inversion of rg over elution volume.  For samples 1D and 2D, the bulge in the peak profiles is 

absent and the rg traces show a much more linear trend, indicating a lack of steric inversion.  

Other major differences visible from the MALLS 90° response over dh is that the size 

distribution has dramatically declined for the density separated samples, meaning more of the 

particles being analyzed are nanoparticulate and the data is far less obscured by large clay 

particles.  There are also a much higher number of particles being analyzed in the density 

separated samples.  This is obvious as one looks to the y-axis scale for the MALLS response, 

which is ~ 2.5 orders of magnitude larger for the density separated samples.             

 

 

Figure 3.4.  Graphs showing the evolution of the radius of gyration (rg) with the hydrodynamic diameter (dh) for 

both sample 1 (black) and sample 2 (grey).  a: aqueous extracted samples; b: density separated samples  

 

Recoveries for the aqueous extraction samples were 75 and 57% for the MALLS 90° 

angle and the UV-VIS at λ=220nm, respectively.  The density separated samples had recoveries 

of 87 and 71%.  The lower recoveries for the UV-VIS are an indication that some of the very 

small organic substances are being lost though the membrane.  UV-VIS is much more sensitive 

to light absorbing organic materials than it is mineral particles, which do not scatter light as 

strongly.  It is obvious from the recovery data that another benefit to the density separation 

technique is a large gain in the amount of particles making it through the elution time.  High 

recoveries are an indication of low membrane – particle interaction.  This is possibly a result of 
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the polytungstate somehow stabilizing the particles as a high concentration of tungsten 

(~200ppm) was still present in the extracts even after the repeated washing steps.   

Overall, the FFF-MALLS analysis indicates that the density separated samples have a 

more ideal elution (lack of steric inversion, higher recovery), higher particle concentration and a 

lower particle size distribution.   

 

3.31 Asymmetric Flow FFF-HR-ICPMS 

aFlFFF coupled to HR-ICPMS give information about the size of sample components as a 

function of their chemistry.  Data for selected elements from sample 1 can be found in Figure 

3.5.  The main graphs for each element have been normalized to the mass concentration of 

particles within the extracts.  The bulk chemistry data for the main elements from 1A and 2D 

were converted into oxide concentrations and summed to get a mass concentration of each 

sample.  The ratio between the two mass concentrations was then used to normalize the data.  

The insets on each graph show the data before normalization.   

It can be seen that the density separated samples have a much lower size distribution and 

much larger peak areas (Figure 3.5 insets).  The peak maximums for Al and Fe shifted 

approximately 100 nm lower and Ti shifted by about 65 nm.  The maxima for the trace metals, 

Cu, Zn and Pb shifted lower by about 50 nm.  This, along with the obvious increase in peak areas 

from the aqueous extraction samples to the density separated samples, indicates that the amount 

of nanoparticles present in the extracts has increased drastically.  In the mass concentration 

normalized graphs, the most obvious difference between the two methods is a lack of the large 

particles in the density separated samples, which are clearly present in the aqueous extracted 

samples.  While Fe peak area for the aqueous extraction sample is lower than Al, in the density 

separated samples the Fe peak area is higher, even after normalization.  This is an indication that 

a significant amount of large clay and silicate particles have been removed during the density 

separation and that Fe (likely in the form of oxides) has been enriched.  So, although 

concentrations of both Al and Fe increased during the density separation, the peak area for Al 

only increased by 57%, while Fe peak area increased by 176%.  Trace metal concentrations also 

increased due to density separation with Pb peak area increasing by 33%, Cu 76% and Zn 143%.     

The fact that the trace metal profiles match quite closely with Fe and Ti profiles in the 

density separated samples is indicating that the trace metals are likely being hosted by Fe and Ti 
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rich particles, such as oxides, and not by Al-rich particles, such as clays and silicates.  Because 

this relationship is much more evident for the density separated samples, the method has 

performed excellently in depleting the sample of large clay minerals which are obscuring the 

chemical data for 1A because of their overwhelming majority.  Another aspect of note is that the 

vast majority of the particles hosting trace metals are nanoparticles.  The peak maxima for Fe, Ti, 

Cu, Pb and Zn all are around 50 nm hydrodynamic diameter, meaning most of the particles are 

below 100 nanometers in size. 

The combined analytical techniques then of FFF-MALLS and FFF-ICPMS have shown 

that this method of density separating samples works quite well to extract high dense 

nanoparticles from a sediment sample.  The density separated extracts are much more stable 

(high FFF recovery), give more precise information on metal associations as most of the metal-

poor clay fraction has been eliminated and overall have more nanoparticles present within the 

extract which contributes to an overall more substantial data set.  This could be a useful tool in 

assessing the metal distribution and chemistry in any number of environments and could readily 

be adapted to work on aqueous samples as well.          
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Figure 3.5.  Graphs for selected elements as a function of calibrated hydrodynamic diameter for sample 1.  Density 

separation data is in black and aqueous extraction data is grey.   The density separation peaks in main graphs have 

been normalized to mass concentrations in the extracts and the peaks in the insets represent the data before 

normalization.  Dotted vertical lines represent peak maxima for each element under each condition.  
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3.33 Analytical transmission electron microscopy  

While FFF gives information on the size and chemical distribution of an entire sample, TEM is 

capable of determining the size, chemistry and mineralogy on a single particle level.  This makes 

these two methods of analysis compatible, as well as capable, of helping to verify each other.  

Overall, it is clear when viewing the samples with TEM that the density separation technique has 

indeed eliminated many of the clays, making it much easier to find the smaller, typically nano-

sized oxide particles.  The density separated samples also tend to be less aggregated, providing 

further ease in analyzing single particles.  The FFF indicates that the trace metals in these 

extracts are associated with nanoparticles likely rich in Fe and Ti.  TEM analysis should support 

this by finding Fe and Ti bearing minerals hosting trace metals.  While there were a couple 

silicate particles from each sample found associated with one of the trace metal of interest 

(almost always Zn), the vast majority of the particles hosting trace metals were Fe and Ti oxides.  

The most common Fe oxides found in the samples were goethite and ferrihydrite, while the most 

common Ti dioxide was brookite.  Mineral – trace metal trends were similar for the samples; Pb 

was more commonly found associated with Ti dioxide, while Cu, Zn and As were most often 

with the Fe oxides (Figure 3.6).  Much research has focused on studies of metal interactions with 

various oxides.  For example, As is known to sorb to ferrihydrite 
[9,27-29]

 and goethite can be a 

sorbent for or co-precipitate with As, Zn and Cu.
[30-34]

  While information on Pb association with 

brookite could not be located, studies have been done on Pb sorption to various Ti dioxides 
[35-36]

 

and on Pb-doped Ti dioxide.
[37]

  Also, two of the most common minerals found in acid mine 

drainage systems, such as this one, are goethite and ferrihydrite 
[38]

 and because they are known 

to be capable of harboring trace metals, their existence here as the most common trace metal 

carriers is logical.   

 The Fe and Ti oxides that are hosting these toxic trace metals are also almost exclusively 

in the nano-size range.  The fact that these oxides are almost always nanoparticulate has definite 

implications for both trace metal chemistry and transport.  Nanoparticles have the ability to stay 

suspended within pore waters and water columns allowing trace metals which are associated 

with them to become transported farther than with bulk particles.  Another aspect worth 

consideration is that microbial Fe reducers were found to reduce nano-sized goethite and 

ferrihydrite up to 2 orders of magnitude more rapidly than bulk macro-aggregates of the same 

phases.
[39]

  If this process occurs with Fe oxides in a system such as this, where they are often 



50 
 

associated with toxic trace metals, the metals would then be released much more quickly to their 

surroundings.  In many cases in these samples, (see Figure 3.6a and c) it is very small aggregates 

composed of mineral nanoparticles that are often only 5 to 20 nanometers in one dimension, 

which are found to be hosting metals.  It is already known that a large quantity of colloids and 

nanoparticles exist in the environment as aggregates 
[40]

 and that they are also expected to have 

different surface reaction rates than the particles within them.
[41-42]

  While little work has been 

done documenting the behavior of oxide aggregates in relation to trace metals, properties of 

aggregates have been shown to be altered from those of single particles.  For example, a study by 

Ward et al in 2009 found that aggregates which contained nanoparticles had an enhanced uptake 

by marine bivalves as compared to suspended nanoparticles alone.
[43]

  It has also been shown that 

bacterial reduction of As-rich ferrihydrite aggregates produced single As-bearing 

nanoparticles.
[44]

  If aggregates of As-bearing ferrihydrite are present then in riverbed sediments, 

their reduction would produce nanoparticles which are then capable of enhanced trace metal 

transport and would then have a different bioavailability.  Also, aggregates do not necessarily 

sediment out of waters; if they are smaller than a critical size they may become stable in waters 

and, therefore, mobile.
[45]

  Aggregates of these metal oxides would also have pore spaces which 

would be in the lower nano-size range.  Although there is little knowledge about how these 

confined spaces could affect trace metal behavior, it has been documented that even the 

properties of water are altered within nanopores.  Most notably, there is an increased viscosity 

and, therefore, a decreased velocity of water within these confined spaces.
[46-50]

  This decreased 

velocity of water leads to a decreased diffusion coefficient, which will thereby lessen the 

diffusion coefficients of ions and electrolytes in solution.
[51]

  In fact, a study on aggregates of 

nanocrystalline galena (PbS) showed an order of magnitude slower dissolution rate for 

aggregates as opposed to single particles, likely an effect of this decreased diffusivity in the 

confined spaces of the aggregates.
[51]

   

So, both single nanoparticles and the aggregates found within this system are having 

effects on trace metal transport and bioavailability, perhaps is different ways.    This system is 

extremely multivariate and complex, as any natural system is, and the more that is understood 

about how these particles interact within their environment the more capable decisions can be 

made regarding toxicity, bioavailability and transport.  This is incredibly important as the 

technological industry makes huge advances in nanotechnology, which does, and will continue 
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to, release copious amounts of manufactured nanoparticles into the environment.  The more we 

understand now about how natural nanoparticles are affecting their surrounding the more will be 

able to predict what may be happening with man-made nano materials in the environment.        
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Figure 3.6.  aTEM data from sample 2D showing the most common metal bearing minerals in these samples.  EDX 

spectra showing particle chemistry are provided with an inset showing trace metal peaks (same x scale as large 

spectra).  FFTs are located beneath the insets and the panels on the right show the particles at both low and high 

(570k times) magnification.  a: As-bearing goethite; b: Pb-bearing brookite; c: Zn, Cu and As-bearing ferrihydrite. 
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ABSTRACT  

Researchers are now discovering that naturally occurring environmental nanoparticles can play a 

key role in important chemical characteristics and the overall quality of natural and engineered 

waters. The detection of nanoparticles in virtually all water domains, including the oceans, 

surface waters, groundwater, atmospheric water, and even treated drinking water, demonstrates a 

distribution near ubiquity. Moreover, aquatic nanoparticles have the ability to influence 

environmental and engineered water chemistry and processes in a much different way than 

similar materials of larger sizes. This review covers recent advances made in identifying 

nanoparticles within water from a variety of sources, and advances in understanding their very 

interesting properties and reactivity that affect the chemical characteristics and behaviour of 

water. In the future, this science will be important in our vital, continuing efforts in water safety, 

treatment, and remediation. 

 

A.1 INTRODUCTION  

Environmental nanoparticles are nanometre-sized (~1–100 nm) crystalline to amorphous solid 

materials formed in nature. Scientists in the last 20 years have shown that environmental 

nanoparticles are quite literally everywhere in natural environments. They exist stably in nearly 

all components of the Earth, including the oceans, atmosphere, and subsurface. The most 

important of these occurrences, however, is probably in the Earth‘s so-called ‗‗critical zone.‘‘ 

The critical zone of our planet extends from the topmost forest canopy down to the deepest 

groundwater aquifer.
[1]

  It is the portion of the Earth that provides or strongly influences nearly 

all of our most vital resources, including fresh water, air, and soil. Environmental nanoparticles, 

in a vast variety of forms, exist in virtually all of these resources,
[2]

 including groundwater, lakes, 

and rivers. Although these water resources comprise less than 1% of the planet‘s total water 
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supply, they are the most indispensable because we are critically reliant on them for drinking 

water and agricultural use for a rapidly expanding population.  

This article concerns nanoparticles formed by natural geochemical (abiotic) and 

biogeochemical (biotic) processes in water, as well as those formed in natural aqueous 

environments as an unintended consequence of human activity in those environments. As an 

example of the latter, as we will see later, aquatic environmental nanoparticles can form as a 

result of mining activities and subsequent waste generation. This article does not, however, 

include intentionally (i.e., industrially) synthesized nanoparticles that have recently been the 

focus of the booming nanotechnology industry (e.g. CdSe, Fe(0), C60). Although such synthetic 

nanoparticles are undoubtedly being released into the environment—and understanding the 

consequences of such releases are of major importance to environmental sustainability
[3]

 - they 

still only represent a minuscule fraction of the nanoparticulate matter in the environment at this 

time.  

Recent reviews
[4-9]

 on nanoparticles and environmental nanoscience have received great 

interest in this field. This additional review should be specifically useful for at least two reasons. 

First, when manufactured nanoparticle introduction to the environment becomes more and more 

of a concern in the future, as is expected, it will be important to know what nanoparticles were 

there to start with, equivalent to having a baseline measurement. Second, our writing in this 

review is based on research that has focused on two separate fronts: finding and characterizing 

nanoparticles in nature using high spatial-resolution instrumentation, and studying their synthetic 

analogues through controlled experimental investigations to better understand how they behave 

in the environment. Based on this research, we first present recent progress in our understanding 

of the unique properties, growth conditions, and reactivity of environmental nanoparticles, and 

then shift focus towards their characterization and determination of the environmental processes 

they impact in water-based environmental settings. 

 

Why environmental nanoparticles are of such great interest  

The reason nanomaterials, in general, have created so much interest is because materials behave 

much differently when at least one spatial dimension is constrained in the nanoscale size regime. 

This effect is really what has driven the great majority of the nanotechnology boom. For 

example, synthetic Fe-oxide nanoparticles have several important industrial applications.
[10-12]

 

But over billions of years, nature has also had the capability of producing its own Fe-oxide 
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nanoparticles. On Earth, they act as carriers of elements and compounds in rivers and 

groundwater over long distances. They also serve as one of the primary constituents of the 

critical zone that contribute to such dynamic environmental processes as soil genesis, element 

cycling, and water quality. 

The wide-ranging contribution to biogeochemical processes by Fe-oxide nanoparticles is 

just one example of the importance of nanoparticles. Many other phases exist in nature as 

nanoparticles and affect a great number of environmental processes. Table A.1 highlights a few 

of the major mineral classes that can exist as nanoparticles and the environmental processes they 

influence. These nanoparticles, as a part of so many environmental processes, are behaving very 

differently when compared to particles of the same mineral but at a larger size. They are 

everywhere, and they account for a disproportionately large amount of potentially reactive 

surface area in the environment. 

 

Table A.1 Processes affected by the formation and/or presence of environmental nanoparticles 

Mineral class (example phase) Environmental process affected (examples) References 

Fe-oxides (goethite, hematite) Metal/contaminant uptake 
[13-14]

 

 
Catalysis 

[15-16]
 

 
Organic transformation 

[17-20]
 

Mn-oxides (vernadite, birnessite) Metal-binding 
[21-22]

 

 
Contaminant uptake 

[23-24]
 

Heavy metal oxides (uraninite) Contaminant immobilization 
[25-28]

 

Metal sulfides (sphalerite, pyrite, galena) Metal immobilization 
[29-30]

 

  Contaminant uptake 
[31-33]

 

 

As we will see, researchers are now discovering that environmental nanoparticles contribute 

much more than an auxiliary role to the processes listed in Table A.1. Systems that were once 

considered to be well-characterized must be reexamined with an eye towards nanoscience. For 

some systems, what once was considered to exist in the dissolved fraction of water can no longer 

be viewed as such. 

We presently know comparatively little about under what natural conditions 

environmental nanoparticles form, how long they persist, or in what cases their interaction with 

contaminants affects overall environmental quality. However, one thing is certain: humans are 

unintentionally contributing to the natural formation of countless additional nanoparticles in 
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virtually every environment on the planet. As will become apparent throughout this manuscript, 

this is not a situation limited to adverse human activity, such as pollution of air and water 

resources, mining and mineral processing, or nuclear waste generation and storage; actions that 

we perceive to be environmentally beneficial (e.g. drinking water treatment and environmental 

remediation) can also influence nanoparticle distribution.  

Not only are we causing such a change in the natural nanoparticle distribution in the 

environment, but we have virtually no idea what the corresponding consequences will be. For 

instance, invasive clean-up efforts of contaminated riverine sediment may cause the mobilization 

of very high levels of contamination release downstream through nanoparticle transport. And 

because those contaminants are bound to or within nanoparticles, the stability and means of their 

interaction are likely to be very different than what was once predicted.  

Overall, the need for understanding the role of environmental nanoparticles is important 

to understanding how we are changing the planet, and how we choose to address minimizing (or 

maximizing) those changes. 

 

A.2 THE ORIGINS OF ENVIRONMENTAL NANOPARTICLES 

Environmental nanoparticles are commonly formed as either weathering byproducts of minerals, 

as biogenic products of microbial activity, or as growth nuclei in super-saturated fluids. 

Concerning the latter, all materials precipitating directly out of solution must start in the 

nanoparticle size range. Certain phases, based on environmental conditions and growth kinetics, 

quickly surpass this size region and form much larger particles. But a large fraction of solid-

phase materials exist at this size range for extended periods of time. In the simplest systems, 

many inorganic growth mechanisms are responsible for nanoparticle formation, including classic 

crystal growth,
[34]

 aggregation (i.e. ripening),
[35]

 and redox triggered crystallization based on 

changes in mineral solubility.
[36]

 Examining how nanoparticles are formed and sustained in 

natural waters is key to understanding their possible roles in environmental processes, such as 

the transport and ultimate fate of contaminants associated internally or on the surface of the 

particles. 

In many environments, certain microorganisms induce the formation of nanoparticles. 

Biogenic nanoparticles are sometimes formed directly by the organism as a metabolic 

requirement (e.g. magnetite, Fe3O4, produced intracellularly by magnetotactic bacteria is 
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required for motility).
[37]

 Nanoparticles also form as an indirect result of microbial activity. For 

example, when a microorganism induces the redox transformation of a metal, the solubility may 

significantly change causing the precipitation of a new nanocrystalline mineral phase (e.g. Fe-

oxides
[38-43]

 and Mn-oxides
[22,24,44-45]

). With Mn oxidizing bacteria, for example, the final 

oxidation product is Mn(IV), which is insoluble and will interact with existing mineral phases, 

other aqueous metal species, or the cell wall, to form nanoparticles. Mineralization can also be 

promoted by other metabolites (e.g. electron shuttles) or by microbial cell surfaces acting as 

organic templates.
[46-47]

 

Understanding the precise growth mechanism of nanoparticles has recently become of 

high importance because this may be strongly correlated to particle reactivity. For example, Fe-

oxide nanoparticles grown both abiotically and biotically show different optical properties,
[48]

 

and rates of heterogeneous catalytic efficiency.
[49]

 Additionally, defects and phase transitions of 

abiotically grown hematite (a-Fe2O3) nanoparticles depends largely on growth kinetics of the 

particles.
[50]

 Phase transitions on such a scale are often directly correlated to surface energy and 

thermodynamics of growth.
[51]

 

Delineating the origin of nanoparticles from natural samples, however, is often a very 

challenging task. For example, when determining the origin/biogenicity of magnetite, criteria 

such as oxygen isotope fractionation, magnetic properties, particle morphology, and crystal size 

are often too ambiguous to be used individually.
[52-53]

 A much more rigorous characterization 

using a combination of such methods can sometimes allow for the accurate determination of the 

origin.
[54]

 Indeed, more detailed investigations of the growth mechanisms for both inorganic and 

biogenic nanoparticles will undoubtedly aid in the efforts to understand the origin of 

nanoparticulate phases. Thus far, laboratory studies examining the growth mechanisms of 

environmentally-relevant nanoparticles have predominately focused on various sulfide,
[29,55]

 Fe-

oxide
[14,38,56-57]

 and other metal oxide phases (e.g. TiO2).
[58-61]

 

 

Nanoparticle formation associated with metal contaminants  

In systems with heavy metal and/or radionuclide contamination, nanoparticles are often the 

byproducts of remediation efforts. One system of high interest for countries with a history of 

nuclear weapons manufacturing and nuclear power is that of uranium contaminated soils and 

groundwater aquifers. For example, a primary goal of the United States Department of Energy is 
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to address the nuclear legacy of the weapons program in the US, including the remediation of 

uranium contaminated subsurface sites. One of the most promising means of non-invasive clean-

up is through the bioremediation of soluble U(VI) by microorganisms, such as metal-reducing 

bacteria.
[62-63]

 This involves microbial-induced redox-transformations from U(VI) to an insoluble 

U(IV) phase. Thus, the hope is for the uranium to be immobilized within the contaminated 

aquifer. However, one caveat to this argument is that these precipitates have been shown to 

predominately exist as nanoparticles.
[27,64-66]

 In fact, nanoparticles of uraninite (UO2) have been 

shown to form abiotically when U(VI) is reduced by Fe(II)-oxides.
[29,67]

 

Disregarding reoxidation of the solid-phase products
[68]

 for the moment, one issue of 

great concern for the stability of the product is how unreduced aqueous U(VI) interacts with the 

precipitating nanoparticles. One field study showed that a solid-phase U(IV) precipitate actually 

contained a large fraction of unreduced U(VI).
[69]

 

The complexities behind the fate of metal and radionuclide contaminants during 

nanoparticle formation make predicting the final products very difficult. Several examples in the 

literature of different end-products for various metal/metalloid contaminants highlight the fact 

that we do not yet fully understand the fate of the contaminant with respect to the precipitating 

nanoparticle, but a lot of progress is being made. A recent study by Zachara and colleagues 

showed that the abiotic reduction of Tc(VII) by Fe(II) formed relatively stable iron oxide 

nanoparticles with homogeneously distributed Tc(IV) in the crystal structure, effectively 

stabilizing the Tc.
[36]

 The opposite can be true, however, with the metalloid As. Tadanier and 

colleagues showed that the microbial-reduction of Fe-oxide aggregates with adsorbed As(V) 

caused the deflocculation of As-bearing ferrihydrite (Fe10O14(OH)2) nanoparticles, subsequently 

increasing the mobility of As.
[70]

 

When relying on the reductive transformation of metals and subsequent growth of 

nanoparticles as a means for remediation, the problem of nanoparticle stability must be a chief 

concern. However, as we will see later, nanoparticles can be incredibly mobile in the 

environment so understanding the transport mechanisms of nanoparticles is also very important 

for determining the practicality of remediation efforts. One recent study, however, circumvented 

the need for understanding transport because they simply removed metal- and nanoparticle- 

bearing water from a contaminated mining site.
[71]

 Magnetite nanoparticles were grown using 

ferric iron in the extracted acid-mine drainage waters which also contained trace amounts of 
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other metals including Zn, Ni, and Cu. This presents an intriguing remediation case where 

contamination species are removed from the site and transformed ex situ. 

 

A.3 REACTIVITY OF NANOPARTICLES: INSIGHT FROM THE 

LABORATORY 

As alluded to in the Introduction, the principal reason for the recent trend in the characterization 

of nanoparticles is that their physical and chemical properties are often much different than 

larger particles of the same material. This is because, as we will soon see, the nanoscale 

represents a ‗transition zone‘ between the behavior of atomic and bulk-like states. Changes are 

observed, for instance, in the atomic structure, electronic, magnetic, and optical properties of the 

material. If these changes are significant (and they typically are), then the chemical reactivity of 

the particle should also be significantly affected. In an environmental context, this becomes 

especially important when considering the chemical reactions that involve contaminant 

compounds. 

The reasons for changes in reactivity at the nanoscale can be rationalized through four 

interrelated mechanisms: (1) as nanoparticles get smaller and smaller, the proportion of atoms at 

the surface or near-surface regions increases dramatically, often causing an increasing reactive 

surface area depending on the change in the distribution of surface edges, steps, kinks, and 

terraces; (2) as a result, the surface free energy of the particle will change as a function of 

particle size, thus influencing the thermodynamics of chemical reactivity; (3) atomic structure 

variations occur, in terms of changes in bond lengths, bond angles, and vacancies and other 

defects near and on surfaces; and (4) size-quantization effects modify the electronic structure of 

the material as the band structure, well known in bulk materials, begins to resemble discrete 

energy states of small molecules. Depending on the material and its size range, one or a 

combination of all four of these factors will contribute to the size-dependent change in the 

properties and chemical reactivity of that material. The changes observed may be dramatic. For 

example, even if the bulk material is a good conductor, the smallest nanoparticles may be 

semiconductors, or even insulators. 

The transition from macroscopic to nanoscale properties is not necessarily easy to 

predict. Where it has been carefully measured, the change in reactivity is often abrupt and 

significant as size decreases towards atomic clusters or individual atoms (Figure A.1). One 
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common misconception is that the reactivity tends to increase with decreasing particle size, but 

that is certainly not always the case. 

 
 

 

Figure A.1  Generalized trend for size-dependent reactivity change of a material as the particle transitions from 

macroscopic (bulk-like) to atomic. Reactivity can increase or decrease depending on the material and the chemical 

reaction involved. 

 

Environmental nanoparticles are intrinsically complex based on their mode of formation 

and chemical heterogeneity. Even ‗well-defined‘ synthetic nanoparticles tend to be difficult to 

study because of laborious or complicated synthesis methods which are never ideal, and/or the 

challenge of chemically and physically characterizing exceptionally small pieces of matter. 

Recent progress has been made in the laboratory, however, in synthesizing and characterizing 

environmentally relevant nanoparticles. Although synthetic analogues are not necessarily 

‗environmental nanoparticles,‘ they hold an important key to unraveling the mysteries behind 

nanoparticles in the environment. 

One class of minerals—the Fe-oxides—have arguably seen the most focused 

environmental nanoparticle research.
[14]

 Because iron is the most abundant transition metal on 

Earth, and oxygen is the most abundant element in the crust by far, iron oxides are found in 

virtually all natural water and soil systems across a wide spectrum of pH, salinity, and geologic 

settings. Not surprisingly, iron oxides exist, sometimes exclusively, as nanoparticles. For 

instance, ferrihydrite is found in nearly every near-surface aquatic system, but due to its 

characteristic nanoparticulate nature, has variable structural details and stability. One recent 

study, has presented a detailed crystal structure for this mineral, which is a major breakthrough 

for understanding its reactivity in the environment.
[72]
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What else controls the growth, durability, and reactivity of nanoparticles such as 

ferrihydrite? Why should ferrihydrite and other important nanophases be found in many aquatic 

systems instead of rapidly transitioning to larger, more thermodynamically favourable phases? 

Moreover, how do nanoparticles of more stable Fe-oxide phases like hematite, goethite (α-

FeOOH), and magnetite react compared to ferrihydrite and how do their reactivities change with 

size? These are important questions that need to be addressed in the context of nanoscience in 

order to be fully understood. Fortunately, recent advances in the laboratory have started to 

provide answers to some of these questions. 

Hematite‘s catalytic efficiency (surface area normalized rates) in Mn-oxidation reactions 

increases by between one and two orders of magnitude when going from 37 nm particles to 7 nm 

in size.
[16]

 This may be due to the distortion of hematite surface binding sites as the nanoparticles 

become smaller, which in turn affects the local bonding of the adsorbing aqueous Mn ions, a step 

necessary in the oxidation process. This, in turn, affects the kinetics of the oxidation reaction. 

This seems to indeed be the case, as Cu(II), which has an affinity for distorted surface binding 

sites, sorbs more aggressively on smaller hematite nanoparticles than larger ones.
[73]

 This 

becomes increasingly important with nanoparticles less than ~10 nm in size, because the 

percentage of atoms on the surface increases exponentially as particle diameter decreases,
[73]

 

providing many more sites for distorted metal bonding to the surface. Indeed, the structure of 

hematite nanoparticles has been shown to be size-dependent.
[50]

 

Although these studies are specific to hematite, these effects are likely to be common in 

many environmental nanoparticles, including other Fe-oxides. Examples of other experimental 

and/or computational investigations of the reactivity of Fe-oxide nanoparticles include studies 

concerning goethite
[14,18,74]

 and ferrihydrite.
[75-76]

 One important consideration when undergoing 

comparative studies of various Fe-oxides is that although they all exhibit size-dependent changes 

in reactivity, they may not change in a uniform way relative to each other. This has been 

addressed by three compelling studies comparing abiotic dissolution,
[77]

 Fe(II)- induced 

transformation,
[78]

 and microbial reduction
[79]

 for various Fe-oxide nanoparticle phases. Although 

these studies suggest that the bulk solubility of a particular mineral is a good predictor for 

nanoparticle reactivity, differences in particle morphologies, surface area, and structural defects 

do not always allow direct comparisons between similar mineral phases. Size-dependent 

experiments for each mineral phase, such as two recent studies of bacterial reduction of hematite 
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nanoparticles, have begun to address some of these concerns,
[80-81]

 but difficulties remain as 

reduction rates for similar minerals are also highly dependent on growth conditions.
[82]

 

 

Focus on direct environmental remediation  

Although the reactivity and stability of nanoparticles is important in determining the baseline 

behavior for aquatic systems, their reactivity with toxic contaminants is of chief interest for 

environmental remediation. In these instances, abiotic and biotic processes contribute to 

sequestration or transformation of such compounds. 

Mayo et al. showed that 12 nm particles of magnetite are roughly 200 times more 

efficient at removing As(III) and As(V) from water than 20 and 300 nm particles, an increase 

much greater than is predicted based only on an increase in surface area.
[83]

 Moreover, the 

adsorption complex associated with the smaller nanoparticles is much more stable than with the 

larger particles. Next, it may be possible for the magnetic characteristics of magnetite to be 

utilized in remediation strategies for arsenic contaminated aquifers. However, the size-dependent 

variation in the magnetic properties of magnetite need to be considered before the 

implementation of such schemes can occur. 

Magnetite is also important for the degradation of organic contaminants. For example, 

Vikesland et al. showed that magnetite reactivity with carbon tetrachloride is not only size-

dependent, but strongly influenced by the degree of particle aggregation.
[20]

 Here, 9 nm particles 

were over an order of magnitude more reactive than 80 nm particles, again, an effect much larger 

than predicted based solely on surface area. However, contrary to the arsenic example mentioned 

above, the Vikesland et al study showed a pronounced effect on nanoparticle aggregation. Very 

few examples exist that explore environmental nanoparticle aggregation, which presumably 

affects the reactive surface area of the component nanoparticles. Determining the effect of 

aggregation on other systems is very important in understanding how environmental 

nanoparticles behave in aquatic systems. Recent studies of the aggregation kinetics of alginate-

coated hematite provide some of the first steps towards understanding the reactivity 

consequences of environmental nanoparticle aggregation.
[84-85]

 

 

A.4 ANALYTICAL TOOLS AND DETECTION METHODS  

Several recent reviews in the literature highlight many aspects of the detection and 

characterization of environmental nanoparticles.
[86-89]

 The purpose of this section is only to 
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briefly mention (1) important environmental nanoparticle characterization methods for 

completeness of this review, and (2) techniques that will be referred to throughout the remainder 

of this article. While not all of the studies that are cited below deal specifically with aquatic 

environmental nanoparticles, the methods employed can certainly be applied and/or adapted to 

studying them. 

 
Table A.2  Analytical tools and detection methods used to characterize environmental nanoparticles.  See text for 

abbreviations and citations 

    Sample analysis scale 

Parameter Analytical tool Whole sample Single particle 

Size fractionation Centrifugation X 
 

 
Ultrafiltration X 

 

 
TFF X 

 

 
FFF X 

 
Size distribution LLS or DLS X 

 

 
LIBD X 

 

 
XRD X 

 

 
AFM 

 
X 

 
TEM 

 
X 

Surface area AFM 
 

X 

 
TEM 

 
X 

 
BET X 

 
Chemical analysis AAS X 

 

 
ICPMS/ICPAES X 

 

 
XRD X 

 

 
S/TEM EDS 

 
X 

 
S/TEM EELS 

 
X 

 
NanoSIMS 

 
X 

Direct visualization AFM 
 

X 

 
EM 

 
X 

Mineral phase/internal structure TEM SAED 
 

X 

  FFT of HR-TEM image 
 

X 

 

Most often there are multiple parameters which need to be analyzed in order to determine 

the presence and effects of nanoparticles in the environment. These parameters include size 

distribution, surface area, direct visualization, and the chemical makeup and/or mineral phase of 

the particles (Table A.2). 

When characterizing natural samples, nanoparticles are not initially separated from larger 

particles, and dependent on the subsequent analysis methods, the sample may need to be size 
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fractionated. Common fractionation methods include centrifugation,
[90]

 ultrafiltration,
[91-92]

 

tangential-flow (cross-flow) ultrafiltration (TFF),
[93-96]

 and field-flow fractionation (FFF).
[97-102]

  

Size distribution of particles can be accomplished using a variety of techniques, such as 

laser or diffuse light scattering (LLS or DLS), laser-induced breakdown detection (LIBD),
[98,102-

103]
 X-ray diffraction (XRD),

[104-105]
 atomic force microscopy (AFM),

[16,93-94,106-107]
 and 

transmission electron microscopy (TEM).
[16,73,75,81]

  Surface area can be determined indirectly by 

using the diameter of particles obtained with AFM or TEM measurements or directly by the 

Brunauer–Emmett–Teller (BET) method.
[16,73,75]

 

Once the size parameters have been obtained it is advantageous to have the particle 

chemistry, as this is a large factor in determining reactivity in the environment. Frequently used 

quantitative methods for nanoparticle chemical analysis include atomic adsorption spectroscopy 

(AAS),
[108-109]

 inductively coupled plasma (mass or atomic emission) spectroscopy 

(ICPMS/ICPAES),
[108,110]

 XRD,
[21,110-113]

 X-ray energy dispersive (EELS),
[112,114-115]

 and 

secondary ion mass spectroscopy with a lateral resolution of less than 50 nm (NanoSIMS).
[64,116]

 

It is very important in many cases to directly visualize the particles of interest. Two 

common visualization methods are AFM
[106,117-118]

 and electron microscopy. While scanning 

electron microscopy (SEM) can image nanoparticles and is very useful in nanoscience in general, 

it does not have the resolution necessary for extensive analysis on the smallest end of the nano-

scale. TEM and scanning transmission electron microscopy (STEM) are the best tools for direct 

visualization on this scale. Not only do the best S/TEMs available now have sub- Ångstrom 

image resolution, but when combined with their accompanying analytical techniques (EDS, 

EELS, elemental mapping), they have the best nanoparticle characterization potential. The 

atomic structure of crystalline particles can also be determined using TEM by either selected area 

electron diffraction (SAED)
[21,29,38,111-112,117,119]

 or the Fast Fourier Transform (FFT)
[92,120-122]

 of 

high resolution (HR) images. Combined with chemical information, this allows for the direct 

determination of the mineral phase of individual nanoparticles. 

There has also been a number of excellent papers which describe optimal TEM and AFM 

sample preparation procedures for retrieval of particles from water samples.
[123-125]

 Often when 

doing this type of work, the quality of the sample preparation will determine the quality of the 

results. 
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A.5 EXAMPLES OF NANOPARTICLES IN THE ENVIRONMENT 

Now that scientists know why nanoparticles are important in many aquatic systems, and how to 

find them, there has been a recent surge in the documented identification of environmental 

nanoparticles in the literature. In aquatic systems, this includes nanoparticles from surface waters 

to the deep subsurface. We begin by examining the environmental nanoparticles that have been 

found in groundwater and sediments and then shift focus to examples of nanoparticles in surface 

waters, such as rivers and lakes. Finally, we describe ongoing work in our group that has sought 

out nanoparticles in both of these settings. 

 

Nanoparticles in subsurface aquifers and sediments  

As we saw earlier, nanoparticles form naturally without the intervention of human activity. 

Based on laboratory experiments with synthetic analogues of such nanoparticles, they should be 

able to mediate contaminant transport. Indeed, field studies present similar implications. For 

example, recently identified nanocrystalline Fe-oxide grain coatings on sediments 92 have 

implications for trace metal and contaminant transport including U(VI)
[126]

 and As(V).
[127]

 Fe-

oxide nanoparticles also affect metal concentrations, such as Zn, in soils.
[128]

 

Conversely, environmental nanoparticles do not always play a direct role in mediating 

contaminant transport. The reason for this is related to the mode of formation of the 

nanoparticles and the speciation of the contaminant. At one particular inoperative Hg mine, 

particle size-dependent Hg concentrations suggested transport through the nanoparticles found in 

the sediment.
[129]

 However, Hg was shown to exist almost exclusively as larger HgS colloids 

(~500 nm) that formed mechanically from existing Hg ore.
[129]

 In this case, physical processes 

caused native ore to break apart into stable colloids, leaving little opportunity for aqueous Hg to 

become associated with nanoparticles in the sediment. However, in systems where the 

contaminant exists, at least initially, as aqueous ions or complexes, nanoparticles may become 

very important mediators of their transport. 

For heavy metals or radionuclides, nanoparticle transport becomes increasingly important 

because radionuclides like U or Pu do not simply weather from metal-bearing rocks (ores) as was 

the case in the Hg mine example above. For example, Novikov and colleagues showed that Fe-

oxide nanoparticles contribute to the groundwater transport of Pu and U up to 3 km away from a 

nuclear waste reprocessing plant in Russia.
[116]

 Detailed HR-TEM and NanoSIMS studies 
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showed that the Fe-oxide nanoparticles most responsible for Pu transport were less than 5 nm in 

size. Nanoparticles also contribute to Pu transport in groundwater below the Nevada Test Site, 

USA, with a significant portion associated with nanoparticles between 7 and 50 nm in size.
[130]

 

Uraninite from spent nuclear fuel also contains nanoparticles of radionuclides like Tc.
[131]

 

 

Nanoparticles in surface waters  

Typically, any solid phase from ~1 nm to ~1 μm in surface waters is considered an aquatic 

colloid.
[132-133]

 However, the term ‗colloid‘ is generally used to describe not only inorganic solid 

phase materials, such as minerals, but other environmental molecules and materials, such as 

microorganisms, biomacromolecules, and humic/fulvic acids. An excellent review of the aquatic 

colloid field is given in a recent book by Lead and Wilkinson.
[88]

 But given what we now know, 

it becomes necessary to consider nanoparticles in surface waters separately from other aquatic 

colloids. Conveniently, due to fractionation techniques, nanoparticle fractions of water samples 

can usually be separated from other colloids and analyzed.   

For example, researchers were recently able to detect high concentrations of particles less 

than 5 nm in diameter from lake and river samples near Birmingham, UK.
[99]

 Additional studies 

have shown that nanoparticles exhibit dramatic size-dependent element-binding capacities.
[100-

101]
 Although nanoparticles are predicted to travel extremely long distances in river water, their 

stability can be drastically altered if water chemistry changes. For example, seawater mixing 

with river water was shown to remove almost all inorganic nanoparticles from the suspended 

load due to salt-induced aggregation.
[134]

 Nanoparticle stability may also be affected by abundant 

dissolved organic matter. Conversely, nanoparticles from river samples may be stabilized when 

in close association with organic colloids or thin-film coatings on other mineral surfaces.
[106-107]

 

Although bulk chemical methods like ICPMS help determine what colloid size-fraction 

from the water sample contains specific elements, studies showing the size, composition, and 

morphology of individual nanoparticles are highly complementary. High-resolution studies 

become especially important when determining the exact association of contaminants within a 

size fraction. Baalousha et al. combined bulk techniques with TEM-EDS to determine the 

elemental distribution among/within nanoparticles,
[97]

 but difficulties remain in determining low 

concentrations of contaminants. A recent study by Allard et al. determined through the use of 

HR-TEM, combined with bulk chemical analysis, that 2–5 nm ferrihydrite nanoparticles 
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contribute to the transport of iron and organic matter in tropical river systems.
[135]

 High-

resolution studies using HR-TEM and EDS seem to hold great potential for complementary 

studies of nanoparticles in surface water. NanoSIMS may also provide high-resolution chemical 

distribution of nanoparticles from surface waters, but to our knowledge, no examples exist in the 

literature. 

 

Case Study: Clark Fork River, Montana, USA  

Due to almost 150 years of copper and silver mining and smelting activities, the Clark Fork 

River (Fig. A.2) has been contaminated with high levels of toxic metals including As, Pb, Zn and 

Cu. More than 100 million tons of mine waste has been introduced directly into the river and 

surrounding floodplains.
[136-137]

 As a result, it is estimated that greater than 2,000,000 m
3
 of 

contaminated sediments are stored in the floodplains of the Clark Fork River and its 

tributaries.
[138]

 

 

 

Figure A.2 The Clark Fork River in western Montana, USA. (a) HR-TEM image of ~5 nm-15 nm particles taken 

directly from the surface water of the river. (b) Crystallinity is apparent based on the presence of well-defined 

lattice fringes. 

 

Although much effort and money has been put forth in remediating this area, elevated levels of 

metals as far as 500 km downstream from the mining source still exist.
[137-138]

 It is assumed that 

metals traveling that far within the river water must be either in the aqueous phase and/or 
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occurring within or sorbed onto particles. Although aqueous phase transport cannot be ruled out, 

it is less likely because the circumneutral pH of the river water would favor precipitation of the 

metals as insoluble metal hydroxides. During flooding, the river transports large particles which 

contribute a great deal to the metal load; however, it can only transport these particles during rare 

high water events. The bulk of long distance metal transport must then occur during times of low 

flow-velocity. 

In order to determine where the contaminants reside within the river system, the riverbed 

and floodplain sediments have been sampled and extensively studied using TEM. Toxic heavy 

metals were found to be structural components of several nanocrystalline phases. Zn alone was 

found to be present as sulfate, oxide, and sulfide mineral phases.
[21,111-112]

 Other environmental 

nanoparticles were found to have a high sorption capacity for Zn, As and Pb, including Mn-

oxides, Fe-oxides, and sulfides. 

To get a more complete picture of nanoparticle transport, we sampled the river water at 

various locations. These water samples have recently been studied using HR-TEM-EDS, and we 

have identified several metal-bearing nanoparticles.
[139]

 An example of a typical particle is given 

in Figure A.2b, showing 5–15 nm crystalline titanium oxide particles with distinct lattice 

fringing present in the high resolution images. The existence of such fine-grained phases 

supports the hypothesis that contaminant transport is facilitated by nanoparticles. Preliminary 

EDS investigations into the metals associated with such particles has verified that there are 

various trace metals associated with them. Complementary work is being conducted to determine 

total metal content in the nanoparticulate fraction of the river water for metals of interest using 

various filtration and ultrafilration methods combined with ICPMS. 

 

A.6 THE FUTURE OF THE FIELD: LEARNING FROM NATURE 

As we begin to learn more and more about how environmental nanoparticles behave in natural 

aquatic settings, we can begin to apply that knowledge to other systems, including engineered 

systems. For example, there is considerable interest in employing synthetic nanoparticles for the 

remediation of environmental contaminants. One such material which has attracted a great deal 

of interest is nanocrystalline Fe(0), also known as zero-valent iron (ZVI). 

Recent reviews on nanocrystalline ZVI highlight the current state and potential/current 

uses of this material.
[140-144]

 Despite the abundance of Fe at Earth‘s surface, ZVI appears very 
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rarely in the environment in a natural form. Due to the high amounts of oxygen in Earth-surface 

environments, most Fe is converted from weathering silicates to either Fe-oxides or Fe-

containing clay minerals. Although ZVI nanoparticles appear to be more reactive for many types 

of reactions than environmental Fe-oxide nanoparticles, their long-term stability and transport 

mechanisms appear to be relatively untested. Tratnyek and Johnson estimated transport distances 

through porous media to be, for common ZVI nanoparticles, on the order of a centimetre or less, 

unless fracturing and high groundwater velocity perturb the system.
[143]

 The risk becomes much 

higher, however, if a contaminated aquifer were to reach surface waters. Transport then could 

essentially be limitless and ZVI nanoparticles could unintentionally infiltrate other aquatic 

systems, including sources for drinking water. 

Addressing these types of questions remains integral to understanding the relative 

benefits and risks of nanotechnology. It is also important to note that by keeping a close watch 

on how naturally occurring nanoparticles behave, we are afforded the opportunity to start 

understanding the consequences of dispersing synthetic nanoparticles in the environment. 

 

Nanoparticles in drinking water systems  

Particulate species in drinking water are considered anything greater than 0.45 μm, colloids from 

0.1–0.45 μm, and soluble fraction is anything less than 0.1 μm (i.e. 100 nm).
[145]

 But we have 

just seen that environmental nanoparticles (1–100 nm) are present in many, if not all, natural 

aquatic systems from subsurface aquifers to surface lakes and rivers. We now pose the following 

questions based on what has been made apparent in this review: do nanoparticles from source 

waters affect drinking water treatment processes? Can environmental nanoparticles (which have 

been shown to both transport and break-down contaminants) in water distribution systems 

significantly affect water quality? Should drinking water be considered safe or unsafe for human 

consumption if environmental nanoparticles are present in treated waters? How well do our 

present treatment methods remove environmental nanoparticles from source water? Most of 

these questions have yet to be addressed, but some recent work has provided a few answers. We 

begin by addressing the seemingly contradictory behavior of nanoparticles able to break-down or 

transport certain contaminants in aquatic systems. 

Fe-oxide nanoparticles have been shown to efficiently sequester As from drinking water 

in engineered exchange columns.
[146-147]

 However, if Fe-oxide nanoparticles from the source 
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water make it through the treatment system, they could potentially be effective transporters of 

contaminants, such as As or Pb, especially if those metals are leached from piping in the 

distribution system. Additionally, once in distribution systems, certain bacterial species could 

promote the desorption of adsorbed metals,
[70]

 thus increasing the metal bioavailability. 

To address the uncertainties behind these questions, we need to be able to identify 

nanoparticles in drinking water and then determine their source. A large scale study by Wagner 

and colleagues of solid phases in water pipelines and bottled water is an excellent example of 

characterizing nanoparticles in drinking water.
[148]

 They were able to detect particles down to 50 

nm using LIBD. The detection limits of their method are near this particle diameter, so it is 

unknown if smaller particles exist, but another recent study detected individual nanoparticles 

down to 15 nm using a similar technique coupled with single-particle counting.
[103]

 Identification 

of the particles, however, often proves to be much more difficult, especially in drinking water 

systems when there are presumably very small concentrations of nanoparticles (as compared to 

source waters). But it is the chemical identification of the particle that provides the best insight 

into how it will behave in the system. 

As a model system for identifying the mineral phase(s) of nanoparticles extracted from 

treated waters, we recently examined tap water from Washington, DC, USA. The Washington, 

DC area recently had a significant problem with dangerously high Pb concentrations in drinking 

water - much higher than governmental drinking water standards - likely due to leaching of Pb 

from Pb-bearing pipes promoted by breakdown products of disinfection agents.
[149]

 Our HR-

TEM data showed the presence of many nanoparticles of various compositions, sizes, and 

morphologies.
[139]

 Figure A.3 shows a particularly interesting sample of 20 nm particles that 

were found to contain (using EDS) high amounts of Fe and Pb. Electron diffraction suggests the 

Fe phase to be similar to magnetite. A more detailed study is underway. 

Although very few studies have been done to address the origin of nanoparticles in 

drinking water systems, it is relatively safe to assume one of three mechanisms: (1) the particles 

themselves (not necessarily the sorbed species that they are carrying) are native to the source 

water and are resilient enough to withstand chemical processing steps at the treatment facility; 

(2) nanoparticulate phases precipitate once inside the treatment plant and/or distribution system 

in response to changing chemical conditions; or (3) corrosion of pipes promoted by disinfectants 

and/or their degradation byproducts could cause nanoparticles attached to the piping material to 
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detach. The origin of nanoparticles in Washington, DC drinking water is not yet known, but our 

preliminary evidence suggests Pb transport is influenced by environmental nanoparticles from 

the source water that have made it through the treatment facility and into the distribution system. 

Understanding transport mechanisms, as well as how contaminates such as Pb interact with 

nanoparticles present in these systems, is of utmost importance for maximizing water quality and 

maintaining safe drinking water practices. 

 
 

 

Figure A.3  HR-TEM image of nanoparticulate Fe-oxides found in a drinking water sample taken from a 

metropolitan water source in Washington, DC.  Many particles like these have been found (uisng EDS) to contain a 

substantial amount of Pb. 

 

Perspectives on the advancement of the field  

Government agencies around the world now invest billions of dollars annually in nanoscience 

and technology research and development. Commercial funding of this field is just as great. 

However, the amount of funding (and attention) that environmental nanoscience receives 

represents only a small fraction of this massive overall effort. As a result, advancement of 

environmental nanoscience has lagged significantly behind other sub-disciplines in the 

nanoscience field. Yet environmental and health aspects of nanoscience and technology will 
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eventually gain traction, as the costs of ignoring or underfunding these subfields are much too 

high. The future of environmental nanoscience looks very bright. 

As this area of research grows, environmental nanoparticle science will have to advance 

aggressively along at least two research paths, as follows: (1) fundamental research on the 

physical property and chemical reactivity variability of nanoparticles as a function of their size; 

and (2) the detailed study and understanding of the influence of nanoparticles on aqueous 

chemical processes. The thesis, based on the vast development of the general field of 

nanoscience over the last few decades, as well as recent findings with regards to environmental 

nanoparticles themselves, is that these nanoparticles, in the size range of roughly 1 to 100 

nanometres, show size dependent property and reactivity variability that can significantly 

influence the aqueous chemistry of natural and engineered waters. It is important to remember 

that this thesis goes beyond the effects of increased surface area as particles get smaller. As 

experiments have shown, even after surface area normalization, measured rates of reaction 

change, often dramatically, as a function of the nanoparticle size. The intrinsic properties of the 

material itself are changing; the material is behaving differently as it transitions from the bulk 

material to a molecular state. 

When looked at in this way, environmental nanoparticle science goes well beyond the 

traditional boundaries of aqueous colloid science, but clearly these fields are highly 

complementary and are already beginning to merge. The result will be a better understanding of 

how natural and engineered waters behave as they do, and important continued development in 

the fields of water safety, treatment, and remediation. 
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ABSTRACT 

In order to determine how As speciation in lacustrine sediment changes as a function of local 

conditions, sediment cores were taken from three lakes with differing hydrologic regimes and 

subjected to extensive chemical and TEM analysis. The lakes (Killarney, Thompson and Swan 

Lakes) are located within the Coeur d‘ Alene River system (northern Idaho, USA), which has 

been contaminated with trace metals and As, from over 100 a of sulfide mining. Previous 

analyses of these lakebed sediments have shown an extensive amount of contaminant metals and 

As associated with sub-lμ grains, making them extremely difficult to analyze using standard 

methods (scanning electron microscopy, X-ray diffraction). Transmission electron microscopy 

offers great advantages in spatial resolution and can be invaluable in determining As speciation 

when combined with other techniques. Data indicate that because of differences in local redox 

conditions, As speciation and stability is dramatically different in these lakes. Killarney and 

Thompson Lakes experience seasonal water-level fluctuations due to drawdown on a 

downstream dam, causing changes in O2 content in sediment exposed during drawdown. Swan 

Lake has relatively constant water levels as its only inlet is dammed. Consequently, Killarney 

and Thompson Lakes show an increase in labile As-bearing phases with depth, while Swan Lake 

data indicate stable As hosts throughout the sediment profile. Based on these observations it can 

be stated that As in lakebed sediments is much less mobile, and therefore less bioavailable, when 

water is kept at a constant level. 
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B.1 INTRODUCTION 

The lower Coeur d‘ Alene (CDA) River valley in northern Idaho, USA is contaminated with 

trace metals and metalloids (e.g. As, Sb, Cd, Cu, Pb, Zn, Mn) from approximately 100 years of 

sulfide mining.
[1-7]

 The mining district is historically known as one of the world‘s largest metal 

producing areas and has been ranked as a ―super giant‖, producing in the top 1% of Pb-Zn-Ag 

ore deposits.
[1,8]

 Mining produced about 109 million tons of mine waste
[1,8]

  that is now contained 

in the streams, lakes, levees, and wetlands downstream from the mining district.
[1-2,6-7]

 Because 

of this the US Environmental Protection Agency established the Bunker Hill Superfund Site 

covering 54 km
2
 on the South Fork of the CDA River.

[1,9]
 Before this area can be effectively 

remediated, a sound geochemical model and improved phase characterization is required. The 

standard methods of sediment contaminant analysis (both mineralogical and elemental) involve 

scanning electron microscopy (SEM) and x-ray diffraction (XRD). Prior studies of samples 

collected from this area using SEM revealed that the mineralogical relationships present within 

the fluvial sub-environments are extremely complex.
[1,10]

 Much of the contamination is held in 

sub-micron grains and coatings,
[11]

 making the traditional SEM and X-ray diffraction methods of 

characterization inadequate. Determining the mineralogy of contaminated samples is critical 

since the stability/mobility of the metals in different geological environments is dependent not 

only on the environmental chemistry of the system but also on the crystallinity and chemistry of 

the metal-bearing phases. 

Analytical electron microscopy using a transmission electron microscope (TEM) offers 

great advantages in both spatial resolution and reduced analytical volume. It allows for 

visualization of internal crystal structure using electron diffraction, high-resolution (HR) imaging 

and semi-quantitative analysis of all elements greater than atomic number 4 using x-ray energy 

dispersive spectrometry (EDS). Studies by Hochella et al and Genovese and Mellini have 

demonstrated the benefits of utilizing TEM in acid-mine drainage systems by being able to 

visualize particles, even down to the nano-scale, and their associated chemistry and 

crystallography.
[12-15]

  Despite the advantages of TEM, sample preparation and analysis are quite 

laborious, and the volume of sample sediment is very small. Multidisciplinary methods of 

analysis are very beneficial in cases such as these. 

This project targeted identifying arsenic speciation throughout lacustrine sedimentary 

environments of the lower CDA River valley. Samples from three different lakes, Killarney 
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Lake, Thompson Lake and Swan Lake were chosen for detailed TEM analysis, because each lake 

has a different hydrologic setting within the lower river valley (Figure B.1). All of the lateral 

lakes receive some amount of contaminated sediment recharge from the CDA River via large 

flow events that occur periodically during the late winter and spring snowmelt events. Both 

Killarney and Thompson have, like most of the other lakes in this system, navigable inlets from 

the CDA River that allow water exchange, and hence sediment recharge, on a regular basis. Both 

lakes also have large distributary deltas coming off these main inlets, providing proof of frequent  

 

 

 

Figure B.1  Geomorphic setting of the lower Coeur d' Alene River system including the laes studied:  Killarney 

Lake, Thompson Lake and Swan Lake (map modified from Bookstrom et al. (1999)).  Note the color key here 

provides information on the major sections of this map; for a complete key see original map by Bookstrom et al. 

(1999.)
[16]

 

 

sediment influx. Of the three lakes, Killarney has the highest potential for sediment influx as it 

occupies a position along the outside of a meander where the river has developed a major 

crevasse splay, and because of this it also has the thickest blanket of contaminated sediment 

sampled. Thompson Lake has a thinner layer of contaminated sediment as it is protected to some 
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extent on one side by a levee that includes a permanent road. Because both of these lakes are 

connected directly to the river they are subject to seasonal water level fluctuations during 

drawdown on the Post Fall Dam located on Lake CDA. Water is lowered up to 2 m starting in 

early November to make room for spring run-off and mid winter melts, which can cause 

flooding. Lakes return to summer levels in late spring (late May or June), but are dependent on 

the snow pack and spring rains. Drawdown allows O2 to diffuse into the sediment, causing redox 

cycles within the peripheral lakebed sediment. Field observations indicated that red flocculent 

formed on upper surface sediment during drawdown of lake water due to the oxidation of ferrous 

iron. Swan Lake is different because its only inlet is dammed to maintain constant water levels 

and sediment input only occurs during flood events by over-bank flow. Thus, Swan Lake 

sediment does not experience significant fluctuations in sediment oxygenation. Fewer 

fluctuations means a more constant redox environment and this is especially important for toxic 

metals like As, whose partitioning and mobility are particularly susceptible to changes in redox 

chemistry. 

These differences in fluvial sub-environments between the lakes, especially variations in 

redox environments, should produce differences in As partitioning. Two main methods of 

analysis, sequential extraction (SE) coupled with high-resolution inductively coupled plasma 

mass spectroscopy (HR-ICPMS) and TEM were applied to lakebed sediments to determine if 

this is so. The stability of As-bearing phases is a function of both the mineralogy of the phase 

and the environmental conditions. The objective of this study was to determine if the partitioning 

and stability of As within the lakebed sediments is affected by the redox conditions of that 

environment. 

 

B.2 METHODS 

B.21. Field methods 

Two methods were used for collecting samples. Soft sediment cores were taken from each of the 

three lakes using square box soft sediment core devices. These devices preserve most of the 

sediment stratigraphy but are difficult to operate in the field and from a floating platform. In 

some cases, Al irrigation pipes were driven into the lake bottoms and sediment columns were 

recovered by extrusion of the cores onto flat surfaces. All cores were taken during winter 

drawdown (November) and under approximately 1 m of standing water. Samples were 
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immediately encased in plastic tubes and frozen in the field using dry ice to preserve stratigraphy 

and field chemical relationships and remained frozen until analysis. It has been shown that 

freezing both anoxic and oxic sediments from field to analysis causes the least amount of change 

with respect to metal speciation.
[17]

 Most cores penetrated the pre-mining surface and represent 

complete records of the post-mining sediment stratigraphy. Pre-mining surface is indicated by 

sediment changes including color, grain size, and heavy metal concentration. Typically there is a 

change from a peat and muck lake bottom to clastic sediments associated with the onset of 

mining and increased clastic load from tailings disposal directly into the system. 

 

B.22. Sequential extraction 

Sequential extraction (SE) analysis allows for initial estimation of metal(loid) sequestration. 

Samples were dried in a pure N2 atmosphere within a glove box prior to chemical analysis. To 

efficiently process large numbers of samples this study relied on a modified Tessier procedure
[18]

 

that has been adapted for use in the microwave.
[19]

 Because the distribution of a metal(loid) with 

various fractions does not necessarily reflect its association with discrete sediment phases,
[17]

 this 

SE technique was carefully tested using well characterized sediments from the CDA mining 

district.
[20]

 The calibration procedure involves systematically examining each sample before and 

after each extraction step using scanning electron microscopy to gather detailed information on 

which phases were affected by each step of the extraction. An outline of the SE procedure is 

given in Table B.1 and a diagram of the calibration results is given in Figure B.2. In the 

microwave procedure, 200 mg (±1 mg) of lacustrine sediment was dried, gently disaggregated, 

and mixed with 20–35 mL of reagent dependent on the step (Table B.1). The microwave 

procedure relied on the use of Teflon bombs with a 60 mL capacity (Salvillex 300-060-01 

Digestion Vessels with 600-058-14 Transfer Closures and pressure release safety valves). After 

each extraction, the sample was centrifuged and the supernatant was decanted and analyzed 

using atomic absorption (AA) spectroscopy to determine concentrations of Pb and Zn (detection 

limit is ~10 ppm). All of the AA samples were run with at least a 100:1 dilution factor and 

blanks for each reagent were run alongside the samples. AA data were then used to determine 

which sediment would be prepared for TEM analysis (samples with highest metal(loid) 

concentrations were chosen). The samples chosen were later subjected to the same SE procedure 

(Table B.1) and As concentrations were measured using HR-ICPMS. This allowed for 
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Table B.1  Modified sequential extraction procedure showing targeted phase, reagents used and the corresponding 

microwave procedure for each step 

Step Targeted Phase Reagent Microwave Procedure 

A 
Exchangeable/     

soluble 

20 mL 1.0 M MgCl2 @ pH 7                   

or 1.0 M Na acetate @ pH 7 
1 hr agitation at 25

o
C 

B Carbonate 20 mL 1.0 M sodium acetate (pH 5) Microwave 1 min at 700 W 

C Oxide 
20 mL 0.04 M hydroxylamine 

hydrochloride in 25% acetic acid 

Microwave 4 min at 700 W, release pressure 

and add additional 15 ml of reagent, re-

microwave 4 min. at 700 W 

D Sulfide/              

organic bound 
12.5 mL 30% H2O2 (pH 2)                  

and 7.5 mL 0.02 M HNO3 
Allow to sit at room temperature  

Add 12.5 mL of 3.2 M ammonium 

acetate to 25% v/v HNO3 after heating 

Open for 1 h, then microwave for 30 s at 700 

W, allow to sit for 10 min, release pressure, 

re-microwave for 30 s at 700 W 

E Residual phases 20 ml aqua regia (4:1 HNO3: HCl) Microwave 4 min at 700 W 

 

 

 

Figure B.2  Observed particulate extractability obtained from calibration of the selective sequential extraction steps 

with sediments from the CDA system (modified from Balistrieri et al., 2002)
[1]

. As an example, if As was detected in 

the supernatant after the step B procedure it was found that it could have been held in any phase(s) overlapping 

with the B column (Morrison et al., 1999)
[20]

. Moreover, it should be noted that just because a mineral phase spans 

more than one SE step, it does not mean it has to release metals at all of those steps; it could release metals at one 

or more of the steps it spans. 
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determination of lower concentrations in complex matrices (detection limit is ~1 ppm for 

samples run on ICPMS because of dilutions of 100:1 during digestion and analysis). Separate 

standards for each SE digestion fraction were made in the same reagent as the dissolution 

technique and analyzed in order to account for matrix interference. 

 

B.23. Transmission electron microscopy 

This sample preparation was based on the work of Thornburg and Hooper.
[11]

 Sediment was 

mixed with a few mL of either M-bond 600 or 610 mounting epoxy and placed in flat-bottom 5 

mm diameter preparation capsule. Samples were allowed to cure for one week in a N2 

atmosphere to evaporate volatiles and were then placed in an oven at 60 °C until they reached 

working hardness. Samples were then optically hand-polished using a metallurgical tripod 

polisher and commercial diamond paste (6, 3, 1, 1/4 μm paste) to an ideal thickness of ~5μm. 

The resulting thin sections were subsequently mounted on 3 mm Au slot TEM grids using a 

small amount of the same M-bond adhesive and cured overnight at 70 °C. Grid-mounted thin 

sections were further thinned until holes appeared using an Ar plasma ion-mill operated at 5 kV 

with a 10–15° incidence angle.  

Thinned samples were studied with a JEOL-2010 TEM using an analytical, double-

tilting, Be specimen holder. All analyses were performed at an accelerating voltage of 200 kV 

with 4–9 μA beam current. Many other parameters, such as peak deconvolution and count times, 

were controlled in order to obtain the best EDS analyses possible. These factors are especially 

important for As analysis, which can be problematic due to As K lines overlapping with Pb L 

lines and As L lines overlapping with Mg K lines (Figure B.3). To help overcome this difficulty 

Gaussian fit deconvolution and long count times (~200–400 s live time) were used. Gaussian fit 

software for the Noran detector was custom adapted for high count rates to allow for improved 

peak deconvolution. Analysis is challenging in minerals containing both substantial Pb and Mg 

and therefore some As-bearing minerals may not be represented in the EDS data set. Also, 

chemical analysis of C and O are problematic because these elements are contained within the 

epoxy mounting media (M-bond epoxy). 
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Figure B.3  Example TEM EDS spectrum showing a stoichiometric As and Pb-bearing ZnS with the overlapping 

peaks labeled.  Arsenic analysis is made possible by using Gaussian fit deconvolution and long count times (~200-

400 s live time). 

 

B.3. Results and discussion 

The SE data correlate with the relative stability of the element sequestering phases and roughly 

correlate with specific mineral groups in the sediment samples. Each chemical fraction (steps A–

E) represents an increasingly harsh treatment of the sediment to identify the relative availability 

of elements in natural environments. This implies that elements released in the A fraction would 

be more labile (and also more bioavailable) than metal(loid)s released during subsequent steps of 

the SE procedure. The SE steps were first designed to dissolve elements from specific targeted 

mineral phases and the steps are still commonly designated using the target phase nomenclature 

[A = exchangeable (soluble or attached to mineral surfaces); B = carbonate bound; C = (oxy) 

hydroxide bound; D = organic and sulfide bound; and E = residual fractions].
[17]

 The calibration 
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of the SE procedure used in this study
[20]

 indicates that the different SE steps only weakly link to 

targeted mineral species but correlate very well with the relative availability of the metal(loid)s. 

All SE/ICPMS data utilized in this study are shown in Figure B.5. 

 

 

 

Figure B.4  Sulfide analyses from Killarney Lake 0–1 cm depth. Each point represents one EDS analysis. The two 

circled points on the right correspond to primary As-bearing tetrahedrite (Cu8.92Fe2.66Zn0.68Ag0.41Pb0.11Cd0.05) 

(Sb3.23As0.77)(S12.04As1.10) with up to 3.61 wt% As. The other two points are representative of mixed metal sulfides 

(Zn0.71Fe0.25Pb0.21As0.02)S. These primary sulfides correlate with As released in the E (residual) step of the SE. Note: 

chemical formulae are calculated from EDS weight % of elements. The errors bars are for As and represent 2 

standard deviations. 

 

The TEM results consist primarily of semi-quantitative mineral analyses (EDS), 

crystallographic information, and HR-images. Semi-quantitative analyses were routinely 

accomplished for all major elements and any minor elements of interest. The element list most 

commonly used for semi-quantitative analysis included: Mg, Al, Si, K, Ca, P, Cl, Mn, Fe, Pb, 

Zn, Cd, Ag, As and S. To reduce the complexity of the chemical data the analyses were plotted 

on triangular graphs that display at most 5 or 6 of the elements in the analysis. These tri-plots 

were used to plot both major and minor components, but it is important to understand that they 

represent simplified chemistries from a more complex data set. Extremely long energy dispersive 

X-ray spectroscopy count times (200–400 s live time on each sample) resulted in most major 

element peaks (Fe, Pb, Zn and S) having more than 10,000 counts and sometimes as many as 

100,000 counts in a peak. Therefore, the analytical errors for major elements are actually smaller 
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than the size of the data point plotted on the triangular diagrams. Arsenic values are plotted on an 

expanded scale (10x) and are shown on the tri-plots with analytical error bars representing two 

standard deviations. Analysis of the crystallinity of phases was accomplished by observing if the 

phase exhibited lattice or diffraction, and determination of a phase being detrital or authigenic 

was based on the morphology of the material. 

 

B.31. Killarney Lake 

 

0-1 cm 

SE data show As to be mainly released in step E (52.5%) and step C (27.0%). TEM/EDS 

revealed As in primary detrital sulfides, such as tetrahedrite (3.61 wt% As) and a Zn-rich mixed 

metal phase (0.90 wt% As) (Figure B.4), in clay grains, such as smectite (0.20 wt% As) and in 

siliceous Fe oxide (0.24 wt% As). The data from these two methods correlate. Arsenic held in 

primary sulfides and clay grains would be difficult to extract and hence would be released in the 

E step of the extraction. The Fe oxide would release As in the C step of the extraction and 

accounts for that peak (Figure B.5). 

 

20-22 cm 

SE data show As to be almost exclusively released in step E (93.1%). TEM/EDS showed As to 

be held in silicates (0.98 wt% As). SE and TEM data agree as silicates release As in the E step of 

the extraction. 

 

54-55 cm 

SE data reveal As to be released exclusively during step E (74.2%) and step C (25.8%). 

TEM/EDS showed As to be in detrital pyrite (0.89 wt% As) (Figure B.6), galena (0.10 wt% As) 

and siderite (FeCO3) (0.20 wt% As) and in authigenic Pb sulfide clusters (0.26 wt% As) (Figure 

B.6) composed of 5–250 nm balls and which often contained varying amounts of Zn and Fe. SE 

data agree with TEM data as detrital material releases As in step E of the extraction and 

authigenic Pb sulfides can release As in step C (Figure B.2). 

 

77-78 cm 

SE data show As to be mainly released in step A (53.6%) and step C (47.0%). TEM/EDS found 

As in authigenic (often amorphous) Pb sulfide clusters (up to 0.84 wt% As) which often 
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contained some amount of Fe and Zn. According to Figure B.2, the authigenic Pb sulfides release 

As in the earlier steps of the extraction and this fact accounts for the high peaks in steps A and C. 

Overall in this core, As is held in stable phases near the top of the top and partitions into 

more labile phases deeper into the sediment. 

 

 

 

Figure B.5  Arsenic SE/ICPMS concentration data for samples from Killarney, Thompson and Swan Lakes.  Sample 

depth indicates relative position below the sediment-water interface.  The y-axes are ppm arsenic and the x-axes 

represent each step of the SE. 
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Figure B.6  EDS sulfide analyses from Killarney Lake 54-55 cm depth.  Each data point represents one analysis of 

one material within the sample and this tri-plot shows which sulfidic phases the As is sequestered in.  Notice that 

much of the Pb sulfide has significant amounts of Zn and Fe and that these sulfides are the ones that contain the As.  

That is typical for the Pb sulfides found in this system.  The error bars are for As and represent 2 standard 

deviations.   

 

 

B.32. Thompson Lake 

 

0-3 cm 

SE data show As to be released mostly in steps E (58%) and C (25.7%). TEM/EDS found As in 

siderite (0.89 wt% As) and in authigenic crystalline ZnS balls which were < 100 nm in diameter 

(1.69 wt% As) (Figures B.7 and B.8). Data here agree as siderite is a robust As host, correlating 

with the very high release of As during step E of the SE. Based on information in Figure B.2, 

ZnS releases As earlier in the SE and accounts for the large step C peak. 
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Figure B.7  HR-TEM image of authigenic nano-sized crystalline sphalerite balls from Thompson Lake 0-3 cm depth 

sitting next to or growing on a large silicate or carbonate grain.  These small clusters are typical of what authigenic 

As-bearing sulfides in this system look like. 

 

3-6 cm 

SE data show As to be released mainly in steps E (55.3%) and A (34.7%). TEM/EDS revealed 

As in large grain detrital sulfides (both FeS2 and ZnS – up to 2.86 wt% As) and in authigenic 

(<500 nm) mixed metal (Pb, Zn, Fe) sulfidic nodules (0.49 wt% As) (Figure B.7), which could 

very well be of bacterial origin.
[21]

 The SE and TEM data correlate well as detrital sulfides tend 

to release As later in the extraction, primarily during step E. The sulfidic nodules could be 

contributing to the step A peak as the As may be sorbed to the surface of the particles and also, 

according to Figure B.2, authigenic PbS can release As during step A. 
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Figure B.8  EDS analyses from Thompson Lake 0-3 cm (a and b) and 3-6 cm (c and d) depth, depicting the 

downward trend in As partitioning.  Both sets of tri-plots depict sulfide analyses from these depths, but the ones on 

the right (b and d) include As in order to show which sulfide phases are sequestering it.  While both samples contain 

a nano-crystalline ZnS phase and a Pb-rich mixed metal sulfidic phase, As is partitioned differently between them.  

At 0-3 cm As is held in the ZnS, a stable crystalline phase, and at 3-6 cm it is held in the labile, typically amorphous 

Pb-rich phase.  The error bars are for As and represent 2 standard deviations.  

 

13-15 cm 

SE data show As to be released mostly in steps A (52.7%) and E (41.4%). TEM/EDS found As 

in siderite (0.58 wt% As). The siderite is the likely contributor to the step E release and the lack 

of any other As- bearing phases found with the TEM could be due to the fact that the majority of 

As at this depth is held in exchangeable phases, which can include loosely attached adsorbed 

anions which are more difficult to detect with the EDS system. 
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15-16 cm 

SE data show As to be released mostly during steps A (79.9%) and E (7.7%). TEM/EDS found 

very little As, just a cluster of authigenic sub-lm sized PbS balls (0.20 wt% As). These data make 

sense as phases like PbS are known to release As during step A of the SE (Figure B.2). Because 

the exchangeable phase is the majority at this depth it is not surprising that more As-bearing 

phases were not found. Like Killarney Lake samples, the robustness of the As host decreases 

with sediment depth; however, this decline begins at a much shallower depth (~3 cm vs. ~50 cm) 

here. This can be attributed to the fact that Thompson Lake has a much slower sedimentation rate 

than Killarney Lake, resulting in the pre-mining surface in Thompson Lake occurring at a much 

shallower sediment depth than in Killarney Lake. 

 

B.33. Swan Lake 

 

0-1 cm 

SE data show As to be released during steps C (36.5%), D (31.9%) and E (30.4%). TEM/EDS 

found As associated with both authigenic (2.42 wt% As) and detrital (1.27 wt% As) ZnS. From 

Fig. 2 it is apparent that these data agree – authigenic and detrital ZnS release As during steps C, 

D and E. 

 

13-14 cm 

SE data again show As to be released in steps C (29.4%), D (34.7%) and E (34.8%). TEM/EDS 

found As in many different sulfide phases (Figure B.9): authigenic Pb-rich mixed metal sulfidic 

nodules (1.88 wt% As), authigenic nano-crystalline ZnS (0.66 wt% As) (Figure B.10), and a 

detrital pyrite grain (0.31 wt% As). Again, all the sulfide phases found with TEM correlate with 

the release of As in steps C, D and E based on information gathered in Figure B.2. 
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Figure B.9  EDS sulfide analyses from Swan Lake 13-14 cm depth showing the variability of As-bearing phases 

present within the sample. Two distinct phases, Zn sulfide and Pb sulfide (which often contains some amount of Fe 

and Zn), can be seen here. Both phases are stoichiometric (with respect to metal vs. sulfide) and SE data suggest 

that they are robust, as the majority of the As present at this depth was removed in the last 3 steps of the extraction 

(Figure B.5). The errors bars are for As and represent 2 standard deviations. 

 

 

 
 
Figure B.10  HR-TEM image from Swan Lake 13–14 cm depth. The left side shows authigenic sphalerite which 

contains up to 0.66 wt% As. The right side shows the same particles magnified 800,000 times. It is clear from this 

picture that the particles are crystalline (lattice fringing) and nano-sized (note: 5 nm scale bar) and this reinforces 

the necessity for TEM analysis in systems such as this. 
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22-23 cm 

SE data show As to be released in steps E (85.4%) and C (10.9%). TEM/EDS found As in 

detrital pyrite (0.12 wt% As). Detrital pyrite is known in this system for releasing As during the 

E step of the SE (Figure B.2). 

 

36-37 cm 

SE data show As to be released mainly in step E (93.8%). TEM/EDS found As in authigenic 

mixed metal sulfides (up to 1.30 wt% As). Although it is known that the vast majority of As 

from the former two samples (85.4% and 93.8%, respectively) is held in robust phases based on 

SE and ICPMS data, there is a lack of TEM data. A reason for this may be the fact that these 

samples had two of the lowest total As contents compared to all samples studied. It is possible 

that, because of the very small sample volume studied with the TEM, As-bearing phases were 

not abundantly present in the sediment selected for sample preparation. TEM analysis of 

additionally prepared samples would be beneficial. 

Overall, the As in this sediment core is held in very stable phases throughout – regardless 

of the depth. The As-bearing phases even seem to become more robust with depth. This is the 

opposite of what was seen in both Killarney and Thompson Lakes. 

 

B.4. Conclusion 

The mineralogical relationships in this system are extremely complex and are often difficult to 

examine using traditional means. TEM has been shown to be an important tool for visualizing 

and analyzingmaterials too small and/or complex for standard methods.
[13-15,22-23]

 The use of HR-

TEM imaging and EDS analysis allowed for the identification of As sequestered in nanosized 

particles (Figure B.10). As shown in this research, when coupled with other techniques, such as 

SE and ICPMS, TEM can be invaluable in determination of geochemical relationships.  

The Post Falls Dam is one of the major controls on redox conditions in this system. Lakes 

that are connected to the main river channel experience seasonal water-level fluctuations, which, 

during low water periods, expose peripheral lakebed sediment to increased O2 diffusion rates, 

such as in Killarney and Thompson Lakes. It was hypothesized that these two lakes would 

illustrate As partitioning to less robust phases than Swan Lake, which does not experience 

seasonal drawdown and subsequent sediment oxygenation because its only inlet is dammed. 

Judging from both sets of data (SE/ ICPMS and TEM/EDS) this hypothesis is supported. 
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The SE/ICPMS data show that as depth increases in both Killarney Lake and Thompson 

Lake the stability of the As-hosting phases decreases (Figure B.5). At the sediment–water 

interface in both lakes As is mostly released in the E step (residual phases). TEM/EDS results 

show detrital material (silicates, primary sulfides and siderite) or crystalline authigenic sulfides 

present at and near the top of both cores. However, as depth increases the amount of As released 

in early SE steps increases. In the deepest samples the majority of As was released in step A, 

representative of phases which are easily dissolved or where As would be weakly adsorbed to the 

surface. TEM/EDS results for deeper sediments show less detrital material and more authigenic 

sulfides. The authigenic sulfidic material, often amorphous and fine-grained, is a less robust 

material and could release As with minor changes in system chemistry, especially in fluctuating 

redox environments where the often nano-sized sulfides could undergo oxidative dissolution. 

These exchangeable/ soluble phases located lower in the core are likely the result of the 

drawdown and subsequent increased oxygenation. The more robust, mostly detrital material 

above this is likely the result of sediment influx from over-bank flow during high water events. 

Given time and repeated exposure to the seasonal oxygenation it is likely these materials will 

break down and the As will be released and/or become re-partitioned into the less robust 

authigenic phases. 

For Swan Lake, SE/ICPMS results show As associated with stable phases throughout the 

core (Figure B.5). TEM/EDS found As partitioned in a variety of phases in this lake – detrital 

and authigenic (often nano-crystalline) sphalerite, detrital pyrite, and authigenic mixed metal 

sulfide balls – which were independent of depth in the core. Since the sediment in Swan Lake is 

not exposed to frequent redox cycling, As-bearing phases continue to mature and become more 

robust with time. Any oxidized sediment the lake may receive from overbank recharge is likely 

to be quickly reduced in the anoxic environment of the sub-aqueous sediment; once in the 

reducing environment of this lakebed, As-bearing phases will become/remain more stable and 

less bioavailable. 

Although there have been many other studies on trace metal(loid) distributions within the 

Coeur d‘ Alene system
[1-2,4,6-8,10-11,20,24-28]

 not all agree on where and how the majority of toxic 

trace metal(loid)s are distributed. This system is highly variable (e.g. lakes, river, wetlands, 

floodplains) as are the means of characterizing it. Based on the results of this study, the TEM 

was an extremely useful tool in the determination of As partitioning in the sediment. Although 
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some studies have shown that As is associated mostly with sulfides,
[25-26]

 there are others who 

have found As mostly associated with oxide and oxyhydroxide phases.
[4,6,27-28]

 These 

discrepancies may be attributed to differences in study area or conditions; however, this study 

strongly suggests that lakes with constant water levels sequester As in robust primary and 

authigenic phases. Fluctuating water levels increase As mobility, bioavailability, and 

concentration in pore water and should be avoided. 

Another aspect that needs consideration is the role bacteria play in element partitioning. It 

has been documented that bacteria can be key determinants in the cycling of toxic elements and 

compounds in many environments.
[29-31]

  Microorganisms specifically capable of direct As(III) 

oxidation and direct As(V) reduction have been described.
[32-36]

 Bacteria can also take part in 

redox reactions involving other elements, such as S, Fe and Mn, which could then abiotically 

(indirectly) affect As speciation.
[31,37-38]

 Because both dissimilatory metal reducing bacteria 

(DMRB) and SO4-reducing bacteria (SRB) have been identified in the CDA system,
[26,32,39]

 it is 

possible that some of the relationships seen in this study were the result, either directly or 

indirectly, of bacterial interactions. However, further research on this subject is warranted before 

any conclusions regarding biologic activity can be reached. 
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