
Denitrification 

Denitrification has been recognized as a possible pathway of nitrogen loss based on 

deficiencies in mass balance calculations of nitrate and/or total nitrogen in aquatic systems 

(Seitzinger, 1988) Researchers have had difficulty in constructing mass balances of nitrogen in 

streams where nitrification is occurring because the loss of ammonia and amount of nitrate 

produced are not often found to be equal. The hypothesis is that nitrification and 

denitrification might happen simultaneously in sediments where there are short distances 

between the aerobic and anaerobic zones (William et al., 1986). 

Cavari and Phelps (1977) identified four possible pathways of nitrogen loss 

from lake waters: 

• Nitrogen could be lost through the sorption of labile ammonia onto 
sediment as ammonium. The authors stated that this process could not 
play an important role in lakes because nitrification is usually taking place 
just prior to the sorption of ammonia under aerobic conditions. This 
scenario would convert most of the ammonia present to nitrite and 
nitrate. Furthermore, sediment ammonium sorption capacity may be 
destroyed under anoxic and anaerobic conditions (Bonanni et al., 1992).  

• There could be a loss of nitrogen by sedimentation of organic 
nitrogen. Citing Serruya (1975), they concluded that this process could 
not explain all the losses of nitrogen, at least for the case in Lake 
Kinneret, Israel, because the nitrogen loss by sedimentation of organic 
nitrogen only accounted for 10% of the total nitrogen loss in this lake. 

• The volatilization of ammonia could diminish nitrogen content in 
water bodies. The authors doubted that this process could ever be 
important due to the high pH required to shift the ammonium-ammonia 
equilibrium to a point where the dominant form would be gaseous. 

•  The removal of nitrate by denitrification. According to their own 
experiments, Cavari and Phelps (1977) said that denitrification seemed to 
play a major role in nitrogen losses and could remove significant amount 
of nitrogen from lakes. 

Basic Description of Denitrification 

Payne (1981), citing Schloesing (1868) stated that no one had known of biological 

denitrification processes until the late nineteenth century and the correct pathway of 

denitrification was first recognized from the observation that the reduction of nitrate was 

responsible for the liberation of nitrogenous gas from urine and tobacco juice. Although the 
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process had been recognized, it was not given a name until more than a decade later. Citing 

Gayon and Dupetit (1883), Payne (1981) stated that the term “denitrification” was introduced 

to describe the gas-producing, anaerobic destruction of nitrate in 1882. During the early 

twentieth century, researchers have gained more insights about anaerobic respiration in 

general. The insights rapidly changed the description of the process by which nitrate and nitrite 

serve as terminal electron acceptors. It became more and more obvious that oxygen does not 

need to be removed from nitrate or nitrite and reduced separately from its originating ions. In 

fact, the anions themselves are reduced (Payne, 1981).  

At this writing, the term “denitrification” is generally taken to refer to dissimilatory 

reduction, by mostly aerobic bacteria, of one or both of the ionic nitrogen oxides (NO3
--N and 

NO2
--N) to the gaseous nitrogen oxides (nitric oxide, NO-N; and nitrous oxide, N2O-N), 

which could be further reduced to dinitrogen gas (N2-N) (Knowles, 1982).  Different enzymes 

are involved in each reduction step. The process also involves several cofactors (e.g. pyridine 

and flavin nucleotides), and proteins (many cytochromes produced by bacteria), which serve as 

intracellular electron transporters (Payne, 1981).  

Knowles (1982) stated that denitrification should be thought of as a four-step process. 

Figure 2-10 shows the overall picture of denitrification, as well as the assimilatory (cellular 

synthesis) reduction of nitrate to ammonia. In the reduction of nitrate to nitrite, the reaction is 

catalyzed by the nitrate reductase enzyme, of which there are two types: assimilatory and 

dissimilatory (Knowles, 1982). The former are not involved in denitrification, but rather in the 

assimilation of nitrate by plants, fungi, and bacteria (Payne, 1981). The dissimilatory nitrate 

reductases commonly contain iron, labile sulfide, and molybdenum (Knowles, 1982).  

 The reduction of nitrite to nitric oxide is catalyzed by the nitrite reductase enzyme, 

which, like the nitrate reductases, is found in both assimilatory and dissimilatory forms.  Only 

the latter are involved in denitrification (Payne, 1981).  The dissimilatory nitrite reductases 

involved in denitrification are normally a copper-containing non-heme protein (enzyme). This 

step is still the subject of some dispute, because NO-N is often absent during observations, 

especially in whole cell experiments (Knowles, 1982). This reduction is also a branch point 

because it prevents the reductive pathway from reaching ammonia (Knowles, 1982). 
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Figure 2-10 Comparison of transformations of nitrate and nitrite carried out by various 
microorganisms showing the uniqueness of denitrification, the one pathway that does not lead 
to ammonia production. (Taken from Payne, 1981) 
 

The nitric oxide reductases, which are particulate bound enzymes, catalyze the 

reduction to nitrous oxide. It has also been noted that nitric oxide has a very high affinity for 

its reductases, and this might be a cause of its absence in the gas phase for several whole cell 

studies and the dispute over its existence (Wang et al., 1995). Finally, nitrous oxide reductases 

catalyze the reduction of nitrous oxide to nitrogen gas (Payne, 1981). 

Denitrifying Organisms  

Denitrifiers are a subgroup of the nitrate reducers, and are generally the smallest group 

(Payne, 1981). Unlike the others groups, which reduce nitrate to nitrite and then to ammonia, 

the denitrifiers reduce nitrite to gaseous end products (NO-N or N2O-N), which may 

eventually be reduced to dinitrogen (Payne, 1981). Nearly all denitrifiers have the reductases 

necessary to reduce nitrate all the way to dinitrogen, but some lack nitrate reductases, and are, 

therefore, termed nitrite dependent (e.g. some Pseudomonads, a few Alcaligenes, most Neisseria 

species, and many Bacillus strains). Some others lack nitrous oxide reductases (e.g. Pseudomonas 

lemoignei, Corynebacterium, and Propionibacterium perntosaceum); and as a result, produce nitrous 
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oxide as their final products. There are some species, however, that possess nitrous oxide 

reductase (e.g. Vibrio succinogenes), but they are unable to reduce nitrate or nitrite (Knowles, 

1982).  

Denitrifiers are not lumped taxonomically into a single niche, but are distributed 

through several divisions of the prokaryotes, and appear to be related only by their capability 

to denitrify (Payne, 1981). Most of them are heterotrophs, and some may only utilize only one 

or two carbon compounds (Knowles, 1982). Hyphomicrobium species can deal with only one or 

two carbon acids and alcohols, while some species like pseudomonads can utilize methanol 

without being restricted to it, as they can also utilize a number of other organic carbon sources. 

Pseudomonads and some others are capable of anaerobic respiration, but not fermentation, while 

others (e.g. Bacillus and Chromobacterium species) can ferment and denitrify as well as respire 

aerobically. At least one nonoxygen-respiring species (Propionibacterium) is known to denitrify, 

but never to aerobically respire (Payne, 1981). 

A few denitrifying microorganisms can also thrive in environments devoid of organic 

substrates. This group can grow autotrophically on H2 and CO2 or on reduced sulfur 

compounds (Knowles, 1982). As an example, Thiobacillus denitrificans and Thiomicrospira 

denitrificans can oxidize elemental sulfur and thiosulfate (or even sulfide in limited quantity). 

Some examples of hydrogen oxidizers are Alcaligenes eutropha, Paracoccus denitrificans, and several 

Pseudomonas species (Payne, 1981). 

A group of denitrifiers is also found among the photolithotrophic bacteria.  

Rhodopseudomonas are photolithotrophic, nonsulfur bacteria that can denitrify in either light or 

dark environments (Payne, 1981).  Some of them are similar to the species Azospirillum and 

Rhizobium in that they are both capable of nitrogen fixation and denitrification. In fact, under 

suitable conditions, they may exhibit the entire nitrogen cycle.  Knowles (1982) has reported 

this ability to be unique and not shared by other denitrifiers. 

Payne (1981) noted that most denitrifiers are gram-negative rods, such as Acinetobacter, 

Alcaligenes, Agrobacterium, and Pseudomonas. Others represent a variety of other morphological 

types: Azospirillum brasilense and A. lipoferum (gram-positive, endospore-forming Bacillus), 

Neisseria (cocci), and Pa. denitrificans (coccoid, intermediate between the rods and the spheres).  
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According to Knowles (1982), from their frequencies of isolation, the Pseudomonas and 

Alcaligenes groups are most likely of the greatest significance among the denitrifiers. A complete 

list of denitrifiers may be found in Bergey’s Manual (Bergey and Holt, 1994). 

Denitrification Rates in Freshwater Aquatic Ecosystems 

Seitzinger (1988) concluded that, in addition to the unique characteristics of each study 

site, the variety of methods used to measure denitrification rates could also contribute to the 

wide range of rates reported.  Methods used in the past, as well as the factors that affect 

denitrification rates, will be discussed later. Seitzinger reported that denitrification rates in 

streams, rivers, and lakes range from 2 to 345 micromoles as nitrate-nitrogen per square meter 

per hour (µmol NO3
--N/sq.m/h) or 0.03 to 4.83 milligrams as nitrate-nitrogen per liter per 

square meter per hour (mg NO3
--N/L/sq.m/h). The high rates occurred in water bodies 

receiving massive amounts of anthropogenic nutrients from overland runoff and sewage 

treatment discharges, and no denitrification was observed in pristine streams. Table 2-6 

summarizes denitrification rates in freshwater systems reported by some other investigators. 

As may be seen from the table, denitrification rates vary from site to site and result of one 

measurement technique may be 26 times as large as that of another technique as reported by 

Risgaard-Petersen et al. (1999). 

When Goering and Dugdale (1966), Koike et al. (1978), and Chan and Campbell (1980) 

measured denitrification rates in both water and sediment water column, the rates in the water 

columns were less than those of the sediments and might not even represent a significant 

nitrogen sink. As noted by Seitzinger (1988), this was not surprising because of the low oxygen 

conditions, rapid nitrification rates and the abundant supply of organic matter in the sediment. 

Chan and Campbell (1980) concluded from a study using 15NO3
- as a tracer in Lake 

227 in northwestern Ontario, Canada that the epilimnetic sediment-water interface was a more 

important site of denitrification than the oxic-anoxic interface in the mesolimnion and the 

anoxic hypolimnion. The hypolimnetic sediment-water interface was also found to be 

important, but only for a short period. Due to low nitrate concentrations later in the 

stratification period, the amount of nitrate reduced at this site was less than that at the 

epilimnetic sediment-water interface. Koike et al. (1978) measured denitrification rates in three 
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Table 2-6. Denitrification Rates Observed in Natural Aquatic Systems 

µmol N/sq.m/h* mg N/L/sq.m/h**

Four man-made lakes in southeastern 
Poland by a direct measurement with 
in situ  chambers (Janusz and 
Czerwieniec, 2000) 

25 - 1100 0.35 - 15

35.9 - 324** 0.50 - 4.5**

1194+ 17+

38.3a 0.82a

214.6b 3b

200 - 1000c 5 - 21c

Location and Methods
Rates

Swale-Ouse river system in northeast 
England by acetylene blockage* (Garcia-
Ruiz et al., 1998) 

Lake Sobygaard in Denmark by three 
different methods (Risgaard-Petersen 
et al., 1999) 

*The acetylene blockage technique is described below  
**At the headwater sites and main river sites 
+In a tributary receiving a discharge from a wastewater treatment plant 
aLaboratory isotope pairing 
bMass-balance calculation 
cin situ chamber isotope pairing 

large volumes (1300 cubic meters), enclosed, transparent, sea-surface columns in Alaska. They 

observed much higher denitrification activity in the sediments than in the bottom waters. In a 

BOD bottle containing water and sediment from Smith Lake in Tanana valley, Alaska, 

Goering and Dugdale (1966) observed the mass of N2-N gas evolved from denitrification as 

90 microgram per liter (µg/L), while that of the bottle containing only lake water was only 15 

µg/L. 

Factors Affecting Denitrification Rates 

There are a number of factors that control rates of denitrification. For the purposes of 

this study, only those that the author monitored during the study described herein will be 

reviewed: nitrate concentrations, oxygen concentrations, organic matter, ammonia, 

temperature, and pH.  
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Nitrate Concentration 

Nitrate concentration may be considered the most important factor controlling the 

rate of denitrification. Cavari and Phelps (1977) found that the rate of denitrification of a pure 

culture of the denitrifying bacteria Pseudomonas aeruginosa 2 Kin was strongly influenced by, and 

directly proportional to nitrate concentrations. They noted that, within the range of the nitrate 

concentrations found in Lake Kinneret, Israel, the denitrification rate at the highest 

concentration could be as much as ten times as high as the rate at the lowest concentration, 

thereby the amount of nitrogen removed from a lake may increase with the nitrate load.   

In most cases, denitrification rates have been found to be positively correlated to 

nitrate concentrations and the response is often described by Michaelis-Menten-type kinetics 

(Seitzinger, 1988), which can be written as (Grady et al., 1999): 

-
3

-
s 3

[NO ]ˆv=v
K +[NO ]

                                Eq. 2-17 

where   v           = Denitrification rate, 1/Time 
v̂           = Maximum denitrification rate, 1/Time 

-
3[NO ]  = Nitrate concentration, Mass/Volume 

sK         = Half-saturation coefficient, Mass/Volume 
 
Messer and Brezonik (1984) stated that when nitrate concentrations are much lower 

than Ks, the kinetics may be approximated by a first-order relationship, where the 

denitrification rate is linearly related to nitrate concentrations: 

-
d 3v=k [NO ]  Eq. 2-18 

where kd = denitrification rate constant, 1/Time 

If nitrate concentrations are much higher than Ks, Messer and Brezonik (1984) stated 

that denitrification rates would be approximately the maximum denitrification rate, ˆv=v .  

Garcia-Ruiz et al. (1998) said that the denitrification process in this case would have to be 

nitrate saturated, or the denitrification rates would no longer change with changes in nitrate 

concentrations (zero-order reaction). For nitrate concentrations of the same magnitude as Ks,, 
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Messer and Brezonik (1984) stated that the Michaelis-Menten-type kinetics cannot be 

simplified and that the rate must therefore be simulated directly with the kinetics. 

 Garcia-Ruiz et al. (1998) studied denitrification rates along the Swale-Ouse river 

system in northern England as a function of nitrate concentrations. The denitrification rates 

were measured by the acetylene blockage method described below in the Denitrification 

Methodology section, and the kinetic parameters of Michaelis-Menten-type kinetics were 

determined by the Lineweaver-Burk transformation, which is a linear form of the Michaelis-

Menten type equation: 

⋅
sK1 = +

ˆ ˆ
1

v v S v
 Eq. 2-19 

Their results showed that the denitrification rates in sediments containing added nitrate 

exhibited the Michaelis-Menten-type curve as shown on Figure 2-11. The denitrification rates 

from all the sampling sites could be fitted successfully with the Michaelis-Menten-type curve 

with a minimum regression coefficient of 0.9.  The Ks increased when moving in the 

downstream direction, and was found to range from 13.1 to 90.4 µmol NO3
--N or 0.18 to 1.3 

mg/L NO3
--N). The high value of 640 µmol NO3

--N or 9.0 mg/L NO3
--N) was observed on 

the River Wiske, which was a tributary receiving a wastewater treatment plant discharge. In 

addition, they compared the Ks values with the nitrate data in the river system and concluded: 

For the most upstream site, the Ks values were higher than the nitrate 

concentrations in the river, and therefore the response of denitrification to the 

nitrate concentration is likely to be linear for most of the year. However, the Ks 

values for all lower sites on the main river and the Wiske were lower than the 

nitrate concentrations for most of the year, and therefore nitrate reduction by 

denitrifying bacteria is probably nitrate saturated…This suggests that other 

variables, such as temperature, organic carbon, and oxygen, must be 

considered when studying the seasonal change in denitrification. As 

denitrifying bacteria are taxonomically heterogeneous, it is likely that these  
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Figure 2-11. The denitrification rate’s response (a) and N20 production (b) to nitrate 
additions at the sampling sites in April 1997 (solid circle). For the Ivelet Bridge (km 10.9) 
and Wiske sites (km –1.7, 86.1) the assays were repeated in June (hollow circle) and August 
(solid triangle) 1997. The bars denote the standard deviations of three replicates. Note the 
different scales for denitrification rates, N20 production, and nitrate concentrations. (Taken 
from Garcia-Ruiz et al., 1998) 
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factors also exert a selective pressure on groups that are dominant at particular 

times of the year (Garcia-Ruiz et al., 1998). 

In some cases, denitrification rates have been reported to be independent of nitrate 

concentration. Goering and Dugdale (1966) studied denitrification by measuring the rate of 

disappearance of NO3
--N and the rate of N2-N gas production from glass bottles containing 

sediment and water from Smith Lake, Alaska. They found no decrease in denitrification rates 

with decreasing nitrate concentration until nitrate was completely exhausted. They suggested 

that, in the case reported, that the rates might depend more on the bacterial population already 

present and its respiratory requirement.  

Sain et al. (1977) supported the zero-order reaction sink of NO3
--N in sediment by 

denitrification. They explained that first-order nitrate sinks (nonlinear decrease in nitrate 

concentrations) observed in systems having a separate supernatant and sediment portion, in 

contrast to sediment slurries, were a result of diffusion. As NO3
--N is being consumed at a 

constant rate (zero-order sink), the concentration of NO3
--N in the sediment changes. This in 

turn alters the diffusion rate of nitrate from the water column into the sediment, creating a 

nonlinear temporal variation of NO3
--N concentration in the supernatant.   

Oxygen (O2) 
Commonly, denitrification happens only under conditions of low or absent dissolved 

oxygen, because oxygen prohibits denitrification in two principal ways: (1) repression of the 

formation of denitrifying enzymes and (2) exertion of inhibition on the denitrifying activity of 

preexisting enzymes (Wang, 1995). William et al. (1986) noted that the greatest nitrogen loss 

due to denitrification occurs in streams at the sag points of dissolved oxygen (DO) profiles 

where the oxygen concentrations are lowest. There has been an ongoing controversy since the 

late 40’s about the maximum DO at which denitrification may occur (Cavari and Phelps, 

1977). Seitzinger (1988), citing Chan and Champbell (1980); Jorgensen et al. (1984); and 

Ronner and Sorensson (1985), stated that investigators have indicated oxygen concentrations 

of approximately 0.2 mg/L or less are required for denitrification in water or sediment in both 

freshwater and marine systems.  
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In contrast, Cavari and Phelps (1977) observed that denitrification in Lake Kinneret, 

Israel, occurred at DO values greater than 5 mg/L. Nevertheless, only a fraction of the nitrate 

in the lake was denitrified during the aerobic period. The nitrate remaining in the water at the 

start of the stratification period was then denitrified under anoxic conditions at a faster rate. In 

order to enhance understanding of nitrate removal under aerobic conditions, Cavari and 

Phelps conducted laboratory experiments using sediment slurries of Lake Kinneret containing 

pure cultures of the denitrifying bacteria Pseudomonas aeruginosa 2 Kin isolated from the lake. 

They could not, however, simulate the phenomenon unless glucose was added. They explained 

that adding glucose made the laboratory models more similar to a real lake, where there was a 

continuous supply of organic materials from several sources, mainly dead algae. Citing 

Jannasch (1960), they stated that anoxic microenvironments might develop in an aerobic 

system. Therefore, the removal of nitrate in Lake Kinneret under aerobic conditions could be 

attributed to the denitrifying activity in these anoxic microenvironments. 

Organic Matter  

Availability of electrons in organic carbon compounds is one of the most important 

factors controlling the activity of heterotrophs, which compose the majority of denitrifiers 

(Knowles, 1982). Andersen (1977b) studied the impact of the denitrification process on the 

rate of degradation of organic matter in lake sediments. He concluded that the denitrification 

markedly contributed to the degradation of organic matter. Mitchell and Baldwin (1999) found 

that there was evidence of carbon co-limitation of denitrification even though the 

predominantly limiting substrate was nitrate. The addition of a carbon source, such as glucose 

and acetate, together with nitrate, stimulated denitrification more than just the addition of 

nitrate alone. Cavari and Phelps (1977) could not get sediment slurries to denitrify in the 

presence of oxygen unless a substantial amount of glucose (100 mg/L) was added.   

Different kinds of carbon compounds may also alter the denitrification process. Stief 

(2001) found a higher accumulation of nitrite in sediment augmented with glucose than with 

methanol. He speculated that less labile organic compounds lead to significant nitrite 

accumulations, or that certain types of organic matter could expel “true denitrifiers” and favor 

the proliferation of “facultative microorganisms.” Stiff (2001), citing Wilderer et al. (1987) 

stated that some of the latter group reduce nitrate only to nitrite and not further. Given his 
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short incubation time of 6 days, he postulated that it was more likely that glucose directly 

induced nitrite accumulation, not favoring ‘facultative microorganisms’. Knowles (1982) noted 

that different organic compounds, while yielding equal rates of denitrification, might, 

nonetheless, give a different mole fraction of N2O-N in the denitrification products (N2O-N + 

N2-N), suggesting that they may induce discrepant effects on the reductases involved. 

Caffrey et al. (1993) studied the effects of organic matter addition in the form of 

Baker’s Yeast on nitrification and denitrification in microcosms. They found that an increase in 

organic loading increased sediment oxygen consumption, resulting in the decrease of the 

oxygen penetration into the sediments from 2.7 mm to 0.2 mm. Jensen (1994) found that 

thinner oxic layers shortened the diffusion path of nitrate from the sediment-water interface to 

the anoxic zone, thereby increasing denitrification rates. Furthermore, Caffrey et al. found that 

an increase in organic loading also enhanced ammonia generation in the sediments. The 

additional ammonia could induce the synthesis of all reductases involved in denitrification, 

resulting in the reduced intermediate product accumulation (Stief, 2001). 

At times, organic-carbon availability changes have no effects on denitrification rates, 

which suggests that organic carbon is not a rate-limiting substrate (Knowles, 1982). After 

measuring denitrification rates in the sediment-slurries of Lake Okeechobee, Florida, Messer 

and Bresonik (1984) concluded that seasonal organic-matter input variation did not affect the 

denitrification rate in this lake due to its sufficient organic-matter supply under normal 

conditions. However, they stated that the possibility of an increase in the first-order 

denitrification-rate constant in response to an algal bloom or to an increase in allochthonous 

organic carbon inputs to a lake should not be ignored. 

Ammonia 
Ammonia has been shown by several investigators to be produced within sediments in 

large quantity by nitrogen mineralization (Mortimer, 1941,1942 and Song and Muller, 1999).  

The presence of ammonia may also serve to increase the rate of denitrification. Stief (2001), 

citing Glass and Silverstein (1998) and Lazarova (1994), stated that many factors, such as pH 

or protein content, could trigger the accumulation of nitrite, which in turn hinders the rate of 

denitrification.  
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Stief (2001) also found that sediments supplemented with ammonia exhibited much 

lower nitrite accumulation. The observe effect was also reversible within the same time scale, 

because the former nitrite level was restored when the additional ammonia supply was 

stopped.  He also hypothesized that a denitrifying bacterial consortium might be able to 

synthesize the required full set of reductases in the absence of fixed nitrogen (e.g., ammonia) 

deficiency. He offered as proof of this hypothesis an experiment where chloramphenical 

(CAP) was added together with the ammonia, explaining that the CAP inhibited ammonia 

transport to the sites of bacterial protein synthesis. High-residual nitrite concentrations were 

observed in the experiment with CAP, and Stief (2001) postulated that ammonia must have 

affected the accumulation of nitrite through its incorporation into bacterial proteins, possibly 

into denitrification reductases. 

Temperature 

In general, denitrification rates have been reported to be directly proportional to 

temperature (Seitzinger, 1988).  Cavari and Phelps (1977) found that the rate of NO3
--N loss 

increased with increasing temperature in Lake Kinneret, Israel; nevertheless, the effect of 

temperature on the denitrification rate—in the range of 10 to 30 °C —was small with a Q10 of 

1.35 (the ratio between the temperature required to cause a 10 percent increase in a reaction 

rate and the reference temperature). In other words, a 35 percent change in temperature would 

result in only a 10 percent change in the denitrification rate. They also noted that the 

relationship might be distorted because nitrification rates and oxygen concentrations might be 

changing as well, with the attendant effects on denitrification suggested earlier.  

Messer and Bresonik (1984) stated that the most commonly used expression for 

kinetic parameters of temperature-dependent biological processes is an Arhennius-type 

expression of the form:  

kd, T2 = kd, T1θ(T2-T1)  Eq. 2-20  

where kd, T is the specific rate constant at temperature T (Celsius) with units of inverse  time, 

and θ is a dimensionless empirical constant.  Citing Lewandowski (1982), they stated that θ 

was found to range from 1.06 to 1.10. They determined denitrification-rate constants in 

sediment cores from Lake Okeechobee, Florida, over a range of temperature from 15 to 35.5 
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°C with the acetylene blockage method. After examining the data over the range of 

temperatures, they found θ for the sediments of Lake Okeechobee to be 1.10. They also noted 

that θ is not really independent of temperature; therefore, for specific denitrification rate 

constant determinations at any temperature, it is mathematically preferable to determine kd, T1 at 

the middle of the temperature range of interest.  

pH   

Wang et al. (1995) concluded that, because many enzymes are involved in the 

denitrification process, and that enzyme kinetics are pH dependent, denitrification must also 

be pH dependent. They studied the pH response of denitrification using a pure culture of 

Pseudomonas denitrificans. They found that the optimum pH for the biological reduction of NO3
--

N (7.35 - 7.45) was slightly higher than the biological reduction of nitrite (NO2
--N) (7.12 -7.20).  

They also speculated that the optimum pH does not change with NO2
--N or NO3

--N 

concentration.   

Furthermore, pH may affect the accumulation of denitrification intermediate products 

(e.g., NO, N2O) as well. Painter (1970) stated that the upper pH limit for intermediate 

denitrification product accumulation is 7.3.  Janusz and Czerwieniec (2000) observed no 

intermediate products in their experiment where the pH in the overlying water never dropped 

below 7.3.  

Rust et al. (2000) found that denitrification in vials containing sediment from Savannah 

River, South Carolina, could increase pH from 7 to beyond 8 within five days.  pH may be 

increased as a result of denitrification because the reduction of nitrate to gaseous nitrogen with 

organic substrate as an electron donor results in the production of  carbon dioxide and oxygen 

hydroxide (OH-), which may react to form bicarbonate (HCO3
-) and carbonate (CO3

2-) (Drtil et 

al., 1995):  
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Eq. 2-21  
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Eq. 2-23 

From Equation 2-21, one may see that denitrification produces different amounts of 

alkalinity (HCO3
-, CO3

2-, OH-) from different types of organic material. Drtil et al. stated that 

the extent of the effect of denitrification on the pH of a solution depends on the organic 

substrate present.  

Denitrification Methodology 

There are several commonly used methods of measuring denitrification. Most of them 

rely on indirect approaches, because the high background concentrations of N2-N gas in the 

atmosphere make it difficult to detect the N2-N gas concentration increase from 

denitrification.  It has also been reported (Seitzinger, 1988) that the analytical method 

employed may also have an effect on the observed denitrification rates. In the following 

section, the principal methods used in the past will be outlined except for the Barcroft-

Warburg constant-volume respirometer method (manometry), which has not been used since 

the mid 1950’s (Payne, 1981).  

Mass Balance 
Seitzinger (1988) described the method and outlined the advantages and downfalls of 

mass balance, which is widely used to estimate denitrification rate in lakes. The denitrification 

is assumed as the difference between lake nitrogen inputs and nitrogen losses (other than 

denitrification) over a specified time period. Possible nitrogen inputs are tributaries; 

groundwater seepage; overland runoff; precipitation; and, in some cases, nitrogen fixation, 

while the losses are wash out (nitrate in outflows) and burial (incorporation into algal cell mass, 

which eventually settles out from the water column). The mass-balance method may give an 

estimate of the magnitude of denitrification, but it is subject to considerable error, such as the 

sum of the errors from each of the input and loss terms. Moreover, mass balance studies do 

not give an insight to the site of denitrification (sediments and/or water columns), spatial 
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variability, or the factors affecting the rate. However, if the denitrification has been monitored 

for one or more annual cycles, this method has an advantage of offering a comprehensive, 

whole-system estimate. 

Rate of Nitrate Decrease 

The rates of NO3
--N loss in water have been assumed to be synonymous with 

denitrification rates (Seitzinger, 1988).  Birmingham et al. (1994) said that the loss of nitrate in 

sediments as water moved downstream was most likely due to denitrification rather than 

incorporation into organic matter by primary producers or decomposer organisms. Other 

processes, however, also affect nitrate concentrations, and may cause over- or under-

estimation (Seitzinger, 1988): 

• Nitrification (underestimation) 

• Reduction of NO3
--N to NH3-N (overestimation)  

• Uptake of NO3
--N by microorganisms and algae (overestimation)  

For example, Jensen et al. (1994) have shown that nitrification and denitrification may 

occur simultaneously in sediment. Nitrification takes place in the upper oxic layer of sediment 

and denitrification occurs immediately under this layer. Because denitrifiers will also utilize 

nitrate produced in the top oxic layer, in addition to the nitrate in the water column, the 

measured denitrification rates in systems using the rates of NO3
--N decreases in the water 

columns would very likely be an underestimation of the true rates.  

Some compensation must be made in order to account for the errors introduced from 

these processes. For instance, Andersen (1977a) estimated the rates of denitrification in 

undisturbed sediment cores from six, shallow Danish lakes. He assumed that nitrification rates 

were independent of NO3
--N concentrations. Then he used the rate of NO3

--N increase in the 

sediment cores with no initial NO3
--N to correct his denitrification rate. He also considered the 

reduction of NO3
--N to NH3-N. However, he found that the changes of NH3-N 

concentrations in his experiment were insignificant, thereby he concluded that the reduction of 

NO3
--N to NH3-N was not important. Goering and Dugdale (1966) also found the reduction 

of NO3
--N to NH3-N to be insignificant, compared to the reduction to molecular nitrogen. 

Furthermore, Andersen neglected the effect of NO3
--N uptake by microorganisms on the 
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denitrification rates. This would have had the net effect of an overestimation of the rates. 

However, he found that the overestimation would not exceed 10-20 percent. Caffrey et al. 

(1993) found that, at low organic matter concentrations, the assimilatory reduction of NO3
--N 

to NH3-N was negligible.  

In contrast, Mitchell and Baldwin (1999) found that only between 50 and 75 percent of 

added NO3
--N was converted to N2-N. The rest was lost through other pathways, including 

adsorption to the sediment; assimilation into sedimentary micro-biota; conversion to NH3-N 

by dissimilatory nitrate reduction; and abiotic reduction of NO3
--N facilitated by Mn(II) or FeS. 

Nevertheless, they did not rank processes in order of importance. Although Caffrey et al. 

(1993) assumed that the reduction of NO3
--N to NH3-N was insignificant in their work, they 

noted that this might not have been true and their results could have been overestimated, 

especially at high organic carbon concentrations. Sorensen (1987a) found that the reduction of 

NO3
--N to NH3-N is high in organic-rich sediment with low nitrate concentration. 

Seitzinger (1988) stated that the overestimation due to the reduction of NO3
--N to 

NH3-N and the uptake of NO3
--N by microorganisms and algae could be avoided by adding 

15N isotope nitrate (15NO3
--N) and measuring the rate of 15N-isotope dinitrogen gas (15N2-N) 

production. However, she noted that this approach still underestimated the denitrification rate 

because it does not consider the nitrate produced in sediments. She suggested that adding 

15N-isotope ammonia (15NH3-N) to the overlying water and measuring 15N2-N   produced by 

the denitrification of 15NO3
--N from nitrification in the sediment (coupled nitrification-

denitrification) might solve the problem in relatively undisturbed sediments. In another 

investigation, Jensen et al. (1994) found that most nitrate was produced from the oxidation of 

ammonia diffusing from deeper layers at the oxic-anoxic interface in sediment; and it was 

noted that adding 15NH3 to the overlying water would not account for this portion. This 

shortcoming may be dealt with by using the isotope-pairing method discussed below.  

Estimation by Michaelis-Menten-type Kinetics 

As indicated earlier, the relationship between denitrification rates and nitrate 

concentrations may normally be defined by Michaelis-Menten-type kinetics. When the nitrate 

concentration profile in sediment (the vertical distribution of nitrate in the pore water) is 

known and the kinetic parameters have been determined, one may estimate denitrification 
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rates from the kinetic relationship of Michaelis and Menten (Seitzinger, 1988). The method has 

been used to estimate in situ denitrification rates by Madsen (1979), and Oren and Blackburn 

(1979).  However, it is not a simple matter to use the method to estimate rates in the field, for 

the following reasons (Seitzinger, 1988):  

• The response of denitrification rates to nitrate-concentration changes 
may vary with depth in sediment.  

• It is possible that no relationship exists between nitrate concentrations 
and denitrification rates.  

• The relationship could vary between sites, requiring kinetics 
determination at every site.  

• The scale of laboratory experiment used to determine the relationship 
absolutely differs from that required in the field. 

• Finally, all the previously-discussed factors affecting denitrification 
could alter the relationship. 

Direct Measurement 

Direct measurement has been described by Seitzinger (1988) as quantifying the final 

product of denitrification, which is N2-N gas, evolved from intact sediment cores incubated in 

gas-tight chambers, which are kept under near natural conditions of nitrate and oxygen 

concentrations in the overlying waters. She found the advantages of the method to include the 

elimination of an inhibitor (acetylene blockage method), and being able to work with natural 

oxygen and nitrate concentrations. Janusz and Czerwieniec (2000) found that the N2-N gas 

evolved from denitrification is difficult to detect due to the high ambient concentrations of the 

gas in both natural waters and the atmosphere. Seitzinger (1988) suggested that the high 

background concentrations in water may be reduced by sparging the water and gas phases over 

the sediments with a mixture of 21% oxygen, 0.03% CO2, and 78.7% helium. Devol (1991) 

and Janusz and Czerwieniec (2000) proposed that gas-tight chambers should be placed directly 

over an in situ sediment surface instead of incubating intact sediment cores in a laboratory 

environment. They said that this would eliminate any “corrupting” manipulation of the 

sediment.  

Acetylene Blockage 
Seitzinger (1988) stated that the acetylene-blockage method is useful because it blocks 

the reduction of N2O-N gas to N2-N gas, which was reported earlier by Balderston et al. (1976), 
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and also because of the availability of sensitive chromatographic methods for measuring the 

evolved N2O-N. Seitzinger explained that denitrification rates are determined as the rate of 

N2O-N gas evolved over a specified period of time.  She noted that measuring the rate of 

N2O-N gas evolution is preferred over measuring the rate N2-N gas evolution because of the 

low background concentration of N2O-N gas. As noted previously, high background 

concentrations of N2-N gas have made it difficult for investigators to distinguish N2-N gas 

produced from denitrification.  

Nevertheless, the acetylene blockage technique does have some drawbacks. Seitzinger 

et al. (1993) found that acetylene hinders nitrification and does not always effectively block the 

reduction of N2O-N gas to N2-N gas, which may result in an underestimation. In other words, 

the method may reduce the amount of N2O-N gas evolved because (1) acetylene may reduce 

the amount of nitrate available to denitrify and (2) some of the N2O-N gas may still be reduced 

to N2-N gas. Tam and Knowles (1979) found that the presence of sulfide could prevent 

acetylene blockage of N2O-N reduction, which might pose a problem when using the 

technique in a highly anaerobic or sulfide rich environment.  

Isotope Pairing 

Developed by Nielsen (1992), isotope pairing provides a simple means of measuring 

denitrification in intact sediment cores. It is a batch mode assay and requires minimal alteration 

of the sediment from in situ conditions. Mass spectrometry is used to measure rates of 

production of single-labeled (14N15N) and double-labeled (15N15N) N2-N gas a few hours after 

enriching the water overlying intact sediment cores with 15NO3
--N. Then the rate of formation 

(D14) of unlabeled (14N14N) N2-N gas may be calculated, assuming random isotope pairing by 

denitrification of the uniformly mixed nitrate species: 

14 15
14 15 15 15

14 15 15

( N N)D  =  [( N N) + 2( N N)] 
2( N N))

  Eq. 2-24 

The denitrification rate (D15) of 15NO3
- may be determined from the sum of the 15N-

isotope nitrogen atom (15N) in the labeled N2-N gas (14N15N and 15N15N) produced: 

14 15 15 15
15D  = ( N N) + 2( N N)   Eq. 2-25 
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Nielsen listed several advantages of the method: 

• If 15NO3
- is the only isotope of nitrate in the overlying water, D15 equals 

the denitrification rate of nitrate diffusing from the overlying water and 
D14 equals the denitrification rate of nitrate produced by nitrification in 
the sediment. In other words, this method quantifies both coupled 
nitrification-denitrification and denitrification of nitrate from the 
overlying water without extra effort; 

•  No inhibiters are required as in the acetylene blockage method; 

•  Unlike the direct N2-N gas flux method (Seitzinger, 1984), this 
method does not require a week-long pre-incubation.  

Nielsen noted only one shortcoming. The method assumes uniform mixing of nitrate 

isotopes in the active denitrification layer in sediment and random isotope pairing by 

denitrifiers. He postulated that this might not always be the case. As an example, he cited case 

of the zone around roots of aquatic plants (rhizosphere) where coupled nitrification-

denitrification will occur in microsites isolated from the added 15NO3
--N. This violates the 

assumption of uniform mixing. Despite this problem, variations of the method have been used 

successfully in Lake Sobygaard, Denmark (Risgaard-Peterson et al., 1999) and in the coastal 

marine sediments of Laguna Madre, Texas (An et al., 2001).  

Denitrification Modeling 

Water quality models have been used intensively to determine the required efficiency 

of wastewater treatment plants when there is a requirement to comply with some nitrogen 

standard regulating the receiving water (William et al., 1986). It is important to keep in mind 

that the kinetic constants of one water body should not be directly applied to another water 

body without thorough validation. Messer and Bresonik (1984) noted that major errors may 

result from employing values of kd derived for one microbial community to water quality 

models of other lakes without due regard for such system differences as carbon substrate 

availability and types of microbial communities present. An experimental determination should 

be performed to provide insights to a specific lake model, rather than applying typical constant 

values from other environments or locales. 

The modeling of denitrification has been extensively addressed in Rates, Constants and 

Kinetics Formulations in Surface Water Quality Modeling  (EPA, 1985). As indicated earlier, 
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denitrification is the reduction of NO3
--N to N2-N under anoxic, or oxygen void, conditions. 

The process may also produce N2O-N gas, which accounts for about 10 percent of the total 

NO3
--N reduced (ERLORD, 1985). Because this end-product does not have significant effect 

on water quality, it has not been modeled (ERLORD, 1985). Besides denitrification, the 

following two processes have been also considered to govern the nitrate dynamic (ERLORD, 

1985): 

• Photosynthetic uptake by algae and phytoplankton 

• Biological oxidation of NH3-N to NO3
--N (nitrification) 

 Figure 2-12 shows the dynamic of nitrate in the nitrogen cycle. In fact, the 

processes of biological uptake and nitrification are generally included in water quality models, 

but only a few models include denitrification (ERLORD, 1985), even though it may be a major 

nitrate sink (Cavari and Phelps, 1977, William et al., 1986). For example, the QUAL2E model 

(ERLORD, 1987), which is a widely used, and EPA-supported model, does not include the 

denitrification process. More recently-developed water quality models that do include 

denitrification simulation are WASP6 (Wool et al., 2001), HSPF (Bicknell, 1997), CE-QUAL-

R1 (USACE WES, 1995a), CE-QUAL-W2 (USACE WES, 2000), CE-QUAL-RIV1 (USACE 

WES, 1995b), and BIOMOC (Essaid et al., 1997). Except for BIOMOC, all the models listed 

simulate the denitrification process by first-order kinetics.  In CE-QUAL-W2, the equation 

defining the nitrate dynamic is 

)
ΦΦ

Φ(1ΦδKΦγKΦγK
t

Φ
NO3NH4

NH4
anagNO3NO3NO3NH4NH4NH4

NO3

+
−−−=

∂
∂  Eq. 2.26 

 
where  ΦNO3 = Nitrate-nitrogen concentration, gram per cubic meter (g/cu.m) 

ΦNH4 = Ammonia-nitrogen concentration, g/cu.m 
Φa     = Algal concentration, g/cu.m 
δN        = Stoichiometric coefficient for nitrogen  
KNH4 = Nitrification rate constant, per second (1/s) 
KNO3 = Denitrification rate constant, 1/s 
Kag      = Algal growth rate constant, 1/s 

γNH4    = Temperature rate multiplier for nitrification, unitless 

 γNO3    = Temperature rate multiplier for denitrification, unitless 
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Figure 2-12. Nitrogen cycle (taken from ERLORD, 1985). 
 

The terms in the equation on the right side from left to right are a nitrification term, a 

denitrification term, and an algal growth term, respectively. The recommended range of the 

denitrification-rate constants, which are the same as the kd suggested earlier, is from 0.05 to 

0.15 per day (1/d) (USACE WES, 2000).  The range of denitrification-rate constants cited in 

the broader treatment from ERLORD (1985) is from 0.0 to 1.0 1/d. 

Denitrification rates are also observed to be temperature dependant (Cavari and 

Phelps, 1977; Seitzinger, 1988; and Messer and Bresonik, 1984), and should be corrected for 

significant variation in temperature conditions. Most models use the exponential Arrhenius or 

Van’t Hoff relationship to model the temperature effect (ERLORD, 1985). Assuming 20 °C as 

a reference temperature, denitrification-rate constants at other temperatures may be calculated 

by (ERLORD, 1985): 

KT = K20θ
(T-20)  Eq. 2-27 
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K20 = Denitrification rate constant at 20 °C, 1/time 

θ    = Temperature adjustment coefficient 
T   = Temperature, °C 
 
Such a temperature adjustment algorithm was incorporated in WASP6, and the 

correction is given by the term (Wool et al., 2001): 

 
(T-20) 02

NO3 NO3
O2 O2

KDenitrification Rate  K θ
K +

=
Φ

Φ  Eq. 2-28 

 
where KO2 is an oxygen half-saturation constant, which is the DO level where the 

denitrification rate is half of the maximum denitrification rate. This expression contains three 

parts: KNO3ΦNO3, a first-order denitrification rate; θ(T-20), a temperature correction; and 

(KO2/(KO2+ΦO2)), a DO correction. The first two terms have been previously discussed, but 

the third term decreases the denitrification rate as DO levels rise above 0 mg/L, and 

adjustments in KO2 may be used to represent the extent of the oxygen inhibition (Wool et al., 

2001).  

 As may be seen from Eq. 2-28, increasing KO2 will decrease the extent of the oxygen 

inhibition and vice versa. In CE-QUAL-W2, HSPF, and CE-QUAL-R1, the user may also 

model oxygen inhibition on denitrification; however, these models do not provide as much 

flexibility in that the user may only set an oxygen-concentration limit, below which 

denitrification will occur and above which denitrification is entirely prohibited (USACE WES, 

1995a; Bicknell, 1997; and USACE WES, 2000). In other words, denitrification is assumed to 

cease above this preset level and occur at a rate independent of oxygen concentrations below 

this level.  
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Alternative Pathway 

Reduction of Nitrate by Manganese (II) Ion 

Luther et al. (1997) termed the conversion of NH3
--N and organic nitrogen to N2-N 

gas via coupled nitrification-denitrification the “conventional pathway, ” as diagrammed in 

Figure 2-13(a). In the presence of reactive (nonstructural) manganese dioxide (MnO2), Luther 

et al. proposed that NH3
--N and organic nitrogen could be oxidized directly to N2-N gas by 

chemical oxidation or bacterial mediated oxidation. Moreover, the reduced manganese, Mn(II) 

can also reduce nitrate to dinitrogen gas. They diagram this alternative pathway as Figure 2-

13(b). Sorensen et al. (1987b) called the reduction of nitrate by Mn(II) “chemo-denitrification,” 

by which they explained discrepancies between nitrate flux into the sediment and the measured 

denitrification rate. If Luther et al. are correct, chemical reduction of nitrate by Mn(II) may be a 

potentially useful technology to remove nitrate from water.  This may be compared to 

reductions by metallic iron, Fe0 (Huang et al., 1998) or ferrous ion, Fe(II) (Fanning, 2000; and 

Ottley, 1997), which both reduce nitrate to ammonia. 

Luther et al. (1997) showed that the oxidation of ammonia and organic nitrogen by 

reactive MnO2 and the subsequent Mn(II) oxidation by O2 to Mn(III, IV) is 

thermodynamically more favorable than the oxidation of ammonia and organic nitrogen by O2 

alone. The resulting Mn(III, IV) will continue to oxidize ammonia and organic nitrogen. They 

also calculated that these two oxidations yield -856 kilojoules per mole of carbon atom 

oxidized (kJ/mole C oxidized) while the oxidation by O2 alone yields -531.8 kJ/mole C 

oxidized. Additionally, they postulated that oxidation by MnO2 and O2 could occur 

simultaneously; however, citing Luther (1990), they stated that Mn oxides are a better oxidant 

kinetically.  

Luther et al. (1997) also conducted field and laboratory experiments to support the 

thermodynamic calculation.  Using sediment cores from three different sites, they found that 

NO3
--N disappeared quickly as it entered two sediment cores enriched with solid-phase Mn at 

the surface. However, in the remaining sediment core  (not enriched with solid-phase Mn), the 

nitrate concentrations remained much greater. They speculated that such non-enriched 

sediments may be a source of nitrate to overlying waters. Moreover, they noted that there was  
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Figure 2-13. (a) Schematic representation of the classical nitrogen cycle in sediments 
dominated by coupled nitrification-denitrification. (b) The nitrogen cycle in sediments 
modified to include reactions between N and Mn species. (Taken from Luther et al., 1997) 
 
approximately 80 percent less inorganic nitrogen in the sediments enriched with solid phrase 

manganese, possibly due to ammonia and organic nitrogen oxidation by MnO2. 

 A comparison between experiments with one of the two enriched cores (Emerald 

Basin) and the un-enriched Scotian Slope core is shown in Figure 2-14. As may be seen, the 

solid phase manganese concentrations in the top 1-cm layer of Emerald Basin sediment were 

much higher than the concentrations in the top layer of Scotian Slope sediment. The 

concentrations of NO3
--N diffusing into the Emerald Basin sediment decreased to its 

background concentration within the first centimeter while the concentrations of nitrate in the 

Scotian Slope sediment increased with depth into the sediment. The concentrations in the 

Scotian Slope sediment reached the maximum value at about 1-cm depth, then the 

concentrations began to decrease.  

 In laboratory experiments, Luther et al. (1997) also found that the reaction between 

Mn(III) and the ammonium ion (NH4
+-N) was instantaneous and produced detectable N2-N 

gas. In some experiments, they found that the N2-N concentrations increased the background 

concentrations fivefold or greater. Despite the drastic N2-N increase from the background 

values, the amount of N2-N gas produced was still found to be low compared to the amount 
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Figure 2-14. Nitrate and solid phase manganese profiles from two sediment cores. The nitrate 
concentrations at the sediment surface (depth = 0) were assumed to be the same as the 
underlying water concentrations. The solid phase manganese concentrations at the sediment 
surface (depth = 0) were assumed to be the same as the concentrations of the first upper 
layers. The other concentrations were plotted at the mid depths of the sampled sections. 
(Plotted from the data of Luther et al., 1997) 

of NH4
+-N oxidized. They postulated that, in natural environments, the process could be 

enhanced by bacterial mediation. 

 Luther et al. (1997) also noted an additional piece of evidence indicating deviation from 

the conventional pathway: the absence of N2O-N, which is well known as an intermediate or 

product of denitrification (Payne, 1981; Codispoti and Christensen, 1985; and Golterman, 

1985).  Consequently, Luther et al. (1997) proposed hydrazine (H2NNH2) as a candidate for an 

intermediate of the ammonia and organic matter oxidations to N2-N by Mn(III, IV). They 

supported this proposal by showing that H2NNH2 added to a mixture of MnO2 and NH4
+-N 

was spontaneously and completely oxidized to N2-N. Furthermore, because Mn(II) and O2 
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never co-existed in their experiments, they speculated that the effectiveness of O2 as an 

oxidant for Mn(II) may be considerably higher.  

Luther et al. (1997) concluded that the oxidation of ammonia and organic nitrogen by 

reactive Mn at a sediment surface may produce N2-N gas, and that this may explain the lower 

denitrification rates obtained from the acetylene blockage method than from the direct 

measurement method.  The latter method would include any N2-N gas created from the 

oxidation of ammonia and organic nitrogen by reactive Mn, as suggested by Seitzinger (1993). 

It may also help to explain why denitrification may take place in aerobic environments, as has 

been observed by Cavari and Phelps (1977).  Luther et al. (1997) also reported that they did not 

find any anaerobic microenvironments measuring dissolved oxygen concentration in the 

sediment with a microelectrode. Therefore they stated that attributing the production of N2-N 

gas, and the loss of NO3
--N under aerobic conditions to anaerobic microenvironments has yet 

to be satisfactorily proven.  

Process of Mn Accumulation 

The accumulation of Mn at sediment surfaces has been observed and studied more 

frequently in marine sediments (Calvert and Price, 1977; Froelich, 1979; Aller, 1980; and 

Sundby and Silverberg, 1985). In reviewing the literature for the present study, only one report 

was found where Mn accumulation was observed in freshwater sediments (Mortimer, 1941, 

1942).  Song and Muller (1999) studied sediments from more than five major German rivers, 

and failed to detect any accumulation of Mn on sediment surfaces, which they attributed to the 

high Mn content already present in the sediments and to sediment mixing by bioturbation 

and/or scouring. Calvert and Price (1977) reported that the accumulation of Mn on a sediment 

surface is a result of processes taking place during the early stages of diagenesis of organic 

matter. These processes include:  (1) burial and dissolution of particulate Mn, (2) upward 

migration of dissolved Mn, and (3) reprecipitation of particulate Mn at the sediment surface. 

The manganese involved in these processes may originate from the overlying water column by 

sedimentation and, at times, from manganese dissolved in groundwater flowing through the 

sediment (Sundby et al., 1981).  
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Froelich (1979) described the sequence of the processes as follows:  

1. Particulate Mn in a deep anaerobic sediment layer is reduced to soluble Mn(II) and 

diffuses upward. 

2. Once Mn(II) reaches the oxic layer near the sediment surface, it is reoxidized to 

particulate Mn, and is deposited and accumulates in the oxic layer. 

3. Newly deposited sediment will bury the oxic layer, thereby causing the layer to 

migrate deeper into the sediment and finally into the anaerobic layer, which will then 

migrate upward at the same rate as the sedimentation.  

4. Passing into the anaerobic layer, the particulate Mn is again reduced, at which time 

the sequence repeats. Overall, particulate Mn will accumulate at a given depth below 

the sediment-water interface. 

Sundby and Silverberg (1985) described five zones to model Mn cycling across a 

sediment-water surface as well as within the sediment itself.  As may be seen in Figure 2-15, 

two zones lie in the water column and three in sediment. The first zone represents surface 

water, which is the main source of new particulate Mn. Some of this particulate Mn settles 

through the second zone, and is supplemented by the reprecipitation of dissolved Mn diffusing 

from the sediment. The third zone (precipitation) receives a supply of particulate Mn from the 

sedimentation of particulate Mn in the overlying zones and from reprecipitation of dissolved 

manganese diffusing upward from the fourth zone (dissolution). Particulate Mn accumulating 

in the third zone is buried in the forth by the depositing sediment. The particulate manganese 

not reduced in the fourth zone is assumed to be removed to the fifth zone by a burying 

process and does not return to the water column. 

Chemical Technique for the Separation of Nonstructural Mn and Fe 

As suggested in the previous subsection, only the nonstructural (reactive) 

manganese involves in the oxidation of organic matter under aerobic conditions, thereby it 

deems necessary for the present study, which investigated such oxidation, to discuss methods 

that can separate only this portion of manganese from sediments. Tran and Simard (1967) 
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studied chemical techniques to extract nonstructural Mn and Fe from sediments. They 

evaluated many approaches, and came to the following conclusions:  

 

Figure 2-15. Reservoirs and fluxes of manganese. J1-2 = the flux of manganese from the 
surface-water reservoir, J2-1 = the flux of manganese returning to the surface water, J2-3 = the 
flux of the bottom water to the sediment, J3-2 = the flux of manganese out of the sediment, J3-4 
= the flux of particulate manganese down to the dissolution zone of the sediment, and J4-3 = 
the export of dissolved manganese to the precipitate zone. (Modified from Sundby and 
Silverberg, 1985) 
 

1. One should avoid using ethylenediaminetetraacetic acid (EDTA) since the 

extraction process with this reagent is slow and EDTA interferes with the 

spectrophotometric analysis of Mn and Fe;  
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2. Although 1.0 Molar (M)-hydrochloric acid will effectively strip iron oxide from the 

sediment, it will attack the lattice structures of certain clay minerals. This precludes 

using it for extraction except in the nonstructural phase. Moreover, acetic acid (Ac) 

would not completely dissolve the iron oxides and manganese oxides in ferro-

manganese nodules even at 100 °C.  

3. The reducing agent 1M-hydroxylamine hydrochloride may dissolve up to ca. 50 

percent of the iron-oxide minerals present in ferro-manganese nodules, in addition to 

its ability to dissolve most of the manganese oxide phases.  

4. Although neither acetic acid nor hydroxylamine hydrochloric solution could 

dissolve all the manganese and iron oxides from ferro-manganese nodules, the 

combined acid-reducing agent solution, Hydroxylamine/AC solution may effectively 

dissolve almost all the iron- and manganese-oxide phases form ferro-manganese 

nodules at room temperature. Moreover, it may completely dissolve manganese oxides 

at 100 °C. The extraction, however, should be carried out at room temperature with 

prolonged shaking since high temperature tends to attack the clay mineral lattices. Tran 

and Simard further tested the combined solution with other major components of the 

sediment, of which the amounts of iron- and manganese-oxides in the lattice and 

nonlattice positions are known. They found that the combined solution only dissolved 

iron- and manganese-oxides from the nonlattice positions and the structure of the clay 

minerals remained intact. 
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