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(ABSTRACT) 

Hydrophobic organic contaminants released into the subsurface can become sorbed to the soil 

matnx. The sorbed compounds may slowly leach into the groundwater, providing a long-term 

source of contamination. Bioremediation has been cited as a potential clean-up strategy for residual 

organics in soils. At present, factors which control biological utilization and retention of organic 

contaminants in the subsurface are poorly understood. The purpose of this study was to investigate 

how the adsorption/desorption and biodegradation processes interact to control the distribution and 

biological fate of subsurface contaminants. 

Batch soil microcosms were used to evaluate the sorption of a chlorinated aromatic com- 

pound [2,4,6-trichlorophenol (TCP)]| to mineral soils, organic soils, and dissolved macromolecules 

(humic acid). Microbial utilization of 2,4,6-TCP was then evaluated after addition of a bacterial 

culture previously acclimated to the substrate. Biodegradation was evaluated by production of 

**CO, and disappearance of 2,4,6-TCP from the sorbed and solution phases. Size exclusion 

chromatography was used to distinguish between free 2,4,6-TCP in solution and 2,4,6-TCP bound 

to humic acid in solution. 

Sorption of 2,4,6-TCP to mineral surfaces was rapid but sorption to organic soils varied with 

contact time. Most 2,4,6-TCP sorption to organic soils occurred during the first few days of contact 

with the soil. However, the sorption rate gradually decreased with time and 2,4,6-TCP continued 

to sorb for weeks at a reduced rate. The amount of 2,4,6-TCP which sorbed at the slower rate was 

dependent upon the organic matter content of the soil. Desorption of 2,4,6-TCP from organic soils 

was similiar to adsorption; however, it appeared that slow desorption took longer than slow 

adsorption.



Humic acid in solution formed an additional phase to which 2,4,6-TCP sorbed. The sorption 

capacity of dissolved humic acid was a function of the humic acid concentration. Higher concen- 

trations of humic acid had lower sorption capacities when normalized for total organic carbon 

content. 

The mineralization rate of 2,4,6-TCP by Pseudomonas aeruginosa was dependent upon the 

initial substrate concentration. Total mineralization of 2,4,6-TCP by P. aeruginosa decreased in the 

presence of organic soils. However, mineralization rates were elevated in organic soils compared 

to mineral soils after 5 days of incubation. This was attributed to an influx of substrate into sol- 

ution from an initially sorbed state. Total mineralization of 2,4,6-TCP in humic-containing sol- 

utions was reduced by 5-10 % over humic-free solutions. 

The bioavailability of 2,4,6-TCP was greatly reduced in the sorbed state. Biodegradation of 

unbound 2,4,6-TCP in solution was very rapid while biodegradation of 2,4,6-TCP sorbed to or- 

ganic soil or to dissolved humic acid was much reduced. Desorption of most 2,4,6-TCP from soil 

was rapid, thereby becoming available to acclimated bacteria. However, a small quantity of 

2,4,6-TCP desorbed from organic soil and dissolved humic acid very slowly and became available 

for biodegradation at a rate limited by desorption.
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Chapter 1 

Introduction 

Significant quantities of organic chemicals are released into the environment each year as a 

result of their manufacture, storage, use, and disposal. These compounds may migrate through the 

soil column and enter the groundwater where they may reside for years. Many of these pollutants, 

especially hydrophobic aromatic compounds, become adsorbed to the aquifer matrix. Although 

groundwater pumping can be used to collect and treat high levels of contamination, these adsorbed 

compounds may desorb slowly, providing long-term, low-level sources of contamination. 

Recently, increased environmental interest has been directed toward obtaining quantitative 

information on pollutant sorption equilibria in soils (Voice and Weber, 1983; Schellenberg et al., 

1984; Wijayaratne and Means, 1984). Little of this information has been directed at determining 

the biological availability and biodegradation potential of organic pollutants that are sorbed to soil 

surfaces. Past studies which have determined biodegradation rates of organic pollutants have been 

restricted by limited test conditions which do not adequately model naturally occurring environ- 

ments (Alexander, 1981; Crawford and Mohn, 1985). Conditions which effect pollutant distrib- 

ution and subsequent availability for microbial degradation have not been clearly evaluated. 

Information of this kind is necessary to permit a fundamental understanding of the ultimate fate 

of pollutants in natural systems.



To satisfactorily predict the fate of a pollutant in groundwater systems, the physical and 

chemical state in which the compound exists must be known. Investigators point to the organic 

carbon content, particularly humic material, as the dominant controlling factor in determining the 

sorption of non-polar contaminants in soils (Khan, 1978; Carter and Suffet, 1982; Isaacson and 

Hayes, 1984). It has been suggested that aromatic hydrocarbons are biodegraded only in the 

aqueous state (Chakravartry et al., 1972; Ogram et al., 1985). The limited availability of adsorbed 

substrate for microbial utilization has been noted for some time but conflicting data exists in this 

area. Studies have demonstrated that proteins, including enzymes, may be stabilized against rapid 

biodegradation through adsorption on clays (Harter and Stotzky, 1971) and humic materials 

(Marten et al., 1978), and that compounds which are bound to soil surfaces appear to be more re- 

sistant to biodegradation (Ogram et a/., 1985). On the other hand, Remberger et al. (1986) have 

shown that substrates which are tightly bound to sediments remain accessible to biological trans- 

formation. Speitel and DiGiano (1987) used granular activated carbon (GAC) columns seeded with 

bacteria to demonstrate that substrate adsorbed to outer portions of the GAC particles was readily 

available to microorganisms. 

The sorptive influence of naturally occurring dissolved organic matter (DOM) on microbial 

degradation has been demonstrated. Hassett and Anderson (1979) have shown that the binding of 

hydrophobic compounds to DOM renders them unavailable for direct biological uptake from the 

water. McCarthy et al. (1985) found that DOM has a high affinity for binding very hydrophobic 

contaminants, and even very low DOM concentrations will greatly reduce availability for uptake 

by organisms compared to unbound contaminant. The interaction between DOM and organic 

pollutants can be expected to produce ecological effects analogous to those resulting frormn humic- 

metal interactions. The associations formed will affect both the transport of organic pollutants 

through the soil and the availability of the organics to microorganisms (Mayer, 1985). 

Few biodegradation studies have related the physical factor of adsorption to the biological 

utilization of the bound compound. The role of contaminant distribution, particularly adsorption, 

on the availability of trace contaminants for microbial degradation has not been well-documented.



This information is needed to determine the transport and fate of organic contaminants in subsur- 

face systems. 

The purpose of this study was to investigate how the adsorption/desorption and 

biodegradation processes interact to control the distribution and biological fate of subsurface con- 

taminants. A fundamental understanding of the processes by which bacteria utilize substrate bound 

to both dissolved and solid phase sorbents found in subsurface environments was sought. The 

specific objectivies were: 

1. Determine the rate and extent of sorption of a chlorinated aromatic compound 

[2,4,6-Trichlorophenol (TCP)] to saturated soils with contrasting organic matter content. 

2. Determine the sorption rate and equilibrium distribution of 2,4,6-TCP to dissolved macro- 

molecules (humic acid). 

3. Measure the biodegradation rates of 2,4,6-TCP, using substrate specific bacteria, in each phase 

in which it exists in the saturated soil environment. 

4. Evaluate the effect of desorption on the availability of 2,4,6-TCP for microbial degradation.



Chapter 2 

Literature Review 

2.1 Introduction 

Increased environmental interest has been directed toward obtaining quantitative information 

on pollutant sorption equilibria in soils (Voice and Weber, 1983; Schellenberg et al., 1984; 

Wijayaratne and Means, 1984). Information of this kind is necessary to permit a fundamental 

understanding of the various processes affecting the fate of pollutants in natural systems. It has 

been demonstrated that sorption (adsorption and desorption) to soil material is a primary mech- 

anism controlling transport and fate of hydrophobic organic chemicals into the ground and surface 

waters (Karickhoff, 1984; Means et al., 1980; Weber et al., 1983). Little information is available 

concerning the biological availability and degradation of sorbed organic pollutants. The ultimate 

fate of many organic compounds in soil systems is dependent upon microbiological processes 

(Alexander, 1981; Dashman and Stotzky, 1986). The ability of a microbial population to 

metabolize sorbed contaminants may dictate the overall residence time of these compounds in 

subsurface environments.



2.2 Soil Characterization 

Each component within the soil matrix can interact with an organic contaminant in a number 

of ways. Soil matrix components are generally grouped into two main catagories, inorganic and 

organic. The most commonly identified inorganic soil components are the mineral particles of clay, 

silt, sand, and gravel (Gee and Bauder, 1986). These particles are distinguished by their size and 

comprise the bulk of the soil on a mass basis (Gee and Bauder, 1986). Many inorganic paricles fall 

within the colloidal range of the particle-size spectrum. They include clay mineral colloids as well 

as oxides and hydroxides of iron and manganese. Chemical composition gives clay particles 

cation-exchange capabilities for binding of ionic species. 

Mineral particles are commonly coated with organic films that provide organic regions for 

sorption of nonionic organic solutes (Thurman, 1986). Even though the percentage by weight of 

organic matter sorbed on particles may be small, the extent of surface coverage by adsorbed organic 

matter may be very large (Schnitzer, 1986). Organic and mineral components of soils have been 

treated seperately even though most of the organic matter in many soils appears to be associated 

with mineral matter (Gieseking, 1975; Greenland and Hayes, 1978). Because of the presence of 

organic matter in the form of organomineral colloids, the sorptive capacities measured for clay-sized 

samples are commonly much larger than those expected solely on the basis of a pure mineral 

sorbent (Witkowski et a/., 1987). 

The extent and mechanism of sorption of organic contaminants depends on the type of 

chemical compound and the type of sorbent available (Witkowski et al., 1987). Factors such as 

polarity, composition, and molecular size of the sorbate and organic coating of the sorbent deter- 

mine the relative importance of sorption to the environmental distribution of the contaminant 

(Chiou et al., 1985). Ionic pesticides readily dissociate in solution, and therefore, their speciation 

is more responsive to solution variables such as pH and ionic strength, which may affect the 

sorption of the dissociated ions (Wershaw et al., 1969). Nonionic pesticides do not ionize signif- 

icantly, and consequently, their sorptive behavior depends on their ability to interact with the soil 

organic matter (Schnitzer 1986). The composition of the organic matter, particularly areas of



non-polarity within the molecules, plays a vital role in adsorption of nonionic compounds 

(Garbarini and Lion, 1986). 

Although it may be difficult to generalize about the sorption of organics by soils if all classes 

of organic compounds are considered, recent research by many investigators (Chiou et al., 1983; 

Karickoff, 1984; Schellenberg et a/., 1984) has demonstrated that generalizations about the sorption 

of nonpolar organic compounds by soils may be possible. Nonpolar organic contaminants bind 

to soil sediments and the affinity of that association has been shown to be related to the 

hydrophobicity of the contaminant and the organic content of the sediments (Means et a/., 1980; 

Karickhoff, 1984). The organic carbon content of soils (primarily humic substances) appears to 

account for most adsorption of organic pollutants from aqueous solution, whether the mechanism 

of interaction involves van der Waals interactions, hydrogen bonding, or ion exchange (Stevenson, 

1972). In recent years, the use of partitioning equilibrium constants (Koc) to describe the distrib- 

ution of organic pollutants between aqueous solution and the organic carbon component of soils 

has become widespread. The utility of this approach is enhanced by the fact that Koc values have 

been closely correlated with water solubilities and with octanol-water partition coefficients (Kow), 

making it possible to estamate Koc values that have not been experimentally determined 

(Karickhoff et a/., 1979; Chiou et al., 1979). 

2.3 Soil Organic Matter 

Recently, the composition of the organic sorbent also has been found to influence sorption 

of organic contaminents (Chiou et a/., 1987). The organic matter of soils consists of a mixture of 

plant and animal products in various stages of decomposition (Schnitzer and Khan, 1972). To 

simplify this very complex system, organic matter is usually divided into two groups: (1) nonhumic 

substances, and (2) humic substances. 

Nonhumic substances include compounds that exhibit recognizable chemical characteristics. 

To this class of compounds belong carbohydrates, proteins, peptides, amino acids, fats, waxes, re-



sins, pigments, and other low-molecular weight organic substances (Aiken et al., 1985). Such 

nonhumic materials can be biosynthesized by microorganisms, or they could arise also from the 

chemical or microbial modifications to macromolecules which have structures related to those of 

the products (Hayes and Himes, 1986). Twenty to thirty percent of the organic matter found in 

soils consists of nonhumic substances while the remainder consists of humic substances (Schnitzer, 

1986). 

In general, humic substances are dark-colored, acidic, predominantly aromatic, hydrophilic, 

chemically complex, polyelectrolyte-like materials that range in molecular weights from a few 

hundred to several hundred thousand daltons (Schnitzer, 1978). Humic substances do nct exhibit 

specific physical and chemical characteristics normally associated with well-defined organic com- 

pounds (Josephsen, 1982). The products formed tend to associate into complex chemical structures 

that are more stable than starting materials (Plechanov et al., 1983). Important characteristics of 

humic substances are their ability to form water-soluble complexes with metal ions and tc interact 

with clay minerials and organic compounds (Christman and Gjessing, 1983). Being resistant to 

microbial and chemical decomposition, humic matter tends to accumulate even under aerobic 

conditions (Jackson, 1975). Based on their solubilities, humic substances are partitioned into three 

main fractions: (1) fulvic acid, which is soluble in both alkali and acid, and is considered to have 

the lowest molecular weight; (2) humic acid, soluble in alkali but insoluble in acid and of interme- 

diate molecular weight; (3) humin, insoluble in both alkali and acid, and apparently of the highest 

molecular weight (Khan, 1972). 

Because of this simple definition, analytical quantification of humic substances can be quite 

complex. In general, the character of humic matter varies with the biological source material 

(Christman and Ghassemi, 1966; Rashid and Prakash, 1972; Ertel and Hedges, 1983; Meyers et 

al., 1984). Environmental factors may impose additional diversification. Although much has been 

learned about the nature and origin of humic compounds and their alteration products (Christman 

and Gjessing, 1983), little is known about the detailed molecular structure of these materials or 

about the exact biochemical and chemical reactions whereby they were formed.



The effects of humic substances on pollutant degradation are not well understood. Re- 

searchers have reported reduced biodegradation of organic pollutants associated with humic sub- 

stances (Shimp, 1984; Martin et a/., 1978; Varma et al., 1975) but the humic-organic association 

was not fully evaluated. The availability of organic compounds sorbed to humic material and the 

subsequent utilization of these compounds by microbes is an area of research requiring further 

study. This chapter will attempt to review information concerning the sorption interactions of or- 

ganic contaminants in soil systems. 

2.4 Adsorption of Naturally Occuring Organic Matter to Soil Surfaces 

For sorptive processes, the exact nature of the particle-organic matter interaction is a subject 

of practical importance in understanding the environmental behavior of anthropogenic contam- 

inants. The dominant factors determining the nature of clay-organic interactions are the properties 

of the organic matter, the nature of the exchangeable cation on the clay surface, and the properties 

of the particular clay minerial (Hayes and Himes, 1986). Surface uptake cannot be simply defined 

as adsorption or partition, but rather there is a continuum of possible interactions. 

Schnitzer (1986) found that the extent of adsorption of humic materials on minerial surfaces 

depends on the physical and chemical characteristics of the surface, the pH of the system and its 

water content. Binding is often the result of chemical bonds, but it may also result from the at- 

tachment of an adsorbent by numerious physical forces, the sum of which exceeds the tendency of 

the adsorbate to detach from the adsorbent (Stotzky, 1986). For example, one end of a biological 

entity attached to a clay surface by hydrogen bonds may detach, but as additional hydrogen bonds 

are disrupted along the length of the entity, the initial detached end again forms hydrogen bonds 

with the clay, and the entity remains attached (Stotzky, 1980). 

Davis (1982) found that adsorption of organic matter to clays occurs by complex formation 

between surface hydroxyls and the acid functional groups of the organic matter. Oxides with acidic 

surfaces (silica) do not react strongly with the organic matter. Under conditions typical for natural



systems, almost complete coverage by adsorbed matter may be expected for alumina, hydrous iron 

oxides, and the edge sites of aluminosilicates (Davis, 1982). 

Schnitzer (1986) reviewed the main mechanisms that may apply to reactions between clays 

and humic substances and found three to be very important; 1) anion-exchange reactions or non- 

specific adsorption, 2) ligand-exchange reactions or specific adsorption, and 3) hydrogen bonding. 

Another mechanism which may be relevant is diffusion. Hayes and Himes (1986) found that the 

rate of diffusion of organic matter into expanding clays depends upon the mechanism of binding 

of the organic matter to the clay. Those authors found that when organic matter is strongly bound, 

surface diffusion will predominate but when it is weakly bound, most diffusion will be away from 

the clay and into adjacent water films. 

2.4.1 Sorbent Adsorption Capacity 

The adsorption capacity of the clay mineral depends on the mineral species and the specific 

surface area (Theng, 1979), and depends on the presence of organic matter as well. Preferential 

interactions between humic material and mineral species could occur (Mayer, 1985). The addition 

of clays, especially those with high cation exchange capacity favors the accumulation of soil organic 

matter (Hayes and Himes, 1986). The extent of organic coverage of soil particles can be extensive. 

Thurman (1986) points out that sediment which may contain only 2 percent organic matter by 

weight may cover nearly 90 percent of the surface area of the sediment. 

The association of organic matter with minerial particles can alter the surface charge charac- 

teristics of the particles (Davis, 1982). Schnitzer (1978) found that the extent of adsorption of 

humic materials on minerial surfaces depends on the physical and chemical characteristics of the 

surface and pH of the system. Davis (1982) expanded on these concepts and determined that the 

extent of surface coverage by adsorbed organics material to clays depends on; 1) pH, 2) the relative 

amounts of surface area and adsorbable organic compound in the system, 3) the nature of the solid 

surface, and 4) inorganic electrolyte composition. Tipping (1981) found that organic matter 

adsorption decreased with increasing pH and was influenced by calcium and magnesium concen-



trations. In their studies of the effects of pH on sorption, Evens and Russell (1959) demonstrated 

that sorption of organic matter by clays decreased as the pH was increased from 3 to 6. More re- 

cently Chaney and Swift (1984) have shown that sorption of sodium humate by soil samples was 

influenced greatly by the pH values of the media. Sorption at pH 7 was only a fraction of that at 

3.5. Gloor et al. (1981) investigated adsorption of dissolved organic matter (DOM) in Lake 

Greifensee by colloidal alumina and found that after 10 hours the DOM was reduced by 50% at 

pH 5.9 and by 40% at pH 8.3. Gyessing (1976) found markedly increased adsorption cf aquatic 

humic substances onto montmorillonite with decreasing pH, which was explained by charge 

neutralization of the humic substances. 

The pH of the system is important in determining the configuration of the organic molecule 

in solution. As a result of their sensitivity to pH, the molecular structure of humic acid complexes 

is more aggregated and coiled in acidic conditions and more dispersed and extended in an alkaline 

environment (Witkowski et al., 1987). The consequences of this reversible change in molecular 

configuration can potentially affect the ability of the humic acid molecule to interact with clay 

surfaces. Molecular configuration is important where the formation of coordination complexes is 

involved in the binding process (Hayes and Himes, 1986). Thus, molecules with different config- 

urations can have different sorption properties. It is likely that compounds are selectively removed 

according to the stereochemical arrangement of functional groups on each molecule. Davis (1982) 

found that both potentiometric titration and electrophoresis indicate that most of the acidic func- 

tional groups of adsorbed compounds are neutralized by protons from solution. The effect on the 

organic matter itself may be to apply some constraint to conformational changes that can otherwise 

occur freely when humic particles are present in true solution (Chiou, 1986). 

2.4.2 Sorbent Particle Size 

Particle size has been shown to influence adsorption but recent studies have demonstrated 

particle size alone may not be as important as previously believed. Weber et a/. (1983) found that 

increased adsorption capacity was observed for clay particles less than 75 um in size but this was 
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attributed to the increased organic carbon content of the smaller particles. Their data suggest that 

the commonly observed effect of increased sorption capacity with decreasing particle size may result 

primarily from the non-homogeneous physico-chemical nature of sediments, rather than from par- 

ticle size per se. 

Abdul et a/. (1986) found that organic carbon content decreased as median grain-size in- 

creased. The decrease was rapid as the grain size increased to about 85 um, but was gradual with 

further size increases. They found that the bulk of the aquifer material that they studied was large 

in size and, therefore, most of the aquifer organic carbon was associated with this larger material. 

2.4.3 Molecular Size of Organic Matter 

The size (molecular weight) and conformation of the sorbing molecule, whether charged or un- 

charged, can influence its ability to intercalate expanding clays and, through steric hindrance, may 

influence its ability to interact with surface or edge charges (Harter and Stotzky, 1971). 

Gloor et al. (1981) showed that humic molecules with an apparent molecular weight of 500 

daltons or greater were readily adsorbed, and the degree of adsorption increased with an increase in 

molecular size. Davis and Gloor (1981) found that organic compounds with an apparent molecular 

weight of 1000 daltons formed strong complexes with alumina surfaces, while lower molecular 

weight compounds were weakly adsorbed. Chaney and Swift (1984) have found that the less 

oxidized and higher molecular weight substances were more strongly bound by inorganic particles 

and, therefore, were more important for the adsorption process than the lower molecular weight 

more highly oxidized substances. 

2.5 Adsorption of Contaminants to Surface Associated Organic Matter 

Organic matter and clay are the soil components most often implicated in the adsorption of 

organic chemicals. It is rare to find a soil where the clay fraction consists of a homogeneous ma- 
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terial having a relatively clean surface (Theng, 1979). Soil clays generally consist of associations of 

clay minerials, oxhydroxides, and organic components in a conglomerate soil colloidal structure 

(Hayes and Himes, 1986). Individual effects are not easily ascertained because in most soils organic 

matter is intimately bound to the clay. Thus, two types of surfaces are normally accessible to the 

contaminant, namely, clay-humic and clay alone. Accordingly, clay and organic matter function 

more as a unit than as separate entities and the relative contribution of organic and inorganic sur- 

faces to adsorption will depend on the extent to which the clay is coated with organic substances. 

The interaction of organic matter with clay provides an organic surface for adsorption. 

Adsorption has been shown to control the quantity of hydrophobic organic pollutants in soil 

solution (Brown and Flagg, 1981), and thus determine their persistence, mobility and 

bioavailability. The extent of adsorption of non-polar pesticides depends upon the nature and 

properties of the chemicals themselves, the kind and amount of organic matter present, and the 

environment provided in the soil (Khan, 1978). 

Several mechanisms have been proposed for adsorption of organic cotaminants by soil or- 

ganic matter. Warious mechanisms may occur simultaneously depending upon the nature of the 

compounds and organic matter surfaces. The mechanisms most likely involved in the adsorption 

of organic contaminants on organic matter surfaces include Van der Waals forces, hydrophobic 

bonding, hydrogen bonding, ion exchange, protonation, charge transfer, coordination complexes, 

and ligand exchange (Khan, 1978). 

These mechanisms can be divided into two general types: physical and chemical adsorption. 

Physical adsorption is mainly due to; 1) dipole-dipole interactions, 2) polarization or induced dipole 

interactions, 3) ion-dipole interactions, and 4) hydrogen bonds (Stevenson, 1972). Chemical 

adsorption is mostly due to; 1) ionic bonds, 2) complexation through electron donor-acceptor 

groups, and 3) coordination through an attached metal ion (Weed and Weber, 1975). 

Adsorption occurs when solute molecules are driven from solution, at concentrations below 

maximum solubility, thereby allowing a more thermodynamically favorable state. Chlorinated 

insecticides have been shown to sorb heavily to organic-rich sediments and soils because pesticide- 
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humin interactions are energetically preferable to pesticide-water or pesticide-pesticide interactions 

(Voice and Weber, 1983). 

Physical adsorption usually involves nonionic, non-polar molecules or portions of molecules. 

Nonpolar compounds, whose molecules often have nonpolar regions of significant size in propor- 

tion to polar regions, are likely to adsorb onto the hydrophobic regions of soil organic matter 

(Khan, 1978). Water molecules present in the system will not compete with nonpolar rnolecules 

for adsorption on hydrophobic surfaces. Nonpolar portions of humic polymer and hydrophobic 

molecules trapped within the polymer have been shown to provide hydrophobic binding sites for 

some organic pollutants (Chiou et al., 1986). Senesi and Testini (1980) have demonstrated that 

adsorption occurs between herbicides and humic acids for all cases studied. 

Some authors believe that sorption by soil particles is more effectively accounted for by the 

partition mechanism of the solutes with the soil organic phase (Chiou et a/., 1979; Witkowski et 

al., 1987). These authors believe that the soil organic matter functions as an immobilized amor- 

phous organic phase capable of partitioning nonionic organic compounds from the bulk aqueous 

solution. 

A wider range of mechanisms is usually involved in binding neutral molecules containing 

polar eroups to soil components. Sorption of hydrophobic compounds containing functional 

groups which may ionize can strongly interact with the various organic and inorganic constituents 

of natural sorbents (Schellenberg ez a/. 1984). Polar regions in the sorbate can engage in hydrogen 

bonding, charge transfer, ligand exchange, and chemisorption processes with structures in the 

sorbent if properly arranged (Hayes and Himes, 1986). A hydroxyl group in a sorptive molecule 

would provide possibilities for hydrogen bonding. Isaacson and Frink (1984) have shown that 

hydrogen bonding caused the sorption of monohydroxyphenols to sediments to greatly exceed that 

predicted on the basis of hydrophobic bonding. 

Gilmour and Coleman (1971) have shown that adsorption of the pesticide s-triazine by humic 

acid is an ion exchange process. Senesi and Testini (1980) believe that s-triazine may react with 

humic acids because of its basicity which would permit protonation reactions and formation of 

ionic bonds. The same authors found that differences in adsorbability for two different s-triazines 
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were accounted for by variations in pKs, with the more basic (high pK) being adsorbed more 

strongly. Compounds that have high solubilities have been shown to exhibit less intense adsorption 

by humic acids than compounds with lower solubities (Chiou et a/., 1986). The extent and nature 

of adsorption of an organic compound will depend upon the properties of the compound itself, the 

kind of organic matter, and the environment provided (Khan, 1978). 

2.5.1 Soil Organic Carbon 

Isotherm studies have been carried out to determine the sorption capacity of a sorbent for a 

sorbate. Isotherm studies conducted on soil-pesticide systems indicate that several sorbent prop- 

erties affect the sorption capacity and mechanism. The soil investigations point to the organic 

carbon content as the dominant controlling factor for nonionic and anionic organic pesticides 

(Khan, 1978; Carter and Suffet, 1982; Isaacson and Hayes, 1984). Cation exchange capacity, clay 

minerial composition, and particle size distribution can also contribute to the sorption of basic 

pesticides (Angemar et a/., 1984). Studies correlating the organic carbon content and partition co- 

efficients of sorbents have shown a linear relation in many cases (Chiou et al., 1983; Witkowski et 

al., 1987 ). This correlation appears to hold for natural sorbents with an organic carbon content in 

excess of 0.1 percent. For sorbents with an organic carbon content of less than 0.1 percent, the 

nature of the mineral surface has a greater effect on the degree of sorption (Witkowski et a/., 1987). 

Lambert (1968) initially demonstrated the importance of organic matter with respect to 

adsorption of neutral organic compounds in natural systems. Choi and Aomine (1974) found that 

the magnitude of adsorption of pentachlorophenol to soil was related to the nature of soil organic 

matter. Karickhoff et al/., (1979) investigated the sorption of hydrophobic pollutants to soils and 

found that sorption partition coefficients were highly correlated with organic carbon content of the 

soil, and that partition coefficients normalized to carbon content were highly independent of soil 

type. Schwarzenbach and Westall (1981) found a highly significant correlation between the parti- 

tion coefficients of organic compounds and the organic carbon content of the sorbents. Nau-Ritter 

et al. (1981) found that the mass of polychlorinated biphenol associated with soil particles increased 
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with organic content of the soil. Those researchers found a significant corralation between con- 

centration factors and the percent organic content of the soil particles. In addition, Angemar et al. 

(1984) found that partition coefficient values decreased for bromacil adsorption among the various 

soils studied as the organic carbon content of the soil decreased. The authors believe that the or- 

ganic matter content of the soil was the dominating factor in adsorption of bromacil to soils. 

Characterizations of the sorptive differences between organic contaminants have centered on 

estimating the organic carbon normalized partition coefficient from either the water solubility of the 

compound or its octanol-water partition partition coefficient. The choice of these two chemical 

properties is based on the assumption that partitioning of an organic chemical between an organic 

phase and water is mechanistically similar to partitioning an organic chemical between itself and 

water (Chiou et al., 1977). Because organic solutes have better compatibilities with an organic 

phase than with water, the magnitudes of solute partition coefficients in a solvent-water system have 

been shown to be inversely related to solute-water solubilities. Senesi and Testini (1980) have noted 

increased sorption of some herbicides with decreasing aqueous solubility. Sharom et al. (1980) 

documented that the sorption from water of 12 insecticids by 3 types of soil was inversely correlated 

to the solubility of the insecticides. Statistical correlation studies have demonstrated that organic- 

carbon normalized partition coefficients vary linearly with octonol-water partition coefficients and 

inversely with solubility (Chiou et al., 1977; Mackay et al., 1980). Chiou et a/. (1983) have dem- 

onstrated that among many compounds and soil properties, solute water solubility is an irnportant 

factor controlling the partition of nonionic organic solutes between soil organic matter and water. 

Partitioning in the above studies has been defined as the ratio between the activities of a solute 

in two bulk phases in equilibrium. Natural organic matter contains aromatic and alkyl groups that 

can form hydrophobic sites to which organic pollutants can partition (Schnitzer, 1978). 

Hydrophobic molecules such as sterols and polychlorinated biphenyls (PCB) can be removed from 

water by these sites much as they are extracted from water by hydrophobic solvents (Hassett and 

Anderson, 1982). A part of the driving force of this reaction may be a positive entropy change 

which occurs when the organic molecule passes from an aqueous to a hydrophobic phase (Hassett 

and Anderson, 1982). 
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Although partitioning has has been attributed as the major mechanism for adsorption of 

nonionic chemicals, it is not the only interaction which may occur. Mingelgrin and Gerstl (1983) 

feel that such a simple estimation technique as partitioning should not be overextended or used 

without regard to the limitations of the techniques. Soil surfaces are heterogeneous and many types 

of interactions may control adsorption on them. General measures of similarity between the 

adsorbent and adsorbate, such as their polarity, hydrophilicity, or other single measure of similarity 

may not always predict the extent of adsorption (Mingelgrin and Gerstl, 1983). 

2.5.2 Microorganisms as Sorbents 

The ability of soil organic matter to sorb organic compounds from water is paralleled by a 

similiar capability in soil microorganisms. Microorganisms contain lipid pools with solvent prop- 

erties that are analogous to but more effective than the organic matter found in sediment 

(Witkowski et al., 1987). Chiou (1985) found that on a unit weight basis, the lipid layer is far more 

effective in concentrating nonionic organic solutes than soil organic matter. However, Steen and 

Karickhoff (1981) found that surface partition coefficients of hydrophobic pollutants for a bacterial 

population derived from natural soils approximates partition coefficients for soil organic matter 

when each is referenced to organic carbon. 

Sugiura et al. (1975) studied adsorption of lipophilic organochlorine compounds by 

microorganisms and found no difference in accumulation between living and dead bacteria. The 

authors believe that the adsorption process is not an energy requiring one, but is a passive one. 

The same authors found that the rate of accumlation depends upon the organic contaminant con- 

centration, and that adsorption involves a two-stage accumulation process when the concentration 

of the pollutant is below 0.01 ppm. The first step involves a rapid surface accumulation while the 

second step is one of diffusive penetration due to the concentration gradient between the surface 

and the internal layer. It appears that microorganisms represent a dynamic reservoir capable of 

accumulating, concentrating, degrading, and releasing organic contaminants. 
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2.5.3 Inorganic Sorbents 

In defining Koc, one must assume that mineral components in the sediment are not signif- 

icantly active in the sorption process. Choi and Aomine (1974) have demonstrated that soil organic 

matter does modify the physical and chemical properties of soil inorganic colloids, but may not 

totally mask soil interactions with organic contaminants. Abdul et a/. (1986) found no correlation 

between Koc and soil grain size among subsurface soil samples from three different aquifers and 

attribute this to differences in the grain surface interactions. 

Other researchers (Banwart eft a/., 1980; Khan et a/., 1979; Isaacson and Frink, 1984) found 

Koc values increased after oxidation of a portion of the sorbent’s organic matter. It appears that 

if the inorganic matrix is not directly implicated in observed increases in Koc’s of sorbents with low 

organic matter contents, then it may indirectly effect the type and/or character of the organic ma- 

terial present. The organic matter of matrices with low organic carbon contents may be different 

from organic matter in sorbents of high organic matter content and more effective in binding or- 

ganic solutes. 

Soil surfaces have been shown to have an effect on adsorption of certain organic compounds 

to surface coated organic matter. Garbarini and Lion (1985) have determined that Koc values for 

trichloroethylene and toluene sorption onto humic acids were more that 2.5 times greater than those 

determined for the same humic acids when coated onto aluminium oxide surfaces. Their data 

suggests that the adsorption capacity of the humic acid may be reduced by the presence of the 

aluminium oxide matrix. 

2.5.4 Composition of Soil Organic Matter 

The use of Koc values also assumes that all organic carbon or organic matter will interact in 

an identical fashion with a given neutral organic compound. This predictive relationship provides 

a good estimate of soil sorption but it is unlikely that organic matter will behave the same from soil 
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to soil if one considers the variability that exists. Garbarini and Lion (1986) have indicated that 

components of organic matter found in soils may have affinities for nonionic organic compounds 

which cannot simply be explained by their organic carbon content and believe it may be important 

to consider the specific nature of the organic matter that may be in a soil. 

Chiou et al. (1987) suggested that an organic material’s ability to sorb organic pesticides was 

related to its hydrophilic/hydrophobic balance as indicated, in part, by its number of oxygen- 

containing functional groups. Garbarini and Lion (1986) found an increase in sorption as the 

carbon-to oxygen ratio increased. The same authors found that adsorption to humic and fulvic 

acids was quite different on an organic carbon basis. The Koc for humic acid was a factor of 6 

greater than the Koc for the fulvic acid. The difference in the binding capacity of extracted fulvic 

and humic acids has also been demonstrated in studies of dichloro-diphenyl-trichloroethane (DDT) 

sorption (Carter and Suffet, 1983). Fulvic acids are generally more polar and have smaller carbon 

to oxygen ratios than humic acids (Schnitzer, 1978). 

Correlations between solubilities, liquid-liquid partitions and soil uptake may not be sufficient 

proof for a partition process. Schnitzer (1978) has demonstrated that organic matter in natural 

systems have varying orgins, degrees of humification, and degree of association with inorganic ma- 

trices and may exhibit dissimilarities in their availability to sorb nonionic organic contaminants. 

Empirical equations that employ a single characteristic, such as organic carbon fraction, to predict 

sorption of organic contaminants are limited in their ability to reflect the detailed differences in soil 

organic matter. 

2.5.5 Polarity of Organic Compounds 

The more polar the solute, the more likely are other interactions with soil minerials to con- 

tribute to adsorption. Schellenberg et a/. (1984) found that interactions of phenolics with the soil 

matrix lead to large differences in the correlations with soil organic carbon content. Brown and 

Flagg (1981) found that the isotherm linearity and organic carbon correlation failed for systems 

where the organic pollutant was protonated. For chlorinated phenols, Schellenberg et a/. (1984) 
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found that these compounds exist predominantly in an ionized form at ambient pH and that dis- 

tribution ratios based on simple partitioning of nondissociated species may be incorrect. Condi- 

tions favoring sorbate dissociation, protonation, or chemical interaction with the soil surface would 

be expected to introduce nonlinearity and/or negate the asumption that organic materials are the 

primary sorbent (Brown and Flagg, 1981) 

Isaacson and Hayes (1984) studied the binding of unprotonated hydrazine to humic sub- 

stances and found that ion exchange was the predominant sorption mechanism. In other studies, 

Burns and Hayes (1974) and Khan (1978) found that cation exchange is the dominant mechanism 

for sorption of paraquat by humic substances. 

The enhanced effects of hydrogen bonding between polar molecules and organic matter has 

also been investigated. Isaacson and Frink (1984) believe that a balance exists between sorbate- 

sorbent hydrogen bonding and solvent-sorptive hydrogen bonding of phenolic compounds and or- 

ganic matter. The authors observed that adsorption isotherms were not consistent with the decrease 

in water solubility of the sorbates. 

2.5.6 Effects of pH 

The pH of a system is also an important factor as it governs the ionization of most organic 

contaminants. Acid pesticides are proton donors, which at high pH (one or more units above the 

pKa of the acid) become anions due to dissociation (Schnitzer, 1978). The dissociated anion of an 

organic acid should be poorly distributed in soil organics because of its high water solubility and 

possible repulsion by the surface negative charge of the organic matter (Chiou et al., 1979). On the 

other hand, basic compounds that are protonated may behave like organic cations. The adsorption 

behavior of pesticides which ionize in aqueous solutions to yield cations 1s different from those that 

yield anions (Khan, 1978). 

At low pH, certain cationic species may show substantial adsorption through ion-exchange 

even though partitioning is not favored because of high water solubility (Chiou et al., 1979). The 

adsorption of basic pesticides by soil organic matter is pH dependent with maximum adsorption 
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occurring near the pKa of the compound (Weed and Weber, 1975). The number of protonated 

molecules decreases at higher pH thereby reducing adsorption. McGlamery and Slife (1966) ob- 

served much greater adsorption of atrazine on humic acid under acid than neutral cenditions. 

Gaillardon (1975) observed that terbutryn is very readily adsorbed by humic acid in an acid me- 

dium. Angemar et al. (1984) found adsorption of bromacil decreases as the pH of the solution 

increases from 3.2 to 11.0. The decrease was attributed to three factors: 1) bromacil behaves like 

a weak acid therefore negative surface charges at the adsorbent surface repel anionic species, 2) 

bromacil is very soluble in basic solutions, and the driving forces are somewhat diminished in-sol- 

ution of high pH, 3) the clay surface is more favorable for adsorption at low pH due to the hy- 

drogen associated surface. 

2.5.7 Humic Acid Structure 

Many organic compounds can react in many ways with humic acids which may effect the 

conformational structure of the molecule. The source of differences in the sorption behavior of soil 

associated organic matter may lie in small differences in the overall structure of such material, in 

different particle size fractions, and in the ease of penetration of the sorbate into the bulk of the 

organic matter (Isaacson and Frink, 1984). Inter- and intramolecular hydrogen bonds are of basic 

importance to the structure and conformation of humic macromolecules (Hayes and Himes, 1986), 

and they will also contribute to the forces that hold such molecules on the surfaces of inorganic 

particles (Theng, 1979). The entry of sorptive molecules that will be sorbed by means cf strong 

hydrogen-bond interactions into such macromolecules may necessitate considerable disruption and 

reordering of the overall structure of the humic compounds (Hayes and Himes, 1986). Such reor- 

dering can occur easily for humic molecules in solution (at high pH), where they have flexible, 

randomly coiled structures (Cameron et al., 1972), but their ability to accommodate the intrusion 

of sorptive molecules will be restricted when the humic molecules are held more ridgidly at the 

surface of inorganic particles, or even in clay inter-spaces. 

20



Hayes and Himes (1986) have demonstrated that polar functional groups seem to orientate 

towards the interior of the humic structure as the material is dried allowing hydrophobic molecules 

to have access to binding sites on the exterior of the humic substance. Ostazeski and Means (1984) 

demonstrated that conformational changes in humic materials can result in increased availability 

of hydrophobic sites on organic coated sediments. The role of hydrogen bonding in the structure 

and conformation of soil associated organic matter will be greatly enhanced in any soil that is sub- 

jected to drying (Isaacson and Frink, 1984). Water which is loosly held will be expelled and the 

organic matter can shrink thereby restricting sorptive behavior (Isaacson and Frink, 1984). 

2.5.8 Temperature Effects 

There is evidence in the literature indicating that adsorption of pesticides by humic substances 

is greatly influenced by temperature. Higher temperatures favor increased adsorption of herbicides 

by humic acids and the formation of herbicide-humic acid complexes (Sullivan and Felbeck, 1968). 

Weber et al. (1983) have demonstrated that sorption of Aroclor 1254 decreases significantly at lower 

temperature. Temperature effects may be related to conformational changes in the sorbing organic 

molecule. Higher temperatures tend to open large molecules which may expose more surface area 

for adsorption (Landrum et al., 1984). 

2.6 Desorption of Bulk Organic Matter and Contaminants from Soil 

There is some evidence to indicate that dissolved organic matter and soil organic matter are 

in dynamic equilibrium, causing new dissolved molecules to enter solution when others are removed 

(Voice and Weber, 1985). In experiments utilizing soil columns, natural soils have been shown to 

release large quantities of dissolved organic matter into percolating fluids (Leenheer and Stuber, 

1981). Theng (1979) found that 75% of the humic materials bound to clays were removed in one 
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washing with deionized water. Isaacson and Frink (1984) found that the finest clay fraction in 

sediment samples released soluble organic matter when rinsed with organic free water. 

Researchers have found that a solids effect exists for sorption of organic compounds to soil 

sediments. This effect has to do with increasing partition coefficients with increasing solids con- 

centration in isotherm experiments. Observations from a diverse number of solutes and solids in- 

dicate that the solids effect involves a nonspecific physical process (Voice et a/., 1983). Horzempa 

and Di Toro (1983) state that direct interactions between solid phase particles at different concen- 

trations change the availability of binding sites and potentially the binding energies necessary for 

sorption. Voice et al. (1983) and Gschwend and Wu (1985) have demonstrated the presence of 

nonsettling particles with submicron dimensions, whose concentration in the water column in- 

creases as the solids concentration of the bulk phase increases. 

In typical desorption studies, a sorptive batch equilibration is performed by first establishing 

a sorption equilibrium between the solid and aqueous phases (Weber, 1972). In preparing to es- 

tablish desorption equilibrium, the initial aqueous layer is discarded and with it the first wash load 

of non-settling particles and clean water is added to take its place. After shaking and allowing 

hydrophobic compounds in the solids to exchange back into the aqueous phase, the solid and 

aquious phases are seperated again and concentrations determined in each. However, unlike the 

initial sorptive uptake experiments, the non-settling particles in this pre-washed condition are re- 

duced in quantity, and the resultant aqueous load contains proportionately less non-settling particle 

sorbed material (Gschwend and Wu, 1985). The observed Koc (desorption) is greater than the 

previous Koc (sorption) (Di Toro and Horzempa, 1982; Voice and Weber, 1985). Further suc- 

cessive desorption tests will continue to be affected less and less by non-settling particles (Gschwend 

and Wu, 1985). Non-settling particles are capable of sorbing significant quantities of organic 

compounds and thereby enhancing the apparent solubilities of the organic solutes (McCarthy et 

al,, 1985). The extent of such effects increases directly with solids concentration, leading to the 

apparent variation of the partition coefficient. 
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2.6.1 Contaminant Removal 

Once adsorbed by surface organic matter, an organic contaminant may be easily desorbed, it may 

be desorbed with difficulty, or may not be desorbed at all (Khan, 1978). If partitioning is the 

mechanism responsible for removal of organics from soil solution, then contaminated soil exposed 

to uncontaminanted water should release the sorbed nonionic solute from the organic matter until 

a new equilibrium is restored. Nau-Ritter et a/. (1981) have found that when PCB contaminated 

particles were suspended in PCB-free medium, rapid desorption occurred. The authors found that 

particle type and initial PCB concentration did not effect desorption from pure inorganic illite, illite 

with organic matter, or pure organic matter. Sharom et a/. (1980) found that the extent of 

insecticide desorption from sand during successive water rinses indicated the ease of release of these 

compounds from the adsorbed state. Amounts of the contaminants desorbed were found to be 

proportional to their water solubilities. There are conflicting reports in the literature regarding the 

reversible nature of adsorption. Some laboratory experiments suggest that the release of slightly 

soluble organic compounds from the soil is not complete. Sharom et al. (1980) also found that the 

insecticides were leached from the organic soil in the same order as occurred with sand alone, but 

the amount leached by each water fraction was less and indicated a non-reversible binding to the 

organic soil. The difficulity and poor recovery of some extraction proceedures suggest that a por- 

tion of the sorbed compound may be bound in an irreversible state (Voice and Weber, 1983). 

Whether a reaction is termed reversible or not depends on the time reference under consid- 

eration. Schwarzenbach and Westall (1981) found that over the time course of their experiments, 

sorption/desorption reactions were reversible although they admit that some anomolous results 

could be a manifestation of kinetics, hysteresis, or different binding site affinities. Isaacson and 

Frink (1984) found that desorption of chloronated phenolic compounds from sediment organic 

matter was slower than sorption in most cases. Deviations in the isotherms corresponded to a 

fraction of sorbate being irreversibly held. Simular kinetic effects have been observed in the sorption 

of nonpolar compounds (Schwarzenbach and Westall, 1981). Although the process of sorption of 

aromatic hydrocarbons and halogenated alkenes and bezenes have been shown to be reversible, 
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ultimately, the rates of desorption are much slower than those for sorption (Schwarzenbach and 

Westall, 1981), and appears to be diffusion controlled. 

Some investigators argue that true equilibrium is not attained and attribute the desorption 

behavior to a kinetic effect (Karickhoff, 1984; Jaffe, 1986). These authors believe that desorption 

kinetics are better described by the combination of an initial rapid release of contaminants followed 

by a slower, time-dependent removal. Sugiura et al. (1975) found that the desorption process of 

accumulated BHC from bacteria involves diffusion from the internal layer to the surface and 

desorption of BHC from the surface to a medium. The rate of desorption differed for different 

isomers of BHC. Voice and Weber (1983) found that the kinetics of desorption are generally slow 

and appear to be related to the contact time of the sorbed compound. 

Jaffe (1986) found a hysteric effect for the desorption of hydrophobic pollutants from 

sediment. DiToro and Horzempa (1982) explain their hysteretic effects in the context of a reversible 

and resistant component model and the role of particle particle interactions on desorption 

equilibria. These findings have been explained by Voice and Weber (1985) as simply a redistrib- 

ution of organic matter from the soil surface to the aquious phase. The additional dissolved organic 

matter serves as a competing sorbent, providing the opportunity for contaminant desorption or 

carrying sorbed contaminant with it as it leaves the solid phase. Jaffe (1986) could not attribute the 

hysteric effect exclusively to the presence of sorbing nonsettling particles and concluded that there 

are environmental processes with time scales such that one should not only account for the non- 

settling particles, but also for the hysteresis observed in the isotherms. 

Tucker et al. (1969) defined two types of bonding of the pesticides paraquat and diquat by 

organic laden soil. The loosely bound paraquat was classified as adsorbed paraquat that can be 

desorbed with saturated ammonium chloride. The tightly bound paraquat was classified as 

adsorbed paraquat that cannot be desorbed with saturated ammonium chloride, but could be re- 

leased from soil by refluxing with concentrated sulfuric acid. The tightly bound paraquat was found 

not to be available to plants whereas the loosely bound paraquat can become available (Riley et 

al., 1976). Rogers et al. (1980) found that benzene, sorbed to clays, appeared to be tightly bound. 

When the adsorbents were extracted with the prepared soil solutions, desorbed benzene was not 
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detected. In their study, 3% of the initial benzene remained sorbed to two different soils, 32% re- 

mained in the Al-saturated clays and 1% remained on the calcium saturated clays. The length of 

time before the adsorbents were extracted with water had no effect on the amount of benzene 

sorbed to the clays. A rapid decrease in sorbed benzene was observed with little change after 42 

hours. 

The process by which contaminants desorb from soil is only partially understood and is an 

area of active research. Desorption of organic pollutants from the solid phase has been studied but 

desorption of organic pollutants bound to dissolved organic matter has not been adequately studied. 

A more detailed understanding of desorption from soil will help provide better estimates of the 

residence time of contaminants in the subsurface and, consequently, of their availability for inter- 

acting in biological processes. 

2.7 Contaminant Binding to Dissolved Organic Matter 

Researchers have begun to differentiate between freely dissolved solutes and solutes bound to 

dissolved macromolecules in solution. Dissolved and colloidal organic matter are categorizations 

defined on the basis of size but that include many of the compounds also classified as hurnic sub- 

stances. Colloidal matter falls approximately within the 1-nm to lum range (Zsolnay, 1979), 

whereas dissolved matter has been operationally defined in the literature as any compound that can 

pass through a 0.45 um filter. The behavior of organic contaminants, which has been attributed 

to the presence of natural organic colloids or dissolved organic matter, is also characteristic of re- 

actions involving humic substances. Humic substances that change state in response to pH and that 

flocculate form an important intermediary between dissolved and particulate matter. The similari- 

ties among natural organic colloids, dissolved organic matter, and humic substances suggest a 

common compositional linkage among these groups and an integral role in bridging the heirarchy 

of chemical structure in going from particulate to truly dissolved organic matter. 
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Dissolved humic substances, which comprise the majority of dissolved organic matter 

(Thurmon, 1986), can stabilize certain hydrophobic organics and cause their apparent solubility to 

be greater than their actual solubility. Ogner and Schnitzer (1970) and Matsuda and Schnitzer 

(1971) investigated this phenomenon for dialkyl phthalates and tried to quantify the degree of 

solubilization in the presence of fulvic acid. Both pairs of investigators demonstrated a 

stoichiometric relation between the amount of fulvic acid and the solubility of several compounds. 

Boehm and Quinn (1973), also using extracted fulvic acid, found an increase in the solubilization 

of some higher n-alkanes and isoprenoids but no observable effect on some more water-soluble 

aromatic hydrocarbons. 

It has been shown that sodium humate lowers the surface tension of water considerably 

(Visser, 1964). Khan (1972) believes that sodium humate can act as a surfactant and thus is capable 

of solubilizing otherwise insoluble organic chemicals. The solubilizing effect of humic substances 

on DDT has also been demonstrated by Carter and Suffet (1982). Smith et al. (1987) found that 

background DOM will often have an inhibitory effect on adsorption of organic compounds to solid 

surfaces, reflected in a decrease in both rate and capacity of removal. Hassett and Anderson (1979) 

believe that organic compounds can associate with hydrophobic sites such as alkyl chains on the 

natural organic matter and the resulting complex would be held in solution or colloidal dispersion 

by hydrophilic sites such as carboxylic acid, phenolic, and hydroxyl groups. Hydrophobic com- 

pounds held in such associations might then be expected to show solubility and adsorption be- 

havior characteristics of the natural organic matter rather than the behavior they themselves 

normally exhibit in pure water systems. 

Studies conducted by Wershaw et al. (1969) have shown that the solubility of DDT in a 0.5% 

aqueous sodium humate solution is at least twenty times greater than in water. The addition of 

sodium chloride to the solution had no measurable effect on DDT solubility, suggesting that the 

solubility enhancing effect of the humic acid was not attributable to solute association with the 

highly charged surfaces of the dissolved organic matter. 

It is not clear whether the humic acid/hydrophobic pollutant interaction is surface sorption 

or dissolution in the colloidal humic phase. Studies conducted by Hassett and Anderson (1979) 
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indicated that a significant fraction of cholesterol was bound to DOM present in samples of natural 

river water. The same authors noted that DOM present in natural water and sewage reduced the 

sorption of organic compounds to particulate matter. They concluded that the observed influence 

of DOM on sorption may be attnbuted to a partition effect rather than to competitive adsorption. 

McCarthy and Jimenez (1985) found that the affinity of PAHs for binding to DOM is directly re- 

lated to their hydrophobicity. The authors noted rapid attainment of an equilibrium condition 

along with complete reversibility of the uptake process. Carter and Suffet (1982) demonstrated 

isotherm linearity for DDT uptake by humic acid from water. 

More recently, the system parameters that influence the partition interaction of nonionic or- 

ganic solutes between water and DOM have been investigated by Chiou et a/. (1986). The authors 

found that the effectiveness of a partition-like interaction depends on the size and polarity of the 

DOM. The DOM molecule must be sufficiently large and possess a sizable intramolecular non- 

polar environment to promote solute partitioning. 

2.7.1 Molecular Size and Polarity of DOM 

Although the molecular weights of soil humic acids may depend on the source of soil samples 

and on the procedure used to extract them from soils, the generally accepted values for humic acid 

molecules are 2000-20,000 daltons (Schnitzer and Khan, 1972). Based on these values, Chiou et 

al. (1986) feel that dissolved soil humic acids may be assumed to provide a sufficiently large intra- 

molecular nonpolar organic environment for promoting a partition-like interaction with relatively 

nonpolar organic solutes. Hassett and Anderson (1979) found that cholesterol was bound by DOM 

and stabilized in the aqueous phase by association with high molecular weight organic matter 

present in the samples. On the basis of solubility considerations, Garbarini and Lion (1986) found 

that the transport of organic pollutants such as trichloroethylene (TCE) and toluene could be en- 

hanced when bound to dissolved fulvic acids. However, their results indicate that the humic acids 

had a much greater partition coefficient than the fulvic acids. Fulvic acids have a lower molecular 

weight than humic acids and are more polar, thereby limiting partition-like interactions. Garbarini 

27



and Lion (1986) believe that the larger binding affinity of the humic precursor, lignin, is due to a 

lack of carboxylic groups making it less hydrophobic. The Koc values of solutes with soil derived 

humic acid are approximately 4 times greater than with soil fulvic acid and 5-7 times greater than 

with aquatic humic and fulvic acids (Chiou et al., 1986). The effectiveness of DOM in enhancing 

solute solubility appears to be largely controlled by the DOM molecular size and polarity (Chiou 

et al., 1986). 

Landrum et al. (1984) found that the binding of various organic compounds to natural DOM 

was not inversely proportional to the water solubility of the compounds, suggesting that more than 

one mechanism was responsible for the binding of pollutants to natural DOM. It has been dem- 

onstrated that the adsorption affinity of organic matter for nonpolar compounds varies with the 

type of soil organic matter (Perdue, 1983). Means and Wijayaratne (1982) have demonstrated that 

estuarine DOM has a high affinity for the herbicides atrazine and linuron and found that DOM 1s 

on the order of 10 to 35 times better as a sorptive substrate than soil organic matter. Chiou et al. 

(1986) found that bulk organic matter is 10 times more efficient than aquatic humic acid and fulvic 

acid extracts and 6-8 times more efficient than the soil fulvic acid extract in concentrating DDT. 

The same authors also found that bulk organic matter is only moderately more efficient than soil 

humic acid extract suggesting that the soil humic acid is comparable to the overall polarity of the 

soil organic matter. 

2.7.2 Compositional Effects of DOM on Binding 

The concentration and nature of dissolved organic material can vary considerably in the en- 

vironment, producing complexation that differs in both extent and partitioning properties. It can 

be expected that the factors that affect DOM levels such as temperature, soil characteristics, dis- 

solved oxygen levels, and season will also affect the extent of adsorption of organic contaminants 

to the DOM. 

Hassett and Anderson (1982) found that as DOM concentrations of river water and sewage 

are increased, adsorption of cholesterol and TCB decreased. Values of Koc for adsorption from 
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sewage are less than Koc values for corresponding river samples, even though the sewage samples 

had lower concentrations of DOM than river samples. The authors feel that this indicates that Koc 

is not simply a function of DOM concentration but is also dependent on the chemical composition 

of DOM. Municipal sewage would be expected to have higher concentrations of surface active 

compounds such as detergents. These compounds may bind cholesterol and TCB more effectively 

than DOM in river water. Landrum et al. (1984) found that factors contributing to differences 

between the partition coefficients for Aldrich humic acid and natural waters are related to the dif- 

ferences in chemical composition and state of aggregation of the DOM. Chiou et al. (1987) indicate 

that the solubility enhancement effect caused by an aquatic humic material is very sensitive to the 

composition of the material. Chiou ef a/. (1986) have demonstrated that the reduced solubility 

enhancement effects of various organic fractions appear to result from the polarity of the DOM 

fractions as measured by carbon to oxygen ratios. 

The apparent differences in sorption affinities exhibited by DOM and soil organic matter for 

polyaromatic hydrocarbons (PAHs) may be related to differences in positional availability of sites 

for hydrophobic bonding and charge density separations on the sorbent (Wijayaratne and Means, 

1984). Soil organic matter may be occluded by the inorganic components, thus making fewer sites 

available for hydrophobic association. The authors found that the soil Koc values, computed on 

an organic carbon basis only, may be lower by one or two orders of magnitude then experimentally 

determined values. 

Other researchers have noted competition between DOM and organic contaminants for 

binding sites on surfaces. Smith et al (1987) found that the capacity and rate of lindane adsorption 

to granular activated carbon were found to decrease in the presence of background humic acid and 

the authors feel that direct competition and solute-solute interactions, which render lindane mole- 

cules less hydrophobic, appear to be important mechanisms operative in the system studied. The 

same authors found that humic molecules compete more favorably with lindane for available 

adsorption sites under more acidic conditions. Hassett and Anderson (1982) feel that DOM com- 

petition for adsorption sites with cholesterol and TCB 1s an alternate explanation for the reduced 

adsorption of these two compounds in the presence of DOM but these authors favor soluble 
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complex formation rather than competitive adsorption to explain their results because liquid-liquid 

partitioning models for sorption do not predict the competitive effects observed experimentally. 

Contaminant fate is usually analyzed in terms of partitioning between two phases: a solid 

phase and a non-solid phase. McCarthy et al. (1985) have found that the presence of DOM forms 

a third phase. The dissolved organic matter will exist in equilibrium with bound organic matter 

such that organic matter transferred to solution will compete with the remaining solid phase organic 

matter for the solute. Because of the difficulties in quantifying the amount of contaminant bound 

to DOM, its role in altering the fate and bioavailability of contaminants has often been ignored. 

Knowledge of the chemical and physical properties of dissolved organic matter is needed to under- 

stand how DOM affects the cycling of other chemicals. The complex nature of natural DOM has 

prevented complete understanding of organic interactions with organic contaminants in environ- 

mental systems. This view of three exchanging environmental compartments is necessary not only 

to predict the transport properties of hydrophobic pollutants but also to assess their availability for 

biodegradation and therefore their ultimate fate. 

2.8 Microbial Activity in the Subsurface 

Much of the difficulty in studying subsurface microorganisms is because this environment is 

the most complex of all microbial habitats (Stotzky 1972). The subsurface environment is heter- 

ogeneous and consists of numerous microhabitats. Therefore, there may be variability in the 

microbial composition between closely adjacent microhabitats. Anaerobic zones may coexist with 

aerobic ones. Small environmental changes can alter microbial composition because of the 

microhabitats. 

Studies have shown that subsurface microorganisms are present in large numbers and are ca- 

pable of degrading various substances. Wilson and McNabb (1983) characterized and enurnerated 

the subsurface soil microbiol community indigenous to a shallow aquifer near Lula, Oklahoma. 

They determined that the population density of organisms in subsurface soil cores was comparable 
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to the population density of bacteria in nutrient-rich lakes. Numbers were higher than expected, 

10° organisms/g dry material, and did not decline drastically with depth. 

Federle et a/. (1986) characterized subsurface soil microbial communities in four differing soil 

types common to Alabama. In contrast to Wilson and McNabb (1983), they reported that 

microbial biomass and activity declined with increasing depth but that the magnitude and pattern 

of the decline varied as a function of soil type. 

Ghiorse and Balkwill (1983) enumerated and characterized the microorganisms from subsur- 

face sediments from Fort Polk, Louisiana. They found that bacteria constituted the majority of the 

microorganisms present although their population densities were low. The authors had difficulty 

cultivating the microorganisms but in spite of the low plate counts, they concluded that a diverse 

and potentially active microbial community was present and appeared to be adapted to the low 

nutrient environment. 

Most microorganisms in subsurface systems are firmly attached to solid surfaces. Thomas 

et al. (1986) estimated that greater than 95% of the organisms were associated with sediment par- 

ticles in aquifer material contaminated with aviation fuel. The microorganisms normally produce 

a viscous surface layer which increases their adhesive properties to the sediment particles. Although 

they may be attached to the solid surface, the microbes are restricted to the moist environments 

because they require water to live, and are thus influenced by the solid-liquid interfaces. 

Microbial activity in the subsurface has been shown to be extensive and so too are the 

biodegradation pathways used to minerilize organic contaminants (Wilson et al., 1983; Hickman 

and Novak, 1989). Microorganisms use various mechanisms to either mineralize or cometabolize 

organic contaminants. In mineralization, the substances are converted to inorganic products and 

toxicity is reduced. Cometabolism results in the generation of new organic products. For many 

organic compounds, the only agents of mineralization are microorganisms, and frequently they are 

the only means by which organic compounds are transformed under any natural circumstances 

(Alexander, 1981). 

It is usually assumed that aerobic reactions will be responsible for the majority of 

biodegradation in the subsurface environment when sufficient oxygen is present. Aerobic processes 
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are primarily responsible for the degradation of aromatic compounds, including chlorinated 

aromatic compounds. Anaerobic processes are primarily responsible for the degradation of 

chlorinated aliphatic compounds (Scheunert et al., 1987), particularly at trace concentrations 

(Bouwer and McCarty, 1985). Anaerobic degradation of homocyclic and heterocyclic aromatic 

compounds can occur, however at much slower rates than aerobic degradation (Berry et al., 1987). 

It has generally been shown that anaerobic reactions proceed at much slower rates than aerobic 

processes. 

Contrary to the perception that deep sediments are highly reduced and anaerobic, the deep 

subsurface study conducted through the U.S. Department of Energy (1988) has demonstrated that 

a relatively oxidized environment can exist in deep soils. Although a diverse array of anaerobic 

microorganisms and activities associated with anaerobes was present in deep soils, populations of 

aerobic heterotrophs were dominant. The study also found that at all depths, from 0.1 to 300 m 

below the surface, pore water Eh values exceeded 200 mV and sulfide was not detectable, indicating 

that the waters were not chemically reduced and that anaerobic microbial metabolism was not 

prevalent in most of the strata sampled. Additional chemical analyses indicate that the predominant 

microbe-associated quinones were those characteristic of aerobic bacteria. 

Oxygen concentrations of 0.1 mg/L are sufficient to saturate the aerobic enzymes of 

microorganisms (Stanier, 1976). Anaerobic conditions in phreatic aquifers generally develop when 

anthropogenic sources of labile organic matter reach groundwater (Ronen et al., 1987). Molz et 

al. (1986) developed a model to simulate microbial growth dynamics coupled to nutrient and oxy- 

gen transport in porous media. They concluded that anaerobic conditions developed rapidly and 

aerobic degradation ceased when large amounts of substrate were added. Although biodegradation 

would have a major effect on contaminant transport when proper conditions for growth existed, 

sufficient oxygen was required. 

Hutchins et al. (1984) suggested that microbial removal of trace organic compounds can be 

inhibited if anaerobic conditions develop, and the inhibition is more pronounced at lower input 

concentrations during rapid infiltration of wastewater. Siragusa and DeLaune (1986) found that the 

mineralization rate of p-nitrophenol was much greater under aerobic than anaerobic conditions in 
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sediment from a Louisiana Gulf Coast estuary. They calculated several orders of magnitude dif- 

ference in mineralization rates. Bachmann et a/. (1988) found aerobic conditions favor microbial 

conversion of alpha-hexachlorocyclohexane in a soil slurry of a mixed native microbial population 

from contaminated soil in Hengelo, The Netherlands. The compound was bioconverted under 

methanogenic conditions, but a 30 day adaptation period was required. 

2.9 Biodegradation of Chlorinated Phenols 

Phenol and its chlorinated derivatives may enter the environment directly as components of 

industrial effluents and indirectly as transformation products of other compounds. Pulp mill 

effluents commonly contain high concentrations of phenolic compounds (Landner et a/., 1977), 

and the chlorination of wastewaters can convert pheno! to 2-chlorophenol, 2,4-dichlorophenol, or 

even 2,4,6-trichlorophenol (Callahan et a/., 1979). 

Numerous researchers have documented the biodegradation of phenolic compounds in sur- 

face waters (Borighem and Vereecken, 1978; Visser et a/., 1977), in activated sludge systems (Baird 

et al., 1974; Hickman and Novak, 1984; Tabak et al, 1964) and using isolated bacterial cultures 

(Chu and Kirsch, 1972; Knackmuss and Hellwig, 1978; Banerjee et a/., 1984; Tabak et al, 1981). 

Only recently has research been directed at biodegradation of chlorinated phenols in subsurface 

systems. 

Suflita and Miller (1985) investigated the fate of phenol and a variety of chlorinated phenolic 

substrates in aerobic flow- through microcosms containing pristine aquifer material from a site in 

Pickett, Oklahoma. They found that aerobic biodegradation of phenol, 2-chlorophenol, 

2,4-dichlorophenol and 2,4,6-tnchlorophenol was rapid and that acclimation § to 

2,4,6-trichlorophenol occurred followed by increased rates of degradation in the acclimated versus 

the unacclimated sample. 

Smith and Novak (1987) studied biodegradation of five chlorinated phenols by naturally oc- 

curring subsurface microorganisms in Pennsylvania and Virginia. The authors found microbial 
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populations, down to a depth of 31 m, capable of biodegrading each compound. Biodegradation 

rates were proportional to equilibrium concentrations and followed first order kinetics. 

Scheunert et al. (1986) studied chlorinated phenols and anilines in soil under field conditions. 

The authors found that biodegradation of bound compounds proceeded more slowly than un- 

bounded compound in solution. The biodegradability of bound compounds was higher under 

aerobic conditions than under anaerobic conditions and was positively correlated with the 

biodegradability of the parent compounds. 

2.10 Degradation of Organic Substrates Sorbed to a Surface 

The physical state of a compound can affect its degradation. Liquid hydrocarbons can be taken 

up and incorporated into cell membranes (Johnson, 1964), whereas the mechanism of utilization 

of sorbed substrates is not fully understood. It has been suggested that polycyclic aromatic 

hydrocarbons are only used in the dissolved state. Growth of pure cultures of bacteria on 

naphthalene, phenanthrene, and anthracene was fastest with substrates having the highest water 

solubilities (Wodzinski and Johnson, 1968). It also was reported that pure cultures of bacteria only 

use dissolved phenanthrene and naphthalene (Chakravartry et a/., 1972). 

The limited availability of adsorbed substrate for microbial utilization has been noted for 

some time although research has not been extensively pursued. Degens et al. (1964) and 

Nissembaum et al. (1972) found organic compounds that complex with humic colloids were pro- 

tected from subsequent microbial decomposition. Proteins, including enzymes, may be stabilized 

against rapid biodegradation through adsorption on clays and humic polymers (Sorensen, 1975). 

Hassett and Anderson (1979) feel that hydrophobic compounds stabilized by DOM in the aqueous 

phase will be unavailable for direct biological uptake from the water. McCarthy et al. (1985) found 

that DOM has a high affinity for binding very hydrophobic contaminants, and even very low DOM 

concentrations will greatly reduce availability for uptake by organisms compaired to unbound 

contaminant. 
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Verma et al. (1975) observed a stabilization of algal proteins after adsorption on humic acid 

while amino acids were not protected. Martin et a/. (1978) noted that protein, microbial 

protoplasm, and cysteine were more resistant to biodegradation in soil when intimately associated 

with humic colloids. Ladd and Butler (1975) summarized studies on enzyme-soil humus complexes 

and concluded that they were relatively resistant to biodegredation. Ogram et al. (1985) indicated 

that sorbed 2,4-diphenoxyacetic acid (2,4-D) to soil was completely protected from biological de- 

gradation and that sorbed and solution phase bacteria degraded solution phase 2,4-D with almost 

equal efficiencies. The authors believe that the protection of sorbed 2,4-D from biodegradation 

may be due to the fact that sorbed 2,4-D was located sufficiently deep within the soil organic matter 

matrix and that the bacteria were unable to attack it. 

When pesticides such as paraquat and diquat are intercalated into clays (Burns and Audus, 

1970; Weber and Coble, 1968) or are irreversibly bound to soil organic matter, they are isolated 

from the degrading organisms and are protected from intracellular degradation (Ogram et al., 1985). 

Paraquat is strongly adsorbed within the interlayer spaces of expanding clays and becomes almost 

completely inactiviated and protected against biodegradation (Burns and Audus, 1970). 

The relative availability of complexed proteins appears to be dependent on the cation satu- 

rating the clay, the location of the protein on the clay, the amount of protein bound, and the 

characteristics of the individual proteins (Gerard and Stotzky, 1973). Of the five proteins these 

authors studied, two were not utilized when complexed, although they were rapidly utilized when 

not complexed. The reseachers found that only protein molecules attached to other protein mole- 

cules bound to the clay surface were apparently utilized, and once the multilayer molecules were 

degraded, there was no apparent further utilization of molecules bound to the clays. 

Harter and Stotzky (1971) believe that the lack of degradation of certain proteins bound to 

clay surfaces was due to conformational changes of the proteins that rendered them nonsusceptible 

to the action of microbial enzymes. Stotzky (1986) also found that binding to clays resulted in a 

structural change in some proteins. 

Dashman and Stotzky (1986) have suggested that differences in the microbial utilization of 

proteins may be due to different types and/or energies of binding of the proteins to the various clays. 
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The authors found that cysteine was not utilized when bound to clay due to the fact that the energy 

required for the dissociation of cysteine from the clay, and its subsequent transport into the 

microbial cell, was greater than that for other amino acids present. If a microorganism cannot use 

the adsorbed form of a chemical, it may be expected that the organism will first metabolize the 

chemical that is in solution but that the subsequent rate of transformation of the compound will 

be limited by the rate of desorption. Thomas et al. (1986) have shown that microorganisms can 

use a water-insoluble substrate as it spontaneoulsy dissolves in water, or they can metabolize the 

compound after a biologically mediated solubilization. On the other hand, Remberger et a/. (1986) 

have data showing that even substrates which are tightly bound to sediments are accessible to bi- 

ological transformation. The authors state, however, that their data does not provide unequivocal 

evidence on the relative role of degradation in the sediment and aqueous phases. 

Few studies on the microbial utilization of complexed organic compounds have constructed 

adsorption isotherms, have attempted to define the mechanisms involved, or have related these 

mechanisms to the utilization of the complexed organic compounds. It is not known whether 

sorption alone renders a compound unavailable for uptake by microbes. Since the bacteria them- 

selves may be sorbed, it is conceivable that bacteria and organic contaminants may be sorbed on 

adjacent locations on the soil surface, thereby facilitating scavenging of the compound by the sorbed 

bacteria. Therefore, organic contaminant sorption might either enhance or decrease microbial de- 

gradation rates in soils, depending upon whether the sorbed compound is available to 

microorganisms. 
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Chapter 3 

Research Overview 

3.1 Introduction 

The results of experiments performed to define mechanisms in the subsurface environment 

are difficult to evaluate because of methodological problems including losses due to chemical 

volatilization, varying organic matter concentration, and inexact or unknown microbial activity. 

Environmental systems are very complex with many interacting processes occurring at the same 

time. To extract specific information about any one process, variables must be well-characterized. 

In this study, microbial numbers and activity, organic matter concentration (as humic acid), and 

pH were closely monitored during sorption and biodegradation experiments to assist in data inter- 

pretation. 

The purpose of this section is to describe the various experiments that were performed during 

the study. These experiments formed the framework on which the research was based. A general 

diagram of the sequence of these experiments is shown in Figure 1. Each experiment 1s outlined 

in this chapter while a more detailed description of each method is given in Chapter 4. 
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3.2 Substrate Selection 

Experiments were initially performed to determine which sorbate would be used in this re- 

search. An aromatic organic compound which could be used to model the general behavior of 

non-polar contaminants in soil and groundwater was investigated. Due to the experimental ap- 

proach to be taken, the compound had to be non-volatile and exhibit strong sorption characteristics 

to subsurface materials. In addition, the sorbate chosen had to be soluble enough in water to 

support the growth of an acclimated microbial population which could use the compound as a sole 

carbon and energy source. Sorbate characteristics such as solubility, polarity, and vapor pressure 

influence sorption affinity and were used to initially screen the model compound. 

The hypothesis that substrate sorbed to either a solid surface or sorbed to a macromolecule 

in solution was not readily available for biodegradation by microorganisms was addressed. Non- 

polar organic compounds, such as heavily chlorinated phenols, have been shown to bind extensively 

to soil materials. Preliminary experiments using 2,4,6-trichlorophenol (TCP) as a sorbate proved 

successful, This compound is moderately soluble in water yet sorbs to organic soil material at very 

low concentrations. In addition, 2,4,6-TCP is not volatile to any great extent, thereby minimizing 

gaseous losses during incubation, and can be biodegraded in the soil environment. In addition, this 

compound is on the U.S. Environmental Protection Agency (EPA) list of priority pollutants, is a 

known carcinogen, and its presence in soil and groundwater has increased in recent years. Because 

of its physical characteristics and public health implications, this compound was chosen to model 

the general behavior of chlorinated aromatic compounds in subsurface environments. Only one 

substrate was chosen for study in order to obtain more comprehensive data on a system of reduced 

scope. 
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3.3 Microorganism Selection 

An experiment was conducted to isolate a microbial population from the subsurface soil 

which could biodegrade the model compound. Naturally-occurring microorganisms vary in num- 

ber and level of activity throughout the soil column. In order to control for microorganism vari- 

ability in both quantity and stage of growth, acclimated organisms were utilized in this study. 

A culture capable of utilizing 2,4,6-TCP as the sole external carbon and energy source was 

isolated from the subsurface soil collected at the sampling site. The intent of the batch culture was 

the development of a highly active microbial population. This culture was used to inoculate each 

microcosm so as to control microbial numbers and stage of growth. Acclimated organisms were 

added to microcosms during log phase growth to minimize any initial lag period in micrcbial de- 

gradation. 

In order to define the relationship between adsorption and biodegradation by acclimated 

bacteria, it was necessary to eliminate the effects of the indigenous microorganism population. This 

was done by sterilizing each microcosm before adding the inoculum. Microcosms contairing soil 

and buffer were sealed and autoclaved 5 times over a 7 day period. Acclimated microorganisms 

were then introduced into the sterilized microcosms. These organisms were grown under the same 

conditions for each experiment and the inoculum size remained constant throughout the study. 

By controlling the stage of growth and inoculum size, biodegradation rates between various 

microcosms could be compared and evaluated on a relative basis. 

3.4 Radiolabelled Substrate 

To conduct a study using environmentally relevant 2,4,6-TCP concentrations ( < 1000) ug/l), 

radiolabelled techniques were employed for quantitative analysis. A great deal of research has been 

conducted using substrate concentrations which are much higher than those normally found in the 

environment. Often this is due to experimental constraints in detecting low chemical concen- 
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trations. It also compensates for the fact that the microbes may degrade only a small amount of 

the compound that is added to the experimental system. Alexander (1985) demonstrated that re- 

sults of laboratory biodegradation experiments may be highly dependent on substrate concen- 

tration. He concluded that experiments carried out with high concentrations cannot be extrapolated 

to low concentrations present in the environment. 

The concentrations of substrate used in this research were chosen to represent environmental 

conditions. Within this limit, a range of concentrations was chosen 1n order to assess the influence 

of concentration on microbial response. An advantage of using a radiolabelled substrate is the high 

sensitivity and accuracy of the detection method, liquid scintillation counting. In addition, 

radioisotopes provide clear evidence of metabolism in the form of radiolabelled CO;. 

Because of its desirable physical properties and high biodegradation potential, 2,4,6-TCP was 

chosen for study. However, this compound is commercially unavailable in radiolabelled form. A 

similiar compound, 2,4,5-TCP, is commercially available in labelled form but the acclimated bac- 

terial population developed for 2,4,6-TCP could not degrade the 2,4,5-TCP. The location of the 

chlorine atom at the #5 carbon apparently prevented the initiation of the biodegradation sequence. 

In order to utilize the microbial culture obtained from the soil sampling site, it was necessary to 

synthesize the 2,4,6-TCP from a ring labelled compound. Aniline-('*C)-hydrochloride was used 

as the starting material for the synthesis. This material was obtained from Merck Chemical, as a 

gift, to support this research work. The aniline was first converted to phenol, then preferentially 

chlorinated in the ortho and para positions to obtain 2,4,6-TCP. Modifications to the procedure 

outlined by Sandrock et al. (1985) were made to optimize conversion efficiency and reduce the 

quantity of contaminants produced. 

3.5 Choice of Solid Sorbents 

There were four solid phase sorbents used in this research (sand, clay, low organic soil and 

high organic soil). These materials were chosen for study because of the contrasting differences in 
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their physical and chemical properties. The sorbents differed in composition, surface area, and or- 

ganic matter content. Each of these properties can effect the sorptive behavior of a non-polar or- 

ganic contaminant. 

The sand was used to determine the effect that a solid support with limited surface area and 

activity could have on sorption. Many aquifer systems are comprised of sand and gravel; therefore, 

the sorption affinity of sand may be very important in subsurface systems comprised mostly of this 

material. Kaolinite clay was chosen for study in an attempt to determine the influence that a 

mineral surface, containing no detectable level of organic material, has on the sorption of 

2,4,6-TCP. The surface area of the clay is greatly increased over that of the sand. 

Subsurface soil was obtained from two areas at a previously uncontaminated site in the 

Tidewater region of Virginia. The site was chosen so as to obtain soil samples with contrasting 

organic matter concentrations (low and high). These soils were collected from the saturated zone 

and were composed primarily of sand, silt, and clay. The organic matter content of the two soils 

was 0.4% for the low organic soil and 2.2% for the high organic soil. 

3.6 Aqueous Phase Sorbent 

There is evidence to indicate that soils can rapidly release large quantities of naturally occur- 

ring organic material into percolating fluids (Leenheer and Stuber, 1981; Theng, 1979; Isaacson and 

Frink, 1984). The leached organic material can enter the groundwater through infiltration. The 

interaction of a pollutant with dissolved organic matter (DOM) can alter its physical state, thereby 

changing its behavior. Heavy metals have been shown to complex with DOM, thereby effecting 

their transport and fate (Shuman et al., 1983; Perdue, 1983). The association of non-polar organic 

contaminants with naturally-occurring DOM may also influence the characteristics of these con- 

taminants. Hydrophobic compounds sorbed to DOM may exhibit behavior characteristics of the 

sorbent rather than characteristics observed when alone in solution. The availability of dissolved 

substrate to microorganisms may be reduced when bound to DOM. 
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Seventy to eighty percent of the organic matter found in soils consists of humic substances 

(Schnitzer, 1986). Most of this material can be definitionally characterized as humic acid 

(Witkowski et al., 1987). Because of its abundance in organic soils, humic acid was chosen as the 

dissolved organic phase to sorb the target pollutant. This material may vary considerably with or- 

igin and method of extraction (Joephsen, 1982; Meyers et al., 1984). As pointed out by Malcolm 

and MacCarthy (1985), commercial humic acids appear to have very different molecular charac- 

teristics than humic substances derived from soils and should not be treated as analogues of normal 

soil humic substances. Because commercial soil humic acids do not rigorously represent soil humic 

acid, and since soil humic acid can vary from location to location, humic material for this study 

was extracted from soil obtained at the Virginia site. 

3.7 Adsorption 

It has been demonstrated that sorption (adsorption and desorption) to soil material is a pri- 

mary mechanism controlling transport and fate of hydrophobic organic compounds in ground and 

surface waters (Karickoff and Means, 1986; Weber and Voice, 1986). The objective of the sorption 

experiments was to determine the relative distribution of solute between the aqueous and sorbed 

phases, both at equilibrium and as a function of time. The schematic of the sorption experimental 

method is given in Figure 2. Experiments were conducted in duplicate batch microcosms. Samples 

were collected over time to determine kinetic rates and final equilibrium concentrations. The pur- 

pose of the kinetic experiments was to determine the relative sorption rates of 2,4,6-TCP for each 

sorbent. Such information was necessary to determine rate limitations and overall distribution of 

the substrate between each phase. 

An additional experiment was conducted to determine if naturally occurring macromolecules 

can alter the distribution of 2,4,6-TCP in solution. The sorption of organic pollutants to soil has 

been viewed as a distribution between particulate and dissolved phases at equilibrium. Recently, 

this two-phase equilibrium sorption model has been modified to better predict the physical state 
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of the contaminant in natural systems. The aqueous phase actually consists of dissolved contam- 

inants and non-settling dissolved colloids (McCarthy and Jimenez, 1985). Aqueous contaminants 

can exist free in solution or bound to dissolved materials, such as humic acids (Voice and Weber, 

1985). This experiment was undertaken to distinguish between the two states. 

3.8 Biodegradation 

The bioavailability of a pollutant in the subsurface appears to be strongly influenced by its 

physical state. The biodegradation rate of a pollutant in an adsorbed state may be quite different 

than that in the aqueous state. These experiments were performed to determine the availability of 

2,4,6-TCP for biodegradation in each phase in which it exists in a saturated soil environment. The 

role of adsorption in biodegradation was determined by adding acclimated organisms to 2,4,6-TCP 

equilibrated microcosms. Biodegradation was evaluated by monitoring **CO, production, loss of 

substrate from solution, and loss of substrate from solids. In addition, radioactivity associated with 

biomass was monitored such that carbon, which gets incorporated into the cellular structure, was 

included in biodegradation calculations. Biodegradation rates were determined and the effect of 

changes in the 2,4,6-TCP distribution on these rates was evaluated. Non-biodegraded 2,4,6-TCP 

was quantified in each fraction to relate distribution characteristics to processes which restricted 

2,4,6-TCP availability to the microorganisms. Such information is needed for modelling transport 

and fate of subsurface contaminants and also for choosing the appropriate technology to treat 

subsurface contamination. 

3.9 Other Experiments 

In addition to the studies outlined here, other experiments which explored possible mech- 

anisms for the results obtained in the biodegradation experiments were performed. The description 
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of these experiments is reported in Chapter 6. Understanding the objectives of these secondary 

studies, and their procedures, is easier after the results of biodegradation experiments have been 

described. 
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Chapter 4 

Methods and Materials 

4.1 2,4,6-Tricholorophenol Properties 

The target compound, 2,4,6-TCP, is primarily produced by the organic chemical industry and 

by the manufacturers of pesticides. In addition to its use as an antimicrobial agent, it is also used 

in the manufacture of wood and glue preservatives, and as an anti-mildew agent for textiles 

(Verschueren 1977). It is on the EPA list of priority pollutants due to its toxic effect on humans 

and the aquatic biological population. In addition, this compound is also listed under appendix 

VIII of section 265 of the Federal Register as hazardous waste (EPA 1982) and as such, may not 

be discharged to the groundwater in a concentration in excess of ambient conditions. Figure 3 

gives the chemical structure of 2,4,6-TCP. Table 1 presents some physical and chemical properties 

of the compound. 
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Table 1. Experimentally determined physicochemical properties of 2,4,6-TCP (from Callahan 

  

  

et al., 1979). 

Solubility K Vapor Pressure K 
(mg/L) ow (Torrs) pha 

800 3.38 1.0 6.10             
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4.2 Soil Samples 

Subsurface soil was collected from two sites at the Harwood’s Mill Water Filtration. Plant in 

Newport News, Virginia. The first site was located 100 m below the dam of a water-supply reser- 

voir. Soil was collected from this site at a depth of 0.5-1.0 m. This soil was saturated just below 

the surface (0.4 m) and was composed primarily of sand and silt. Soil collected at this depth had 

a substantial quantity of organic matter associated with it. These shallow samples were collected 

by hand digging. The soil within the top 0.5 m at the sample site was removed. All soil within the 

0.5-1.0 m depth was aseptically collected from a 1 m? area and placed in two sterile coolers. Soil 

collected at this site will subsequently be referred to as the high organic soil. 

The second site was located adjacent to the reservoir where the water table was 4 m below 

the soil surface. Soil samples at the second site were obtained from a depth of 4-6 m. Drilling 

methods previously described by Goldsmith (1985) and Novak ef al. (1985) were employed. 

Samples were acquired in Shelby tubes and were extruded within 48 hours in the laboratory. All 

exterior surfaces of the soil core were pared away with sterile spatulas and discarded. The remain- 

ing, uncontaminated soil core was stored in autoclaved glass jars at 10°C until needed. Subsurface 

soil collected at this site was composed primarily of silt and clay and contained little organic: matter. 

This soil will be referred to as the low organic soil. 

In an attempt to minimize variability in soil characteristics between samples, random. assign- 

ment procedures were followed during soil collection (Gilbert, 1987). The shallow soil samples 

were mixed in the coolers using a sterile trowel to minimize localized aberrations of soil organic 

matter. Individual samples were then taken from different areas and depths within the coolers and 

randomly assigned to sterile jars. The jars were gradually filled with composite samples from the 

coolers, capped with Teflon lids, and stored at 10°C. For deep soil samples, the uncontaminated 

soil cores were divided into fractions by length, and sections within the sample were randomly 

placed into the sterile jars for storage. In this way, each sample jar contained soil representative 

of the larger sample site. Soil for microcosms was randomly selected from storage jars and 

microcosms were randomly assigned to each group within the study. A statistical method, the 
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Bartlet’s test, was utilized to evaluate sample homogeneity using organic matter as the primary in- 

dicator. 

4.3 Solid Phase Sorbents 

The effect of different sorbent characteristics on the binding and bioavailability of 2,4,6-TCP 

was evaluated using sand, clay, low organic soil and high organic soil. The sand used in this re- 

search (federal five) was obtained from the Ottawa Industrial Sand Company, Ottawa, Iinois. It 

has been described as a course material having a surface area of 0.093 m?/g (Table 2). Any organic 

material originally associated with the sand was removed by thermal combustion (800°C for 8 

hours) and subsequent washing with deionized-distilled water. 

A reference clay (Kaolinite, KGA-2) was obtained from the Clay Mineral Society, Columbia, 

MO. This material consists of poorly crystallized kaolin with a surface area of 23.5 m?/g and a 

cation exchange capacity of 3.3. meq/100g (Table 3). The organic matter content of this material 

was reported as being below detection limits (Van Olphen and Fripeat, 1979). 

The subsurface soils collected at Newport News, VA, were characterized by composition and 

particle size (Table 4). The high organic soil (0.5-1.0 m depth) consisted of 57% sand, 15.8% clay 

and 27.1% silt and was classified as a sandy loam. The low organic soil (4-6 m depth) consisted 

of 19.8% sand, 25.9% clay and 54.2% silt and was classified as a silty loam. 

The organic matter associated with subsurface soils was measured using thermal combustion 

and chemical oxygen demand techniques. The thermal, loss-on-ignition, procedure outlined by 

Black (1985) was followed. Samples were oven dried (102°C) to a constant weight, then placed in 

a muffle furnace at 430°C for 4 hours. This method thermally oxidized the organics while leaving 

carbonates intact. The fraction of organic matter associated with the high organic soil was deter- 

mined to be 2.2% by weight while that of the low organic soil was determined to be 0.4% 

(Hickman 1989). Shallow soils generally have more organic matter associated with them due to the 

high flux of dissolved organic matterial from surface soils (Sullivan and Felbeck, 1968). 
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The moisture content of the solids was determined by oven drying samples overnight at 102°C 

until a constant final weight was obtained. Water content was determined by weight difference. 

High organic soil contained 14.1% water (n= 12) and low organic soil contained 9.3% water 

(n= 9). 

4.4 Humic Acid 

Soil extracted humic acid was obtained from the high organic soil collected at the Newport 

News site. The humic acid extraction procedure outline by Schnitzer and Khan (1972) was utilized. 

Three kilograms of wet soil was base extracted for 24 hours using NaOH (pH > 12) under a ni- 

trogen atmosphere. The supernatant was then acid-extracted with HCl for 24 hours (pH <2). 

The humic solids were collected and the base/acid extraction repeated twice to purify the sample. 

The solids were washed repeatedly with water to remove salts, air dried, and the dried solids were 

stored at 4°C. A stock humic solution was prepared by adding dried solids to 1 liter of a moderate 

phosphate buffer (1 x 107? M, pH = 7.0). The solution was then filter sterilized (0.2 um) to avoid 

biodegradation. The stock humic concentration was determined by TOC analysis, then diluted to 

a final concentration of 500 mg/L with the phosphate buffer. A working solution was prepared by 

adjusting the stock solution to a final concentration of 100 mg/l by dilution with the phosphate 

buffer. 

The organic purity of the humic acid solids was determined so that distribution coefficients 

could be normalized for 100% organic matter in HA sorption studies. Air dried humic acid samples 

were added to pre-combusted ceramic crucibles (800°C for 4 hours) and dried overnight at 102°C 

to aconstant weight. These samples were then combusted at 800°C for 1 hour to oxidize all organic 

matter. Crucubiles were reweighed and non-combustible residuals were measured. Residuals ac- 

counted for 3.0% of the original material. Humic acid was determined to be 97% organic matter. 

The apparent molecular weight (AMW) of the HA was determined using gel filtration. 

Known molecular weight standards were eluted from the Sephadex G-25 column and retention 
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times monitored. Establishment of a standard curve using AMW vs retention time was not very 

successful due to the relatively short length of the column. Albumin, a standard protein marker 

with a known molecular weight of 66,000, eluted at the same time as blue dextran, a protein with 

a molecular weight of 2,000,000. Below a molecular weight of 30,000, elution profiles began to shift 

to longer retention times, thereby improving resolution between compounds. Aprotinin, a standard 

protein with a molecular weight of 6,500, was the smallest molecular weight compound with which 

humic acid would elute in the same fraction. However, the two compounds did not always elute 

in the same fraction. Therefore, the AMW for the humic acid molecule could not be determined 

but could be approximated from the Aprotinin data to be about 6500 daltons. 

4.5 Preparation of 2,4,6-Tricholoro('*C)phenol 

Radiolabelled aniline was used as the starting compound in the synthesis of 2,4,6-TCP. 

Forty-five milligrams of this material, having a total activity of 5.57 mCi and a specific activity of 

112.3 pCi/mg, was obtained from Merck Chemical. The (/*C)-aniline HCl was augmented before 

synthesis with non-labelled aniline-HCl to obtain a 1:5 dilution ratio. This was done to bring the 

total mass of aniline to a workable level. 

The following procedure was used to synthesize 2,4,6-TCP from aniline-HCl. The aniline 

was converted to phenol before selective chlorination to form 2,4,6-TCP (Figure 4). Modifications 

to the procedure outlined by Sandrock et a/. (1985) were made to optimize conversion efficiency 

and reduce the quantity of contaminants produced. 

e Clean all glassware with acetone, water, chromic acid (conc) and thoroughly rinse with 
deionized-distilled water. 

e Add 45.1 mg of radiolabelled aniline-HCl and 180.4 mg of non-labelled aniline-HCl to a 300 
ml round bottom flask with a ground glass neck. 

e Rinse weigh paper and flask with 20 ml of deionized water. 

e Add 5 ml of H2SO, (conc) to dissolve the aniline HCl. 

e Place the flask in a methanol/water bath at -3°C and stir using a magnetic stirrer. 
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e Diazotise the sample by adding 2 ml of a IN NaNO; solution in 100 yl increments while 
stirring. Continue stirring for one hour. 

+ _ 
C_H_NH_ * HC! + 2H_SO, +NaNO_ —————» . 
65 2 grr 4 9 CHEN, H50,, + 2H,,0 + NaHSo , +HCl 

e Remove excess NaNO> by adding 0.3 ml of urea (20% w/w) in 100 yl aliquots. 

+ ~ 

NaNO, + NH CONH_ + 2 2 5 2 H,30,-————_> HNCON,, + HSO | + 2H,0 + NaHso , 

+ 

H NCONW —————® N + NH_ + CO 
2 2 2 (gas) 2 

e Synthesize phenol by slowly heating the sample in a water bath. Attach a reflux condensor 
before heating. Bring solution to a boil and continue boiling for | hour. 

Heat ~ 
N* HSO i C Ho” +N. +HSO -———_—> . 2 2 4 HO C.HOH + H,50, + HC! CH 

6 HCl 6 5 
2 

5 

Cool solution then collect an aliquot for analysis of conversion efficiency. 

e  Chlorinate phenol by adding 10 ml water, 5 ml HCI (conc) and 1.0 g n-chlorosuccinimide. 

3CH ONC] + 3 HC! . 44° Cl ————— 5 C,H ,0,NH + 3 Cl, 

C_H_OH + SC g's l nC CIO + SHC 

e = Stir overnight (18 hours) 

e Add 10 g of NaCl while stirring to increase ionic strength and improve subsequent extraction 
efficiency. 

e Pour the solution into a 500 ml seperatory funnel, add 25 ml of methylene chloride, gently 
mix for 5 minutes by inverting funnel, then collect the methylene chloride extract. 
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¢ Repeat the extraction 3 additional times 

e Pour the methylene chloride through a column containing 150 g NaSO; (anhydrous) to re- 
move all water and prevent subsequent steam distillation losses of 2,4,6-TCP. 

e Add the sample to a roto-evaporator and evaporate sample to dryness. 

¢  Resolubilize sample in 5 ml acetone (HPLC grade). 

e Remove impurities by passing the sample through a silica gel column using hexane/acetone 
(75/25% v/v) as the eluent. Set the flow rate at 1 ml/min and collect 8 ml fractions. 

e Save the fractions containing 2,4,6-TCP. 

e =6©Purify 2,4,6-TCP fractions using a fresh silica gel column. Repeat 3 times. 

e =. Add all 2,4,6-TCP fractions to the roto-evaporator and evaporate to dryness. 

e §©Transfer 2,4,6-TCP crystals into a 20 ml vial and store at 4°C. 

The conversion efficiency of aniline to phenol was determined to be 86.4% by comparison 

against a known phenol standard using high performance liquid chromatography (HPLC). The 

conversion of phenol to 2,4,6-TCP was determined to be 83.8% also by HPLC. Overall conversion 

efficiency of aniline to 2,4,6-TCP was 72.4%. Contaminants were removed by separation using a 

silica gel column. Eluted fractions, containing the 2,4,6-TCP, were collected while all other frac- 

tions were discarded. The 2,4,6-TCP fraction was passed through a fresh silica gel column to purify 

and only the fraction containing the 2,4,6 TCP was collected. This purification step was repeated 

a total of 3 times. 

Radiochemical purity was checked using HPLC. Eluted fractions were collected every minute 

from the liquid chromatograph directly into scintillation cocktail. After the elution of 2,4,6-TCP, 

the eluent was changed to 100% methanol to flush the column of remaining activity. Radiolabelled 

purity was determined by dividing the activity of 2,4,6-TCP by the total activity and was calculated 

to be > 98%. 

Overall chemical purity of the synthesized 2,4,6-TCP was determined by comparison to a 

known 2,4,6-TCP standard. A known mass of synthesized 2,4,6-TCP (10 mg) was added to a 

volumetric flask and diluted with methanol (HPLC grade) to a volume of 10 ml. This stock con- 

centration of synthesized 2,4,6-TCP was 1000 mg/L. The stock was diluted to a working solution 

(10 mg/L) with deionized-distilled water. This 10 mg/L working solution was measured against a 

stock 10 mg/L standard made from non-labelled, reagent grade 2,4,6-TCP. The overall purity of 
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the synthesized 2,4,6-TCP was > 90%. The reduced purity is believed due to contaminants in the 

solvents used during the synthesis. Large quantities of methylene chloride, hexane, and acetone 

were used during the snythesis of 2,4,6-TCP, then evaporated. Contaminants in these solvents may 

not have evaporated at the low temperatures used, thereby reducing the overall purity of the syn- 

thesized material. 

A stock radiolabelled 2,4,6-TCP solution was prepared by adding 55 mg of the synthesized 

sample to a 10 ml volumetric flask. Methanol (HPLC grade) was used to dissolve the 2,4,6-TCP. 

The stock 2,4,6-TCP concentration was 5000 mg/l. A working standard was prepared by pipetting 

1 ml of the stock solution intc a 50 ml volumetric flask. Deionized-distilled water was used to 

prepare this solution. The 2,4,6-TCP concentration in the working solution was 100 mg/l. 

4.6 Selection and Adaptation of 2,4,6-TCP Utilizing Bacteria. 

Organisms were cultured from the high organic soil collected from a depth of 0.5-1.0 m. 

Twenty-five grams of soil were aseptically added to 250 ml Erlemeyer flasks containing 100 ml of 

sterilized minimal salts media (Table 5) and 2,4,6-TCP. The pH of the media was adjusted to 7.0 

using either 0.1 N HCl or 0.1 N NaOH. The flasks were incubated at 25°C in the dark on a con- 

stant temperature shaker table set at 100 cycles/min. The 2,4,6-TCP concentration was measured 

over time using gas chromatography. Once biodegradation of 2,4,6-TCP could be demonstrated, 

the substrate concentration was increased. A 10 ml soil slurry containing the acclimated organisms 

was transferred into media containing progressively increasing concentrations of 2,4,6-TCP. The 

increase in concentration of the substrate throughout the culture enrichment period ranged from 1 

mg/l to a maximum of 500 mg/I. 

Portions of the solution were transferred into new flasks containing 2,4,6-TCP until the 

microbial mass was thick as indicated by increased turbidity. An inoculum of this solution was used 

to seed the final culture but leave behind the soil and organic matter associated with the original 
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Table 5. Preparation of minimal salts media used to supply nutrients to acclimated bacteria. 

  

  

    

Amount Added 
Compound to 1L water 

(g) 

KH2P04 3.8 

K2HPO4 12.5 

(NH4)2HPO4 1.0 

Mgs0O4 4.0 

Na Co 0.2 

FeSO4 7H20 0.2 

MnSO4 0.2 

CaCio 0.2   
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soil sample. Ten milliliters of the bacterial culture was transferred into 250 mg/l of 2,4,6-TCP in 

a minimal salts media every week and placed on an orbital shaker to maintain a growing culture. 

The culture was isolated by streaking an inoculum onto agar plates and incubating at 25°C 

for one week. The agar plates were prepared by first autoclaving a Trypticase-Soy solution in a 

sealed 500 ml! Erlenmeyer flask. Fifty milliliters of a 500 mg/L 2,4,6-TCP stock solution was then 

added to 200 ml of the Trypticase-Soy solution and the resulting media thoroughly mixed. Finally, 

the solution was poured into sterile petri dishes and allowed to cool. After the media solidified, the 

plates were inoculated by streaking the media surface with a loop of the culture. The colonies 

which developed were identical in appearance. The microorganisms were identified in the 

bacteriology laboratory of Lewis-Gale Hospital located in Roanoke, Va. Results of the analysis 

indicated that the predominate organism was Pseudomonas aeruginosa (> 99%). 

4.7 Microcosms 

Laboratory microcosms have been successfully used for degradation studies in subsurface 

systems (Goldsmith and Novak, 1986; Hickman and Novak, 1990). One assumption in these 

studies is that because groundwater moves slowly, batch microcosms can be used to obtain data 

appropriate for application to subsurface systems. The microcosm sketched in Figure 5 was pre- 

pared in the following manner: 

e aseptically transfer 10 grams of sorbent (wet) into a 250 ml screw top Erlenmeyer flask 

e add 90 ml of buffered solution and mix to form a slurry 

e sterilize 

e insert CO: trap into septum 

e dose with 2,4,6-TCP and microorganism 

All microcosms were tightly capped and autoclaved (45 minutes at 121°C and 15 psi) on five 

different days to insure sterilization before dosing with 2,4,6-TCP and microorganisms. Researchers 
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Figure 5. Microcosm design used in adsorption and biodegradation studies. 
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have reported that soil drying can alter the sorption characteristics of naturally-occuring organic 

matter (Banwart et al., 1980; Hayes and Himes, 1986; Stotzky, 1986). To minimize changes in the 

soil organic matter during sterilization, a moderate phosphate buffer (1 x 107? M, pH = 7.0) was 

added to all soil samples. Samples were tightly capped to prevent the loss of water vapor. By 

keeping each soil sample immersed in solution, soil drying was prevented. In addition, the buffer 

solution maintained a constant pH in all samples while also providing essential materials for 

microbial growth in later experiments. 

Background dissolved organic matter (DOM) concentrations were measured using a TOC 

analyzer. Radiolabelled 2,4,6-TCP was spiked into each sterilized system, sealed with a 

Teflon/silicon septum and cap, and mixed on a shaker table at 100 cycles/min to suspend the soil. 

In addition, the same quantity of labelled 2,4,6-TCP was added directly to scintillation vials for 

direct counting to determine initial substrate concentrations. Initial }*C-2,4,6-TCP concentrations 

ranged from 100 to 1200 yg/I. 

Collection of samples was performed after thoroughly mixing each microcosm. An 

eppendorph pipet, in which a 40 mm section of the tip had been removed from the end, was used 

to collect a soil slurry. A microtube cutter was used to enlarge each pipet tip. A soil slurry (approx. 

0.5 ml) was collected and placed in a 0.65 ml microcentrifuge tube. Tubes were centrifuged at 13000 

x g for 2 minutes to separate aqueous from solid samples. 

A 250 ul aqueous sample of the supernatant was pipetted directly into 10 ml of scintillation 

cocktail to determine total soluble 2,4,6-TCP. The remaining aqueous sample in the centrifuge 

tube was pipetted and discarded. The centrifuged solids were added to 10 ml scintillation cocktail 

containing 200 ul of HPLC grade methanol as a solvent. A microtube cutter was used to cut the 

centrifuge tube just above the soil level. This was done to reduce the length of the tube so that it 

could be inserted into the scintillation vial. Soil samples were extracted for 30 days, then radio- 

activity was counted using a scintillation counter. Controls, containing buffer but no soil, were 

analyzed in the same manner as samples. All samples were analyzed in duplicate. Sorption dis- 

tribution coefficients were calculated using the total aqueous and solid phase 2,4,6-TCP concen- 

trations.



Sorption of 2,4,6-TCP to dissolved macromolecules was evaluated by introducing humic 

material, which had been extracted and purified from subsurface soil, into sterile microcosrns dosed 

with 2,4,6-TCP. Four humic acid concentrations (20, 50, 100 and 500 mg/l) were added to different 

microcosms. Four radiolabelled 2,4,6-TCP concentrations were used in this experiment making a 

4x 4 sample matrix to evaluate sorption. 

Samples were collected over time and fractionated using gel chromatography into free and 

HA-sorbed fractions. A 0.5 ml sample was pipetted from the microcosms directly onto the gel. 

Eluent from the column was collected directly into vials containing 15 ml of scintillation cocktail. 

A flow rate of 2 ml/min and a 2 minute sample time produced 4 ml of eluent in each vial. Ra- 

dioactivity was counted in each eluent fraction. Control samples, containing only HA, were also 

passed through the column to determine the fractions in which the HA would elute. 

After equilibrium experiments were performed and the distribution of 2,4,6-TCP in each 

phase of the system had been characterized, biodegradation experiments were initiated. Three 

2,4,6-TCP concentrations (100, 500 and 1000 yg/l) were used with each solid sorbent in addition 

to three HA sorbent concentrations (20, 50 and 100 mg/l). The role of adsorption in 

biodegradation was determined by adding acclimated organisms, grown on 2,4,6-TCP as the sole 

carbon and energy source, to microcosms. Diluted microbial solutions were prepared from the 

batch microbial culture. Flasks were inoculated with 1 ml of fresh inoculum (1 x 10° bact/ml). In 

addition, acclimated organisms, which had been killed by autoclaving, were introduced into addi- 

tional microcosms to serve as controls. These controls provided corrections for abiotic uptake. 

Biomass concentration was determined by TOC measurement before addition. Microcosms were 

incubated at room temperature (20°C) in the dark on a shaker table at 100 cycles/min. 

Biodegradation rates were determined by measuring '*CO, (mineralization) and '‘C re- 

maining in the microcosm over time. Mineralization flasks were equipped with plastic center wells 

(Kontes Glassware) suspended in the head space. The traps contained 100 yl of methylbenzylamine 

to trap ‘*COz2 gas produced during incubation. Incubation of mineralization flasks was terminated 

by injection of H,SO, (conc.) to a pH of 2. After acidification, the microcosms were shaken an 

additional 24 hours to trap all '*CO, as ‘*CO3. Traps containing the methylbenzylamine were 
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removed from the microcosms and placed directly into 10 ml of scintillation cocktail and assayed 

for radioactivity. A series of controls using NaH'*CQO3 was processed simultaneously to determine 

the efficiency of this method for trapping '*CO2. The average recovery efficiency was 87% (n= 14). 

Total substrate concentrations in the liquid and soil fractions were evaluated after samples 

were centrifuged and the supernatant decanted. The dissolved 2,4,6-TCP was analyzed in a different 

manner than the soil-associated 2,4,6-TCP. Freely-dissolved and HA-bound 2,4,6-TCP was sepa- 

rated by gel chromatography as previously described. Soil-sorbed 2,4,6-TCP was extracted directly 

in the modified scintillation cocktail before counting. 

Aerobic conditions were maintained in solution during incubation via the transfer of O2 

contained in the headspace gas. Transfer of O2 in the gas phase to solution phase was facilitated 

by sample shaking at 100 cycles/min on a mixing bath. Measured dissolved oxygen levels in 

biodegraded microcosms were sufficiently high (> 2 mg/L) so as not to limit aerobic metabolism. 

4.8 Sample Variability 

Since organic matter has been reported to be the dominant factor controlling the sorption of 

non-polar organic contaminants, an experiment was performed to determine variability in organic 

matter between microcosms. Differences in organic matter content between microcosms would 

effect overall sorption characteristics. 

To determine sample variability with respect to organic matter within the soil collected, a 

Bartletts Test for Homogeneity was performed. The Bartletts test was used to test for homogeneity 

of variances between sample groups (Anderson and McLean, 1974). This test minimizes false 

positive and false negative errors while distinguishing differences within groups if they exist. With 

this test, the variance for each group of samples was calculated and the hypothesis that all samples 

came from populations with identical variances was examined. That is, the parameter tested was 

statistically the same for all samples. 
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Because of the dominant control on many physical properties of the soil, organic matter was 

used as the indicator of sample homogeneity. Dissolved organic matter was in dynamic equilibrium 

with the soil organic matter and the flux of organic matter from the soil to solution was an im- 

portant parameter in this study. The hypothesis tested was that no difference existed in organic 

matter concentration between samples. The Bartletts test was used to test for differences in the 

quantity of dissolved and soil-associated organic matter at equilibrium. Twenty-four microcosms 

were established using the procedure described in the sorption methodology. After autoclaving 5 

times, microcosms were randomly assigned to four groups. Each group contained six soil samples. 

Equilibrium organic carbon concentrations were measured in both aqueous and solid samples. 

Organic carbon in the aqueous phase was measured using a TOC analyzer while organic carbon 

associated with the solid phase was measured using the loss-on-ignition procedure previously de- 

scribed in Chapter 3. An average of 9 mg (n= 48) of organic carbon was driven off the soil upon 

autoclaving of 10g (wet weight) of high organic soil. An average of 175 mg of organic matter re- 

mained associated with the soil. 

The variance due to different organic matter concentrations in each group of six samples, both 

dissolved and soil-associated, was calculated. A comparison of the variances between groups using 

the Bartletts test showed that the organic matter content of soil-associated samples did not differ 

significantly from one another at the 95% confidence level. In addition, variance between groups 

containing dissolved organic matter did not significantly differ from one another at the 95% level. 

Therefore, autoclaved soil microcosms were determined to be homogeneous. 

4.9 Gel Permeation Chromatography 

Gel Permeation Chromatography (GPC), also known as size-exclusion chromatography was 

utilized to separate freely dissolved 2,4,6-TCP from HA-sorbed 2,4,6 TCP in solution. It is a liquid 

chromatographic technique which separates molecules according to size. The smaller molecules 

penetrate into the pores of the gel and take longer to elute from the column. If the molecules are 
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larger than a certain size, which is dependent on gel pore size, then the molecules cannot penetrate 

the pores. These larger molecules move through the column faster than the smaller molecules. 

This is the basis of size-exclusion chromatography; a short retention time indicates a larger mole- 

cule, and long retention time indicates a small molecule. 

Ideally no interaction occurs between the sample and the gel. The gel simply acts as a porous 

matrix containing mobile phase and the separation is effected by the ability of the sample molecules 

to gain access to the internal pores via diffusion through the gel pore network (Amy et a/., 1987). 

Thus the size and distribution of gel pores primarily determine retention and resolution. Size- 

exclusion chromatography is the preferred method for separating high molecular weight compo- 

nents (MW > 2000) from very low molecular weight components (Thurman, 1986). It is a 

recognized method for obtaining a preliminary sample fractionation for further analysis by other 

techniques. 

Separations achieved by GPC are related to hydrodynamic sizes of the molecules rather than 

molecular weight. Therefore, molecular properties such as charge, shape, and hydration can effect 

retention time of a molecule passing through the gel. Absolute molecular weight cannot be deter- 

mined using this method; however, an approximate or apparent molecular weight can be deter- 

mined (Amy et al., 1987). Molecular weight estimates are usually based on standard calibration 

substances such as biochemicals and synthetic chemicals. However, these substances can have 

markedly different properties then the humic substances used in these experiments. For this re- 

search, determining the exact molecular weight of the humic acid molecule was not necessary. 

Rather an approximate value indicating the overall size of the humic molecule was sufficient. 

A gravity flow column containing Sephedex G-25 gel was used to separate HA-sorbed 

2,4,6-TCP from unbounded 2,4,6-TCP. Aqueous samples were pipetted onto the gel and passed 

through the column (Figure 6). Dissolved humic acid concentrations in eluted fractions were 

measured on a Beckman DU-6 spectrophotometer by monitoring ultraviolet light absorbance at a 

wavelength of 240 nm. The concentration of '*C-2,4,6-TCP was measured independently of HA 

by scintillation counting using a Beckman LC 250 instrument to distinguish between the two 

compounds in the same sample fraction. Coelution of 2,4,6-TCP and HA peaks implied an asso- 
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ciation of 2,4,6-TCP with the HA. The eluted compounds were collected over time and analyzed. 

Deionized-distilled water was used as the eluent and the column flow rate was 2 ml/min. 

Other laboratory studies have used exclusion chromatography to examine contaminant 

binding to soluble sorbents. Hassett and Anderson (1979) used gel chromatography to separate free 

cholesterol from DOM-bound cholesterol with good results. Burns et al. (1973) used GPC to show 

that soil-derived humic material binds the pesticide paraquat. Hayes et al. (1968) found atrazine 

eluted from gel filtration columns earlier in the presence of dissolved fulvic acid preparations than 

those experiments conducted without it. 

4.10 Instrumentation 

Non-radiolabelled 2,4,6-TCP concentrations in the microbial growth flasks were monitored 

using either a Tracor 560 or a Hewlett Packard 5880A gas chromatograph equipped with a flame 

ionization detector. The carrier gas was nitrogen (24 cc/min) and the sample size was 2 ul. 

2,4,6-TCP was measured using a 2 meter x 2mm glass column packed with 1% SP 1240 DP on 

100/120 Supelcoport (Supelco, Bellefonte, PA). The injector port temperature was 150°C, the de- 

tector temperature was 225°C, and the oven temperature was 110°C for each instrument. 

Radioactivity was measured by liquid scintillation counting using a Beckman LC 250 instru- 

ment. Analyses were performed on ‘*C-labelled CO2, aqueous (1*C) samples and sorbed ('*C) 

samples. Radiolabelled CO, was trapped in the headspace gas using a small plastic cup containing 

100 yl of methylbenzylamine. This compound is an organic base which is a very efficient CO trap 

and causes minimal sample quenching. The entire cup containing the methylbenzylamine and 

14CQO, was added directly to 10 ml ScintiVerse BD scintillation cocktail (Fisher Scientific, 

Pittsburgh, PA) containing an additional 100 ul of methylbenzylamine. The additional base was 

necessary to prevent '*CO> losses during storage of the samples. 

Aqueous samples were monitored for total solution (1*C) activity, humic acid sorbed ('*C) 

activity, and freely dissolved (1*C) activity. For total ('*C) activity in aqueous samples, 100 pl of 
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sample was added to a 20 ml glass vial containing 10 ml of ScintiVerse BD. For HA-sorbed and 

freely dissolved ('*C) activity, 4 ml of aqueous sample were eluted through the Sephadex G-25 

column directly into 15 ml of ScintiVerse BOA. Solid samples, contained in microcentrifuge tubes, 

were added to 10 ml ScintiVerse BD containing 200 ul of methanol. 

Samples were stored for at least 4 hours before counting to reduce chemiluminescence. 

Correction for counting efficiency was by the external standard method (Horrucks, 1980) using the 

instrument’s radioactive source and a standard quench curve generated from the known activity of 

14C samples. Counting efficiency was generally 90%. Samples were counted until a fractional error 

of + 0.5 percent was achieved at the 95 percent confidence level, subject to a maximum allowable 

counting time of 10 minutes. 

Radiochemical purity measurements were performed on a Hewlet Packard (Model 1090M) 

high performance liquid chromatograph (HPLC) fitted with a diode array detector. Absorbance 

was monitored at 247, 294, and 316 nm with bandwiths of 10 nm. An Alltech Econosphere Cis 

column (250 mm x 4.6 mm i.d.) was used for all analyses. Column temperature was maintained 

at 40°C. Sample volume injection was 2 wL. The mobile phase consisted of a mixture of 70% 

methanol and 30% water. Mobile phase flow rate was 0.5 ml/min. 

4.11 Extraction Efficiency 

Solvent extraction was used to determine the mass of 2,4,6-TCP sorbed to the solid sorbents. 

A toluene-based scintillation cocktail (10 ml) which was augmented with 200 yl of methanol 

(HPLC grade) was used as the solvent. 2,4,6-TCP is very soluble in both methanol (Sg TCP/ml 

methanol) and toluene (3.5g TCP/ml toluene). Centrifuged soil samples were added directly to 

scintillation vials containing the solvent mixture and radioactivity in the whole sample was moni- 

tored over time. Figure 7 shows the response over time for extraction of '*C from a high organic 

soil sample. The amount of 2,4,6-TCP extracted into the solvent was a function of time. After 4 

weeks, radioactivity reached a maximum and remained at that level over time. Samples were placed 
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on a shaker table in an effort to reduce the time to reach maximum extraction and possibly improve 

overall efficiency, but a 4 week time period was necessary before maximum counts were obtained. 

It appears that the slow release of 2,4,6-TCP from soil containing a large fraction of organic matter 

is rate controlled, possibly by diffusion, desorption or both. 

Extraction efficiencies were determined for each of the four solid sorbents. Three different 

concentrations of 2,4,6-TCP were added directly to each sorbent, preweighted in microcentrifuge 

tubes, and allowed to equilibrate for 3 months. The mass of sorbent and the mass of 2,4,6-TCP 

added to each sorbent were in the same range expected during the study. Solid samples were 

centrifuged, added to the solvent cocktail and activity monitored. In general, extraction efficiency 

improved with increasing 2,4,6-TCP levels (Figure 8 and Figure 9). Extraction efficiency was a 

function of 2,4,6-TCP concentration for sand, low organic and high organic soil. Extraction effi- 

ciency for clay was fairly constant at 72%. Highest efficiencies were obtained for sand (70-77%) 

while lessor efficiencies were obtained for the subsurface soils (low organic = 62-70%; high organic 

= 58-68%). 
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Chapter 5 

Physical Characterization 

5.1 Sorption Kinetics 

The rate at which a chemical binds to a sorbent dictates to a large extent its distribution in 

the environment. Each sorbent will have its own binding affinity for each chemical. While the 

mechanism of the binding affinity may be unknown, the results of the interaction can be measured 

and relative affinities can be calculated. 

5.1.1 Solid Sorbents 

The rate of uptake of 2,4,6-TCP by different solid sorbents was evaluated by means of batch 

sorption microcosms. Total aqueous 2,4,6-TCP and sorbed 2,4,6-TCP were measured at each 

sample time. Figure 10 through Figure 12 reveal the sorption affinity of the 4 different sorbents 

for 2,4,6-TCP at 3 different initial 2,4,6-TCP concentrations. 
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(A) aqueous concentration, (B) sorbed concentration. 
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Figure 11. Sorption of 2,4,6-TCP onto four solid sorbents at an initial concentration of 560 yg/L: 
(A) aqueous concentration, (B) sorbed concentration. 
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Figure 12. Sorption of 2,4,6-TCP onto four solid sorbents at an initial concentration of 110 zg/L: 

(A) aqueous concentration, (B) sorbed concentration. 
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Most of the sorption of 2,4,6-TCP to each solid occurred rapidly. The sand sorbed very little 

total 2,4,6-TCP (< 1%) at all 2,4,6-TCP concentrations. The 2,4,6-TCP that sorbed to the sand 

did so within hours after it was introduced to the microcosm. Sorption of 2,4,6-TCP to clay was 

also limited (< 5% of initial mass) at all concentrations. Sorption was very rapid but the time to 

reach equilibrium in clay microcosms was longer than for sand alone. Sorption to clay continued 

for 7 days before equilibrium was reached. This is not surprising since the clay had more internal 

surface area than sand. Internal sites may become available for sorption as the 2,4,6-TCP diffuses 

into these areas. 

Complete sorption of 2,4,6-TCP to organic soils occurred over a much longer time than 

sorption to the mineral surfaces alone. A large percentage of 2,4,6-TCP sorbed relatively fast to the 

subsurface soils; however, a small fraction sorbed much more slowly. After the initially fast rate, 

the sorption rate gradually decreased in both high and low organic soils. This change in rate had 

been noted by other researchers (DiToro and Horzempa, 1982; Sugura et al., 1975; Isaacson and 

Frink, 1984), and had been modelled as a two-component system, fast and slow (Miller and Weber, 

1986; DiToro and Horzempa, 1982; Karikhoff and Morris, 1985). Results of this study indicated 

a change in the sorption rate over time; however, the rate during the first few days of contact was 

much greater than the rate after a seven-day contact time. To differentiate between the two regions 

of the curve, sorption was referred to as a two-phase process. The first phase (fast) indicated 

sorption which occurred during the first few days of contact with the sorbent while the secorid phase 

(slow) refered to sorption which occurred after a seven-day contact time. 

The slow sorption phase was a function of the amount of organic matter associated with the 

soil. Sorption to deep soil (5m), which had an organic matter content of 0.4%, continued for up 

to 28 days before equilibrium was reached. Greater than 90% of the total mass of 2,4,6-TCP which 

sorbed to this soil did so within 5 days after addition to the microcosm. The remaining 10% sorbed 

much more slowly. The slow sorption phase in the high organic soil was slower than that found 

in the low organic soil. Approximately 80% of the 2,4,6-TCP which sorbed to the high organic 

soil did so within 5 days. Sorption then continued very slowly and equilibrium was not achieved 

for 52 days. Twenty percent of the sorbable 2,4,6-TCP sorbed during the slow phase in high or- 
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ganic soil whereas < 10% slowly sorbed in the low organic soil. Most sorption in sand and clay 

microcosms occurred rapidly and little slow sorption occurred. Low organic soil had a longer slow 

sorption period than sand and clay but equilibrium was achieved much faster than the high organic 

soil. 

Karickoff and Morris (1985) and Di Toro and Horzempa (1984) have shown that part of the 

sorbing sites is readily accessible within hours, but part is less accessible with sorption times being 

on order of months. The sorption rate of the less accessible sorption 1s proportional to the square 

root of time. As pointed out by both authors, it is likely that slow diffusion within the organic 

coating of the sorbents is responsible for the delay. 

5.1.2 Humic Acid as a Sorbent 

Dissolved humic acid was also used as a sorbent for 2,4,6-TCP. Gel chromatography (size- 

exclusion chromatography) was used to separate free 2,4,6-TCP from HA-bound 2,4,6-TCP by 

molecular size. Small molecules, such as 2,4,6-TCP, followed a more torturous route through the 

column and, therefore, had long retention times. Large molecules, such as humic acid, were ex- 

cluded from internal pore spaces in the gel and, therefore, passed more quickly through the column. 

Humic-sorbed 2,4,6-TCP followed the behavior characteristics of the larger humic molecule and 

was excluded from the internal pores of the gel. 

Figure 13A shows a typical chromatograph for a humic acid solution passed through the gel 

column. Eluent from the column was collected over time and the presence of humic acid in each 

fraction was determined spectrophotometrically. Humic acid breakthrough occurred mainly in 

fractions 3-6 in the Sephadex G-25 column. 

An elution profile for a solution containing only 2,4,6-TCP is shown in Figure 13B. Because 

the 2,4,6-TCP is a much smaller molecule than humic acid, it eluted from the column mainly in 

fractions 16-26. Radiolabelled 2,4,6-TCP was analyzed separately from humic acid by scintillation 

counting. Radioactivity of 1*C was converted to mass using the specific activity of the ('*C) 

2,4,6-TCP. 
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Figure 13C depicts the chromatograph for a solution containing both 2,4,6-TCP and HA. 

The 2,4,6-TCP elutes from the column at two distinct intervals. The first peak (fractions 3-6) 

corresponds to the same retention time of that found for HA. This indicates that a portion of the 

2,4,6-TCP is held in association with the HA and travels through the column at the same rate as 

the HA. The second peak is the same as that found when 2,4,6-TCP alone is passed through the 

column and represents the unbound (free) 2,4,6-TCP in solution. 

The results indicate that dissolved humic acid can sorb 2,4,6-TCP, forming a second phase 

in solution. The amount of 2,4,6-TCP sorbed to dissolved humic acid varies with time. The 

changing distribution of 1000 ug/L 2,4,6-TCP in a concentrated HA solution (S00 mg/L) over time 

can be seen in Figure 14. The first peak at sample fractions 3-6 represents the HA-sorbed 

2,4,6-TCP while the second peak at sample fractions 16-26 represents the free 2,4,6-TCP in sol- 

ution. The concentration of HA-sorbed 2,4,6-TCP increased over the 30 day period. After one 

day, approxiately 8% of the initial 2,4,6-TCP added to the microcosms was found sorbed to the 

HA. Twenty-nine days later the distribution had changed and the sorbed 2,4,6-TCP level increased 

to about 12%. A corresponding decrease in free 2,4,6-TCP was observed. 

The time dependency of 2,4,6-TCP sorption to HA is demonstrated in Figure 15. Greater 

than 60% of 2,4,6-TCP sorption occurs within hours after addition to the dissolved humic acid. 

As in the surface soil microcosms, the overall sorption rate decreased with time. The time necessary 

to reach equilibrium in microcosms containing dissolved humic acid decreased with decreasing HA 

concentration (Figure 16). Equilibrium was achieved in 25 days in 500 mg/l HA but took less than 

five days in a 20 mg/l HA solution. The time to reach equilibrium was much faster in microcosms 

containing only dissolved organic matter than in subsurface microcosms containing soil-associated 

organic matter. 

Researchers have attributed different mechanisms to explain differences in sorption rates of 

non-polar compounds to various sorbents. Karickhoff and Morris (1985) presented the two- 

compartment model and the diffusion model to explain sorption kinetics of hexachlorobenzene 

while Miller and Weber (1986) presented the dual-resistance model for lindane and nitrobenzene. 
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Figure 15. Sorption of 2,4,6-TCP to dissolved humic acid over time. 
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A two-step process in which sorption sites are grouped by their availability and affinity for the 

sorbate molecules can explain the observed results. 

5.2 Sorption Equilibrium 

As noted in Chapter 2, the transport of organic chemicals is influenced significantly by inter- 

actions with aquifer solids, and both the extent and rate of sorption are important to solute fate. 

Sorption rates, whether chemically or physically limited, are themselves dependent on the ultimate 

capacity of the solids for the given solute. Determination of this ultimate capacity requires that 

measurements of solute distribution between the solid and aqueous phase be made under equilib- 

rium conditions. Under such conditions solute concentrations in the aqueous and sorbed phases 

will not change with additional contact time. The time required for such equilibrium to be attained 

is a function of sorption rate, as specifically addressed in the previous section. In this section, the 

solute distribution at equilibrium is considered. 

Equilibrium isotherms were explored for the four solid sorbents and the dissolved humic acid 

sorbent. 2,4,6-TCP sorption was studied over a range of aqueous concentration from 100-1200 

ug/l. Isotherms were determined by measuring 2,4,6-TCP in both the aqueous and solid phases. 

Mass balances in equilibrium studies ranged from 92 to 103% of the initial 2,4,6-TCP added to each 

microcosm. 

Precision in analysis of the aqueous phase 2,4,6-TCP activity was determined by repeated 

counting of samples over time. Precision of the aqueous phase was determined to be greater than 

98%. Precision in analysis of the sorbed phase 2,4,6-TCP concentration was determined by 

counting 8 samples with known activity. Solid phase precision was determined to be 92%. 
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5.2.1 Sand and Clay 

Results of the equilibrium sorption study in sand and clay microcosms are shown in 

Figure 17. The isotherms followed the Freundlich (1929) equation: 

q = (K\(C)" 

where q is the concentration of 2,4,6-TCP sorbed at equilibrium, C is the concentration of 

2,4,6-TCP in solution at equilibrium, K is an indicator of sorption capacity and n indicates sorption 

intensity (Weber, 1972). The data had been fitted to a logarithmic form of the equation: 

log q = log K + nlogC 

to graphically determine values for the constants K and n. The results suggested that the sorptive 

capacity of sand was very limited, was easily saturated even at very low 2,4,6-TCP concentrations, 

and equilibrium was rapidly achieved. The sorption capacity of clay was greater than that of sand. 

The mass of 2,4,6-TCP sorbed by clay can be as much as five times greater than that of sand. Thus, 

small amounts of clay within a sandy aquifer can significantly retard the movement of contaminants 

within a groundwater system. 

5.2.2 Subsurface Soils 

The two subsurface soil samples collected at the Harwoods Mill site contained significantly 

different amounts of organic matter. The surface soil contained a large amount of organic matter 

(2.2%) while the deep soil contained much less (0.4%). Although the deep soil contained a small 

amount of organic matter, that amount was significantly higher than the sand and clay samples 

which contained little or no organic matter. Because of the importance of organic matter on 

sorption, isotherms for these materials were studied more closely than the mineral sorbents. Five 

lesser concentrations of 2,4,6-TCP were used (25 yg/l - 500 ug/l) and the maximum concentration 

was initially reduced. 
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Equilibrium isotherms are presented on an arithmatic scale for the subsurface soils in 

Figure 18. Both isotherms are linear in the concentration range studied and follow the form: 

q = (K\(C)" 
where the coefficient n is equal to one for these cases. As can be seen from the plot, the high or- 

ganic soil has a greater capacity for 2,4,6-TCP than the low organic soil. The distribution coeffi- 

cient (K = slope of lines) for the high organic soil is approximately a factor of four greater than 

that of the low organic soil (Table 6). This indicates that a greater amount of 2,4,6-TCP will sorb 

to the high organic soil than the low organic soil. . 

Greer (1989) found that high organic soil preferentially sorbed a greater mass of 2,4-D than 

a low organic soil and attributed this to the large surface area and numerous ion exchange sites of 

the organic matter rather than to other soil characteristics. Preferential sorption of non-polar con- 

taminants to high organic matter soils was consistent with that reported by other researchers 

(Schwartz, 1967; Wilson and Cheng, 1973; Grover, 1973; Moreale and Van Bladel, 1980). 

The data can be normalized for organic carbon content using the following equation: 

Koc = (K)(foc) 

where foc is the fraction of organic carbon associated with each sorbent. The normalized distrib- 

ution coefficient for the low organic soil (Koc = 435) is higher than the value for the high organic 

soil (Koc = 300). A difference in sorption capacity, as indicated by different Koc values, demon- 

strates a change in sorption characteristics within the organic matter for the two soils. If parti- 

tioning alone were the mechanism responsible for sorption, these values would be very similiar. 

Organic matter associated with low organic carbon soils appears to be more effective in binding 

organic solutes. Differences may be due to structural composition of the organic matter between 

soils or to binding characteristics of the organic matter to the mineral surface. 

Other researchers have shown increasing Koc values with decreasing organic matter content 

in soils (Banwart et al., 1980; Isaacson and Frink, 1984). The type and/or character of the organic 

matter was believed to differ between each sorbent sample in both studies. Zachara et al. (1989) 

found Koc values decreased with increasing humic acid concentration for sorption of carbazol to 

humic-coated peat moss and attributed this to different interfacial configurations in which the 
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Table 6. Distribution coefficients of 2,4,6-TCP for organic soils and dissolved humic acid. 

  

  

Sorbent K ORGANIC Kan 
(cm’/g) MATTER (cm?/g,.,) 

(%) 

Low Organic Soil 1.74 0.4 435 

High Organic Soil 6.60 2.2 300 

Humic Acid 

20 mg/L 1067 97 1100 

50 ng/L 981 97 1011 

100 mg/L 649 97 669         
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humic molecules could exist. The authors believe that different humic acid configurations can have 

different sorption capacities for the sorbate. 

The distribution of organic matter on a mineral may be an important parameter in the 

sorption of non-polar contaminants to environmental sorbents. A thin organic coating that is 

evenly distributed on a mineral surface would be expected to be bound differently than a thick or- 

ganic coating. Strong, short-range forces (Van der Waals) could effectively immobilize the organic 

coating and limit conformational changes of the organic molecules. Organic matter which is more 

distant from the solid surface could move more freely and form areas which are unavailable to 

sorbate molecules. In addition, the organic matter may also compete for some of the binding sites, 

thereby reducing the total number of sites available to the sorbate molecules. 

5.2.3 All Solid Sorbents 

Comparing the sorption isotherms for all four solid sorbents (Figure 19), results in the fol- 

lowing order of sorption capacities for 2,4,6-TCP: high organic soul > low organic soil > clay > 

sand. From this plot it is apparent that 2,4,6-TCP sorption to sand and clay is minimal when 

compared with sorption to organic-containing soil. The sorption sites offered by sand are limited 

and consist of little more than a non-aqueous phase in which a non-polar compound can leave 

solution. Since 2,4,6-TCP is a relatively soluble non-polar compound the thermodynamic forces 

associated with the liquid solid interface apparently are not sufficient to drive 2,4,6-TCP from sol- 

ution onto that surface to any great extent. 

The clay surface acts very similar to the sand. The sorption capacity of the clay is greater than 

sand due in part to the increased surface area available for sorption. The main properties affecting 

the adsorption capacity of clays are considered to be the available surface area and cation exchange 

capacity, as well as hydration status and surface acidity (Greenland, 1965). The overall sorption 

capacity of clay compared to soils which contain some organic matter is quite limited. It appears 

that even a small amount of organic matter (as that found on the low organic soil) will have a 

greater impact on sorption of 2,4,6-TCP then mineral surfaces alone. Other researchers have found 
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that non-polar chemicals have a greater affinity for organic than for mineral surfaces. Saltzman et 

al. (1972) found that the pesticide parathion adsorbed preferentially to organic surfaces over mineral 

ones. Huang et al. (1984), investigating the sorption of atrazine to size fractioned soil, found that 

organic matter was responsible for most of the uptake in all fractions. 

5.2.4 Humic Acid 

In order to determine the effectiveness of organic matter as a sorbent for 2,4,6-TCF, humic 

acid (97% carbon) was extracted from the shallow soil used in the previously described experiments. 

The humic acid extraction procedure was described in Chapter 4. In this set of experiments 

sorption of 2,4,6-TCP to organic material in the absence of a solid support was evaluated. It was 

believed that if organic matter was the dominant material controlling sorption to solid surfaces, then 

it would also be an effective sorbent in solution. 

Isotherms were determined for three humic acid concentrations (20, 50 and 100 mg/l) and 

four 2,4,6-TCP concentrations (100, 250, 500, 1000 ug/l). The stock humic acid solution was fil- 

tered before use to remove the solids and diluted to the appropriate concentration. A total organic 

carbon analyzer measured the aqueous carbon concentrations. 

The sorption capacity of 2,4,6-TCP for dissolved HA is demonstrated by the equilibrium 

isotherms in Figure 20. The isotherms are linear and follow the form q = KC where q is the 

2,4,6-TCP sorbed to HA (ug/g), C is the equilibrium concentration of the free 2,4,6-TCP (ug/L), 

and K is the distribution coefficient. The mass of 2,4,6-TCP sorbed to HA is exceedingly large 

compared to the solid sorbents. A comparison of the weakest HA sorption isotherm (100 mg/L) 

and the isotherm for the high organic soil (Figure 21) reveals the increased sorption affinity of 

2,4,6-TCP for sorbents with increasing organic matter content. The distribution coefficients for 

each isotherm are listed in Table 6. The HA is 97% organic matter whereas the soil is 2.2% organic 

matter. Distribution coefficients for the humic acid are over two orders of magnitude greater than 

the K value found for high organic soil. The fact that the humic acid has a much greater capacity 

than the other sorbents is not surprising since it consists mostly of organic carbon. 
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The most interesting observation is that the sorption capacity remains very high when the 

organic matter (HA) is in the solution phase only and is no longer associated with the solid surface. 

The binding of organic contaminants to naturally-occurring dissolved organic macromolecules can 

alter the physical and chemical characteristics of the contaminant. Indeed, the biological fate of 

2,4,6-TCP is very much effected by sorption to dissolved HA as discussed in Chapter 6. 

Distribution coefficients for the sorbents containing organic matter can be normalized for 

100% OM by adjusting for the non-organic material. The following equation was used to deter- 

mine normalized distribution coefficients for the soil and humic acid sorbents: 

Kom = K/fom 

where fom is the fraction of organic matter associated with the sorbent. Kom values for each 

sorbent are listed in Table 6. Kom values for humic acid are in general agreement with Koc values 

found by Schellenberg et al. (1979) for 2,4,6-TCP. Those investigators reported Koc values ranging 

from 830 cm?/goc to 1310 cm?/goc with a mean value of 1070 cm?/goc. Results observed in this 

research range from 669 cm?/goc to 1100 cm?/goc with a mean of 927 cm?/goc. However, Kom 

values found for subsurface soils are much less than those reported by Schellenberg et al. (1979). 

Soil Kom values were 300 cm?/goc (high organic) and 435 cm?/goc (low organic ). 

The lowest Kom value was associated with the high organic soil. The HA samples (97% 

organic carbon) had the highest Kom values; however, Kom values for HA varied with total HA 

in solution. Kom values increased with decreasing HA concentration. Comparing only the high 

and low organic soils, the same trend is indicated. That is, the Kom value decreases with increasing 

soil organic matter concentration. The trend of decreasing Kom values with increasing DOM 

concentration observed in this research has been reported by others. Carter and Suffet (1982) found 

partition coefficients for non-polar organic compounds decreased with increased HA concentration 

and attributed it to possible analytical difficulties. Landrum et al. (1984) also found that partition 

coefficients for non-polar organics decreased with increased humic acid. The authors suggested that 

conformational changes in the HA structure with increasing concentration could alter pollutant 

binding. They also suggested that HA molecules may compete with organic pollutants for binding 

sites. The decrease in Kom and Koc with increasing organic material found in all three studies, each 
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using a different analytical approach, indicate that changing HA binding characteristics may be re- 

sponsible for the observed results rather than experimental anomalies. 

5.3 Discussion of Binding of 2,4,6-TCP to Organic Matter 

A problem arose during experiments involving high concentrations of dissolved hurnic acid. 

At high HA concentrations (500 mg/l), “floc” particles readily formed and these solid HA particles 

appeared to be important in the sorption of 2,4,6-TCP. That is, a slow sorption rate becarne more 

apparent with increasing dissolved humic acid concentration. In microcosms containing visible 

HA floc particles, sorption kinetics could be described as a two-phase system, fast and slow. This 

is similiar to the rates found in high organic soils. The floc particles apparently form an environ- 

ment which reduces the accessibility of a number of sorption sites. Conformational changes in 

structure could explain this reduced accessibility of sorption sites. The fact that this material forms 

a second phase which is no longer in the dissolved state indicates that the overall hydrophobicity 

has changed. | 

It is believed that the floc which formed during these experiments is composed of humic acid 

micelles which form at high concentrations. A micelle is an aggregate of molecules formed through 

self-association in the bulk solution (Kile and Choiu, 1989). Surfactants have been shown to 

readily form these aggregates (Atwood and Florence, 1983) and humic acids possess surfactant 

properties (Khan, 1980; Hassett and Anderson 1982). The change in binding characteristics with 

increased dissolved humic acid concentration in this research is believed due, in part, to conforma- 

tional changes of the humic acid molecules due to their surfactant characteristics. 

Surfactants are characterized by two distinct regions, hydrophobic and hydrophillic, which 

exist within these molecules. The hydrophobic tails of the molecules compose the core of the 

micelle, which is shielded from the surrounding solvent by a shell consisting of the hydrophillic head 

groups (Atwood and Florence, 1983). Humic acid contains hydrophobic sites such as alkyl chains 
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and hydrophillic sites such as carboxylic acid and hydroxy] groups (Christman and Ghasserni, 1966) 

and could therefore behave in a similar mannor. 

According to the conventional phase-separation model for surfactants in aqueous solution 

(Shinoda and Hutchinson, 1962), surfactants are assumed to exist in a monomeric state below the 

critical micelle concentration (CMC). The CMC is the minimum surfactant concentration which 

allows the formation of micelles. Above the CMC, the concentration of monomers remains con- 

stant while the excess surfactant leads to the formation of micelles. 

Recently, researchers have found that materials having surfactant properties can interact with 

non-polar chemicals at concentrations below the CMC (Kile and Chiou, 1989). Studies on solute 

solubility enhancement by dissolved organic matter have shown that the apparent water solubility 

of some water-insoluble organic solutes can be significantly enhanced by low concentrations of 

fractionated humic and fulvic acids including those having high polar group contents (Carter and 

Suffet, 1982; Chiou et al., 1986; Chiou et al., 1987). These enhancement effects were attributed to 

a partition-like interaction of solutes with localized non-polar regions of dissolved organic macro- 

molecules (Chiou et al., 1986; Chiou et a/., 1987). The interaction of a solute with a surfactant can 

be used as an indicator of relative sorption. Enhanced solubilization of non-polar chemicals in the 

presence of surfactants can be related to the sorptive interaction between the two molecules. 

| The effect of surfactant concentration on sorption kinetics becomes more pronounced as the 

CMC is approached and the micelle formation potential increases. In this research, the time to 

reach sorption equilibrium increased with increasing humic acid concentration. This is believed due 

to an increased formation of less accessible sorption sites with increasing humic acid concentration. 

As more and more humic molecules interact, a larger non-polar environment becomes established 

but steric hinderances limit the availability of some of these sites. Internal sorption sites are initially 

unavailable to bulk solution molecules. However, access to these sites increases with time as bulk 

solution molecules diffuse into internal areas. Such a mechanism explains the increased time to 

reach sorption equilibrium in the floc containing microcosms. Lessor concentrations of humic acid, 

below the CMC, forms monolayers in solution. Non-polar regions within these monolayers are 

more accessible than in non-polar regions of solid phase micelles due, in part, to the shorter distance 
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and fewer steric interferences to overcome. As the humic acid concentration increases, conforma- 

tional changes in the layers due to charge effects limit the availability of more non-polar sorption 

sites. This slows the sorption rate, causing the time to reach equilibrium to increase with increasing 

humic concentration. Kile and Chiou (1989) found that the interaction of DDT with non-ionic 

surfactants is related to the size and intensity of the non-polar interior of the micelle and to the 

accessibility of this inner core to the organic solute. 

Such a mechanism would not only explain 2,4,6-TCP sorption to to dissolved humic acid 

but also help explain the slow sorption observed in the high organic soils. The difference in 

sorption rates between low and high organic soil may be due to the same mechanism which causes 

differences in kinetic rates between low and high solution humic acid concentrations. The avail- 

ability of initially unaccessible sorption sites through diffusion may limit the time necessary to reach 

equilibrium in both systems. Ball (1989) found that soils containing a very limited fraction of or- 

ganic matter (< 0.1%) possessed a high affinity for sorption of trichloroethylene and attributed this 

to readily accessible sorption sites due to thin organic coatings. High organic soils may contain 

thicker organic coatings into which non-polar molecules can diffuse. 

The differences in slow sorption between solution phase humic micelles and solid phase soil 

organic matter may be due to molecular configuration of the organic sorbent. Conformational 

changes in humic molecules in solution or suspended in solution can occur more freely than mol- 

ecules associated with a solid surface. The solid surface can be expected to apply some constraint 

to conformational changes and can therefore effect the availability of sorption sites. Zachara et al. 

(1989) believe that adsorbed humic substances adopt different interfacial configurations on different 

mineral surfaces, and that these conformational aspects are important to hydrophobic organic 

compound sorption. Wijayaratne and Means (1984) found that differences in sorption rates ex- 

hibited by dissolved organic matter and soil organic matter for polyaromatic hydrocarbons may be 

related to differences in positional availability of sites for hydrophobic bonding and charge density 

separations on the sorbent. 
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5.4 Desorption 

The desorption of sorbed 2,4,6-TCP into solution becomes very important if one assumes 

that substrate is utilized by microorganisms only in the freely dissolved state. The rate of desorption 

may dictate the rate of microbial degradation of a compound. Therefore, while the adsorption ca- 

pacity is important in order to determine the reservoir of substrate bound, the desorption kinetics 

play an important role in determining the bioavailability of the substrate. The purpose of these 

experiments is to determine the rates of release of sorbed 2,4,6-TCP from each sorbent such that 

rate comparisons with biodegradation results can be evaluated to determine if biodegradation of 

bound substrate is desorption-controlled. 

Desorption of 2,4,6-TCP was evaluated by consecutive washing of the sorbents. Solids, ob- 

tained from the equilibrium adsorption studies, were transferred to 50 ml polycarbonate tubes, 

centrifuged, and the liquid supernatant decanted. The tubes were refilled with detonized-distilled 

water, sealed, vortex-mixed, and placed on a shaker table set at 100 cycles/min. Tubes were re- 

moved from the shaker table at various time intervals and the procedure repeated. Supernatant 

samples were analyzed for the presence of radiolabelled 2,4,6-TCP. 

The desorption of 2,4,6-TCP from sand was rapid and complete within five washings 

(Figure 22). This trend was similiar to that found during the adsorption studies. However, it was 

difficult to make direct comparisons between adsorption and desorption rates due to the different 

methods used in each study. The desorption rate, as determined by fill and draw water extractions, 

was a function of the frequency of washings and the time between washings. A sampling schedule 

in which 2,4,6-TCP desorption was measured on a daily basis was used to minimize variability in 

data interpretation. Sharom eft a/. (1980) found that the extent of insecticide desorption from sand 

during successive water rinses indicated the ease of release of these compounds from the adsorbed 

state. The authors found that the amount of contaminant which desorbed from sand was propor- 

. tional to its water solubility. Desorption of 2,4,6-TCP from clay was also rapid and similar to the 

adsorption trend (Figure 23). Kaolinite is a non-expanding clay with limited internal surface area. 

2,4,6-TCP, sorbed to either mineral sorbent, appeared to be accessible to the bulk solution and was 
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readily removed from these materials. However, complete desorption of 2,4,6-TCP from clay was 

on the order of days while complete desorption of 2,4,6-TCP from sand was on the order of hours. 

Complete desorption from low organic soil was much slower than that of the mineral surfaces 

alone. Most of the sorbed 2,4,6-TCP desorbed rapidly; however, a small portion desorbed at a 

much slower rate (Figure 24). This slower rate was much more apparent in the high organic soil 

and appeared to be a function of the organic matter content of the soil. Desorption from high or- 

ganic soil occurred in two phases, fast and slow (Figure 25). The total mass of 2,4,6-TCP desorbed 

during the slow phase for the high organic soil was much greater than that desorbed from the low 

organic soil. Approximately 5% of the sorbed 2,4,6-TCP slowly desorbed in the low organic soil 

while 15% slowly desorbed from high organic soil. 

Other researchers have observed fast and slow desorption rates. Karickhoff and Morris (1985) 

found desorption of hexachlorobenzene in soil and suspended sediments could be described by a 

two-compartment linear model that distinguishes a rapid sorption component and a resistant 

component. The researchers found that the final 10% of the adsorbed compound required more 

time to desorb than the first 90% from soils. Speitel and DiGiano (1987) used granular activated 

carbon columns to demonstrate that substrate sorbed to outer portions of the GAC particles was 

readily available to microorganisms via rapid desorption. The authors found that the majority of 

adsorption occurred within the carbon pores and the availability of this material was limited by 

diffusive transport resistance from interior sorption sites to outer sites. Oliver (1985) studied the 

long-term desorption of three halogenated aromatics from contaminated sediments, and also found 

rapid initial desorption with a dramatic decrease in rate after the first several days. 

It is believed that the fast and slow desorption rates observed in the research are a function 

of the accessibility and binding affinity of sorption sites to the sorbate. Sorption sites, which are 

accessible to the bulk phase solution, can readily release the sorbate into solution. Adsorption and 

desorption of 2,4,6-TCP appears to occur mainly at these readily accessible sites. The mineral 

surfaces used in this study contained few internal sorption sites. 

The release of sorbed 2,4,6-TCP was influenced by the amount of organic material associated 

with the particle. A direct comparison of 2,4,6-TCP desorption from each sorbent is given in Fig- 
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Figure 22. Desorption of 2,4,6-TCP from sand. 
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Figure 25. Desorption of 2,4,6-TCP from high organic soil. 
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ure 26. The number of washings needed to reach background radioactive counts increased with 

increasing organic matter content of the sorbent. High organic soil sorbed a much greater mass of 

2,4,6-TCP than low organic or mineral sorbents. The fraction of 2,4,6-TCP which slowly desorbed 

was also much greater in high organic soil than in the other sorbents. Steinberg and Sawhney 

(1986) and Pignatello (1988) observed that desorption of 1,2 dibromomethane occurred in different 

stages and that the fraction which did not readily desorb increased with increasing organic matter 

content of the soil. 

The distribution of organic matter on a particle surface may also be an important parameter 

in the desorption of non-polar compounds from soils. Thick organic coatings on the solic surface 

may present more internal sorption capacity. Release of sorbed contaminants from these internal 

sites are more likely to be diffusion-controlled. Such a mechanism would slow the release of con- 

taminant molecules back into solution. However, some researchers have found that diffusion alone 

does not adaquately describe slow desorption of non-polar contaminants from organic soils. 

Isaacson and Frink (1984) found that desorption of chlorinated phenolic compounds from sediment 

organic matter was slower than adsorption in most cases. Deviations in the isotherms corresponded 

to a fraction of sorbate being irreversibly held. Similiar kinetic effects have been observed for the 

sorption of various hydrophobic compounds to soils and sediments (Schwarzenbach and Westall, 

1981). Di Tiro and Horzempa (1982) postulated that the process of adsorption-desorption can be 

described successfully if the sorbed compound is assumed to be composed of two components. 

The first component readily adsorbs and desorbs reversibly while the second component resists 

desorption and may not ultimately desorb. They suggest that this behavior is a function of the 

strength of the sorbent-sorbate interaction. 

Some researchers have found that desorption is a function of contact time or aging. That is, 

the longer a sorbate has been in contact with the sorbent, the longer the slow desorption rate. 

McCall and Agin (1985) observed that desorption rates of picolam (an organic pesticide) became 

increasingly slow as sorptive equilibrium tyme was increased. Coates and Elzerman (1986) con- 

ducted purge release experiments of PCBs from sediments and observed that desorption decreased 

with increasing time of prior exposure. Steinberg et a/. (1987) found that freshly added ethylene 
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dibromide (EDB) was rapidly removed from soil whereas EDB which had been on the soil was 

removed much more slowly. 

The data indicate that slow desorption of 2,4,6-TCP from high organic soil is slower than 

slow adsorption to the same sorbent. Slow desorption of non-polar compounds has been observed 

by many researchers and, although many hypothesis have been offered, not one has been successful 

in finding a general description. The work performed with organic matter, both associated with a 

surface and in solution in the form of micelles, indicates that slow release of sorbed 2,4,6-TCP is 

probably due to both diffusion and changing binding affinities within the sorbent. In either case, 

the desorption of hydrophobic pollutants can be a slow process, thereby limiting the availability 

of these materials for microbiol degradation. 

5.5 Equilibrium Model 

Equilibrium distribution coefficients (normalized for organic matter content) have been cal- 

culated for a four phase equilibrium model (Figure 27). The sorption capacity of the sorbents 

studied for 2,4,6-TCP were ranked in the following order: dissolved humic acid > soil organic 

matter > mineral surfaces. The distribution coefficient for dissolved humic acid decreased with in- 

creasing humic acid concentration. In addition, the coefficients for soil organic matter also de- 

creased with increasing organic matter content. That is, the coefficient for high organic soil was 

lower than that for low organic soil. This trend indicates that the sorption characteristics of the 

organic material, whether in solution or sorbed to a solid, change with concentration. Such changes 

are believed due to alterations in the molecular configuration of the sorbent molecule as previously 

discussed. 

The distribution of 2,4,6-TCP in microcosms containing high organic soils can be evaluated 

using organic matter as the controlling parameter. From experiments reported in the Sample Var- 

iability section in Chapter 4, 184 mg of organic matter was initially associated with the soil. An 

average of 9 mg of organic matter were released from the soil into solution. If the dissolved organic 
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matter had the same sorption affinity for 2,4,6-TCP as the dissolved humic acid, then the 

2,4,6-TCP/DOM complex would account for 8-10% of the total 2,4,6-TCP initially introduced into 

the system. Approximately 30% of the 2,4,6-TCP would be sorbed to the high organic soil of 

which <1% of this would be due to mineral sorption. Approximately 60% of the 2,4,6-TCP 

would remain freely dissolved in solution at equilibrium. 

The time necessary to reach equilibrium varied with each sorbent in the system. A small 

fraction of 2,4,6-TCP was rapidly sorbed to clay surfaces which were exposed to the bulk solution. 

Sorption to non-expanding clay (or sand) was very rapid and equilibrium within these phases was 

quickly achieved. Free 2,4,6-TCP also sorbed to the soil organic matter very rapidly; however, the 

sorption rate decreased over time as organic matter concentration increased. A large fraction 

(> 50%) of the 2,4,6-TCP which ultimately sorbed to high organic soil was sorbed within 24 hours. 

An additional 30% was sorbed in 5 days. Sorption then continued at a slower rate until equilibrium 

was achieved (~60 days). The length of time during the slow phase sorption was a direct function 

of the soil organic matter content. That is, as soil organic matter content increased, so did the time 

to reach equilibrium. Slow sorption was also observed in solution as dissolved humic acid con- 

centrations increased to the point where solid phase floc particles formed. 
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Chapter 6 

Biodegradation 

The objective of the research presented in this chapter was to examine the availability of 

2,4,6-TCP for biodegradation by Pseudomonas aeruginosa. More specifically, the bioavailability 

of 2,4,6-TCP in each phase described in the four phase equilibrium model outlined in the previous 

chapter was examined. Results from the previous chapter were used to determine how physical 

processes, particularly adsorption and desorption, influence biodegradation. In addition, 

quantification of the equilibrium distribution of 2,4,6-TCP in the presence of each sorbent was a 

necessary starting point for the biodegradation study. 

Klecka (1985) has divided the biodegradability of organic compounds into four basic catego- 

ries based on the microbial response. The first category consists of those compounds which are 

recalcitrant, that is, not readily degraded even after long time periods (Alexander 1975). The second 

category of compounds includes those which are used by the microbes as a source of carbon and 

energy. The third category encompasses compounds for which a lag or adaptation period is re- 

quired prior to biodegradation. The final category includes compounds which require more than 

one group of microorganisms for complete biodegradation. This research deals with the second 

category in which P. aeruginosa use 2,4,6-TCP as the sole carbon and energy source. 
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From an environmental engineering perspective, it is important to determine the extent to 

which a compound can be utilized as a carbon and energy source. The USEPA (1982) has reported 

that most organic compounds are biodegradable to some extent. The important question to be 

answered is not so much if a compound can be biodegraded but rather under what conditions can 

it be biodegraded. 

The physical state in which a substrate exists can have an important effect on its 

biodegradation potential. Only a fraction of the total amount of pollutant in a contaminated soil 

may be available for degradation at any given time due to sorptive constraints. That is not to say 

that extensive degradation cannot occur, but it may occur at a significantly slower rate than would 

be predicted from aqueous culture alone. 

The bioavailability of 2,4,6-TCP in each phase in which it can exist in soils (free in solution, 

sorbed to dissolved organic matter, sorbed to a mineral surface, and sorbed to soil organic matter) 

was investigated to determine the effect of physical form on biodegradation. Biodegradation was 

evaluated by monitoring '*CO. production, loss of substrate from solution, and loss of substrate 

from solids. By measuring these parameters, a mass balance could be performed at any time during 

an experiment. Mass balances ranged from 87-104% during biodegradation experiments. Recov- 

eries were very good considering the complex nature of the systems. 

6.1 Biological Processes 

The complete oxidation (mineralization) of an organic chemical results in the production of 

CO, and H,0. The production of these products is the ultimate goal in reducing toxicity of a 

contaminant in any engineered system. It is important, therefore, to distinguish what percentage 

of a substrate can be converted to these end products. Radiolabelled CO2 was collected to deter- 

mine the percentage of 2,4,6-TCP which can be mineralized. Collection of CO2 does not represent 

total biodegradation since some carbon gets incorporated into cell biomass or converted into solu- 

ble metabolic byproducts. Many researchers have related the collection of CO, to biodegradation 
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of organic compounds because of difficulties in measuring the production of cell biomass and/or 

metabolic byproducts. In this research, '*CO, was collected to determine aerobic respiration. The 

mass of radiolabelled carbon associated with the biomass was measured independently and com- 

bined with the ‘*C respiration mass to yield total biodegradation. Due to analytical difficulties, 

metabolic by-products could not be included in total degradation calculations. Therefore, total 

biodegradation measurements were somewhat less than actual biodegradation. 

6.2 Collection of Total '*CO2 

Radiolabelled CO2(gas) was collected during incubation of P. aeruginosa at various sampling 

times. Additionally, dissolved '*CO, in solution was determined and combined with the 

14CO,(gas) to yield total mineralization. Collection of aqueous '*CQO, was initially performed by 

sacrificing the microcosm with the addition of H,SO, to a pH of 2. The '*CO; produced was 

trapped as '*CO;-* in a center well containing a strong basic solution. However, sacrificial 

microcosms generated a substantial quantity of radioactive waste from non-volatile, undegraded 

(74C)-2,4,6-TCP. In addition, this technique required numerous replicate microcosms to be.es- 

tablished at the beginning of each experiment. Because of space limitations on the shaker table and 

in the radiolabelled ventilation hood being used, only a limited number of sorbents and 2,4,6-TCP 

concentrations could be studied at any time. To overcome these limitations, an additional method 

in which aqueous '*CO, was determined in subsamples taken from each microcosm at every 

sampling date was used (Figure 28). 

The concentration of '*CO, in solution was calculated as the difference between total and 

nonpurgeable '*C measurements of aqueous samples. 

14CO, (aq) = 1“C (total) - ?*C (nonpurgeable) 

Two 500 ul aqueous subsamples were removed from each microcosm and centrifuged for 2 minutes 

at 13000 x g to remove bacteria and other settable particles. A 250 ul aqueous sample was obtained 

from one sample and measured for total aqueous '*C. The supernatant of the second sample was 
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decanted into a 1.5 ml centrifuge tube, acidified with H2SO., and purged with N2 for 5 minutes. 

A 250 yl aqueous sample was then counted for '*C-radioactivity. Aqueous '*CQ, was calculated 

as the difference between the two samples. Determination of soluble '*CO, using subsamples al- 

lowed for continuous sampling of the microcosm over time, minimized sample variability, allowed 

for long term monitoring, and minimized waste production. 

In addition to biologically active microcosms, '*C was collected in control microcosm con- 

taining (**C)-2,4,6-TCP but no bacteria to determine abiotically produced **CQ2 or volatilized 

2,4,6-TCP. Controls were sampled at the same time as active microcosms and !*C in controls was 

subtracted from active systems to yield biologically-produced **CQp. 

6.3 Effect of Inoculum Concentration on Mineralization 

The impact of inoculum concentration on the mineralization of 2,4,6-TCP was evaluated by 

adding two different quantities of microorganism. The first was a concentrated inoculum, the sec- 

ond was a 1:100 dilution of the concentrate. The diluted and undiluted cultures were added to 

different microcosms (triplicate runs) containing the same mass of (!*C)-2,4,6-TCP. 

Mineralization in the diluted culture exhibited a short, but significant, lag phase before rapid 

mineralization occurred (Figure 29). For the purposes of this research, lag phase and adaptation 

period are defined as the time necessary to maximize microbial growth. No adaptation period was 

observed in the undiluted microcosms. Mineralization was immediately apparent and rapid. The 

adaptation process involves an increase in the number of organisms in the degrading population 

(Spain et al. 1980). Wiggins et al. (1987) suggested that the adaptation period reflects the time 

necessary for multiplication of the initially small population of active organisms to a critical level. 

Apparently, the critical cell level necessary to omit the lag phase was reached in the undiluted 

inoculum but not in the diluted inoculum. Mineralization proceeded with no adaptation period 

with the undiluted inoculum which contained more 2,4,6-TCP degraders. It should be noted that 
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total mineralization with each inoculum was the same (~58%) and mineralization rates were similar 

after the lag period. 

In order to avoid any initial lag phase in mineralization, the concentrated inoculum was used 

for all subsequent experiments. In this way, mineralization rates could be compared on a relative 

basis as long as the initial bacteria concentration remained constant. In order to minimize vari- 

ability in bacteria numbers and stage of growth, the same procedure was followed during the 

preparation of Pseudomas aeruginosa before inocculation in each set of experiments. The identical 

growth history of the cells allowed for more accurate comparisons of the performance of the bac- 

teria in various microcosms relative to each other. 

6.4 The Impact of Initial Substrate Concentration on Mineralization 

The effect of initial 2,4,6-TCP concentration on total mineralization was established to de- 

termine if the amount of substrate affected either the mineralization rate or the total percentage of 

2,4,6-TCP mineralized. Four 2,4,6-TCP concentrations (100, 250, 500, and 1000 ug/L) were used 

such that an order of magnitude difference in initial substrate concentration was studied. 

Figure 30 shows that concentration affected the maximum percentage of the substrate which 

was ultimately degraded. There was an increasing gradient of responses as a function of 2,4,6-TCP 

concentration from 100 to 1000 ug/L. However, the differences were not significant (« = 0.5) for 

concentrations between 250 and 1000 ug/L. The total percentage of 2,4,6-TCP mineralized in the 

100 ug/L microcosm was significantly reduced over that in the other microcosms. Mineralization 

accounted for ~49% of the initial 1*C added at the lower concentration versus > 55% for the 

higher concentrations at the final time point. In no case was recovery of the labelled substrate 

complete. Complete recovery of the labelled substrate as '*CO, is not expected, as some portion 

of the 2,4,6-TCP is used by microorganisms for cellular growth and production of metabolic by- 

products. Incomplete recovery has been reported by other researchers (Focht and Shelton, 1987; 

Greer, 1989; Allion, 1987). 
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The effect of initial substrate concentration on the maximum mineralization rate is plotted in 

Figure 31. Mineralization rates were calculated by dividing the time increment between successive 

measurements into the mass of 2,4,6-TCP collected during that time increment. The mineralization 

rate was significantly effected by the initial 2,4,6-TCP concentration. The maximum mineralization 

rate, which occurred within hours of bacterial addition for all concentrations, was linearly depend- 

ent on the initial 2,4,6-TCP concentration. Indeed, the mineralization rate at any point in time 

during incubation appeared to be linearly dependent on the 2,4,6-TCP concentration. 

It is widely recognized that the rates of metabolism of many organic compounds are governed 

by concentration-dependent processes (Monod, 1949; Lawrence and McCarty, 1970; Wright, 1976; 

Boething and Alexander, 1979). In these studies, it has been found that for a variety of mixed and 

pure culture systems the mineralization of organic solutes is proportional to concentration at low 

levels and generally conform with saturation-type kinetics as concentrations increase. These 

substrate utilization processes have been successfully described by the Monod equation. The 

Monod equation has the form: 

q = k (S)/ Ks + (S) 

where (S) is the substrate concentration, k is the maximum utilization rate, Ks is the half-saturation 

constant, and q is the specific substrate utilization rate. Figure 32 is a graphical representation of 

the Monod equation. This plot shows that the utilization rate is directly proportional to the 

substrate concentration at low substrate concentrations. When the substrate concentration is much 

less than Ks (S < 0.01Ks), (S) can be neglected reducing the equation to: 

q = k (S)/ Ks 

Because k and Ks are constants, they can be combined to yield a new constant: K’ = k/Ks and 

therefore q = K’(S). Due to the linear dependence of the mineralization rate with initial substrate 

concentration, it appears that all of the initial substrate concentrations used in this research are 

much less than the Ks value for this system. Researchers studying aerobic biodegradation of or- 

ganic compounds have found Ks values ranging from 86 mg/L for textile waste to > 500 mg/L for 

poultry waste (Jorden et al., 1971). 
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Most of the mineralization of 2,4,6-TCP by P. aerugenosa was relatively rapid at each con- 

centration. P. aeruginosa required less than 5 days to mineralize > 90% of the total mass which 

could be mineralized. The remaining 10% was mineralized at a slow, but measurable rate, for over 

sixty days. It is believed this slow mineralization was due, in part, to degradation of metabolic 

by-products and dying cells. 

6.5 Mineralization in Microcosms Containing Solid Sorbents 

Each sorbent investigated in this study had different physical characteristics, particularly or- 

ganic matter content, which influenced its sorption capacity. At equilibrium, the mass of 2,4,6-TCP 

associated with each sorbent can be expected to vary. In addition, the mass of 2,4,6-TCP sorbed 

to any one sorbent should vary with the initial aqueous 2,4,6-TCP concentration to which it was 

exposed. Experiments were undertaken to determine if the extent of sorption of 2,4,6-TCP to solid 

phase sorbents affected total mineralization and/or mineralization rates. 

Biological mineralization was initiated after equilibrium of 2,4,6-TCP with the solid sorbent 

was achieved (> 60 days) for each initial 2,4,6-TCP concentration. Radiolabelled CO, was col- 

lected in the headspace gas after the addition of acclimated bacteria to microcosms containing a 

slurry of either sand, clay, or subsurface soil. Total '*CO2 recovered in the sand microcosms was 

the same in microcosms containing 500 and 1000 ug/L 2,4,6-TCP but differed significantly at 100 

ug/L (Figure 33). This pattern was similar to that found in microcosms containing only P. 

aeruginosa and no solid sorbent. Apparently, the sand does little to influence the mineralization 

of 2,4,6-TCP. 

Total }*CQ, recovered in clay and low organic soil microcosms decreased with decreasing 

2,4,6-TCP concentration (Figure 34, Figure 35). However, differences between the 500 & 1000 

pg/L microcosms were not significant. Once again the total recovery of '*CO, in 100 pg/L 

microcosms was significantly less than microcosms containing higher 2,4,6 TCP concentrations. 
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Total }*CO, recovered in high organic soil microcosms was significantly different at each 

2,4,6-TCP concentration. Less '*CO, was recovered as initial 2,4,6-TCP concentration decreased 

(Figure 36). The total percent '*CO, recovered in high organic soil microcosms was a function 

of initial 2,4,6-TCP concentration. The elevated organic matter content in this soil sorbed a large 

portion of the 2,4,6-TCP initially added to the microcosm, thereby reducing the aqueous concen- 

tration. 

A comparison of 1*CQO, recovered as a function of solid sorbent is given in Figure 37 for a 

2,4,6-TCP concentration of 100 ug/L. The effect of solid sorbent on mineralization was greatest 

at this concentration. Total mineralization in the sand microcosms was statistically the same as 

microcosms containing no sorbent at each different initial 2,4,6-TCP concentration. Total 

mineralization in clay microcosms was slightly reduced over sand or sorbent free microcosms at all 

2,4,6-TCP concentrations; however, this difference was not statistically significant for 2,4,6-TCP 

concentrations > 100 ng/L. Total mineralization of 2,4,6-TCP in microcosms containing low or- © 

ganic soil was significantly reduced over sorbent-free microcosms at each initial 2,4,6-TCP con- 

centration. The reduction was more pronounced with decreasing 2,4,6-TCP concentration. A 

reduction of 6.9% in total mineralization was observed at 1000 ug/L 2,4,6-TCP in low organic 

versus sorbent-free microcosms. The reduction in mineralization grew to 14.3% in 100 yg/L 

microcosms. 

The same trend in reduced total mineralization occurred in both high organic soil and low 

organic soil microcosms but the reduction was more pronounced at each 2,4,6-TCP concentration 

in the high organic soil. Overall mineralization at an initial 2,4,6-TCP concentration of 1000 

ug/L was ~58% in sorbent-free microcosms but was reduced to ~45% in high organic soil 

microcosms at this concentration. The overall reduction in percent '*CO2 recovered increased with 

decreasing 2,4,6-TCP concentration. Total mineralization in 100 ug/L systems decreased from 

49.5% in sorbent-free microcosms to 38.4% in high organic soil microcosms. 

It was observed from sorbent-free microcosms that the initial 2,4,6-TCP concentration effects 

the total amount of 1*CQO2 recovered. This was also true in microcosms containing solid sorbents; 

however, that reduction occurred to a greater extent in soils with increased organic matter content. 
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Organic matter has a large capacity for 2,4,6-TCP and can remove a significant amount of this 

compound from solution via sorption. A reduction in the aqueous concentration will reduce the 

mass of substrate readily available to the microorganisms if biodegradation occurs only when the 

substrate is dissolved in solution. The bioavailability of the sorbed compound appears to be greatly 

reduced over that remaining in solution. The overall effect of sorption in high organic soils is to 

lower the total amount of 2,4,6-TCP which gets mineralized due to a reduction in the aqueous 

substrate concentration. 

Mineralization rates were calculated at each sampling time in each microcosm to determine 

the effect of sorbent on rates. Rates reached a maximum within hours, then began to decrease 

rapidly during the first few days of incubation for all sorbents and at each 2,4,6-TCP concentration 

(Figure 38 through Figure 40). After 5 days, the mineralization rate continued to decrease but at 

a much reduced rate. 

Mineralization rates in sand and clay microcosms were statistically the same as sorbent-free 

microcosms at each 2,4,6-TCP concentration and appeared to be first order. Very little 2,4,6-TCP 

sorbed to sand; therefore, solution phase concentrations were virtually the same as those in 

sorbent-free microcosms. The sand in the microcosms had no effect on the mineralization rate. 

Clay, on the other hand, sorbed as much as 5% of the initial 2,4,6- TCP added to each microcosms 

(see Chapter 5). However, the reduced solution phase 2,4,6-TCP concentration did not effect the 

mineralization rate, even at low 2,4,6-TCP concentrations. It appeared that the 2,4,6-TCP sorbed 

to the clay became readily available for biodegradation suggesting that rapid and complete 

desorption occurred. 

The mineralization rates in microcosms containing low and high organic matter differed from 

sorbent-free, sand and clay microcosms. The rate during the first few days of incubation was similar 

to that in microcosms containing organic-free sorbents. However, the subsurface soil microcosms 

demonstrated a slow but elevated mineralization rate after 5 days of incubation compared to the 

mineral sorbent microcosms (Figure 38 through Figure 40). The rate of decrease in mineralization 

slowed significantly in high and low organic matter soil microcosms. This change in rate was at- 

tributed to an influx of substrate into solution from the sorbed state. This influx elevated the low 
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substrate concentration in solution. If bacteria can mineralize only dissolved substrate, then the 

desorption of 2,4,6-TCP into solution would make more substrate bioavailable. The increased 

solution concentration should cause an increase, or a slower decrease, in the overall mineralization 

rate. The slowing of the rate of decrease in mineralization was much more apparent in the high 

organic soil. This soil sorbed >30% of the 2,4,6-TCP initially added to the microcosm which 

became bioavailable as it desorbed. After 5 days, mineralization rates were elevated in the organic 

soils and remained elevated over mineral soil rates throughout the time of the study. 

Mineralization rates at the end of the incubation period (day 65) increased with increasing soil 

organic carbon content (Figure 41). Direct measurements of 2,4,6-TCP associated with the high 

organic soil showed a slow and steady decrease in soil-associated 2,4,6-TCP during the latter part 

of the incubation period. 2,4,6-TCP mineralization continued through day 65 in all microcosms 

including those containing no solid sorbents. Mineralization rates at day 65 were similiar in 

sorbent-free, sand, and clay microcosms. Rates were slightly elevated at day 65 in low organic soil 

microcosms over mineral and sorbent-free microcosms. Rates were greatly elevated at day 65 in 

high organic soil microcosms over mineral and sorbent-free systems. Mineralization rates in 

sorbent-free and mineral-containing microcosms were believed due to biooxidation of metabolic 

by-products and/or endogenous respiration of decaying microbial cells. The rate of biodegradation 

of these materials was believed to be much slower than that of 2,4,6-TCP in solution. Elevated 

radioactivity measured in high organic soil microcosms at day 65 was thought to be due to addi- 

tional substrate released from the sorbed state into solution. The additional 2,4,6-TCP in solution 

was biodegraded, thereby elevating the amount of !*CO, collected in the headspace trap. 

Mineralization rates at day 65 in high organic soil microcosms increased with increasing initial 

2,4,6-TCP concentration. A greater mass of 2,4,6-TCP was initially sorbed in microcosms dosed 

at higher 2,4,6-TCP concentrations. The sorbed mass continued to supply substrate to the 

microorganisms at day 65 as it desorbed into solution, thereby increasing the mineralization rate. 
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6.6 Mineralization of 2,4,6-TCP in the presence of DOM 

The interaction of an organic contaminant with dissolved organic material can alter its state, 

thereby changing its behavior. Non-polar organic compounds sorbed to dissolved macromolecules 

may exhibit behavior characteristics of the sorbent rather than characteristics observed when alone 

in solution. Dissolved organic matter, particularly dissolved humic matter, has been shown to form 

stable complexes with several trace organic compounds (Hassett and Anderson, 1979; Carter and 

Suffet, 1982). 

Results discussed in the previous chapter demonstrated that 2,4,6-TCP associates with dis- 

solved humic acid in solution. The association formed can affect the bioavailability of the 

2,4,6-TCP to microorganisms. The availability of freely dissovled 2,4,6-TCP to microorganisms 

may be reduced when bound to dissolved organic macromolecules. 

To determine the effect of dissolved organic matter on mineralization of 2,4,6-TCP, a soil 

organic extract (humic acid) was added to sorbent-free microcosms. Overall mineralization of 

2,4,6-TCP in solutions containing HA was reduced between 5-10% over HA-free 2,4,6-TCP sol- 

utions (Figure 42). Mineralization of 2,4,6-TCP was very rapid during the first few days in both 

HA-containing and HA-free microcosms. The bacterial inoculum added to each microcosm was 

sufficiently large (1 x 10° cells in log phase growth) to initiate rapid biodegradation of the 

2,4,6-TCP. Although most 2,4,6-TCP mineralization occurred within 48 hours, biodegradation 

continued for more than 100 days but at a much reduced rate (Figure 43). The mineralization rate 

decreased and appeared to stabilize with tume. After 60 days, the reduced mineralization rate ap- 

peared linear and was enhanced in solutions containing HA (Figure 44). The mineralization rate 

of 2,4,6-TCP in 100 mg/l HA microcosms was twice that found in the HA-free microcosms. The 

rate in the 20 mg/l and 50 mg/l HA microcosms was very similar and fell between rates observed 

in the zero and 100 mg/l microcosms. 

The higher rate of mineralization in HA-containing microcosms is believed to be due to an 

increase in unbound 2,4,6-TCP via desorption from the HA. That is, 2,4,6-TCP which was initially 

sorbed to the HA slowly desorbs from the HA as 2,4,6-TCP concentrations are reduced. Dissolved 
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humic acid can sorb 6-12% of the initial 2,4,6-TCP added to microcosms containing humic acid 

(see Chapter 5). The desorbed 2,4,6-TCP becomes available for mineralization once unbounded 

in solution. 

6.7 Biodegradation of Sorbed 2,4,6-TCP 

The mass of 2,4,6-TCP associated with each solid sorbent was monitored over time a3 a direct 

measure of substrate utilization in this phase. Removal of sorbed 2,4,6-TCP via biodegradation 

was then compared with removal of sorbed 2,4,6-TCP via desorption to determine the relationship 

between the two mechanisms. 

The ability of P. aeruginosa to utilize sorbed 2,4,6-TCP was evaluated by monitoring radio- 

activity associated with centrifuged solids obtained from subsamples taken from microcosms over 

time. Centrifuged solids contained sorbent and microorganisms in biologically active microcosms. 

Total radioactivity in the centrifuged solids included sorbed '*C and /4*C associated with the 

biomass. Radiolabelled carbon associated with microorganisms varied with incubation time and 

was quantified at each sample collection period. Biomass **C was determined by calculating the 

difference in activity between two 0.5 ml subsamples in a biologically active, sorbent-free 

microcosm. One sample was centrifuged to remove bacteria while the other was not. The 

uncentrifuged sample was added directly to 10 ml of scintillation cocktail and total activity was 

quantified. Total activity in this sample included **C in solution and associated with bacteria sus- 

pended in solution. The second sample was centrifuged at 13000 x g to remove all biomass. A 250 

ul sample of the supernatant was analyzed for radioactivity. This sample represented only aqueous 

14C. The difference between the two samples, normalized for sample volume, was calculated to 

be the activity associated with bacteria at the sampling time. This measurement was taken at every 

sample time to account for changing biomass conditions. Biomass measurements were made for 

different initial 2,4,6-TCP concentrations over the entire time of each experiment. A typical **C 

biomass curve is presented in Figure 45. The decrease in '*C activity in biomass over time is be- 
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lieved due to biooxidation of dead and decaying microbial cells. An assumption that the biomass- 

related '*C activity was a function primarily of the initial 2,4,6-TCP concentration in solution in 

both sorbent and sorbent-free microcosms was made. Activity associated with bacteria was sub- 

tracted from the total solids activity to yield activity associated with the sorbent only. 

The mass of 2,4,6-TCP in the centrifuged solid was quantified by extraction in scintillation 

cocktail augmented with methanol. The acclimated bacteria clearly were able to utilize the 

2,4,6-TCP associated with each sorbent (Figure 46 through Figure 48). However, it could not be 

determined if the bacteria degraded the 2,4,6-TCP while it was sorbed to the soil or if the 2,4,6-TCP 

first desorbed before being acted upon by the organisms. Using results obtained from the 

biodegradation of sorbed toluene in soil (Robinson et a/., 1989) and preliminary results obtained 

in this work, it was speculated that the bacteria were acting on the substrate in the aqueous phase 

only. It was assumed that as 2,4,6-TCP was removed from solution by mineralization, a concen- 

tration gradient resulted and 2,4,6-TCP desorbed back into solution. Movement of }*C-substrate 

into the liquid phase can occur when a concentration gradient exists. The sorbed and liquid phase 

start at equilibrium; however, once biological activity begins the liquid phase concentration de- 

creases. A lower solution phase concentration enhances desorption from the soil. Once in the 

liquid phase, '*C-substrate could be biodegraded as liquid phase substrate. If true, both fractions 

of 2,4,6-TCP would eventually be biodegraded in the aqueous phase but at a rate controlled by 

desorption. 

The removal of 2,4,6-TCP from each sorbent in biologically active microcosms was measured 

over time. As can be seen from Figure 49, most of the 2,4,6-TCP associated with sand appeared 

to be constant over time. However, the variation associated with the measurement of such low 

concentrations was quite large. The 2,4,6-TCP concentration sorbed to clay (Figure 50) appeared 

to drop slightly within the first few days after inoculation then increase. This increase was thought 

to be due to the deposition (sorption) of extracelluar biologically produced material with which '*C 

was associated (see following section). The sorbed 2,4,6-TCP concentration then appeared to 

slowly decrease over time. As with sand, sample variation was large and points were scattered 

making it difficult to ascertain a reliable trend. 
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Removal of 2,4,6-TCP from high and low organic soils appeared to occur in two distinct in- 

tervals, fast and slow (Figure 51, Figure 52). Within the first few days after inoculation, 30-50% 

of the sorbed 2,4,6-TCP was removed relatively fast from the high organic soil while 50-70% of the 

sorbed 2,4,6-TCP was released from the low organic soil. The sorbed concentration then decreased 

at a much slower rate for both organic sous. 

The initial rate of removal of 2,4,6-TCP from the fast stage in the low organic soil was more 

extensive than the removal rate from high organic soil. Although the low organic soil was a more 

effective sorbent (as demonstrated by the higher Kom value calculated in Chapter 5) most of the 

sorbed 2,4,6-TCP appeared to become readily available for biodegradation. The availability of the 

sorbed 2,4,6-TCP was more limited in high organic soil as demonstrated by the lessor release of the 

substrate during the fast stage. The high organic soil contained a significantly higher fraction of 

organic matter which may have bound the 2,4,6-TCP in a different manner. The higher organic 

matter soil may have also offered more internal sorption sites in which the 2,4,6-TCP could diffuse 

into and out of. 

The slower rate of release in the organic soils may have been due, in part, to diffusion of the 

substrate from internal binding sites to outer sites from which the compound could then desorb into 

solution. Speitel et a/. (1989) demonstrated that a diffusion-controlled model accurately described 

the bioavailability of phenol sorbed to granular activated carbon. A large portion of sorbed phenol 

was readily available for microbial degradation, but a lessor portion was initially unavailable. This 

fraction became available over time and was attributed to slow surface diffusion of substrate from 

internal sorption sites. 

As reported in Chapter 5, sorption of 2,4,6-TCP to high organic soil varied over time. Most 

of the adsorption of 2,4,6-TCP occurred during the first few days of contact with the soil; however, 

the rate decreased with increased contact time. Slow adsorption appeared to be complete in 6-8 

weeks. On the other hand, slow desorption of 2,4,6-TCP from the same soil appeared to take much 

longer and the rate was linear. The linearity of the desorption rate and the lengthy time necessary 

to remove the last fraction of 2,4,6-TCP indicated rate-controlling mechanisms may have regulated 

desorption. The difference in the release rate of sorbed material from low organic and high organic 
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soils might be expected to be even more dramatic for compounds less soluble than 2,4,6-TCP be- 

cause of their greater initial extent of sorption. 

Although it is difficult to make an exact comparison between rates because of the differences 

in the methods used to determine each rate, trends can be evaluated. Slow biodegradation rates in 

high organic soil were generally slower than apparent desorption rates. If desorption of bound 

2,4,6-TCP limits the bioavailability of this material, then biodegradation and desorption rates 

should be similiar. The reduced rate of release of radioactivity from high organic soil in biologically 

active microcosms may be due to processes other than desorption. A flux of }*C to the soil due 

to sorption of }*C-associated biomaterial may be the cause of the slower release rate. The total 1*C 

activity of soil represents the sum of two different processes. Activity in the soil is reduced via 

desorption of (1*C)-2,4,6-TCP while an increase in activity can result from the adsorption of 

1¢C-associated metabolic by-products. It has been reported by many researchers that P. aeruginosa 

produces a substantial quantity of extracellular material during metabolism of various substrates 

(Hand et al, 1985; Wilson and Kirk, 1987). The extent of adsorption of this material to each 

sorbent will effect solid phase activity measurements. Soil organic matter has a high sorption af- 

finity for the biomaterial produced by P. aeruginosa (see following section). The high organic soil, 

which contains a high percentage of organic matter, can sorb a great deal of **C-associated 

biomaterial. This influx of }*C to the soil will alter the net loss of }*C from the solid. It appears 

that the removal of '*C from solid sorbents during biodegradation is due to the resulting net effect 

of at least several different processes. 

Removal of sorbed 2,4,6-TCP via biodegradation appears to be related to the desorption rate; 

however, the rates are not the same. Due to the complexity of biological systems, many processes 

are occuring simultaneously and distinguishing between each interaction 1s difficult. 
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6.8 Aqueous Phase Biodegradation of free and HA-sorbed 2,4,6-TCP 

As discussed previously, 2,4,6-TCP can exist in solution in two distinct phases, free and 

HA-sorbed. Biodegradation rates of free 2,4,6-TCP and HA-sorbed 2,4,6-TCP in solution cannot 

be distinguished by **CO, collection. Mineralization rates, determined by !*COz collection, gen- 

erate information for total soluble 2,4,6-TCP only. To differentiate between the biodegradation 

of the free and HA-sorbed 2,4,6-TCP in solution, centrifuged aqueous samples were gel fractionated 

at various times after bacterial addition to microcosms. This allows separation of freely cissolved 

2,4,6-TCP from HA-sorbed 2,4,6-TCP in solution. 

Microcosms containing 2,4,6-TCP and HA were first allowed to reach an apparent equilib- 

rium ( > 30 days), inoculated with Pseudomanas aeruginosa, thoroughly mixed, and a | ml sample 

removed. The sample was centrifuged in a 1.5 ml microcentrifuge tube at 13000 x g for 10 minutes 

to remove microorganisms. A 250 pl subsample from the supernatant was added directly to 10 

ml of scintillation cocktail to determine the total aqueous 2,4,6-TCP concentration. A 500 yl 

subsample from the supernatant was passed through a Sephadex G-25 gel column to separate 

sorbed 2,4,6-TCP from free 2,4,6-TCP. The HA-sorbed fraction eluted rapidly from the column 

while the free 2,4,6-TCP fraction eluted much later. This sampling was repeated over time and 

2,4,6-TCP disappearance from each phase (free and sorbed) was determined. Figure 53 illustrates 

the column elution pattern for a sample containing 1000 ug/l 2,4,6-TCP and 100 mg/l HA before 

and after bacteria addition. Before bacteria addition, two well resolved peaks can be seen 

(Figure 53A). The first peak represents HA-sorbed 2,4,6-TCP and the second, large peak, is the 

free 2,4,6-TCP. After 30 day incubation time (Figure 53B), the second peak (free 2,4,6-TCP) had 

disappeared indicating biological transformation, while the first peak had not been reduced. In fact, 

the first peak had increased dramatically and a twin peak in the same vicinity as that of the 

HA-sorbed 2,4,6-TCP peak had appeared. The 30 day sample elution pattern indicated that the 

free 2,4,6-TCP had been biodegraded but most of the remaining 2,4,6-TCP and '*C in solution 

was associated with rapidly eluting, large molecular weight material. It is believed that at least some 
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of the increase in '*C activity within these fractions was due to the production of extracellular 

macromolecules by Pseudomonas aeruginosa. 

Figure 54 depicts the elution profile of a microcosms containing only 1000 yg/l 2,4,6-TCP 

with no humic acid before and after bacteria addition. The same twin peaks are present after the 

30 day incubation period (Figure 54B) but the first peak is smaller than that found in 

HA-containing microcosms. This reduction is proportional to the amount of 2,4,6-TCP which 

would be sorbed to the HA in microcosms containing this material. The total amount of 14C as- 

sociated with the large molecular weight material after biodegradation in sorbent-free microcosms 

can be substantial (16% of initial }*C added). 

Many researchers have reported the production of extracellular biologically produced material 

by Pseudomonas aeruginosa. This produced material includes stable polymers (Itoh et a/., 1971), 

surfactants (Syldalk and Wagner, 1987), and proteins (Hisatroka et al., 1972). Many of these ma- 

terials have large molecular weights that offer non-polar regions with which to sorb non-polar 

contaminants in solution. 

An experiment was initiated to determine if P. aeruginosa was producing biological macro- 

molecules, and if so, were these biomaterials interacting with the labelled carbon. To generate the 

biomaterial, a bioreactor was established using Pseudomonas aeruginosa and a non-labelled stock 

2,4,6-TCP solution (500 mg/l). The reactor was continually aerated. Stock 2,4,6-TCP was added 

to the reactor every day for 7 days until a visible biomass was established. 2,4,6-TCP solids were 

then added to the reactor to supply substrate to the bacteria as the solids dissolved. The solids were 

replaced after dissolution until a thick biomass was observed. A portion of the solution was 

transferred into a second reactor and substrate additions stopped. Biodegradation continued until 

2,4,6-TCP concentrations were much reduced. A 50 ml sample of this solution was filter sterilized 

(0.2 um filter), using aseptic techniques, to remove all solids. The filtrate, containing the 

microbiologically produced material in solution, was qualitatively measured spectrophotometrically, 

then added to the gel column. The elution of the biomaterial occurred in fractions 3-10 

(Figure 55), the same fractions in which '*C eluted in the biodegradation profile. The co-elution 

of both materials in the same fractions demonstrated that 1*C was associated with the biologically 
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produced material. It was unclear if this association was due to incorporation of the !*C into the 

structure of the biologically produced macromolecules, polymerization of biodegraded products, 

or sorption of undegraded 2,4,6-TCP to macromolecules. 

In order to determine if the 1*C eluting with the biomaterial could be undegraded 2,4,6-TCP 

that became sorbed to the biomaterial, an experiment was undertaken to determine the sorptive 

affinity of biomaterial for 2,4,6-TCP. The total organic carbon concentration of the biomaterial 

produced in the bioreactor was measured and then adjusted to 100 mg/L TOC. Three microcosms, 

containing 100 ml of the biomaterial, were dosed with 1000 ug/L 2,4,6-TCP and allowed to 

equilibrate for 3 months. The long equilibration time was necessary to allow the (14C)-2,4,6-TCP 

to sorb to sites on the biomaterial which may have already be filled. If the biomaterial could sorb 

2,4,6-TCP, then those sorption sites should contain non-labelled 2,4,6-TCP from previous contact 

in the bioreactor. After addition of the labelled 2,4,6-TCP, dynamic equilibrium, in which sorbed 

molecules are replaced with molecules in solution, would allow labelled 2,4,6-TCP to replace non- 

labelled 2,4,6-TCP on sorption sites. | 

Samples from the microcosms were centrifuged and passed through the Sephadex G-25 gel 

column to differentiate the free and biomaterial-sorbed 2,4,6-TCP concentrations. Results are 

presented in Figure 56. 2,4,6-TCP elutes from the column in 3 regions. The first two peaks, 

centered at column fractions 5 and 7, elute at the same time as the biomaterial. The largest peak 

elutes at the retention time of unbounded 2,4,6-TCP. 

The sorbed 2,4,6-TCP represents ~42% of the total 2,4,6-TCP in the sample. This is much 

greater than the maximun of 12% found sorbed to the same concentration of humic acid in previ- 

ous experiments. Extracellular material produced by P. aeruginosa has over three times the sorption 

capacity of humic acid at a 2,4,6-TCP concentration of 1000 ug/L. 

It is apparent that some of the '*C gets incorporated into the chemical structure of the 

biomaterial during biodegradation of the labelled substrate. However, because of the high sorption 

capacity of the biomaterial for 2,4,6-TCP, some portion of the labelled carbon eluting with the 

biomaterial may be sorbed 2,4,6-TCP rather than just '*C by-products. 
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Many researchers have found that the majority of the extracellular material produced by P. 

aerugonosa have biosurfactant properties. Surfactants are surface active materials which contain 

both hydrophilic and hydrophobic regions within the molecule. Such properties make these com- 

pounds effective sorbents of organic compounds and also effective sorbates to solid surfaces. Moore 

(1989) found non-polar surfactants effectively bound toluene in solution, thereby reducing its 

availability for microbial degradation. 

In an effort to determine if sorptive effects observed with the biomaterial were due to the 

presence of biosurfactants, an extraction procedure was followed to isolate biologically produced 

surfactants. Biosurfactants were obtained from a mixed culture of gasoline degrading bacteria 

supplied by Sybron Chemicals Inc. (Salem, Va.) Biosurfactants are defined based on their ability 

to lower surface tension. When surface tension was reduced from 70 dynes/cm to 40-50 dynes/cm 

in batch reactors, the biosurfactants were extracted (Falatco, 1990). The extract was measured for 

total organic carbon and diluted to a final concentration of 100 mg/L TOC. 

Biosurfactant experiments were conducted following the procedure outlined in the biomaterial 

experiments. As can be seen in Figure 57, 2,4,6-TCP eluted in two regions. The first peak is very 

broad and elutes with the surfactant extract. This peak represents ~80% of the 2,4,6-TCP in the 

sample. The second peak indicates that the remaining ~20% 2,4,6-TCP is unbound. The 

surfactant extracted from this mixed culture is a very effective sorbent for 2,4,6-TCP. Biosurfactant 

material produced by P. aerugonsa is likely responsible for a portion of the '*C found associated 

with the large molecular weight residual found in this research. 

The availability of the biomaterial associated 2,4,6-TCP for microbial biodegradation appears 

limited. Residual '*C, which was found primarily associated with the large molecular weight frac- 

tions, was found in each microcosms and at all 2,4,6-TCP concentrations after biodegradation in 

each sorbent-free microcosm (Figure 58). Residual !*C concentrations in solution actually in- 

creased slightly before reaching a constant level. This may be due to a redistribution of '“C from 

the solid phase (dying microorganism) to the liquid phase. Residual '*C decreased with decreasing 

initial substrate concentrations (Figure 59). Measurement of 1*CO, indicates, however, that 

mineralization was occurring but at a very slow rate (see Figure 44). The residual '*C level in 
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solution was found to be higher in microcosms containing HA (Figure 60). This increase }*C 

concentration corresponds to the 2,4,6-TCP initially sorbed by the HA, indicating this HA-sorbed 

fraction had limited availablity to the microorganism. 

To determine if HA-sorbed 2,4,6-TCP could be biodegraded, microcosms containing 1000 

ug/l 2,4,6-TCP and 100 mg/l HA were first allowed to equilibrate so that a distribution between 

sorbed and free 2,4,6-TCP existed. Samples from these microcosms were then eluted through the 

gel column and the first peak, containing the HA-sorbed 2,4,6-TCP, was collected. Multiple sam- 

ples were fractionated and the HA-sorbed 2,4,6-TCP portions were combined. 

A bacterial inoculum was added to the HA-sorbed 2,4,6-TCP samples and the aqueous phase 

concentration of 2,4,6-TCP monitored over time. Samples were fractionated using gel 

chromatography and '*C activity in the HA-sorbed fraction measured. Figure 61 reveals that 

HA-sorbed 2,4,6-TCP is biodegraded but at a very slow rate. The 2,4,6-TCP concentration de- 

creases initially with the addition of both live and dead (autoclaved) bacteria. This drop is due to 

sorption of 2,4,6-TCP to the added bacterial mass and to desorption of 2,4,6-TCP from the humic 

acid. After the initial drop in HA-sorbed 2,4,6-TCP, the concentration remained constant over time 

in dead control microcosms but decreased in biologically active systems. Collection of '*COz 

confirmed mineralization was occurring during incubation in live microcosms. The biodegradation 

rate of HA-sorbed 2,4,6-TCP is very slow, which 1s quite different than the rate found for the free 

2,4,6-TCP in solution. In addition, the biodegradation rate appears linear, indicating that the 

availability of 2,4,6-TCP to the microorganism is rate-controlled and probably due to desorption. 

6.9 Aqueous Phase Biodegradation in the presence of Solid Sorbents 

After the addition of acclimated bacteria, aqueous 2,4,6-TCP concentrations were reduced via 

biodegradation, thereby changing the overall distribution within the microcosm. Changes in the 

aqueous 2,4,6-TCP concentration were monitored over time in an attempt to determine the flux 

of substrate from each sorbent in biologically active microcosms. In addition, aqueous concen- 
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trations were monitored to determine if a minimum substrate concentration exists below which 

microbial biodegradation cannot be supported. 

The disappearance of 2,4,6-TCP from solution in the presence of the solid sorbents is shown 

in Figure 62 for microcosms containing an initial 2,4,6-TCP concentration of 1000 ug/L. Samples 

were centrifuged to remove solids and microorganisms and supernatant samples were measured for 

total aqueous 2,4,6-TCP. A !4C residual was observed in all microcosms. The total residual was 

highest in sorbent-free microcosms (168 yg/L) and lowest in microcosms containing kaolinite clay 

(101 zg/L). Most of the residual '*C in each microcosm was associated with large molecular weight 

material as determined by gel filtration. 

The residual in the sand microcosms was ~90% of the residual found in sorbent-free 

microcosms. The decreased aqueous residual was thought to result from sorption of biomaterial- 

associated '*C to the sand. Surface tension measurements were made on the biomaterial produced 

by P. aeruginosa and a reduction from 74 dynes/cm to 54 dynes/cm was observed. The reduction 

in surface tension indicated that the material had surfactant properties. Although the surface area 

of the sand was very limited, it offered a greater surface for sorption of !*C-associated biomaterial 

than sorbent-free microcosms. 

The aqueous residual in the clay microcosms was reduced by 40% over that in sorbent-free 

microcosms. The surface area offered by the clay was very large, thereby increasing the sorption 

potential of the **C-associated biomaterial to the surface. In addition, the clay initially contained 

little organic matter (below detection limit) and therefore release of organic matter into solution 

was limited. Release of sorbed organic matter to solution would tend to increase the solution phase 

2,4,6-TCP concentration. Dissolved organic matter can act as a competitive sorbent in microcosms 

containing this material. 

The aqueous !*C residual in the low organic soil microcosms was reduced by 26% over that 

in sorbent free-microcosms. This reduction is less than that found in the clay microcosms. The 

low organic soil consists mainly of silt with 25% clay. The silt may not be as effective a sorbent 

for the 1*C-associated biomaterial. In addition, the low organic soil can release initially sorbed 

Organic matter into solution which will act as a competitive sorbent. 
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Aqueous !4C residuals were 32% lower than residuals found in sorbent-free microcosms. 

This was not significantly different than aqueous residuals found in the low organic soil. The 

physical composition of the two soils was very different. The high organic soil was composed of 

50% sand, which had a low affinity for biomaterial, but consisted of 2.2% organic matter. The low 

organic soil was composed of 25% clay, which had a high affinity for biomaterial, but consisted 

of 0.4% organic matter. The high organic soil may have released more organic matter into solution. 

The presence of DOM may have elevated the amount of /*C found in solution. It appeared that 

competitive sorption between liquid and solid phases was affecting the overall distribution of the 

14C residual in these microcosms. 

To determine the sorption potential of biomaterial for mineral and organic soils, a 10 mg/L 

TOC biomaterial solution was added to different microcosms. Biomaterial, which was generated 

in the bioreactor previously described, was diluted before use. Equilibrated microcosms containing 

either clay or high organic soil and phosphate buffer were dosed with biomaterial and sorption was 

evaluated by monitoring disapperance of solution phase organic matter in each system. Aqueous 

TOC measurements were made over time. Between 30-50% of the biomaterial was removed from 

solution in the clay systems and 45-60% was removed in the high organic microcosms. Sorption 

was very rapid and maximum removal from solution was complete within 48 hours for both min- 

eral and organic sorbents. In biologically active systems, '*C associated with the biomaterial would 

also be expected to be rapidly removed from solution. 

The concentration of DOM in high organic soil microcosms remained relatively constant 

throughout the biodegradation experiments. Soil organic matter and dissolved organic material 

were allowed to come to equilibrium before the start of each experiment. On the other hand, dis- 

solved biomaterial produced by P. aeruginosa was effectively removed from solution by clay and 

subsurface soil. Other researchers have found that biologically produced material, particularly 

biosurfactants, strongly sorb to soil surfaces (Hurt and Lally, 1986; Williams et al., 1988). Soil 

exerts a demand for the biomaterial which must be met before equilibrium is achieved. Therefore, 

as the biomaterial is produced, it will redistribute between solution and sorbed phases during the 

experiment until equilibrium is reached. It is the sorption of biomaterial to the solid sorbent which 

169



is the driving force in removing !*C associated with this material from solution in each microcosm. 

Each sorbent has a different capacity for this material and will, therefore, effect the total '*C residual 

concentration in solution. 

A modified conceptual model which incorporates the additional phases has been presented 

in Figure 63. Although parameters such as microbial numbers and stage of growth, pH, ionic 

strength and organic matter content were closely controlled to simplify the system, competitive 

sorption and biodegradation processes made precise analysis of each component difficult. 

Biodegradation by-products, containing '*C within the chemical structure, and extracellular 

enzymes with surfactant characteristics influenced the distribution of *C in all biologically active 

microcosms. Since radiolabelled 2,4,6-TCP could not be distinguished from !*C incorporated into 

biomaterial, the exact distribution of 2,4,6-TCP in biologically active systems remains unclear. 

However, descriptions of the physical and biological processes involved have been reported in an 

attempt to better understand such a complex system. The implications of these results concerning 

the fate of 2,4,6-TCP released into a saturated subsurface environment has been presented in the 

following chapter. 
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Chapter 7 

Implications and Interrelationship between Physical 

and Biological Processes 

7.1 Introduction 

In the preceeding chapters, the occurrence of individual physical and biological process in 

microbially active soils was described. Interactions between competing mechanisms are complex. 

This chapter is an attempt to describe combined physical and biological processes such that a 

comprehensive picture of the fate of a non-polar pollutant entering the groundwater environment 

can be drawn. 

7.2 Kinetics 

A single-rate sorption kinetic model can be used to describe the sorption of a contaminant 

to any sorbent in a very simple system. Such a model states that sorption occurs very rapidly and 
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equilibrium is quickly achieved. Until very recently, this model was extensively used by research 

scientists and groundwater modelers. Results reported here and by other researchers (Karickhoff 

and Morris, 1985) indicate that the sorption kinetic model is more complex in environmental sys- 

tems. Sorption rates vary with each sorbent. Mineral surfaces, such as sand and clay, may sorb 

non-polar contaminants very quickly. However, composite sorbents containing organic matter 

have sorption rates which vary over time. 

The introduction of a non-polar contaminant via a spill or leaking storage tank into a satu- 

rated subsurface environment will initially saturate the readily available sorption capacity. As 

demonstrated by this research, sorption of 2,4,6-TCP to sand and clay occurred very rapidly. Most 

of the 2,4,6-TCP sorption to organic soils also occurred rapidly; however, a portion of the con- 

taminant continued to sorb at a much reduced rate. The amount of 2,4,6-TCP which sorted at the 

reduced rate, and the time necessary to reach equilibrium was a function of the organic matter 

content of the soil. High organic soils sorbed a greater mass of 2,4,6-TCP during the slow rate than 

low organic soils. The total tume over which measurable slow sorption occurred also increased with 

increased soil organic matter content. It appeared that additional sorption capacity became avail- 

able over time in organic soils, possibily due to diffusion of the sorbant into internal areas of the 

sorbent. 

Sorption of 2,4,6-TCP to dissolved humic acid tended to follow the same pattern as that 

found in the organic soils. Most sorption occurred rapidly followed by a reduction in the rate over 

time. Sorption at the reduced rate was more apparent in systems containing a large quantity of 

humic acid. Microcosms in which humic floc particles were present (HA >500 mg/L) sorbed a 

significant portion of 2,4,6-TCP during the slow phase. However, the overall time during which 

slow sorption occurred was always less in the humic systems than that observed in high organic 

soils. 

Researchers have observed a strong positive correlation between slow phase adsorption and 

slow phase desorption (Farmer et al., 1988; Karickhoff and Morris, 1985). That is, the time it takes 

for a non-polar contaminant to slowly desorb is greater than or equal to the time it takes to slowly 

adsorb. Experiments performed during this research demonstrate that desorption from organic soil 
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appeared to occur at two rates, fast and slow. Most of the sorbed 2,4,6-TCP was desorbed rapidly. 

A lesser mass desorbed much slower and appeared to be rate-limited. Desorption and adsorption 

of 2,4,6-TCP from organic soils was similar; however, slow desorption appeared to take longer than 

slow adsorption. 

With respect to environmental contamination where the total time for slow desorption is 

greater than slow adsorption, the contact time becomes an important parameter in clean-up evalu- 

ation. Longer contact times will increase the time necessary for complete removal due to the 

lengthy time for slow desorption. If a contaminant is not discovered in the groundwater for one 

year after its introduction and slow phase sorption occurs during that time, it will take at least one 

year and probably more to remove this fraction via desorption. Other researchers (DiToro et al., 

1982) have indicated that some portion of the sorbed contaminant becomes resistant to desorption 

with time. Removal of the aqueous pollutant in a timely manner after it has entered the environ- 

ment should reduce the overall time necessary to clean the soil and reduce the possibility of a re- 

sistant component. 

7.3 Sorption Equilibrium 

If the release of a non-polar compound into the groundwater goes unchecked over time, 

equilibrium conditions will eventually occur. A two-component sorption equilibrium model has 

been used to describe such conditions in porous media. In a two-component model, the contam- 

inant can exist in solution or sorb to the subsurface media. Such a model may greatly simplify 

calculations necessary for solving mathematical models but it does not adequately describe true 

environmental conditions. Within each component of the two-phase model, additional sorptive 

components can be described. In this section, additional components will be introduced into each 

of the two phases (aqueous and non-aqueous) and the interrelationship of the entire complex sys- 

tem will be described. 
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Stating that a contaminant is sorbed without stating the sorbent to which it is sorbed is a very 

inadequate description of the actual distribution. Various sorbents have different sorption capacities 

and sorption rates for each compound. Researchers have tried to establish chemical 

structure/physicochemical activity relationships for environmental systems with limited success 

(Suffet, 1990). Small changes in chemical structure of a contaminant may result in large differences 

in overall behavior. Differences in sorbent structure will also cause changes in overall sorptive be- 

havior. 

The introduction of different sorbent types will increase the complexity of the system. Envi- 

ronmental systems are heterogeneous and contain a variety of surfaces to which a contaminant can 

react. Each of these surfaces has a different binding capacity. A contaminant introducéd into the 

environment can distribute between a number of possible materials which exist in both solid and 

solutions phases. The freely dissolved contaminant can interact with as many as nine sorbents, four 

in solution and five out of solution. 

Non-aqueous phase sorbents include three mineral surfaces: sand, clay, and oxide coatings in 

addition to naturally-occurring organic matter and solid biomass residuals produced from previous 

and current microbial activity. Sand, clay, and mineral oxide coatings all influence sorption to 

various degrees (Figure 64). Sand has a very limited capacity for sorption of most organic con- 

taminants. Sand sorbed < 1% of the 2,4,6-TCP initially contacted with it. On the other hand, clay 

has been shown to sorb substantial amounts of very non-polar contaminants; however, certain re- 

searchers feel the elevated capacity is due to the organic matter associated with the smallest size 

components of the clay. In this study, clay sorbed ~5% of the 2,4,6-TCP contacted with it. The 

clay used in this study had little, if any, organic matter associated with it (below detection limit). 

The sorption capacity of clay is much greater than that of sand, believed to be due in part to the 

large increase in surface area. In addition, clay surfaces can be charged which may influence 

sorption due to hydrogen bonding. The increased sorption capacity of clay over sand indicates that 

surface area alone may influence sorption to some extent. 

The introduction of organic matter into a soil matrix has the greatest influence on the overall 

sorption capacity of the sorbent as demonstrated by the data reported in this work. Organic soils 
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sorb more mass of contaminant than soils containing little or no organic matter. In this study, high 

organic soil sorbed as much as 30% of the initial 2,4,6-TCP under equilibrium conditions. This 

compared with < 1% sorbed to sand and ~5% sorbed to clay. Higher organic soil preferentially 

sorbed a greater amount of 2,4,6-TCP than the low organic soil in this study. However, it appeared 

that the sorption capacity of organic matter, normalized on a mass basis, decreased with increasing 

organic matter content on the soil. Some fraction of sorption sites on the naturally-occurring or- 

ganic matter became unavailable to the sorbant molecules when very high organic matter concen- 

trations existed. Differences in sorption capacity of 2,4,6-TCP between high and low organic soils, 

as indicated by different Kom values, demonstrated that sorption characteristics within the organic 

matter for the two soils changed. This change may have been due to organic matter cornpetition 

with 2,4,6-TCP for sorption sites or differences in the composition of the organic matter in the two 

soils. 

In biologically active systems, microorganisms offer an additional surface for sorption. Dead 

and inactive biomass act as competitive sorbents with the existing soil sorbents. The internal lipids 

released from lyced cells into solution have high sorptive affinities for non-polar cornpounds 

(Tsezos and Bell, 1989). Thus, a flux of substrate from current sorptive sites to biomass can occur. 

The rate of production of biomass and the endogenous decay rate will dictate the amount of this 

material which remains available for sorption. 

Sorption of hydrophobic contaminants to dissolved sorbents will influence the equilibrium 

distribution in environmental systems. Solution phase sorbents include dissolved organic matter, 

imorganic colloids, organic micelle polymers, and biomaterial produced during biodegradation 

(Figure 65). These materials can interact with the contaminant, forming an additional phase in 

solution. The mass of 2,4,6-TCP sorbed to humic acid in this study is exceedingly large when 

compared to sorption to solid phase sorbents. Distribution coefficients for the humic acid are over 

two orders of magnitude greater than distribution coefficients for the soils. The fact that humic acid 

has a much greater capacity than the other sorbents is because it consists mostly of organic carbon. 

As indicated by this research, organic matter has a major influence on the sorption capacity of each 

sorbent. Normalizing distribution coefficients for organic matter reveal that the dissolved humic 
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acid capacity is greater than the soil organic capacity. Although the capacity of dissolved humic 

acid is high, its relative abundance in subsurface systems 1s low. 

Equilibrium capacity of organic micelles can be expected to be similar to that found for humic 

acid. The floc particles which formed at high dissovled humic acid concentrations were believed 

to be micelles. The normalized sorption capacity of the floc for 2,4,6-TCP was slightly less than 

that for lower dissolved humic concentrations. This was believed due to competitive sorption by 

the humic molecules. That is, a portion of the sorption sites available to 2,4,6-TCP molecules in 

the micelle were filled by the humic molecules. 

Sorption capacities of inorganic colloids, such as metal hydroxides, for non-polar contam- 

inants should be similiar to that found for clay. Inorganic colloids may have large surface area to 

volume ratios which provide numerous sites for sorption. However, these surfaces are generally 

charged which may limit sorption of non-polar materials. - 

Another variable which may have a major impact on the distribution of contaminants in the 

environment is extracellular biological material produced during biodegradation of contaminants. 

Such material may become important in environments in which bioactivity is occurring. Its prop- 

erties or behavior 1s similiar to humic matter but it 1s a more effective sorbent for organic contam- 

inants and it appears to be more strongly associated with mineral surfaces. 

Each of the aqueous components can interact with each other and with each of the solid 

components. Such a system is highly complex, and distinguishing between the various interactions 

is very difficult. Often the component which has the most influence on the overall system is used 

as an indicator of change to simplify the system and make data analysis more manageable. 

7.4 Biodegradation 

In-situ bioremediation is a technology being actively studied for possible use to clean-up 

contaminated soils and groundwater. This technology stimulates biodegradation of subsurface 

contaminants, often through the addition of nutrients and oxygen. In stimulating bioactivity, 
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changes in environmental conditions may occur. Large additions of nutrients may change the ionic 

strength of the groundwater while additions of oxygen (as H202) may change the redox potential. 

Both of these parameters will have an effect on contaminant equilibrium, shifting it in some fashion. 

The full extent of these changes on sorption and bioavailability is unclear. 

The bioavailability of a contaminant in a subsurface environment will vary with the physical 

state in which it exists. It has been suggested that certain organic contaminants are used only in 

the dissolved state. If a microorganism cannot use the adsorbed form of a chemical, it may be ex- 

pected that the organism will first metabolize the chemical that is in solution, but that the subse- 

quent rate of transformation of the compound will be be limited by the rate of desorption. In this 

study, unbound or free contaminant was readily available while the availability of the sorbed con- 

taminant was greatly reduced. It appeared that sorbed 2,4,6-TCP first desorbed before it became 

available for microbial utilization. 

Many of the possible sources of available substrate for microbial utilization are presented in 

Figure 66. The biodegradation of free contaminant is a function of many factors including con- 

taminant structure and concentration. Biodegradation rates increase with increasing substrate 

concentration until a maximum utilization rate is achieved. Biodegradation of free 2,4,6-TCP was 

linearly dependent upon the initial concentration. Biodegradation of free 2,4,6-TCP was rapid and 

took less than five days for > 90% of the initial concentration to dissapear. 

Biodegradation of 2,4,6-TCP associated with sand and clay was very rapid. Sand had no ef- 

fect on the biodegradation rate while clay had a minor effect. It appeared that 2,4,6-TCP which 

sorbed to these minerals desorbed rapidly, and was readily available to the bacteria. Kaolinite clay 

has very little internal surface area into which the 2,4,6-TCP can diffuse. Expanding clays, such 

as montmorillinite, may offer additional internal sorption capacity and influence bioavailability 

more directly. 

Organics associated with soil reduces both the biodegradation rate and the total amount of 

2,4,6-TCP degraded. This is due, in part, to a reduction in aqueous 2,4,6-TCP concentration via 

adsorption. Biodegradation of the sorbed contaminant did occur but apparently only after it 

desorbed from the sorbent. Removal of 2,4,6-TCP from soils during biodegradation was similiar 
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to removal during desorption. That is, a portion of the bound 2,4,6-TCP was readily released from 

the sorbent, followed by a slower controlled release over time. The bioavailability of the rate- 

limiting fraction may have been diffusion controlled. 

The bioavailability of a contaminant sorbed to dissolved humic acid appears to be very lim- 

ited. In this research, humic acid sorbed 2,4,6-TCP was biodegraded but at a very slow rate. This 

rate was much different than the fast rate observed for the free or unbound 2,4,6-TCP. The 

biodegradation rate appeared linear, indicating that the bioavailability of humic-sorbed 2,4,6-TCP 

was rate-controlled and probably due to desorption. 

As bioactivity increases, the concentration of free substrate in solution is reduced. This shifts 

equilibrium, and solid-phase sorbed compounds begin to desorb into solution. However, as the 

microorganisms grow, the overall organic matter levels increase due to increased biomass. Con- 

currently, the microorganisms may be producing extracellular material which acts as a competitive 

sorbent in solution. This research has shown that a pure culture of P. aruginosa can produce 

extracellular biomaterial which sorbs 2,4,6-TCP to a greater extent than does dissolved humic ma- 

terial. The extent of production and the sorption kinetics of pollutants to this maternal can effect 

bioavailability. Once sorbed in solution, the contaminant will have the behavior characteristics of 

the biomaterial rather than the characteristics it possessed while free in solution. The biomaterial, 

with the complexed contaminant, will extensively sorb to soil as demonstrated in this research. 

The bioavailability of the contaminant in the complex, while in solution or after 1t becomes sorbed 

to the soil, is unknown. In general, sorbed materials are only available when desorbed, so increased 

bioactivity will influence the residual or bioresistant fraction. Therefore, certain bioremediation 

techniques may increase long-term clean-up. 
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Chapter 8 

Conclusions 

The ultimate fate of an organic pollutant is primarily a function of its susceptibility to 

microbial degradation. Few biodegradation studies have related the physical factor of adsorption 

to the biological utilization of the bound compound. The role of contaminant distribution, par- 

ticularly adsorption, on the availability of trace contaminants for microbial degradation has not 

been well-documented. This information is needed to determine the transport and fate of organic 

contaminants in subsurface systems. 

The primary objective of this study was to investigate how the adsorption/desorption and 

biodegradation processes interact to control the distribution and biological fate of subsurface con- 

taminants. From the results obtained in this study, the following conclusions were formulated: 

1. Sorption of 2,4,6-TCP to mineral surfaces (sand and clay) is rapid but not very extensive. 

Initial 2,4,6-TCP sorption was < 1% to sand and < 5% to clay. 

2. Sorption of 2,4,6-TCP to high organic soils varies over time. Most sorption occurs during the 

first few days of contact with the soil; however, the sorption rate gradually decreases and 
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10. 

2,4,6-TCP continues to sorb for weeks at a slower rate. The extent of 2,4,6-TCP which sorbs 

at the slower rate is a function of the organic matter content of the soil. 

Sorption capacities of subsurface solids for 2,4,6-TCP were: high organic soil> low organic 

soil> clay > sand. 

2,4,6-TCP can sorb to dissolved humic acid, thereby forming a second phase in solution. 

The sorption capacity of dissolved humic acid was a function of the humic acid concentration. 

Higher concentrations of humic acid had lower sorption capacities when normalized for total 

organic carbon content. 

Desorption of 2,4,6-TCP from mineral surfaces was rapid and rates were similiar to adsorption 

rates. 

Desorption of 2,4,6-TCP from high organic soils occurred at two rates, fast and slow. These 

rates were similiar to adsorption rates; however, slow desorption appeared to be slower than 

slow adsorption and complete desorption generally took longer than adsorption. 

The mineralization rate of 2,4,6-TCP by Pseudomonas aeruginosa was dependant upon the 

initial substrate concentration. 

Total mineralization of 2,4,6-TCP by acclimated bacteria decreased in the presence of organic 

sous. 

Removal of sorbed 2,4,6-TCP from organic soils occurred in two distinct intervals in 

biologically active systems. Removal was initially fast followed by a slow, declining rate. Slow 

removal was believed to be desorption controlled. 
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11. Total mineralization of 2,4,6-TCP in humic-containing solutions was reduced by 5-10% over 

humic-free solutions. Unbound or free 2,4,6-TCP in solution was biodegraded very rapidly 

while humic-sorbed 2,4,6-TCP was biodegraded at a much reduced rate. 

12. Pseudomonas aeruginosa produced extracellular material when grown on 2,4,6-TCP as a sole 

substrate. This biomaterial had surfactant properties and exhibited a high sorption capacity 

for 2,4,6-TCP. 

13. Residual aqueous radioactivity was measured in all biologically active systems. Radioactivity 

was found to be associated with large molecular weight material. It was believed that the 

aqueous radioactive residual was due to incorporation of '*C into the structure of biologically 

produced macromolecules, polymerization of biodegraded products, or sorption of undegraded 

2,4,6-TCP to dissolved macromolecules. 
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