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FACILITATED IRON REDUCTION AS A POSSIBLE MEANS OF
REJUVENATING PHOSPHORUS REMOVAL PERFORMANCE
OF FILTRATION SUBSTRATES
S. E. Rosenquist, C. L. Levy, S. T. Sell, W. C. Hession, M. J. Eick, D. H. Vaughan

ABSTRACT. In order to mitigate nutrient pollution in surface runoff more sustainably, the finite capacity for phosphorus (P)
sequestration in best management practices (BMP) that rely heavily on sorption processes must be addressed. These BMP
include sand filters, bioretention cells, and several types of constructed wetland. This study investigated facilitated microbial
reduction of iron‐based filtration substrates to promote controlled release of P previously sequestered by the BMP, P harvest
for recycling, and rejuvenation of the substrate sorption capacity. Total dissolved P was well correlated with total dissolved
iron during the reduction process, indicating that microbial iron reduction was capable of releasing previously sequestered
P from substrates. Furthermore, results indicated that a sufficient carbon source was necessary but addition of a microbial
culture was not necessary to facilitate iron reduction. While a large percentage of the previously sequestered P was removed,
the process was much slower than initial sequestration of P by adsorption, and further research is needed to promote a more
rapid release of P in order to optimize the rejuvenation process for field application.
Keywords. Best management practices, Desorption, Eutrophication, Filtration, Phosphorus, Sorption, Water quality.

E

xcess phosphorus (P) has long been associated with
eutrophication, which can diminish overall water
quality. Algal blooms are typically the most ob‐
vious result of excess P loading. The eventual
decay of these algal blooms can cause a temporary but signif‐
icant decrease in dissolved oxygen. As a result, many aquatic
species can become oxygen‐starved, causing various nega‐
tive impacts including direct fish kills (Novotny, 2003). Vari‐
ous anthropogenic practices associated with agriculture,
urban development, and waste management can contribute to
eutrophication (Hogan and Waldbridge, 2007). While point
sources of pollution (e.g., wastewater treatment plants) have
historically been the largest target for remediation, nonpoint
sources including urban stormwater runoff have recently
been receiving increased attention as a significant contribu‐
tor to excess P loading (Novotny, 2003; Baker et al., 2007).
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Water treatment processes found in natural wetlands have
been effectively utilized in constructed wetlands (CW), bio‐
retention cells, and many other best management practices
(BMP) that provide effective, economical, and ecologically
sound methods for managing surface water quality problems
(Tenenbaum, 2004). Natural interactions within the water
column, vegetation, substrates, and microbial populations
function together to alleviate these environmental impacts
(Hammer, 1992). However, neither natural wetlands nor CW
have demonstrated a limitless and non‐diminishing capacity
for P sequestration (Coveney et al., 2002; Drizo et al., 2002;
Kadlec, 2005; Aldous et al., 2007). Since the P cycle has no
dominant gas phase, P removed by BMP will accumulate,
mostly in organic or sediment‐bound forms (White et al.,
2008).
P removal by sorption to substrates has been cited as a ma‐
jor contributor to the sequestration capacity of CW, along
with biological uptake by macrophytes and microbes
(Lantzke et al., 1998; Keppler and Martin, 2008). While the
relative contributions of these mechanisms may differ de‐
pending on the specific characteristics of the BMP (Lantzke
et al., 1999; Luederitz and Gerlach, 2002), together they gen‐
erally represent most of the P sequestration potential. In any
case, once equilibrium is reached between adsorbed and dis‐
solved P (Rosenquist et al., 2010), and plant uptake reduces
upon sufficient grow‐in (Kadlec, 2005), P sequestration per‐
formance can significantly decline. Long‐term removal may
continue to occur based on accretion of organic sediments,
but the percentage of P retained in this way is small, the land
requirement large, and the process, while sustainable, is less
applicable for areas of high land value (Hunt and Wossink,
2003; Keppler and Martin, 2008; Kadlec and Wallace, 2009).
While some scenarios have been proposed to completely re‐
move previously sequestered P from the BMP, such as bio‐
mass harvesting or substrate replacement (Drizo et al., 2002;
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Kadlec, 2005), these strategies have significant drawbacks,
such as the cost of continuously harvesting biomass or physi‐
cally excavating and replacing sediments, the difficulty of
accessing a site once construction is complete and substrates
are saturated, and the low efficiency of P removal by biomass
harvesting (Vymazal, 2005).
The lifespan for P management by CW is dependent upon
many factors both internal (substrate sorption capacity, redox
potential, biota) and external (concentration and form of in‐
fluent P) to the BMP (Aldous et al., 2007). While the amount
of particulate P retained in a wetland is influenced by physi‐
cal processes such as sediment deposition, sequestration of
dissolved P requires either plant uptake or sorption to sub‐
strates (Aldous et al., 2007). Sorption to sediments can be af‐
fected by various geochemical and biological interactions
with iron (Fe), aluminum (Al), and calcium (Ca) in CW sub‐
strates, while plant uptake of P can be limited by seasonal
growth patterns, eventual grow‐in, and by the rate of uptake
(Kadlec, 2000). Substrates not only provide physical support
for macrophytes and microbial biofilms but also provide
sorption capacity with Fe and Al oxyhyrdroxides. P removal
by sorption processes is less seasonally dependent than plant
uptake and can sequester dissolved P at a much higher rate
(Hammer, 1992; Lantzke et al., 1998; Kadlec, 2005; Keppler
and Martin, 2008). P removal rates tend to be highest in sub‐
strates rich in calcium, Fe, and Al due to their high adsorption
capacity (Luederitz et al., 2001), with calcium‐rich sub‐
strates demonstrating more efficacy at higher pH and Fe/Al‐
rich substrates at lower pH (McBride, 1994).
Sorption reactions include both adsorption and precipita‐
tion/coprecipitation processes that can occur between partic‐
ular ions, in this case P, and the surface of the mineral
substrate. Adsorption occurs when P is exchanged at the min‐
eral substrate and pore water interface and forms complexes
on the mineral surface (McBride, 1994). Adsorption can be
separated into outer‐sphere (weakly bound) and inner‐sphere
(tightly bound) complexes, where the latter may also be de‐
scribed as chemisorption or specific adsorption (McBride,
1994), which is of the most interest for stormwater treatment
since it is less reversible. P has a strong interaction with sites
on Fe and Al oxyhydroxides; as a result, many Fe and Al oxy‐
hydroxide minerals have a high P adsorption capacity (Wil‐
son et al., 2004). Although specific adsorption is favored
between P and Fe oxyhydroxides, this behavior is also strong‐
ly affected by the amount of P already adsorbed (Zhang and
Huang, 2007) and by the number of available sorption sites
in general, since the mineral surface becomes relatively inac‐
tive once adsorbents adhere to it (Wilson et al., 2004). The pH
of the substrate environment is another factor that can influ‐
ence the rate of specific adsorption of P with Fe oxyhydrox‐
ides (Griffioen, 2006; Rosenquist et al., 2010). Variability in
sorption capacity can also occur based on physical proper‐
ties; substrates with a significant amount of clay‐sized par‐
ticles tend to yield a higher sorption capacity due to the high
specific surface area present (McGechan and Lewis, 2002).
This physical property dependence can create a critical limi‐
tation to sorption capacity, especially when higher hydraulic
conductivities are desired.
While sorption reactions involving P and Fe are often fa‐
vored thermodynamically in CW environments, there are
limitations and specific circumstances where net desorption
has been known to occur. Weakly bound P can be released
from the reactive sites on sand or gravel by means of anion
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exchange (Aldous et al., 2007), especially if it is only in‐
volved in outer‐sphere complexes (McBride, 1994). In addi‐
tion, further release of more tightly bound P may occur under
reducing conditions, common in CW, where low redox po‐
tential has been shown to correlate with net release of P (Ko‐
matsu et al., 2006). In an aerobic environment, the
association formed between the P and the oxide mineral tends
to be relatively insoluble and immobile, but in anaerobic con‐
ditions Fe can be reduced from ferric (Fe3+) to ferrous (Fe2+),
allowing the P to be removed from the substrate (Brady and
Weil, 2002). While this process has been known to occur in
CW and can be detrimental to overall treatment performance
(Carleton et al., 2000), if the redox potential of the system
were more closely controlled, the Fe reduction process may
be useful for rejuvenation of the sorption capacity of the sub‐
strate. Since Fe has been shown to provide much of the sorp‐
tion capacity in substrates at neutral pH, Fe‐based substrates
may be able to release much of their previously sequestered
P in a facilitated iron reduction cycle.
The primary means of Fe reduction in natural wetlands is
through microbial metabolism (Lovely et al., 1991). Fe‐
reducing microorganisms support their energy needs through
an oxidation/reduction process involving an electron donor
(organic carbon) and a terminal electron acceptor (Fe oxyhy‐
droxides) (Scheibe et al., 2006). The release of P is facilitated
by the ease with which the Fe is reduced and then dissolved
by serving as the terminal electron acceptor. A study of Medi‐
terranean agricultural soils showed that with the aid of Fe‐
reducing microorganisms, Fe3+ was reduced to Fe2+,
facilitating the release of P under anoxic, continuous‐flow
conditions (Saavedra and Delgado, 2005). While this biotic
reduction and P release process proceeds much more slowly
under natural conditions than P sequestration by adsorption,
the kinetics might be enhanced by providing optimal envi‐
ronmental conditions for microbial metabolism. For exam‐
ple, the reduction process may be accelerated by the presence
of humic substances such as polyphenols that serve as an
electron shuttle and abiotically reduce Fe (McBride, 1994).
Once Fe reduction has occurred and previously seques‐
tered P has been released into solution, it must be removed
completely from the BMP for recycling. At least two possi‐
bilities exist: (1) the high‐P, high‐Fe solution can be removed
for use as a liquid fertilizer, or (2) a precipitation reaction can
be facilitated, causing a stable Fe/P solid to be formed, which
can be flocculated and removed for use as a fertilizer. In ei‐
ther case, P is harvested and recycled to support feedstock
production, alleviating some of the need for continued min‐
ing of ever‐scarcer P‐rich mineral sources (Abelson, 1999).
This study is part of a larger project developing a novel
BMP, the urban wetland filter (UWF) with renewable P sorp‐
tion capacity for treating urban stormwater. In urban areas,
high land value and limited availability of large land plots are
significant obstacles to the implementation of CW (Hunt and
Wossink, 2003). Required hydraulic residence time (HRT)
for biological uptake and sedimentary accretion, finite pollu‐
tant assimilatory capacity, and hydraulic conductivity (in
subsurface‐flow wetlands only) are generally the technical
limitations that cause large land areas to be required (Kadlec
and Wallace, 2009). With a process to rejuvenate finite sorp‐
tion capacity, the rapid kinetics of P removal by sorption pro‐
cesses can decrease required BMP space while optimizing
removal of dissolved P. The UWF pairs small (<140 m2) wet‐
land cells with an existing retention pond, positioning cells
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off‐line from stormwater flow while they alternate between
filtration and rejuvenation cycles. While the pond removes
sediment‐bound P, the wetland cells are optimized for remov‐
ing dissolved P.
This study of the rejuvenation process for substrate sorp‐
tion capacity addressed the following research questions:
(1)Does a filtration substrate contain enough microbes to re‐
duce Fe without the addition of a microbial culture? (2) What
is the effect of a carbon source addition toward facilitating Fe
reduction in the substrate versus a control without carbon
source addition? (3) Will dissolved P concentrations posi‐
tively correlate with dissolved Fe concentrations upon Fe re‐
duction? (4) What percentage of previously adsorbed P will
be released by the Fe reduction process? and (5) How will fi‐
nal concentrations compare to influent concentrations ob‐
served during P loading?

MATERIALS AND METHODS
This study included two complementary experimental set‐
ups. The main portion of the study took place using flow‐
through wetland cells (FTWC) to investigate the central
research questions with conditions approximating field
installation. In addition, a set of batch reactor wetland cells
(BRWC) were utilized to allow for more efficient initial eval‐
uation of the required carbon source additions for Fe reduc‐
tion, the possible need for microbial seeding, and to provide
additional replicates in some cases for required statistical
power.
FLOW‐THROUGH WETLAND CELLS (FTWC)
Experimental Setup
The FTWC consisted of six 20 L cylindrical containers
filled with 25 kg of USDA grade medium sand media placed
above a layer of limestone gravel (fig. 1). The sand, sourced
from a pit mine in New Castle, Virginia, had total Fe content
between 0.2% and 0.7% by mass. The P loading process was
the main focus of another study in this research program and
is described in detail by Rosenquist et al. (2010). The flow re‐
gime during P loading was from bottom to top through the
gravel layer then the sand. The gravel layer served to distrib‐
ute flow throughout the sand and promote piston‐type flow.
The filter medium was saturated throughout the loading pro‐
cess, but flow was intermittent and characterized by a 20 h
flow period followed by no‐flow periods of varying duration.
Influent concentrations during P loading were between 0.1
and 0.6 mg L‐1. During the reduction/reaction period con-

Figure 1. FTWC cross section showing layers of gravel, sand, and stand‐
ing water.
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ducted in this study, the cells were covered with opaque lids
to minimize evaporation and algal growth.
Experimental Design
The FTWC were divided into two treatment groups with
three replications. For a control group (cells 1 to 3), no addi‐
tional carbon source was added, while the experimental treat‐
ment group (cells 4 to 6) involved exchanging the water in the
FTWC with a sucrose solution carbon source by flow‐
through over a 2 h period. The final concentration of sucrose
in the FTWC was between 100 and 150 mg L‐1, depending on
the extent of the pore water exchange.
Sampling and Sample Analysis Procedures
Samples were taken from the standing water at the top of
each bucket in 20 mL volumes at the time of carbon addition
and initially at 1 d intervals. After temporal trends were es‐
tablished, sampling intervals were increased to between 3
and 7d. Overall, 306 samples were taken from the six FTWC
over a 253 d period. Differentiation of dissolved constituents
for sample analysis was only by gravimetric settling in the
FTWC, as samples were not filtered in this portion of the
study. All samples were analyzed by inductively coupled
plasma atomic emission spectroscopy (ICP‐AES) in accor‐
dance with EPA Method 200.7 (USEPA, 1994) to determine
total dissolved phosphorus (TDP) and total dissolved iron
(TDI) for each sample. Along with the above sampling sched‐
ule, pH was measured with a handheld pH meter (Hanna In‐
struments, Woonsocket, R.I.) and dissolved oxygen was
measured with a handheld dissolved oxygen meter (YSI, Inc.,
Yellow Springs, Ohio). Dissolved oxygen served as a surro‐
gate for estimating gross changes in redox potential. Periodic
calibrations of the pH and dissolved oxygen instruments were
conducted in accordance with the manufacturers' instruc‐
tions.
Data Analysis
Graphical analysis was conducted for each of the follow‐
ing variables: pH, dissolved oxygen, TDP, TDI, and the cor‐
relation between TDP and TDI. After a distinct break in the
TDP/TDI correlation was observed, including two linear re‐
gions of differing slope, a least‐squares breakpoint analysis
was performed to determine the threshold concentration be‐
tween the two linear regions. This procedure was followed by
a segmented linear regression analysis using a model with an
indicator variable for the breakpoint between the two slope
regions. This process tested for a correlation between Fe re‐
duction and release of previously adsorbed P into solution,
and for differences in the slope observed in the two regions.
Lastly, a comparison was made between the final concentra‐
tions in the carbon‐treated FTWC and the influent concentra‐
tions used to load the FTWC to compare concentrations and
estimate the percentage of previously adsorbed P that was re‐
leased. Statistical analyses were performed with software
from the R project (R Development Core Team, 2009). For
data values below the analytical limits of the instrument, the
analytical limit was used for calculations. This case only oc‐
curred for Fe analysis on control cells (187 of 602 values).
BATCH REACTOR WETLAND CELLS (BRWC)
Experimental Setup
The BRWC consisted of thirty‐six 250 mL Nalgene con‐
tainers containing 100 g of USDA grade medium sand of the
same type used for the FTWC setup. The sand in each BRWC
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was saturated with P by adding 90 mL of distilled water and
10 mL of 350 mg L‐1 stock P solution. The BRWC were agi‐
tated for 72 h and dewatered by vacuum filtration. After
filtration, the glass‐fiber filter used was added to the dewa‐
tered sample to conserve P in the cell.
Experimental Design
Once saturated with P, the 36 BRWC were randomly sepa‐
rated into four experimental groups based on the carbon
source provided. These carbon sources included: distilled
water (control), 250 g L‐1 sucrose solution, surface water grab
sample from a local retention pond (with slight P contribution
accounted for), and a 50% combination of sucrose solution
and surface water sample. These groups were subdivided into
1, 2, and 3 d reaction times. There were three replications for
each combination of carbon source and reaction time. Each
BRWC had 100 mL of the designated carbon source added
gravimetrically. Each BRWC was then capped, agitated for
30 s, and stored in a dark, climate‐controlled space.
Sampling and Sample Analysis Procedures
After the dewatering process in the BRWC, the filtrate
from P loading was weighed for volumetric comparison to
the original amount, and a sample was taken for TDP analy‐
sis. After the designated reaction time, a sample was taken
from each BRWC by pipetting from the standing water on top
of the substrate and filtering through 0.45 mm glass‐fiber fil‐
ter. Additional samples were taken in the same manner from
three BRWC of each carbon source type after 20 and 36 d
reaction times. One filtered sample and one filtrate weight
were lost in processing, resulting in two lost data points from
the set. The remaining 59 samples were analyzed by ICP‐
AES in accordance with EPA Method 200.7 (USEPA, 1994)
to determine TDP and TDI for each sample.
Data Analysis
Three values were calculated for each of the 36 BRWC:
the mass of P initially adsorbed, the mass of P released at each
time interval, and the percentage of initially adsorbed P re‐
leased at each time interval. For data values below the analyt‐
ical limits of the instrument, the analytical limit was used for
calculations. This case only occurred for Fe analysis (15 of
83 values). Due to a lack of normality among residuals, a
Kruskal non‐parametric test was applied to the data to test for
differences between means with pairwise multiple compari‐
sons with a Bonferroni correction factor to determine which
means were different. Statistical analyses were again per‐
formed with software from the R project (R Development
Core Team, 2009).

RESULTS AND DISCUSSION
FLOW‐THROUGH WETLAND CELLS (FTWC)
pH Values
Both the carbon‐treated cells and the control cells initially
displayed near‐neutral pH; the carbon‐treated cell pH
dropped significantly and remained low throughout the
study, while the control cell pH rose initially and then fell
slightly (fig. 2a). Although slight fluctuations in pH were
noted among cells within the control group and the treatment
group, there was a much more noticeable difference between
groups. Control cells consistently exhibited higher pH than
treatment cells, which may be an indication of redox pro‐
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cesses and microbial activity. The direction of pH change was
somewhat unexpected, since reduction reactions as a whole
tend to increase pH toward 7.0 (McBride, 1994). However,
research has shown that under organic‐rich conditions micro‐
bial fermentation exceeds respiration, resulting in the pro‐
duction of simple organic acids (e.g.,acetate, formate)
(McMahon and Chapelle, 1991). Based on the concentration
of sucrose added to the system, it is assumed that the produc‐
tion of these organic acids was responsible for the pH drop
observed in our experiments (pka acetate = 4.75 and pka for‐
mate = 3.75). This observed decrease in pH may explain
some of the initial decrease in TDP discussed under TDP re‐
sults. The loss of dissolved oxygen and pH data for a three‐
week period near the middle of the study explains the gaps
seen in figures 2a and 2b.
Dissolved Oxygen
Dissolved oxygen concentrations can be a good indicator
of substrate redox condition since, according to McBride
(1994), the dominance of microbial activity transitions from
aerobic to anaerobic processes when dissolved oxygen con‐
centrations reach trace levels. Initially, both the control and
carbon‐treated cells had dissolved oxygen concentrations
near 8 mg L‐1, but the carbon‐treated cells reached dissolved
oxygen content near 2 mg L‐1 within a few days (fig. 2b).
Concentrations near 2mg L‐1 probably do not represent trace
levels, but three factors must be considered: (1) measure‐
ments were taken at the top of the reactor and may not be rep‐
resentative of pore water throughout the FTWC, (2) the
instrumentation used in this study for dissolved oxygen is
useful for providing gross estimates and comparisons and
likely provides better precision than accuracy, and (3) Fe may
have been reduced in the presence of some dissolved oxygen
by soluble organics (McBride, 1994). The control cells main‐
tained dissolved oxygen concentrations around 8 mg L‐1
throughout the study period, although significant variation
existed within this group. Especially high values seen for
control cells (fig. 2b) at one point in the study were probably
due to analytical error associated with insufficient warm‐up
time on the instrument. The procedure was corrected when
the error was recognized, but all data are included. Given
these factors, dissolved oxygen concentrations, and hence re‐
dox potential, became lower with the addition of a carbon
source, as expected.
Total Dissolved Phosphorus
TDP steadily increased throughout the study period for the
carbon‐treated cells (fig. 2c), while TDP concentrations in
the control cells remained low. The slight initial decrease in
TDP in the treatment cells, seen in the inset of figure 2c, was
likely due to higher thermodynamic favorability for adsorp‐
tion at lower pH. A group of data seen in figure 2c (day 58 to
day 76), corresponding to a particular run on the ICP‐AES in‐
strument, has noticeably lower values for TDP than the rest
of the data, mostly likely due to analytical error. The rate of
P release (150 to 175 mg over 253 days) in the cells was much
slower than that for the previous P adsorption (200 to 300 mg
over 15 runs of 20 h duration) (Rosenquist et al., 2010). The
slower P release was probably rate‐limited by the biological
aspect of the Fe reduction process.
Total Dissolved Iron
TDI remained constant during the study for the control
cells; however, a significant increase was observed in the
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(a)

(b)

(c)

(d)

Figure 2. Trends in (a) pH, (b) dissolved oxygen, (c) TDP, and (d) TDI during the study reveal significant differences between carbon‐treated and control
cells.

carbon‐treated cells, suggesting that the microbial reduction
process was enabled by the addition of a carbon source
(fig.2d). The TDI increase in the carbon‐treated cells oc‐
curred 4 to 6 days after the addition of carbon (fig. 2d insert).
A group of data from the same days as for TDP above (day
58 to day 76) appears lower in figure 2d, again probably due
to analytical error. Apart from this, a second‐order decrease
in the relationship of TDI with time was observed, with an in‐
flection point around 500mg Fe L‐1. The change is likely due
to the complete reduction of the labile Fe pool and/or some
other decrease in bioavailability of Fe as a terminal electron
acceptor.
Correlation between TDP and TDI
A graphical analysis of the correlation between TDP and
TDI revealed two distinct slope regions (fig. 3). The best fit
for the threshold concentration between the two slope regions
in the data was 524 mg Fe L‐1, which corresponds well to the
second‐order decrease in TDI (fig. 2d). This result may indi‐
cate that P release was previously attenuated by resorption
onto remaining bioavailable Fe before a threshold concentra‐
tion of Fe has been reduced and P was allowed to increase
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more rapidly. Significant positive correlation exists between
TDP and TDI in both slope regions, while the difference in
the slopes for these regions is significant as well (p < 0.05;
R2= 0.96). For the first region, the estimated slope is 0.007
mg P mg‐1 Fe, while for the second region the estimated addi‐
tional slope is 0.023 mg P mg‐1 Fe. These slopes correspond
to a four‐fold increase in P released for a given amount Fe re‐
duced, after reaching a threshold amount of Fe reduction.
Comparison of P Loading and Post‐Reduction TDP
Concentrations
Comparing the TDP concentration in the carbon‐treated
FTWC for the last sample day (day 253) to the influent con‐
centrations over the entire P loading period indicates that Fe
reduction in this system is capable of releasing P at con‐
centrations well above those present during adsorption
(table1). This result answers the fifth research question and
is promising for technological feasibility of the UWF since
high final concentrations are desirable for various precipita‐
tion reactions that might be utilized to harvest P from a filtra‐
tion BMP.
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Figure 3. Correlation plot for TDP (mg L‐1) versus TDI (mg L‐1) for data
after start of Fe reduction contains two distinct slope regions.
Table 1. Comparison of P concentrations in carbon‐treated FTWC.
Mean
(mg L‐1)
SD
Influent concentrations during P loading
Final concentration after reduction (253 d)

0.25
15.3

0.16
1.50

95% confidence interval on percent increase (%)

4080 to 8790

Table 2. Rejuvenation percentage of FTWC with carbon additions.
Cell Cell Cell
4
5
6
Estimate of previously adsorbed P (mg)
Estimate of P in solution (mg)
Percent desorption of previously adsorbed P (%)
95% confidence interval on percent desorption (%)

295
178
60.5

274
149
54.3

198
154
77.9

33.8 to 94.6

Comparing the estimates of total mass of P both adsorbed
and released provides an estimate of the percentage of pre‐
viously adsorbed P released by the reduction process
(table2) and answers the fourth research question. Regarding
application, this result indicates that a majority of the pre‐
viously adsorbed P can be removed given sufficient time.
This percentage can also lead to inferences about the amount
of time necessary to complete the rejuvenation process. For
instance, if the linearity in P release for the last 150 d of the
study is assumed to continue to 90% desorption, then the en‐
tire process to release that 90% could be estimated to last 300
to 400 d.
BATCH REACTOR WETLAND CELLS (BRWC)
Total Dissolved Phosphorus
There was also a statistical difference in the means of P de‐
sorption in the treatment groups from the BRWC (p = 0.002;
Kruskal test). Pairwise multiple comparisons of all groups re‐
vealed that the 36 d sugar solution treatment and the 36 d sug‐
ar solution and surface water treatment were significantly
different from the other treatments (fig. 4), indicating that a
carbon‐source addition in excess of that available from the
surface water sample was necessary to drive Fe reduction.
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Figure 4. Total desorbed P is shown for the various BRWC treatments and
retention times. Each box plot depicts: Q1 ‐ (1.5×IQR), Q1, median, Q3,
and Q3 + (1.5×IQR). The y‐axis notation includes the retention time in
days followed by the cell treatment (C = control, S = sugar, P = pond sur‐
face water, and SP = sugar and pond surface water).

The P desorptions in these two treatments were not
statistically different, indicating that any microbial culture
gained from a surface runoff sample was not necessary to
achieve P release.
Total Dissolved Iron
An analysis of TDI in all groups provides another signifi‐
cant difference between treatments (p = 4.33E‐5; Kruskal
test), with pairwise multiple comparisons indicating again
that the 36 d sugar solution treatment and the 36 d sugar solu‐
tion and surface water treatment were significantly different
from all other treatments (fig. 5). Unlike the results for TDP,
TDI in the 36 d sugar solution treatment was significantly
higher than TDI in the 36 d sugar solution and surface water
treatment. A possible explanation for this result is a higher
sugar concentration providing more carbon for additional
growth and metabolism of Fe‐reducing microorganisms.
No statistical difference in initial P adsorption between
treatment groups was observed (p = 0.907; Kruskal test;
fig.6). The time before significant Fe reduction and P de‐
sorption took place (20 d < t < 36 d) agrees with the results
from the FTWC. Percent desorption for the 36 d treatments
with sugar solution and with sugar solution and surface water
had a mean of 32.7% with a standard deviation of 4.42%.
SUMMARY OF FTWC AND BRWC RESULTS
The results from the FTWC indicate that a large percent‐
age of P adsorbed to substrates during filtration of water with
typical stormwater concentrations of P can be released
through a facilitated Fe reduction process. Results from the
BRWC further indicate that the addition of a carbon source
in excess of that available in a surface water sample was nec‐
essary, but that inclusion of the surface water to provide mi‐
crobial seeding was not necessary to initiate Fe reduction.
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CONCLUSIONS

Figure 5. TDI is shown for the various BRWC treatments and retention
times. Each box plot depicts: Q1 ‐ (1.5×IQR), Q1, median, Q3, and Q3 +
(1.5×IQR). The y‐axis notation includes the retention time in days fol‐
lowed by the cell treatment (C = control, S = sugar, P = pond surface water,
and SP = sugar and pond surface water).

Figure 6. Total initially adsorbed is shown P for the various BRWC treat‐
ments and retention times. Each box plot depicts: Q1 ‐ (1.5×IQR), Q1,
median, Q3, and Q3 + (1.5×IQR). The y‐axis notation includes the reten‐
tion time in days followed by the cell treatment (C = control, S = sugar, P=
pond surface water, and SP = sugar and pond surface water).
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Results obtained from both FTWC and BRWC indicate a
significant ability to release previously sequestered P within
substrates by microbial reduction of Fe. The following con‐
clusions can be made based on the above results:
S Fe‐reducing microorganisms are naturally present in
the sand media, and inclusion of the surface water sam‐
ple did not significantly increase the amount of Fe re‐
duced or P released.
S Addition of a carbon source was necessary to promote
microbial reduction of Fe.
S Dissolved P is positively correlated with dissolved Fe,
indicating that release of previously sequestered P in
substrates is released during Fe reduction.
S The two‐region relationship between P release and Fe
reduction indicates that P release was attenuated below
a threshold of Fe dissolution, possibly due to availabil‐
ity for resorption while some Fe3+ coatings remained
on substrate surfaces.
S A high percentage of previously adsorbed P can be re‐
leased as a result of microbial Fe reduction, although
the process was slower by an order of magnitude than
adsorption for the same P load.
S The P concentration in rejuvenating cells can increase
by orders of magnitude over the influent P loading con‐
centrations.
While the dissolution of Fe and subsequent release of P in
the FTWC continued to increase throughout the study period,
it can be assumed that the TDP concentrations will reach a
maximum (at least upon complete release of all available P).
Given the results, it is feasible that the majority of previously
adsorbed P in substrates can be desorbed by this method.
However, to achieve efficient cycling between rejuvenation
and filtration cycles, the rejuvenation time must be de‐
creased, necessitating further research to facilitate faster Fe
reduction. Once P is desorbed, two additional challenges
present opportunities for further research: the high‐
concentration dissolved P must be either removed in solution
or precipitated as a solid for harvest, and the sand must be re‐
coated with Fe to prepare the substrate for continued adsorp‐
tion of P. In the context of the larger research project, this
study has provided further indication that a BMP based on the
rejuvenation of substrate sorption capacity by microbial re‐
duction is a practical method to improve nutrient manage‐
ment in urban areas and reduce the environmental and
economic impacts of eutrophication.
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