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Challenges and Opportunities for Denitrifying Bioreactors in the Mid-Atlantic 

Emily MacLauren Bock 

Academic Abstract 

Sustaining the global population depends upon modern agricultural practices reliant on large 

inputs of nitrogen (N) fertilizer, but export of excess N from agroecosystems has negative 

environmental consequences, such as accelerated eutrophication and associated water quality 

degradation. The challenges posed by diffuse and widespread nutrient pollution in agricultural 

drainage waters necessitate cost-effective, adaptable, and reliable solutions. In this context, 

enhanced denitrification approaches developed over the last several decades have produced 

denitrifying bioreactors that harness the ability of ubiquitous soil microorganisms to convert 

bioavailable N into inert N gas, thereby removing bioavailable N from an ecosystem. 

Denitrifying bioreactors are edge-of-field structures that consist of organic carbon substrate 

and support the activity of denitrifying soil bacteria that remove N from intercepted nutrient-

enriched drainage waters. The potential to improve bioreactor performance and expand their 

application beyond the Midwest to the agriculturally significant Mid-Atlantic region was 

investigated with a three-pronged approach: 1) a pilot study investigating controls on N 

removal, 2) a laboratory study investigating controls on emission of greenhouse gases nitrous 

oxide (N2O), methane (CH4), and carbon dioxide (CO2), and 3) a field study of one of the first 

denitrifying bioreactors implemented in the Atlantic Coastal Plain. The pilot and laboratory 

studies tested the effect of amending woodchip bioreactors with biochar, an organic carbon 

pyrolysis product demonstrated to enhance microbial activity. The pilot-scale study provides 

evidence that either hardwood- of softwood-feedstock biochar may increase N removal in 



 

woodchip bioreactors, particularly under higher N loading. The results from the laboratory 

experiment suggest the particular pine-feedstock biochar tested may induce greater 

greenhouse gas emissions, particularly of the intermediate product of denitrification and 

potent GHG nitrous oxide. The field study evaluated performance of a biochar-amended 

woodchip bioreactor installed on a working farm. Two years of monitoring data demonstrated 

that the bioreactor successfully removed N from drainage waters, but at relatively low rates 

constrained by low N loading that occurred in the absence of fertilizer application during 

continuous soy cropping at the site (10.0 kg NO3
--N ha-1 yr-1 or 4.86 g NO3

- -N m-3 d-1 on the 

basis of bed volume reached the bioreactor.) Removal rates averaged 0.41 g m-3 d-1 (8.6% 

removal efficiency), significantly lower than average rates in systems receiving greater N 

loading in the Midwest, and more similar to installations in the Maryland Coastal Plain. 

Greenhouse gas fluxes were within the range reported for other bioreactors, and of the N 

removed an average of only 0.16% was emitted from the bed surface as N2O. This case study 

provides useful measurements of bioreactor operation under low N loading that informs the 

boundaries of bioreactor utility, and may have particular regional relevance. The pilot and field 

studies suggest that wood-based biochars may enhance N removal and may not produce 

problematic quantities of greenhouse gases, respectively. However, the laboratory study raises 

the need for caution when considering the costs and benefits amending woodchip bioreactors 

with biochar and accounting for the effect on greenhouse gas emissions in this calculation, 

because the tested pine biochar significantly increased these emissions.  
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General Audience Abstract 

Modern agricultural relies on nitrogen (N) fertilizer to produce enough food for the global 

population, but losses of excess N from farmland has negative environmental consequences. 

Even with advances in best practices to reduce the environmental impact of agriculture, such as 

nutrient management planning where the right fertilizer is applied at the right rate at the right 

time, crops cannot use fertilizer with perfect efficiency and a portion will be lost to the 

environment. A relatively new agricultural best management practice removes this excess N 

before it enters surface water bodies by intercepting drainage water with high N levels at the 

edge of the field, slowing it down, to give the tiny creatures living in the soil the chance to use 

this N as energy. These naturally occurring soil bacteria remove the N fertilizer from the water 

by transforming it into harmless N gas that makes up nearly 80% of the atmosphere. These 

denitrifying bioreactors, named after the microbial N removal mechanism, are becoming 

established management practices in the Midwest, but they have not yet been widely adopted 

in other agriculturally significant regions, such as the Mid-Atlantic. In an effort to design more 

effective and flexible bioreactors, the effect of amending woodchip bioreactors with a charcoal-

like material previously shown to increase the activity N-removing bacteria was tested and 

found to modestly increase N removal with sufficiently high drainage water N concentrations. 

However, a laboratory test of the effect of biochar on production of a harmful intermediate 

product of denitrification, the potent greenhouse gas nitrous oxide, found higher emissions 

from the biochar treatments than the woodchips alone, suggesting the N removal benefits may
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not outweigh the costs. To evaluate performance under field conditions, a biochar-amendment 

woodchip bioreactor was installed in the Virginia Coastal Plain, and monitored for two years. N 

removal was significantly lower than reported rates, but this was due to a relatively low amount 

of N in the drainage waters. However, measuring performance under sub-optimal conditions 

provides useful information for determining the limits to conditions for which bioreactors are 

useful. 
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1 INTRODUCTION 

1.1 Problem Statement 

Artificial drainage of agricultural land increases productivity and promotes soil 

conservation, but a large body of research links artificial drainage to increased nutrient export 

to water bodies, resulting in degradation of water quality as observed on a grand scale as the 

hypoxic zone in the Gulf of Mexico (Dinnes et al., 2002; Gentry et al., 2000; Ikenberry et al., 

2014; Kladivko et al., 1991). With over 36.8 million ha of drained cropland in the US according 

to the 2012 census of agriculture (USDA NASS, 2012), best management practices (BMPs) are 

essential tools to mitigate this nonpoint source nutrient pollution, including structural practices 

such as riparian buffers and non-structural practices such as nutrient management planning. 

Denitrifying bioreactors (also termed woodchip bioreactors, biofilters, permeable reactive 

barriers) are a relatively recent addition to the suite of agricultural BMPs to address water 

quality concerns, developed primarily in the US Midwest to remove excess nitrogen (N) from 

subsurface (tile) drainage.   These edge-of-field practices are lined beds containing organic 

carbon media, typically woodchips, that intercept N-enriched drainage water and support the 

activity of denitrifying microorganisms that convert bioavailable nitrate (NO3
-) to inert 

dinitrogen gas (N2) under anaerobic conditions when the bed becomes saturated. Bioreactors 

have moved beyond proof-of-concept in the last several years (Christianson and Schipper, 

2016), as evidenced by recent incorporation into state-level nutrient reduction strategies for 

Illinois (Illinois Department of Agriculture, 2014), Iowa (Iowa Department of Agriculture, 2016), 

and Minnesota (Minnesota Pollution Control Agency, 2015). Although bioreactors have been 

successfully used to remove an average of 35-50% of the N load in drainage waters and 
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increased adoption is expected to translate into water quality benefits (USDA-NRCS, 2015), the 

potential negative impacts of widespread bioreactor implementation are emphasized in recent 

evaluations of pollution swapping potential (Easton et al., 2015; Fenton et al., 2016; Healy et 

al., 2015, 2012; Weigelhofer and Hein, 2015). Pollution swapping in bioreactors is the trade-off 

between the environmental benefits of removing excess N and potential negative impacts of 

harmful byproducts such as greenhouse gas (GHG) emissions, methylmercury production via 

sulfate reduction, increased biological oxygen demand, or release of ammonium (NH4
+) or 

phosphate (PO4
3-). Indeed, a recent meta-analysis of woodchip bioreactor studies emphasizes 

the need for a holistic assessment of bioreactor systems, considering the production of these 

byproducts (Addy et al., 2016). 

Potential drawbacks of managed denitrification include the release of nitrous oxide 

(N2O), an intermediate product of denitrification and powerful GHG with nearly 300 times the 

global warming potential of carbon dioxide (CO2); (IPCC, 2007). The potential for GHG emissions 

motivated investigation into the ability to promote complete denitrification (to N2) over partial 

denitrification resulting the release of N2O with substrate amendment (Bock et al., 2015). A 

simple benchtop batch experiment demonstrated enhanced N and P removal and reduced N2O 

production in woodchip bioreactors with the addition of biochar. Biochar is an organic carbon 

pyrolysis product previously found to reduce N leaching and GHG emissions from agricultural 

soils (Clough and Condron, 2010), suggesting that biochar may increase denitrification rates and 

favor complete denitrification to N2 over partial denitrification halting at N2O production and 

resulting in emissions (Bock et al, 2015). These findings spurred further investigation of the 

effect of biochar amendment on bioreactor efficiency, which was undertaken with flood-and-
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drain experiments of paired woodchip and biochar-amended pilot-scale bioreactors presented 

in Section 2.  

 Although N2O production in bioreactors has been recognized as potentially problematic 

(e.g., Schipper et al., 2010), and bioreactor GHG fluxes quantified in several laboratory and field 

studies (Elgood et al., 2010; Feyereisen et al., 2016; Moorman et al., 2010; Warneke et al., 

2011c), questions remain regarding the factors controlling GHG production bioreactors. To 

evaluate the effect of nutrient loading and hydraulic residence time (HRT), factors know to 

govern N removal in bioreactors (Warneke et al., 2011d), a replicated, full factorial experiment 

with laboratory-scale column bioreactors was conducted, which is presented in Section 3. 

Previous work demonstrating the potential to reduce N2O emissions from woodchip bioreactors 

motivated with biochar addition (Bock et al., 2015; Easton et al., 2015), this experiment was 

also designed to test the effect of 10% and 30% volumetric additions of biochar.  

As bioreactor technology continues to develop and these systems become more 

effective at reducing agricultural N export, interest in their application beyond the Corn Belt is 

growing. Unfortunately, much of the work on drainage and drainage water management 

conducted in the Midwest and has yet to be suitably tested in other agriculturally significant 

regions such as the Mid-Atlantic. Thus, substantial as of yet unexplored opportunities with 

respect to advancing bioreactor design toward more flexible implementation in a variety of 

agricultural systems remain. To test bioreactor performance in a system more typical of 

agriculture in the Mid-Atlantic, a full-scale bioreactor was installed in a tile-drained field in the 

Virginia Coastal Plain in fall 2014 and monitored through the first two-years of its usage. 

Nutrient removal efficiency and GHG emissions are reported in Section 4.  



4 
 

The subsequently described work aims to support further advancement of bioreactor 

design through substrate engineering to enhance N removal while reducing unintended 

pollutant production, namely GHG emissions, and demonstrating the performance of one of the 

first bioreactors installed in the Atlantic Coastal Plain. 

1.2 Research Objectives 

This research focuses on opportunities to advance bioreactor design and 

implementation strategies and improve water quality in agroecosystems by expanding 

application beyond single-target treatment. The aim of this work is to deepen understanding of 

factors controlling GHG emissions, and translating this successful best management practice 

from the US Midwest to the Mid-Atlantic agricultural systems. Substrate engineering is the 

main approach explored to maximize complete denitrification while minimizing GHG emissions 

and removing dissolved reactive phosphorus (DRP). These aims are addressed by three 

individual studies presented in Sections 2-4, which combine laboratory experiments and field 

methods to evaluate the effect of biochar amendment on woodchip bioreactor performance. 

The objectives of each study were: 

1. Pilot study: to determine the effect of biochar addition on N removal in woodchip 

bioreactors. 

2. Laboratory study: to determine the effect of biochar amendment on emission of N2O, 

CH4, and CO2 in woodchip bioreactors. 

3. Field study: to quantify removal of N and P and measure emissions of N2O, CH4, and CO2 

of a biochar-amended woodchip bioreactor installed in the Atlantic Coastal Plain. 
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1.3 Organization of Thesis 

This document consists of an introduction and literature review providing context and 

motivation (Section 1), a journal article published in the Journal of Environmental Quality 

describing a pilot-scale experiment assessing effect of biochar amendment to woodchip 

bioreactors on N removal (Section 2), a manuscript prepared for submission to a peer-reviewed 

journal describing N removal, GHG emissions, and controlling variables in a field-scale woodchip 

and biochar bioreactor in the Virginia Coastal Plain (Section 3), a manuscript prepared for 

submission to a peer-reviewed journal describing the a laboratory experiment to determine 

effect of biochar-amendment, nutrient loading, and hydraulic residence time in woodchip 

bioreactors (Section 4), followed by a summary and outlook for future research  (Section 5).  

1.4 Literature Review 

The overarching goal of the proposed work is to improve water quality, with a particular 

focus on opportunities in the Chesapeake Bay watershed, by contributing to the development 

of denitrifying bioreactors that can be implemented strategically as part of a broader 

management scheme to mitigate excess reactive N, as well as phosphorus (P) and GHG 

emissions, associated with agricultural production. To place these efforts in context, the 

following literature review includes an overview of agricultural nutrient pollution generation 

and impacts, the use of denitrifying bioreactors to mitigating this pollution, ongoing concerns 

regarding pollution swapping, the potential of biochar amendment to improve performance, 

and status of bioreactor research and application in the Mid-Atlantic.  
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1.4.1 Anthropogenic nitrogen and denitrification management  

Much of the increase in agricultural productivity over the last century is attributable to 

the increased usage of N fertilizers (Erisman, 2004).  Smil (2001) estimated that 40% of the 

world’s population would not have survived if the anthropogenic alteration of the carbon cycle 

by industrial fertilizer production.  However, excess reactive N underlies a suite of 

environmental and health problems.  Environmental degradation resulting from elevated N 

levels includes eutrophication of receiving water bodies, global acidification, stratospheric 

ozone depletion, and tropospheric accumulation of ozone and aerosols, which can lead to 

respiratory illness, cardiac disease, and cancer in humans (Dinnes et al., 2002; Driscoll et al., 

2003; Galloway et al., 2003). N can contaminate potable water, high concentrations of NO3
- 

being toxic to infants and livestock, resulting in methemoglobinemia, while NO3
--N reacting 

with secondary amines forms carcinogenic nitrosamines (Averill and Tiedje, 1982; Ayres, 1997; 

Gruber and Galloway, 2008; Trudell et al., 1986).  Galloway (2003) introduced the term 

“nitrogen cascade” to describe the accumulating effects that result from temporary storage of 

reactive N in its various chemical forms as it is transported through the environment by water 

and air, each atom resulting in multiple, and potentially deleterious, consequences. Disruption 

of the global N cycle also has a multitude of potential impacts on the other major chemical 

cycles of carbon, P, and sulfur, which have become a topic of increasing study, particularly with 

respect to global climate change (Ayres, 1997; Gruber and Galloway, 2008; Rabalais et al., 

2009).  Mitigating the effects of anthropogenic N inputs is vital to protection of our health and 

natural resources while continuing to produce food and energy for a growing population.  

Appropriately, the National Academy of Engineering has cited management of the global N 
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cycle as one of the 14 Grand Challenges for Engineering in the 21st century (NAE, 2016). This 

priority is echoed by the N pollution control goals set by both the United States and Europe 

(Melillo and Cowling, 2002).   

The global nitrogen cycle consists of biochemical and physiochemical processes that 

transform as well as the hydrologic and atmospheric mechanisms that transport N species.  

Historically, most ecosystems have been N limited because the largest reservoir of N is inert 

dinitrogen gas (N2), comprising 78% of the atmosphere (Galloway et al., 1995); few organisms 

are capable of fixing nitrogen, converting N2 to biologically available, reactive forms (Nr) (Ayres, 

1997; Galloway et al., 1995).  Drastic increases in anthropogenic reactive N inputs to the 

environment have resulted from the doubling of the conversion of atmospheric N to reactive N 

through the combustion of fossil fuels, intense cultivation of legumes and other crops that 

depend on N fixation in the rhizosphere (e.g. rice), and the use of industrial fertilizer produced 

by the Haber-Bosch process, primarily in agriculture (Gruber and Galloway, 2008; Seitzinger et 

al., 2006).  Denitrification is the link completing the N cycle by converting reactive N back to N2, 

the only ability to remove N from the reactive pool other than the relatively recently discovered 

anaerobic oxidation of ammonium (anammox) (Burgin and Hamilton, 2007).  Delwiche (1970) 

concluded that the transformation between the reactive and nonreactive pools of N was 

balanced prior human activities, but today we face a different reality.  Denitrification has not 

kept pace with increased inputs of reactive N, and has often been spatially separated from 

reactive N sources through the destruction of ecosystems in which denitrification naturally 

occurs, such as riparian buffers and wetlands (Schipper et al., 2010a).  As a result, net 
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accumulation of reactive N is occurring and projected to increase with the human population 

(Ayres, 1997; Galloway et al., 2003).   

Denitrification is the microbially mediated stepwise reduction of NO3
- to N2 gas.  Organic 

carbon serves as an energy source and the electron donor for this reduction-oxidation reaction, 

and a N oxyanion (NO3
-, NO2

-) or oxide (NO, N2O) serves as the terminal electron acceptor in the 

absence of oxygen:  NO3
-  NO2

-
  NO  N2O  N2, utilizing an organic source and producing 

CO2 and H2O at each step (Istok et al., 1997).  Excluding anammox, denitrification is the only 

transformation that removes reactive N from an ecosystem by transforming reactive N to its 

inert form.  Denitrification is conducted mainly by heterotrophic bacteria, but also by some 

chemolithic and autotrophic bacteria, Archaea, and fungi (Mateju et al., 1992; Zumft, 1997).  

The heterotrophic denitrifying bacteria are taxonomically diverse and ubiquitous in surface 

water and the subsurface, both soil and groundwater (Rivett et al., 2008).  Denitrification serves 

as the basis for N removal in traditional municipal wastewater treatment, coupled nitrification-

denitrification being the single most common method to reduce N in wastewater (Mulder et al., 

1995).   

Denitrification management, harnessing this naturally occurring microbial process 

promoting reactive N removal throughout the cascade, is increasingly recognized as an 

essential component of managing the global N cycle, especially with respect to diffuse pollution 

(Kumar and Lin, 2010; Seitzinger et al., 2006).  Denitrification management is thought to have 

some of the highest potential in agro-ecosystems, the single largest source of reactive N entry 

into the cascade (Seitzinger et al., 2006, Schipper et al., 2010a).  Globally, 75% of anthropogenic 

Nr is utilized in agro-ecosystems, of which approximately half is lost to the atmosphere (NH3, 
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NO, N2O, N2) or to water (NO3), and produces harmful effects as it moves through the 

environment in its bioavailable form; complete denitrification to N2 only accounts for a minor 

portion (Galloway et al., 2003). Most of the N that is lost from agro-ecosystems is leached to 

groundwater and ultimately discharged into surface water bodies, contributing to downstream 

eutrophication (Mitch et al., 2001).  The form most often associated with water quality 

problems is NO3
- (Novotny, 2003), because it is easily transported by water and due to its 

negative charge is not appreciably adsorbed to soil colloids like ammonium (Mitsch et al., 

2001). Even with the extensive implementation of agricultural BMPs such as nutrient 

management plans dictating the appropriate rates and timing of fertilizer applications for a 

given crop, fertilizer use efficiency will never reach 100%, so additional management is 

required. Consequently, managing agricultural landscapes to increase denitrification is gaining 

momentum (Schipper et al., 2010). Examples include preserving ecosystems that support 

naturally high rates of denitrification in saturated soil environments, such as wetlands and 

riparian buffers. However, land conservation or ecological engineering, e.g. creating 

constructed wetlands, has a substantial footprint that my take land out of production and 

consequently may not be a viable option. This need to harness the biochemical process of 

denitrification in agricultural landscapes with a smaller footprint drove the development of 

denitrifying bioreactors.  

Denitrifying bioreactors are edge-of-field structures designed to remove excess N from 

agricultural drainage by provide habitat favorable to anaerobic heterotrophic denitrification, 

which consists of an organic carbon substrate saturated with intercepted, nutrient-rich 

drainage water. Indeed, artificial drainage of agricultural systems, which is necessary to 
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increase productivity of poorly drained soils and has been historically significant in creating 

some of the most agronomically productive land in the United States, exacerbates nutrient 

export. Yet these relatively concentrated flows provide a unique opportunity for treatment that 

denitrifying bioreactors are designed to exploit.  

1.4.2 Denitrifying bioreactors 

Fundamentally, a bioreactors consist of organic carbon substrate that becomes 

saturated with sufficient duration and frequency to develop anoxic conditions and support the 

activity of denitrifying microorganisms. Denitrification has been confirmed to be the main 

mechanism of NO3
- removal, as opposed to temporary immobilization or cycling between 

bioavailable forms, in both laboratory (Gibert et al., 2008; Warneke et al., 2011) and field 

studies (Greenan et al., 2006; Robertson, 2010; Warneke et al., 2011). A large variety of carbon 

substrates for use in bioreactors have also been tested in the laboratory setting, including 

maize cobs, green waste, wheat straw, and a variety of cellulose based media (Cameron and 

Schipper, 2010; Gibert et al., 2008; Greenan et al., 2006; Saliling et al., 2007).  However, wood-

based media is by far the most common carbon media that has been utilized in the field 

(Blowes et al., 1994; Elgood et al., 2010; Long et al., 2011; Moorman et al., 2010; Robertson and 

Cherry, 1995; Schipper and Vojvodić-Vuković, 2000). Several hydraulic designs, reported by 

Schipper et al. (2010b), have been implemented including streambed structures, upflow 

bioreactors, layers that receive effluent from above, unlined walls receiving shallow 

groundwater, and lined beds where the influent and effluent are piped. Field-scale applications 

have included various sources of NO3
--laden waters such as greenhouse effluent (Warneke et 

al., 2011a), septic system effluent (Rambags et al., 2016; Robertson et al., 2008; Robertson and 
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Cherry, 1995), wastewater (Christianson et al., 2016), shallow groundwater (Robertson et al., 

2000; Schipper et al., 2005), aquaculture (Lepine et al., 2016). However, treatment of 

agricultural drainage is the most common use of bioreactors (e.g. Blowes et al., 1994; 

Christianson et al., 2013a; David et al., 2016; Hartz et al., 2017; Woli et al., 2010). Denitrifying 

bioreactors have been successfully implemented in agricultural settings to intercept shallow 

groundwater flow, treat subsurface (tile), and, more recently, interfaced with ditch drainage 

systems (Rosen and Christianson, 2017). Lined woodchip beds receiving subsurface (tile) 

drainage have emerged as the dominant bioreactor design for agricultural systems, having 

proven to sustain N removal rates up to 15 years with minimal maintenance while receiving 

variable influent flow rates and N concentrations (Robertson et al., 2000). 

Factors controlling the N removal rates in denitrifying bioreactors have widely been 

studied in field and laboratory and include temperature, influent NO3
- concentration, hydraulic 

residence time (HRT), bed dimensions, pH, dissolved oxygen concentration, cycles of wetting 

and drying, and properties of the organic carbon media, specifically the age, type carbon to N 

ratio, substrate particle size, hydraulic conductivity (Addy et al., 2016; Christianson et al., 

2013b; David et al., 2016; Greenan et al., 2009; Pluer et al., 2016; Schmidt and Clark, 2013; 

Sharrer et al., 2016; Warneke et al., 2011e). A recent meta-analysis of woodchip bioreactors 

emphasized the importance of HRT, bed age, and N limitation, and temperature as within-bed 

constraints N removal (Addy et al., 2016). Addy et al. (2016) also emphasized that both field- 

and watershed-scale factors also affect bioreactor performance, particularly the amount of flow 

received by the bioreactor, as bypass flows can be substantial but essential for maintaining 

functionality of drainage systems as demonstrated by Christianson et al. (2013a). In sum, the 
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controls on N removal in bioreactors are relatively well understood and bioreactors are moving 

beyond proof of concept based upon a foundation of research establishing achievable N 

removal (Christianson and Schipper, 2016).  

1.4.3 Bioreactor pollution swapping potential 

Earlier work focused on robust quantitative assessments of performance, as defined by 

N removal efficiency, but more recent efforts are taking a broader perspective that considers 

opportunities to expand the functionality of bioreactors to target other pollutants or to 

minimize production of harmful byproducts. These aims can be synergistic. For example, 

leveraging bioreactors to remove P from drainage water, both in response to the P export 

observed in some woodchip beds (e.g. Healy et al., 2012) and to treat high P loads often 

occurring concurrently with excess N in drainage waters (King et al., 2015), is a natural 

extension of the technology.     

The accumulation of any of intermediates denitrification products (NO2, NO, and N2O), 

although generally thought to occur only in low levels, is worthy of consideration because of 

their severe consequences, NO2 reacting to form a carcinogen and NO and N2O being potent 

GHGs. Significant GHG production has been observed in other N removal systems utilizing 

denitrification including constructed wetlands, which have been shown to act as both sources 

and sinks of N gases, occasionally producing high emissions of N2O (Søvik and Mørkved, 2007).  

Although the production of GHGs has been cited as a potential drawback to bioreactor 

implementation (Robertson, 2010; Schipper et al., 2010b), only four studies have attempted to 

quantify N2O emissions from field-scale in situ bioreactors: (Elgood et al., 2010; Mooreman et 

al., 2010; Warneke et al., 2011; Woli et al., 2010) 
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The factors controlling accumulation and release of denitrification intermediate 

products have yet to be fully identified.  Initial evidence from laboratory testing does suggest 

that bioreactor GHG emissions are low under the appropriate conditions.  Mooreman et al. 

(2010) presented encouraging findings that nitrous oxide emissions from bioreactors are lower 

than those from agricultural land or N polluted streams. However, a soil core study by Warneke 

(2011) showed that factors such as increased temperature and certain substrate types, likely 

due to the higher labile carbon content (e.g. maize cobs), can increase N2O production via 

denitrification (Warneke et al., 2011), although significant N2O production was not observed in 

the woodchip treatment.  Although these emissions were low in the relatively stable laboratory 

environment, in the field where influent NO3
- concentrations and saturation conditions 

fluctuate with precipitation events and seasonality of the water table, emissions cannot be 

predicted and warrant investigation in situ (Moorman et al., 2010). Investigation of novel 

organic carbon substrates in bioreactors may provide an opportunity to mitigate N2O emissions.  

The application of biochar has been found to reduce N2O production, as well as reducing 

leaching of N and P in agricultural soils.  

1.4.4 Biochar to enhanced bioreactor performance 

Biochar, as defined by the International Biochar Institute (IBI), is “a solid material 

obtained from thermochemical conversion of biomass in an oxygen limited environment” which 

is distinguished from charcoal by its intended application as a soil amendment (IBI, 2014, 

McLaughlin et al., 2009, Verheijhen et al., 2010).  Biochar is also associated with energy 

production during low temperature pyrolysis (burning at less than 700 C with little to no oxygen 

present) of biomass, in which the gasses given off are used to produce heat, electricity or 
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biofuel (Lehmann et al,. 2011).  Long-term carbon sequestration is cited as a driving application 

of biochar and excites interest in its ability to mitigate climate change (Clough and Condron, 

2010; IBI, 2014; Lehmann et al., 2011; Singh et al., 2010).  Biochar is termed carbon net-

negative because more CO2 is removed from the atmosphere during biomass growth and then 

is released during pyrolysis, transforming the biomass into more stable biochar, which can 

remain in the soil for hundreds to thousands of years (Fruth and Ponzi, 2010; Renner, 2007).   

Biochar application is also associated with improvement of soil function via increased 

cation exchange capacity (CEC), soil water retention, and enhanced microbial growth 

(Christianson et al., 2011;  Lehmann et al., 2011; McLaughlin et al., 2009), as well as increased 

crop yields in some cases (Beck et al., 2011).  General characteristics of biochars underlying 

induced soil properties include high specific surface area and high micropore volume, which 

cause biochar to be an effective sorbent (Kookana et al., 2011).  Logically, biochar amendment 

also impacts N and P cycling by changing the physiochemical soil environment and 

consequently altering the structure and activity of the microbial community (Anderson et al., 

2011), although the effects on nutrient transformations and interrelated mechanisms are 

incompletely understood (Clough and Condron, 2010; Nelson et al., 2011).  However, biochar 

application to soil has been shown to reduce leaching of N, P, and organic carbon (Beck et al., 

2011).   

In a review “Biochar and the Nitrogen Cycle: Introduction” Clough and Condron (2010) 

summarize the findings of studies on biochar and N: 

“studies have suggested or shown that biochar has the ability (i) to retain N within soils 

by enhancing ammonia (NH3) and ammonium (NH4) retention, (ii) to reduce nitrous 
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oxide (N2O) and nitrate leaching (NO3-) fluxes, and (iii) to enhance biological N fixation 

and beneficially influence soil microbial communities.” 

For example, Singh et al. (2010) demonstrated that biochar reduces emissions of N2O emissions 

and ammonium leaching after four months.  Independently, oxidation of biochar has been 

shown to increase cation exchange capacity, which could account for the retention of 

ammonium (Clough and Condron, 2010).  Raising the soil pH with the addition of alkaline 

biochar may also contribute to reduced N2O emissions (Clough and Condron, 2010), as 

increasing pH has been shown to favor the production of N2 over the accumulation of N2O 

during denitrification (Firestone et al., 1980).  Other studies have shown that biochar 

amendment has increased N2O emissions (Yanai et al., 2007), which is likely due to the 

resultant increase in water holding capacity that allows anaerobic microsites supporting 

denitrification to persist longer.  Factors identified in the literature impacting N2O:N2 during 

denitrification include soil water content as a function of soil type, pH, microbial respiration 

rates, available carbon, and soil NO3- content (Clough and Condron, 2010; Firestone et al., 

1980; Parton et al., 1996).   

Consequently, biochar amendment can reduce runoff quantity while improving the 

water quality and potentially reduce GHG emissions. However, due to the variety of feedstocks 

(biomass) and pyrolysis conditions utilized, biochars are in practice a heterogeneous group of 

materials (Kookana et al., 2011).  Many researchers point out the futility of reporting responses 

to biochar addition without sufficient characterization of the material (McLaughlin et al., 2009).  

The IBI (2014) has developed both a biochar certification program for biochars which meets the 

IBI Biochar Standards, which “provide[s] common reporting requirements for biochar that will 
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aid researchers in their ongoing efforts to link specific functions of biochar to its beneficial soil 

and crop impacts.”  

Biochar is of particular in interest for application in denitrifying bioreactors not only for 

its capacity to reduce nutrient leaching, but also because its organic matter is more resistant to 

degradation than the original biomass and can provide a long-term carbon source for the 

heterotrophic denitrifying microbes. However, its half-life is the subject of debate and likely 

varies with feedstock and pyrolysis conditions (Lehmann et al., 2011).  The utility of bioreactors 

relies on supplying sufficient labile (easily degraded) organic carbon so that the rate of 

denitrification is not reduced due to carbon limitation, but also maintaining a stock of organic 

carbon over the long-term (on the order of decades) for the system to remain self-reliant and 

maintenance free.  Therefore, biochar may hold promise for both reducing nutrient export from 

bioreactors and increasing their lifespans.   

Currently, only one study has been published that addresses the use of biochar in a 

bioreactor.  Christianson et al. (2011) examined the effect of fresh biochar addition to a seven-

year-old woodchips (Pinus radiata) in a laboratory-scale column experiment, hypothesizing that 

amendment would increase NO3
- removal while decreasing the ammonium loss.  Two 

application rates, 7% and 14% by dry weight, of P. radiata biochar prepared at three pyrolysis 

temperatures were compared. No significant differences between the biochar treatments and 

the control (woodchips only) were observed during this trial.  However, the effect of biochar 

amendment in a bioreactor at the field scale should not be extrapolated from the results of this 

incubation experiment due to the short duration of the study (3 days), the freshness of the 

biochar, and differences in environmental conditions between a controlled laboratory and 
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fluctuating field conditions. Christianson et al. (2011) acknowledge that the aging effect of 

biochar may increase adsorption capacity that would be expected to result in increased 

retention of NH4
+ and other cations.  Biochar incorporation into bioreactors merits further 

investigation. 

1.4.5 Adapting bioreactors to the Mid-Atlantic 

 Adaptation of denitrifying bioreactors to the Mid-Atlantic region is driven by water 

quality improvement goals for the Chesapeake Bay, and a nascent yet strong interest in 

incorporating these practices into management strategies exists (Christianson et al., 2017). 

However, agricultural systems in the Mid-Atlantic differ substantially from those in the 

Midwest, particularly with regard to agricultural drainage. Midwestern agriculture is largely 

reliant on poorly drained Mollisols that require extensive drainage to cultivate. Most fields are 

drained with a patterned tile network feeding large mains that provide obvious opportunities 

for bioreactors. In contrast, cropping systems in the Mid-Atlantic are much more variable, fields 

tend to be smaller, and drainage, if required, is accomplished mainly with ditching and to a 

small extent subsurface tile drainage. The tile drainage systems that do exist tend to target 

saturated areas in the field rather than uniformly drain the entire field. Consequently, adapting 

bioreactors to the Mid-Atlantic is more complex than transplanting bioreactors designed to 

treat tile drainage. Early work has begun to design bioreactors that treat ditch drainage in the 

Maryland Coastal Plain, but modifying bioreactor design for use with surface drainage networks 

in areas with nearly flat slopes (<2%) and shallow water tables presents a challenge 

(Christianson et al., 2017; Rosen and Christianson, 2017). Christianson et al. (2017) point out 

that while Midwestern drainage systems also have relatively low gradients, the larger size of 
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the drainage networks provides sufficient head differences to interface bioreactors with tile 

drainage outlets. Furthermore, expected flowrates from tile systems can easily be calculated for 

the purposes of bioreactor sizing. In contrast to the piped influent supplied to tile bioreactors, 

drainage ditch networks are fed by runoff and shallow groundwater and design innovations are 

required to interface bioreactors with these networks.  

 Three approaches to incorporating bioreactors into ditch drainage systems were 

evaluated by Christianson et al. (2017) to determine their suitability for application in the Mid-

Atlantic Coastal Plain. The three designs were a ditch diversion bioreactor, which receives ditch 

drainage via the same type of water control structure used in tile bioreactors and subsurface 

drainage water management, an in-ditch bioreactor, where woodchips and gravel are installed 

in the excavated bottom of a drainage ditch, and a sawdust wall running parallel to a drainage 

ditch intercepting shallow groundwater. All designs demonstrated feasibility of bioreactor 

implementation in surface drained agricultural systems typical of the Mid-Atlantic, but 

performance assessment is only preliminary for the in-ditch and sawdust wall bioreactors, 

where only concentration reductions, as opposed to the more comprehensive metric loading 

reductions, with 65% and over 90% of influent N removed, respectively. For the ditch diversion 

bioreactor, which followed the design methods developed for tile bioreactors, both flow 

through the bioreactor and bypass flow were measured in addition to N concentrations of the 

influent and effluent, establishing a 25% reduction in N load with removal rates averaging 0.97 

g NO3
--N m-3 d-1. Rosen and Christianson (2017) also provide a positive proof of concept for 

bioreactor application in the Mid-Atlantic Coastal Plain with a comprehensive assessment of 

three bioreactors treating tile effluent from networks draining approximately 25 to 40 ha, 
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reporting rates of 0.21 to 5.36 g NO3
--N m-3 d-1 with removal efficiencies of 9.0 to 62%. These 

mass removal rates are comparable to the mean N removal of 4.7 g NO3
--N m-3 d-1 reported for 

denitrifying beds in a recent meta-analysis by Addy et al. (2016), and closely aligned with rates 

reported for low influent concentrations (< 10 mg NO3
--N l-1) of 1.0 to 4.9 g NO3

--N m-3 d-1. 

 Significant opportunities for denitrifying bioreactors in the Mid-Atlantic are increasingly 

recognized and supported by examples of successful application, but the main challenges are 

refining design of bioreactors for use in ditch drainage networks while anticipating the need for 

site-specific flexibility (Christianson et al., 2017), and overcoming barriers to voluntary 

adoption, namely high initial costs of installation combined with a lack of direct incentive 

payments for N removal in the absence of nutrient trading programs (DeBoe et al., 2017). 

Developing standard design criteria like those available for tile bioreactors a more complex 

endeavor given the diversity in hydraulic designs needed to treat ditch drainage in different 

scenarios. For example, quantifying N removal is requisite to establishing design standards but 

for bioreactor walls passively fed by shallow groundwater consistent calculations of load 

removal are not possible without standardized regional estimates of groundwater flowrates 

(Christianson et al., 2017). Maintenance challenges have already been identified for in-ditch 

bioreactors with respect to sediment deposition and clogging, suggesting more applied 

research and design iterations are needed to translate the success of bioreactors to the Mid-

Atlantic. However, meeting the first challenge of developing flexible and well-supported design 

standards for different types of ditch system bioreactors may create additional opportunities 

for incentivizing adoption, such as cost-sharing through the Natural Resources Conservation 

Service.  
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2.1 Abstract 

Denitrifying bioreactors (DNBRs) harness the natural capacity of microorganisms to 

convert bioavailable nitrogen (N) into inert nitrogen gas (N2) by providing a suitable anaerobic 

habitat and an organic carbon energy source. Woodchip systems are reported to remove 2 to 22 

g N m-3 d-1, but the potential to enhance denitrification with alternative substrates holds promise. 

The objective of this study was to determine the effect of adding biochar, an organic carbon 

pyrolysis product, to an in-field, pilot-scale woodchip DNBR. Two 25-m3 DNBRs, one with 

woodchips and the other with woodchips and a 10% by volume addition of biochar, were 

installed on the Delmarva Peninsula, Virginia. Performance was assessed using flood-and drain 

batch experiments. An initial release of N was observed during the establishment of both DNBRs, 

reflecting a start-up phenomenon observed in previous studies. Nitrate (NO3
--N) removal rates 

observed during nine batch experiments 4 to 22 mo after installation were 0.25 to 6.06 g N m-3 

d-1. The presence of biochar, temperature, and influent NO3
--N concentration were found to have 

significant effects on NO3
--N removal rates using a linear mixed effects model. The model predicts 

that biochar increases the rate of N removal when influent concentrations are above 

approximately 5 to 10 mg L-1 NO3
--N but that woodchip DNBRs outperform biochar-amended 
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DNBRs when influent concentrations are lower, possibly reflecting the release of N temporarily 

stored in the biochar matrix. These results indicate that in high N–yielding systems the addition 

of biochar to standard woodchip DNBRs has the potential to significantly increase N removal. 

2.2 Introduction 

Denitrifying bioreactors (DNBRs) have emerged as an innovative approach to mitigating the 

impacts of excess anthropogenic nitrogen (N), particularly in agricultural systems. Agricultural 

production sustained by application of N fertilizer represents the largest share of N input to the 

environment (Galloway et al., 2008) and results in unavoidable export of N despite 

implementation of various best management practices, such as nutrient management planning 

or riparian buffers (Seitzinger et al., 2006). Oversupply of bioavailable N to natural systems results 

in a suite of environmental impacts, including algal blooms and subsequent anoxic conditions 

that affect aquatic organisms in receiving waters (Canfield et al., 2010; Jickells, 2005). These 

negative consequences develop because ecosystems have adapted to recycle and conserve N, 

which is often the limiting factor for primary production (Galloway et al., 2003). Therefore, the 

natural rate of denitrification, the microbial process that removes bioavailable N from an 

ecosystem by converting nitrate-nitrogen (NO3
--N) to inert atmospheric nitrogen (N2), cannot 

counterbalance these anthropogenic N inputs (Seitzinger et al., 2006). 

Denitrifying bioreactors are designed to serve as artificial N sinks that can increase the 

magnitude of denitrification within the landscape and are strategically placed to intercept NO3
--

enriched groundwater or concentrated flows such as tile drainage (Gold et al., 2013). They 

function by supporting the activity of denitrifying microorganisms by supplying an organic carbon 

energy source that, as the system becomes saturated, provides an anaerobic environment 
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favoring the biochemical conversion of NO3
--N to N2. Denitrifying bioreactors have been 

implemented in tile-drained agricultural systems in the Midwest and have demonstrated N 

removal efficiencies of 33 to 100% (Christianson et al., 2012; Woli et al., 2010) at a rate of 2 to 

22 g N m-3 d-1 (Schipper et al., 2010a). Interim conservation standards for DNBR construction in 

Iowa published by the USDA Natural Resource Conservation Service reflect the growing body of 

research evidencing the effectiveness of these systems for NO3
--N removal and their potential to 

mitigate the impacts of anthropogenic N (NRCS, 2009). 

Although woodchip media dominates field-scale DNBR applications due to its low cost, 

availability, and established performance, the potential for substrate engineering to enhance 

denitrification rates remains largely untested at the field scale. Various alternative substrates 

investigated at the laboratory scale have been shown to outperform woodchips, but their 

increased capacity for N removal has not yet been translated to the field (e.g., Bock et al., 2015; 

Gibert et al., 2008; Warneke et al., 2011; Hunter, 2001). Often the high removal rates observed 

in laboratory testing are not sustained for longer than a few months because they are supported 

by the rapid degradation of the most labile portion of the organic carbon, after which removal 

rates decline (e.g., Cameron and Schipper, 2010; Greenan et al., 2006; Saliling et al., 2007). In 

contrast, woodchip DNBRs can maintain N removal rates for up to 15 yr in the field (Robertson 

et al., 2008). Therefore, optimizing denitrification rates in DNBRs by manipulating the substrate 

composition requires a balance between the lability and longevity of the organic carbon media. 

Biochar, an organic carbon pyrolysis product, shows promise as an amendment to 

woodchip DNBRs based on laboratory testing (Bock et al., 2015) and a larger body of research on 

biochar as an agricultural soil amendment (e.g., Kookana et al., 2011; Sohi et al., 2010). When 



32 
 

applied to agricultural soils, biochar reduces leaching of N from the soil profile (Beck et al., 2011; 

Clough and Condron, 2010; Coumaravel et al., 2011; Nelson et al., 2011). Additionally, biochar 

induces an increase in total microbial activity (e.g., Ding et al., 2013; Lehmann et al., 2011) as well 

as an increase in the abundance and activity of denitrifying microorganisms specifically 

(Anderson et al., 2011; Cayuela et al., 2013). Laboratory testing conducted by Bock et al. (2015) 

provides preliminary evidence that an addition of biochar to woodchip DNBRs at a rate of 10% 

by volume results in increased permanent N removal via denitrification. Importantly, biochar is 

more stable in the soil than the feedstock from which it was created (Lehmann et al., 2006), and 

consequently woodbased-feedstock biochar may have a suitable longevity in DNBRs to have a 

sustained effect on N removal rates. 

The objective of this study was to determine the effect of biochar addition to traditional 

woodchip DNBRs on NO3
--N removal. Nitrogen removal was compared between two identical 

pilot-scale DNBRs, one with woodchips and one with woodchips and a 10% by volume biochar 

addition. Batch experiments were conducted in the field by introducing a single bed volume of 

influent containing a concentration of NO3
--N within an environmentally relevant range and 

observing the change in concentration over time. Monitoring was conducted at various times 

during the year to encompass differing seasonal conditions. This work aims to assist in defining 

optimum operating conditions, substrate composition, and residence times for field-scale DNBRs. 

However, this novel flood-and-drain bioreactor contrasts with commonly used flow-through 

systems, and there is uncertainty in the ability of batch experiments to capture the dynamics of 

flow-through designs. Although we acknowledge this uncertainty, the experimental design 
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enables comparative assessment of nutrient removal in woodchip bioreactors with and without 

biochar. 

2.3 Materials and Methods 

2.3.1 Site Description 

Two pilot-scale DNBRs were installed in October 2012 at the Virginia Tech Eastern Shore 

Agricultural Research and Extension Center located in Painter, Virginia on the Delmarva 

Peninsula. The 226-acre research farm includes 26 acres of tile-drained row crops. Cultivated 

crops include corn, wheat, soy, and various vegetables, which receive substantial fertilizer 

application. Shallow ground water samples collected at the site at a depth of 0.5 to 2 m contained 

concentrations up to 29.5 mg L-1 NO3
--N, averaging 8.3 mg L-1 NO3

-–N (Lassiter and Easton, 2013), 

which approaches the maximum contaminant level for drinking water of 10 mg L-1 NO3
--N set by 

the USEPA (1996). 

2.3.2 Denitrifying Bioreactor Design and Materials 

The two separate DNBRs were plumbed into the tile drain system near the tile outfall. 

Each DNBR measures 4.3 m in length and width by 1.4 m in depth. These compartments are filled 

with approximately 25 m3 of woodchips, and one compartment received 2.5 m3 of biochar. 

Biochar did not increase the total volume of the DNBR because it filled some of the interstitial 

pore spaces between the woodchips. The biochar, obtained from Biochar Solutions Inc., was 

created from a pine feedstock and was produced using a two-stage process whereby the pine 

feedstock is first carbonized under low O2 conditions at 500 to 700°C for <1 min and then held 

for up to 14 min at 300 to 550°C in a hot gas environment where O2 is unavailable. The final 
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product consists of two size fractions after passing through an augur: 80% of the material is 

approximately 1.5 cm by 1 cm by 0.5 cm (0.75 cm3), and 20% is a fine dust fraction 10 to 100 µm 

in length. The woodchips were comprised of mixed hardwood ranging approximately 2.5 by 2.5 

by 0.3 cm to 6 by 6 by 0.6 cm. The woodchips and biochar were added alternately and mixed by 

shovel during installation to create homogenous media. Upgradient of the DNBRs, a three-

compartment Agri Drain flow control unit was installed to divert water from the tile into each 

DNBR (Agri Drain Corp.). The two DNBRs are located on either side of the tile and lined with a 30-

mL landfill liner to prevent shallow groundwater from influencing the experiments. Each DNBR 

compartment is connected to the inlet flow control structure by 6-in corrugated HDPE plastic 

piping that extends from the inlet structure through a hole in the liner at the bottom corner into 

the bed approximately 0.5 m. Leakage around the HDPE piping is prevented by securing the liner 

to the piping with waterproof tile tape and sealing with bentonite. Backflow valves between the 

Agri Drain inlet structure and each bed prevent mixing of the treatment volume in the DNBRs. 

Two outlet drainage control structures were also installed to control the water height in the 

DNBRs. Similar to the inlet, the HDPE piping connected the downgradient bottom corner of each 

DNBR to the outlet flow control structures. Permeable geotextile fabric was installed on the ends 

of the outlet piping protruding into the DNBRs to prevent export of substrate. Large wells made 

from 12-in perforated corrugated HDPE piping were placed near the center of each DNBR for the 

purpose of collecting water samples and measuring water chemistry parameters. 

2.3.3 Nutrient Addition, Sampling, and Analysis 

Observation of the removal of NO3
--N in the DNBRs was conducted during 12 artificial 

storm events between November 2012 and August 2014 (Table 1). Each experiment was 
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conducted as a batch, where the water was retained within the DNBRs rather than allowed to 

flow through, the latter occurring in field-scale applications in practice. Water drawn from an 

irrigation pond on site was pumped into the DNBRs through the inlet drainage control structure 

until they reached capacity while the outlets were closed. Simultaneously, a concentrated 

solution of dissolved Ca(NO3
-)2 was slowly added to the inlet structure while mixing with the 

irrigation water in an effort to approximate influent with a uniform N concentration. For these 

experiments, NO3
--N was introduced in the form of Ca(NO3

-)2, as opposed to ammonium nitrate 

(NH4)(NO3), to reflect that NO3
--N is the dominant form of dissolved N encountered in shallow 

groundwater and tile drainage on the Delmarva (Smiciklas and Moore, 2008). Controlled NO3
--N 

introduction was chosen for the purpose of manipulating initial concentrations to represent a 

range of environmentally relevant values. This experimental design was used to examine nutrient 

removal processes in an effort to define management approaches for biochar-amended DNBRs. 

The batch design was intended to estimate NO3
--N removal rates and to facilitate comparison of 

the woodchip and biochar treatments for a range of design residence times while conducting 

fewer replications by using the time elapsed during each event as a proxy for residence time in a 

flow-through system. However, with significant uncertainty in equating the elapsed time in a 

batch experiment to the residence time of a flow-through DNBR, the results of this experiment 

can only suggest how biochar amendment would affect NO3
--N removal in systems receiving 

continuous flow. A potentially significant departure of the flood-and-drain experimental design 

from typical operation of existing installations was that the DNBRs were allowed to dry out for 

extensive periods between events. Consequently, the denitrifying activity of the microbial 

population may have been suppressed relative to the flow-through systems more typically used 
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due to the presence of oxygen. Alternatively, more rapid cycling between saturated and 

unsaturated conditions or sustained inflow via tile drainage would be expected to sustain higher 

NO3
--N removal rates. Therefore, the observed removal rates likely underestimate the 

performance of flowthrough or more actively managed flood-and-drain designs. 

Table 1. Dates of batch experiments with initial NO3
--N concentrations, average water 

temperatures, and the standard deviation of the temperatures.  

Dates Initial NO3
--N (mg L-1)† Water Temp. (˚C) Air Temp (˚C) 

Biochar Woodchips Avg.  SD  Monthly avg. ‡ 

26-30 Nov. 2012 > 0.1 > 0.1 10.8  2.3 9.1 

20 Feb.-4 Mar. 
2013 

8.3 20.5 9.6  2.5 3.1 

18-25 Apr. 2013 22.2 15.9 -§ - 11.2 

25-29 June 2014 NA¶ 33.3 - - 23.1 

12-14 Aug. 2014 9.8 25.3 23.6  0.1 24.8 

14-15 Aug. 2014 0.5 3.1 23.9  0.2 25.5 

† Initial NO3
--N concentrations were determined from samples collected immediately on filling. 

‡ Average air temperature during 30 d preceding the event 
§ Temperature data were unavailable for the April and June events. 
¶ NA indicates omission of poor quality data. 
 

Water samples were collected from the sampling wells in the DNBRs every 0.5 to 3 h after 

NO3
--N introduction, with decreasing frequency over the course of each event. Initial NO3

--N 

concentrations were determined from samples collected immediately on filling from the 

monitoring wells in the middle of each DNBR. Taking these measured values as the initial 

concentration assumed homogenous mixing and the absence of dead zones within the DNBRs. 

The method of flooding the DNBRs with pumped irrigation water while simultaneously adding 

the Ca(NO3
-)2 solution was intended to ensure adequate mixing. However, measured initial 
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concentrations in the woodchip- and biochar-amended DNBRs were less similar than anticipated 

(Table 1), possibly due to differing quantities of Ca(NO3
-)2 diverted to the two DNBRs through the 

inlet control structure due to the presence of a slight gradient between the woodchip- and 

biochar-amended beds. Additionally, rapid sorption reactions may have affected the measured 

concentrations in the monitoring well, given that biochar can have significant anion exchange 

capacity (AEC) and the opportunity for the influent to interact with the substrate. Duration of 

sample collection corresponded to the initial concentration and temperature, with longer 

monitoring periods for higher initial concentrations and lower temperatures, in anticipation of 

longer removal times. Samples were stored in HDPE bottles, either field filtered through 0.45-

mm nylon filters or chilled on ice, and transported to the lab where they were filtered if they had 

not been previously and stored at 4°C until analysis. Samples were analyzed for NO3
--N and NH4

+-

N using flow injection analysis (Lachat QuikChem 8500 series 2) methods 10-107-01-1-A and 10-

107-06-2-L for NO3
--N and NH4

+-N, respectively. 

A portable multiparameter sonde (Hach HQ40d) with pH, oxidation reduction potential 

(ORP) with gel-electrolyte reference, and optical dissolved oxygen (DO) probes was used to 

measure these water quality parameters as well as temperature in the sampling wells during a 

subset of the events 

2.3.4 Statistical analysis 

The effect of the presence of biochar, temperature, time, and initial concentration on 

NO3
--N removal was determined using a linear mixed effects (LME) model. Linear mixed effects 

models are commonly used to analyze data with multiple measurements per subject, particularly 

observations spaced unequally over time (Verbeke et al., 2010). Using an LME for this analysis 
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enables the inclusion of all of the data points, whereas a repeated measures ANOVA would 

necessitate the comparison of data only at identical time points, consequently losing much data 

from trials with differing duration and sampling intervals. The underlying assumptions of the LME 

include linearity, absence of collinearity, homoscedasticity, and normality of the residuals 

(Gelman and Hill, 2009). Collinearity was not present based on the selection of uniquely 

predictive model parameters (presence of biochar, initial concentration, temperature, and time). 

Homoscedasticity, the equal variance of residuals across groups, was verified graphically by 

observing the absence of a trend between the fitted data and the residuals and with the 

Studentized Breush-Pagan test in R (p = 0.1971) (R Core Team, 2014). Although the model 

residuals were not normally distributed as determined by the Bartlett test (p < 0.001) (R Core 

Team, 2014), the LMEs are relatively robust against this assumption (Winter, 2013). 

The LMEs were developed and run in R (R Core Team, 2014) using the ‘nlme’ package 

(Pinheiro et al., 2014). Two separate models were fit with the NO3
--N and NH4

+-N concentrations 

as the respective dependent variables by restricted maximum likelihood method. A continuous 

autoregressive variance–covariance matrix was specified in the model to account for the 

temporal autocorrelation of the independent variable (i.e., the higher correlation of N 

concentrations closer in time than measurements more distant in time). Nine events were 

analyzed with this procedure: four from the DNBR with biochar and five from the DNBR without 

biochar. The first event in each of the treatments was excluded as not representative of long-

term performance; net export of N was observed as a result of the “first flush,” an initial release 

of nutrients associated with rapid decomposition of the most labile organic carbon from fresh 

substrate, which is a recognized aspect of DNBR performance. The June 2013 event conducted in 
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the biochar DNBR was also excluded from LME analysis due to poor data quality as a result of 

instrument failure. 

Each event consisted of a time sequence of nutrient concentrations in water samples, 

collected from the time of introduction of the irrigation water with dissolved NO3
--N into the 

DNBR. The dosing events were considered to be independent because the experimental unit was 

the water with dissolved NO3
--N pumped into the DNBRs. This assumption allowed for increased 

power to estimate the difference between the woodchip and biochar treatments. The 

independent variables included in the LME were the presence of biochar (e.g., treatment), initial 

concentration with respect to the dependent variable (either NO3
--N or NH4

+-N), temperature, 

and time elapsed from addition of influent. The temperature variable was treated as categorical, 

assigned as high during the summer months (June–August) and low during the late winter and 

spring (February–April). Incorporation of water temperature into the predictive model as a 

categorical rather than a continuous variable provided greater ability to distinguish the effect of 

biochar addition on N removal by grouping comparable conditions as high- and low-temperature 

categories (23.9 ± 0.3°C and 9.6 ± 1.5°C, respectively) instead of emphasizing temperature as a 

predictive variable. The models were fit with random slopes supplied by an estimated error term 

to reflect the variation in initial concentrations for each of the events. The model included all 

interaction effects (i.e., multiplicative combinations of two or more independent variables) but 

only the main effects of time and initial concentration as predictors. The main effects of 

treatment and temperature were omitted to prevent them from influencing the predicted value 

of the intercept, a boundary condition of the model representing the initial N concentration. The 

fit of the model with the main effects of treatment and temperature omitted was not significantly 
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different from the model including all main effects, as evidenced by an ANOVA comparing the 

two models (p = 0.1028), demonstrating that the added predictors in the larger model have 

coefficients statistically equal to zero (Gelman and Hill, 2009). An ANOVA was also used to 

determine which parameters in the LME were significant predictors of N concentration (Gelman 

and Hill, 2009). 

2.4 Results and Discussion 

Both the woodchip- and biochar-amended DNBRs successfully removed NO3
--N from 

enriched influent during the nine batch experiments conducted 4 to 22 mo after installation 

(Table 1). After the initial export of N observed within 1 mo of installation (Fig. 1), the systems 

achieved removal rates ranging from 0.25 to 6.06 g N m-3 d-1. Removal rates were determined 

using the slopes of linear regressions on aqueous concentration over time and calculated on the 

basis of saturated volume assuming an effective porosity of 0.7 (van Driel et al., 2006). That is, 

the slope of the regression as g N m-3(H2O) d-1 was multiplied by 0.7 to obtain g N m-3(media) d-

1. Ultimately, the beds removed 53 to 99% of influent NO3
--N concentration given sufficient 

elapsed time, up to nearly a week for high-influent concentrations at low temperatures (Fig. 2). 

Although removal rates and mass reductions observed in these batch experiments largely fell 

within the range of values reported in the literature for flow-through systems (2–22 g N m-3 d-1 

[Schipper et al., 2010a] and 33–100% [Christianson et al., 2012; Woli et al., 2010]), the residence 

times required to reach these removal efficiencies were generally higher than those reported in 

the literature (6–24 h for 50% removal) (Moorman et al., 2015). Temperature, treatment, and 

initial NO3
--N concentration were found to have significant effects on the NO3

--N concentration 

over time with LME analysis (Table 2). According to predictions from this LME, biochar addition 
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induced greater N removal than woodchips alone for higher NO3
--N influents (Fig. 3). However, 

the woodchip system outperformed the biochar-amended system when influent NO3
--N 

concentrations were below approximately 5 mg L-1 at low temperatures and 10 mg L-1 at high 

temperatures (Fig. 3). Predicted N removal rates for the DNBRs receiving influent ranging from 5 

to 20 mg L-1 were 0.41 to 4.08 g N m-3 d-1 (Table 3), similar to the observed removal rates. 

Microbial denitrification was concluded to be responsible for the majority N removal for 

three reasons: (i) observing pH, ORP, and DO levels suitable for denitrification within the DNBRs 

(Fig. 4); (ii) the absence of significant levels of dissimilatory reduction of nitrate to ammonium 

(DNRA) as evidenced by the stable levels of NH4
+-N during the events (p = 0.1253, data not 

shown); and (iii) finding that higher temperatures increase N removal rates, supplying further 

evidence that the NO3
--N reductions were the result of a temperature-dependent biological 

process. 

 

Figure 1. Concentrations of NO3
--N observed in the woodchip- and biochar-amended denitrifying 

bioreactors dura a first flush event within 1 mo of installation, November 2012. Influent NO3
--N 

concentrations were <0.1 mg L-1.  
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Figure 2. Concentrations of NO3

--N in the woodchip and biochar-amended denitrifying 
bioreactors during nine artificial storm events. Note that the first flush is not included. 
 
Table 2. Results from an ANOVA on the output of a linear mixed effects model showing the 
significance of the independent variables (presents of biochar, initial concentration, 
temperature, and time) and their interaction effects on the dependent variable, NO3

--N 
concentration. 

Effect DFn† DFd‡ F statistic p Value 

Intercept 1 109 133.04 <0.0001* 

Time 1 109 306.66 <0.0001* 

Initial N 1 7 110.89 <0.0001* 

Time:Initial N 1 109 61.71 <0.0001* 

Time:Treatment 1 109 4.55 0.0352* 

Time:Temperature 1 109 16.62 0.0001* 

Time:Initial N:Treatment 1 109 3.47    0.0651   

Time:Initial N:Temperature 1 109 1.46     0.2286 

Time:Treatment:Temeprature 1 109 0.08      0.7788 

Time:Initial N:Treatment:Temperature 1 109 0.17      0.6853 

†DFn Degrees of freedom of the numerator. 
‡DFd Degrees of freedom of the denominator. 
* Significance at the 0.05 probability level.  
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Figure 3. Predicted NO3

--N removal from a linear mixed effects model fit for woodchip only and 
biochar-amended denitrifying bioreactors operating under different temperatures and with a 
range of NO3

--N influent concentrations.  
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Table 3. Predicted residence times required for 50% and 90% of influent NO3
--N removal and removal 

rates from a linear mixed effects model for a woodchip only and a biochar-amended denitrifying 
bioreactor operating under a range of influent NO3

--N concentrations and two temperature conditions, 
high and low temperatures, averaging 23.9 and 9.6 ˚C respectively. Q10 indicates the factor by which the 
rate of removal is predicted to increase for an increase in temperature of 10 ˚C for a given influent NO3

--
N concentration. A single Q10 is reported for each initial concentration as calculated from the paired 
predicted removal rates at high and low temperature. 

Temp 
 

Influent 
NO3

--N 
(mg L-1) 

T50% † 

hours 

T90% ‡ 
hours 

Removal Rate 
g N m-3 d-1 

Q10 § 

  Biochar Wood Biochar Wood Biochar Wood Biochar Wood 

High 5 15.1 10.4 27.2 18.7 3.22 4.70 3.0 3.6 

 10 26.7 23.3 48.0 42.0 4.09 4.67 2.1 2.6 

 15 34.2 36.4 61.5 65.5 4.96 4.65 1.7 2.1 

 20 39.4 49.6 71.0 89.2 5.83 4.63 1.6 1.8 

Low 5 83.5 75.4 150.4 135.6 0.58 0.65 - - 

 10 80.7 101.5 145.3 182.7 1.35 1.07 - - 

 15 79.9 112.8 143.9 203.0 2.12 1.50 - - 

 20 79.6 119.0 143.2 214.3 2.89 1.93 - - 

† Time required for removal of 50% of the initial NO3
--N concentration. 

‡ Time required for removal of 90% of the initial concentration. 

§ Q10 

 

2.4.1 First Flush 

The first filling event was conducted approximately 1 mo after installation, where 

introducing low NO3
--N influent (<0.1 mg L-1) resulted in net export of NO3

--N. Previously, the 

DNBRs had remained unsaturated and aerobic. The concentration of NO3
--N increased over time 

in both treatments (Fig. 1). This export of nutrients from DNBRs has been observed within the 

first 3 to 6 mo after installation (and described as the “first flush” phenomenon associated with 

the export of dissolved organic carbon) in several studies conducted in both field and laboratory 
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settings, which were cited in a review by Schipper et al. (2010a) (Greenan et al., 2009; Robertson 

and Cherry, 1995; Robertson et al., 2005; Schipper et al., 2010b; Schmidt and Clark, 2012). 

The woodchip DNBR produced a greater maximum NO3
--N concentration (6.6 mg L-1) 

during the 80-h observation period than the biochar-amended DNBR (3.1 mg L-1). However, the 

biochar DNBR maintained an approximately linear increase in NO3
--N concentration over time, 

whereas the woodchip NO3
--N concentration peaked at around 50 h and decreased to about 2.0 

mg L-1 by hour 80. The differing behavior between the treatments suggests that differing 

mechanisms in the woodchip- and biochar-amended DNBRs influence the NO3
-–N 

concentrations. The lower maximum NO3
--N concentration observed in the biochar treatment 

may result from the sorption of the NO3
--N released from the woodchips (or dissolved in the 

influent) to the biochar surface. Although biochar is most often associated with an increase in 

cation exchange capacity (Kookana et al., 2011; Lehmann et al., 2011; McLaughlin et al., 2009), 

the retention of nutrients (NO3
--N and PO4

3-) in soils with biochar amendments (Beck et al., 2011; 

Nelson et al., 2011) suggests the presence of a mechanism for anion sorption. Inyang et al. (2010) 

reported the first detection of AEC associated with a biochar produced from sugarcane bagasse 

and proposed AEC as the means for the reported increase in nutrient-holding capacity in soils. 

Recent work by Lawrineko (2015) indicates that the AEC of biochars created from three 

feedstocks (alfalfa meal, corn stover, and cellulose derived from hardwood) varies between 0.602 

to 27.76 cmol kg-1 and is largely attributable to oxonium functional groups. Even in a study noting 

the absence of significant AEC in biochar, Mukherjee et al. (2011) suggest that “biochars may still 

sorb phosphate and nitrate by bridge binding using the residual charge of electrostatically 

attracted or ligand bonded divalent cations such as Ca2+ and Mg2+ or other metals including Al3+ 
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and Fe3+.” The capacity of biochar for anion adsorption through one of these mechanisms could 

explain the observed extended release of NO3
--N at a lower concentration in the biochar DNBR 

compared with the woodchips alone. The delayed onset of NO3
--N removal in the woodchip DNBR 

after initial export of NO3
--N is likely attributable to a lag in denitrifier activity associated with the 

transition from an aerobic to an anaerobic environment occurring during the first filling of the 

DNBR. In contrast, the onset of denitrification resulting in NO3
--N removal in the biochar-

amended DNBR could be masked by the extended release of the labile NO3
--N desorbing from 

the biochar exchange complex. 

The impact of the first flush in DNBRs during start-up includes increased biological oxygen 

demand and the export of nutrients, which can contribute to the very water quality issues DNBRs 

attempt to remedy (Schmidt and Clark, 2012). Biochar may be a useful amendment with respect 

to the first flush phenomenon because lowering the NO3
--N concentration of the effluent is 

beneficial even if the total mass of NO3
--N exported on startup remains the same. Although 

dissolved organic carbon was not monitored as part of this study, additional contribution from 

the biochar amendment is not anticipated given its recalcitrance relative to woodchips. Although 

interesting and informative for field-based applications and environmental implications, these 

two events were omitted from the dataset used to fit the LME because they were not considered 

representative of long-term performance. Further research is required to determine the extent 

of the ability of biochar amendment to mitigate the first flush in DNBRs. 

The rate of N removal was found to increase with increasing initial concentration 

independently of treatment and temperature, which reflects the findings of Christianson et al. 

(2012) and Chun et al. (2010). In contrast, the majority of DNBRs can be described by zero-order 



47 
 

kinetic reactions, maintaining similar removal rates independently of the influent concentration 

(Schipper et al., 2010a). Unmeasured site-specific parameters may account for the discrepancy 

between the governing kinetics of denitrification in the literature as well as the conflicting 

conclusions of other studies that have yet to be resolved and warrant further investigation. Visual 

examination of Fig. 3 suggests that the correlation between initial NO3
--N concentration and 

removal rate is greater in the biochar treatment than in the woodchip control because the slopes 

become steeper (e.g., faster removal) with increasing concentration. 

The LME predicts that biochar addition results in greater N removal when influent NO3
--

N concentrations are greater than approximately 5 mg L-1 under low-temperature conditions 

(water temperatures averaging 9.6°C) and >10 mg L-1 under high-temperature conditions 

(averaging 23.9°C) but may reduce the rate of N removal relative to woodchips alone when the 

initial concentration is lower (Table 3; Fig. 3). Based on these results, biochar addition to 

woodchip DNBRs is hypothesized to induce both increased denitrification and NO3
--N sorption 

under higher concentrations, but subsequent desorption of NO3
--N can occur under lower 

concentrations. That is, the AEC associated with the biochar acts as a temporary N sink, storing 

N sorbed under high influent concentrations and releasing bound N under low influent 

concentrations in an equilibrium process. In addition to the reports of biochar’s anion sorption 

capacity discussed above (Inyang et al., 2010; Lawrineko, 2015; Mukherjee et al., 2011) and the 

well-established reduction in NO3
-–N leaching in biochar-amended soils (Beck et al., 2011; Nelson 

et al., 2011), this hypothesis is supported by adsorption tests conducted by the Soil Control Lab, 

Watsonville, CA, on samples of the biochar used in this study, which indicate that 23.3% of NO3
--
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N in an initial solution of 409 mg L-1 was retained after 20 pore volume additions of deionized 

water. 

The question remains as to what proportion of the biochar-induced removal is permanent 

NO3
--N removal via denitrification and what is temporary storage via sorption. Although this 

study did not differentiate these removal mechanisms, many laboratory-scale investigations have 

demonstrated that biochar addition to soil results in a change in the microbial community 

structure and biological N cycling, specifically increasing the relative abundance of denitrifying 

enzymes (Anderson et al., 2011; Ducey et al., 2013; Harter et al., 2014). Therefore, increased 

rates of denitrification in response to biochar amendment represents a plausible explanation for 

the observed increase in NO3
--N removal in biochar-amended woodchip DNBRs under higher 

relative concentrations. However, future studies should examine the contribution of biochar 

sorption to NO3
--N removal, assess the stability of this surface interaction, and isolate the effect 

of biochar on denitrification both chemically and microbially. 

 Higher temperatures resulted in more rapid NO3
--N removal in both the woodchip and 

biochar DNBRs (p = 0.0039). Water temperatures averaged 23.9 and 9.6°C in the high and low 

categories, respectively. That N removal increases at higher temperatures independently of the 

presence of biochar is unsurprising if N removal is attributed to denitrification because microbial 

activity generally increases with temperature over the range to which organisms are adapted 

(Seitzinger et al., 2006). These results corroborate previous research and reflect the conclusions 

drawn by Schipper et al. (2010a) based on a review of published DNBR research: N removal 

increases with average annual temperature when NO3
--N is nonlimiting with a Q10 (the factor by 

which the rate of removal is predicted to increase for an increase in temperature of 10°C) value 
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of approximately 2. Table 3 reports the Q10 values calculated from the predicted NO3
-–N removal 

rates using the average water temperatures for the high and low categories. Calculated Q10 

values of 1.3 to 2.0 aligned with previous studies (Schipper et al., 2010a) and indicated slightly 

greater values for the woodchip DNBR (Table 3). 

Observed rates of NO3
-–N removal of 0.25 to 6.06 g N m-3 d-1 and predicted rates of 0.41 

to 4.08 g N m-3 d-1 track with average removal rates achieved by similarly designed woodchip 

denitrification beds of 1.8 to 5.1 g N m-3 d-1, which were reported by seven of the eight studies 

reviewed by Schipper et al. (2010a). However, removal rates during some of the events with low 

influent concentrations under low temperature conditions fell below the typical range. Figure 3 

and Table 3 indicate the predicted residence times to achieve 50 and 90% reduction in NO3
--N 

relative to initial concentration for each of the treatments under both temperature conditions 

over a range of influent concentrations (5–20 mg L-1). A recent article by Moorman et al. (2015) 

summarized selected estimates of hydraulic residence times required to reach 50% removal in 

various field studies and concluded that 6 to 24 h was required to reduce influent concentrations 

of 10 to 25 mg L-1 by half. In contrast, the LME suggests that to achieve 50% NO3
-–N removal with 

influent concentrations of 5 to 20 mg L-1, residence times of 15.1 to 89.7 h for the biochar-

amended DNBR and 10.4 to 119 h for the woodchip DNBR are required (Table 3). However, given 

that the N removal expressed as a function of elapsed time in a batch experiment is not directly 

equivalent to removal as a function of residence time in flow-through systems, this operational 

difference may provide some explanation for the differing time scales of removal. A principle 

difference of the flood-and-drain operations is the unsaturated condition between batch events, 

which likely inhibits the denitrifying population, whereas the flow-through design can maintain 
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anaerobic conditions and sustain denitrifying microorganisms. Consequently, the removal rates 

in these pilot-scale DNBRs would be expected to increase if operated under flow-through 

conditions. Nonetheless, the LME output emphasizes that biochar DNBRs could be potentially 

beneficial in agricultural areas with higher influent NO3
-–N concentrations or perhaps, as 

demonstrated in this experiment, biochar addition could significantly reduce the residence time 

required to achieve a given reduction in NO3
--N (T50 or T90) when influent NO3

--N concentrations 

are greater than 5 to 10 mg L-1 (Fig. 3; Table 3). 

2.4.2 Ammonium Analysis by the Linear Mixed Effects Model 

The only significant factor in the LME predicting NH4
+-N concentration was the initial 

NH4
+-N concentration (p = 0.0132). Treatment and time were not significant predictors of NH4

+-

N concentration, which provides evidence that biochar did not affect the rate of DNRA, an 

alternative mechanism of NO3
--N transformation that can occur under anaerobic conditions. 

Interpretation of differences in NO3
--N between the treatments is simplified because DNRA 

results in NO3
--N removal, which could be misinterpreted as denitrification. These observations 

agree with previous work indicating the marginal activity of DNRA in DNBRs (Greenan et al., 2006; 

Schipper and Vojvodic-Vukovic, 2000). 

2.4.3 Water Chemistry: pH, Oxidation Reduction Potential, and Dissolved Oxygen  

Qualitative evidence for biological removal of NO3
--N via denitrification included 

measurements of ORP, DO, and pH indicating that conditions were suitable for denitrification: 

ORP <300 mV, DO <2 mg L-1, and pH between 6 and 8 (Trudell et al., 1986; Vymazal, 2007). 

Observed concentrations of DO were <0.1 to 0.4 mg L-1 at steady state, ORP values were -90 to 

440 mV, and pH ranged from 5.87 to 7.15. Figure 4 displays pH, ORP, and DO observations for 
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one low-temperature event and one high-temperature event that are reflective of the other high- 

and low-temperature events. Significant differences for any of these parameters between the 

treatments were not observed based on a paired t test on the mean values. 

 

Figure 4. Comparison of pH, oxidation reduction potential (ORP) and dissolved oxygen (DO) 
levels in woodchip only and biochar-amended denitrifying bioreactors recorded during a low 
temperature event during the non-growing season and a high temperature event during the 
growing season.  

 

Values of pH generally increased over the course of an event. A comparable increase in 

pH was observed during the events in both treatments at both high and low temperatures, likely 

a result of the alkalinity produced by the Ca(NO3)2 with a possible contribution of the process of 

denitrification itself via the release of hydroxyl anions as oxygen atoms are sequentially stripped 

from NO3
- (McBride, 1994). Similarly, Warneke et al. (2011) observed an increase in pH from 
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about 6 to 7 over the length of a flow-through DNBR. A thorough review of the influence of pH 

on denitrification by Simek and Cooper (2002) concludes that “in acidic soil [the rates of 

denitrification] are less than in neutral or slightly alkaline soils.” Therefore, buffering pH at or 

above neutral conditions within DNBRs could potentially increase NO3
--N removal. Although a 

difference in pH between the treatments was not observed, previous research demonstrates that 

biochar can induce a liming effect cited as responsible for the agronomic improvement in nutrient 

availability and retention associated with its application in soils (Ippolito et al., 2012). Therefore, 

the relationship between biochar, pH, and NO3
--N removal rates in DNBRs deserves further 

investigation. 

 Observed values of ORP remained below the approximate limiting maximum value for 

denitrification of 300 mV (Vymazal, 2007) in the biochar-amended bed and approached this 

limiting value in the woodchip bed. However, interpreting ORP values as an indication of suitable 

conditions to support denitrification is severely limited by the convoluting effects of site-specific 

characteristics, such as the concentrations of other redox active constituents, soil heterogeneity, 

and system disequilibrium (McBride, 1994). A net decrease in ORP occurred in both treatments, 

albeit from a higher initial value and much more slowly under low temperature. A decrease in 

ORP over time is associated with oxygen consumption during denitrification (Cey et al., 1999; 

Schilling et al., 2007) and is further indicative of the occurrence of denitrification. The difference 

in initial ORP between the high- and low-temperature events is at least partially due to the 

difference in oxygen content of the influent for the low- and high-temperature events, given that 

oxygen is a major driver of ORP (McBride, 1994). Low-temperature events received influent 
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saturated with dissolved oxygen, whereas the oxygen content of the influent water for the high-

temperature event had already been depleted of oxygen to <0.2 mg L-1. 

The level of DO limiting environmental denitrification rates remains uncertain within a 

range of values (0.5–4.5 mg L-1), as reported by Warneke et al. (2011). Variability in limiting 

concentrations is likely due to substrate heterogeneity and the presence of microsites creating 

anaerobic environments (Seitzinger et al., 2006; Warneke et al., 2011). Even in the context of 

woodchip DNBRs, differing levels of limiting DO are frequently reported. Warneke et al. (2011) 

demonstrated that DO levels up to 1.7 mg L-1 did not limit removal, whereas Healy et al. (2006) 

reported uninhibited denitrification up to 3.7 mg L-1. Oxygen-induced inhibition of denitrification 

is another possible mechanism for the lower N removal rates at low temperatures where DO 

concentrations as high as 6 mg L-1 were measured; conversely, under high temperatures DO was 

<0.5 mg L-1 (Fig. 4). 

2.4.4 Implications 

This study provides pilot-scale evidence that biochar has the potential to enhance NO3
--N 

removal in woodchip DNBRs receiving sufficiently NO3
--N-enriched influent at concentrations 

likely to be encountered in agricultural drainage. By achieving a given level of removal with a 

shorter residence time than a woodchip bed, biochar amendment could either allow for smaller 

bed designs or the treatment of larger flows with high NO3
--N concentrations. Therefore, 

determining the cost-effectiveness of biochar amendment to DNBRs deserves further 

investigation, acknowledging that biochar is a more expensive substrate than woodchips. 

However, the addition of biochar can change the porosity and alter the hydraulic conductivity of 

the bed, perhaps necessitating a greater bed volume to accommodate design flows. Determining 
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the effect of biochar addition on the hydraulic properties of DNBRs will be necessary before 

recommendation of design and management of DNBRs using biochar. In sum, although these 

data suggest that biochar may not improve performance of DNBRs receiving less than 5 to 10 

NO3
--N mg L-1

, further investigation of biochar applied to field-scale DNBRs is warranted by the 

potential for biochar to be beneficial under high N loadings and the laboratory findings of 

increased phosphate removal and reduced N2O emission associated with biochar amendment 

(Bock et al., 2015). 
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3. EFFECT OF BIOCHAR, HYDRAULIC RESIDENCE TIME, AND NUTRIENT LOADING 

ON N2O, CH4, and CO2 EMISSIONS FROM LABORATORY-SCALE DENITRIFYING 

BIOREACTORS 

3.1 Abstract 

Increased adoption of woodchip denitrifying bioreactors to mitigate nutrient export in 

agricultural drainage creates opportunities for improving water quality but also raises concerns 

about potential unintended consequences of widespread implementation. Greenhouse gas 

(GHG) emissions, particularly as nitrous oxide (N2O) produced during denitrification, are of 

particular concern. To gain understanding of the controls on GHG emissions in bioreactors, the 

effects of nutrient loading, hydraulic residence time (HRT), and biochar addition were tested in 

laboratory-scale woodchip bioreactors, as biochar amendment to agricultural soils has 

previously been reported to reduce GHG emissions. A full factorial experiment with three 

media types (woodchips, 10% biochar, and 30% biochar), three HRTs (3, 6, and 12 h), and four 

influent formulations, all combinations of high and low nitrogen (16.1 and 4.5 mg l-1 NO3
--N) 

and phosphorus (1.9 and 0.6 PO4
3--P), tested the effect of these variables on GHG flux in 6050 

cm3 bioreactor columns, with three replicates of every experimental treatment. Nitrous oxide, 

methane (CH4), and carbon dioxide (CO2) fluxes were measured using the closed dynamic 

chamber technique with a cavity ring-down spectrometer. N2O was found to contribute 

substantially to total GHG emissions assessed in terms of CO2 equivalents, accounting for 20.9% 

of warming potential on average and up to 84.5%, with a mean flux of 2.92 mg N2O-N m-2 d-1 

and a maximum of 77.3 mg N2O-N m-2 d-1. Emissions factors, the proportion of NO3
- removed by 

the bioreactor released as N2O, ranged -0.1 to 9.5%. Treatment effects were assessed with 



61 
 

linear mixed effects models, and biochar addition was found to significantly increase GHG 

emissions under most tested conditions.  

3.2 Introduction 

The establishment of denitrifying bioreactors as an accepted agricultural best 

management practice (BMP) to reduce nitrogen (N) export in drainage waters is underpinned 

by a growing body of research establishing expected N removal efficiencies (e.g. Addy et al., 

2016) and relating performance to design parameters including bed sizing, dimensions, and 

target hydraulic residence time (HRT) (Christianson et al., 2013c; Christianson et al., 2011; 

Sharrer et al., 2016). Maximizing N removal has been the primary focus of bioreactor studies, 

but increasingly pollution swapping potential, the trade-off between increasing N removal and 

increasing environmentally harmful byproducts such as greenhouse gases (GHGs), 

methylmercury (CH3Hg+), or excess dissolved organic carbon is acknowledged, quantified, and 

incorporated into assessment of bioreactor performance (Christianson and et al., 2017; Healy et 

al., 2012, 2015; Warneke et al., 2011a, 2011b). Indeed, bioreactor GHG emissions, specifically 

nitrous oxide (N2O) emissions produced via incomplete denitrification, were among the earliest 

identified concerns regarding widespread bioreactor implementation (Schipper et al., 2010), 

and have since been quantified in several laboratory- (Bock et al., 2015), pilot- (Warneke et al., 

2011b), and field-scale systems (Elgood et al., 2010; Moorman et al., 2010; Warneke et al., 

2011a; Woli et al., 2010). Although problematic rates of N2O flux have not been reported, given 

the high variability of GHG emissions from agricultural soils (Mathieu et al., 2006; Oertel et al., 

2016), a similarly spatially and temporally dynamic fluxes could be expected in denitrifying 

bioreactors and complicate efforts to estimate average or cumulative emissions. Given the 
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expense and technical challenges of measuring GHG flux with high temporal resolution, 

controlled experiments of the factors influencing GHG emissions in bioreactors have not been 

conducted. However, such experiments could provide valuable insight into the mechanisms of 

bioreactor GHG emissions and potentially inform refinement of bioreactor design guidelines 

aimed at minimizing emissions.  

Substrate engineering is one approach to mitigating bioreactor GHG emissions. Use of 

biochar, an organic carbon pyrolysis product developed as a soil amendment, in denitrifying 

bioreactors merits investigation because it has been widely reported to reduce GHG emissions 

when incorporated into agricultural soils (Florinsky et al., 2004; Kookana et al., 2011; Saarnio et 

al., 2013; Sohi et al., 2010), although instances of biochar increase N2O emissions have been 

observed as well (Bruun et al., 2011; Yanai et al., 2007). Additionally, biochar has also been 

shown to reduce leaching of N, phosphorus (P), and organic carbon from soils (Beck et al., 

2011), potentially providing additional opportunities to mitigate pollution swapping in 

bioreactors. General characteristics of biochars underlying induced soil properties include high 

specific surface area, micropore volume, cation exchange capacity, and water holding capacity 

(Kookana et al., 2011; Lehmann et al., 2011; McLaughlin et al., 2009). Different mechanisms of 

N2O suppression related to these characteristics have been reported, Clough and Condron 

(2010) describe the ability of alkaline biochar to raise pH which favors production of N2 over the 

accumulation of N2O during denitrification. Saarnio et al. (2013) found that biochar indirectly  

decreased N2O emissions through its effect on increasing soil moisture. However, Case et al. 

(2015) reported that biochar suppressed N2O emissions even in a completely saturated sandy 

loam, suggesting a mechanism unrelated to the effect on soil water holding capacity. Perhaps 
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unsurprisingly, the effect of biochar on GHG emissions in woodchip bioreactors has been 

mixed. Simple batch experiments showed that biochar-amended woodchips produced less N2O 

than woodchips alone in batch experiments with gastight bioreactor columns (Bock et al., 2015; 

Easton et al., 2015), whereas no differences in N2O production between woodchips with or 

without biochar amendment by Christianson et al. (2011). Aside from its effect on GHG flux, 

biochar may hold potential to increase N removal in bioreactors. Pluer et al. (2016) and Bock et 

al. (2015; 2016) observed greater N removal rates in both laboratory and field bioreactors 

amended with biochar than for the woodchips alone. Furthermore, an economic analysis based 

on the relationship between biochar and added N removal developed in a pilot-scale 

experiment (Bock et al., 2016) suggests that increasing N removal efficiency with biochar 

addition may be cost-effective given sufficient drainage area and N loading to the bioreactor 

(DeBoe et al., 2017), although as pointed out by Christianson et al. (2016), these results require 

validation in field testing. Nonetheless, additional investigation of the effect of biochar on 

nutrient removal and GHG emissions in denitrifying bioreactors is warranted.  

The objective of this study was to evaluate the effect of biochar amendment to 

woodchip bioreactors, HRT, and nutrient loading, both N and P, on emission of N2O, CH4, and 

CO2. A longitudinal factorial experiment with 6560 cm3 laboratory bioreactor columns tested 

the hypothesis that biochar addition lowers GHG emissions relative to woodchips alone across 

different HRTs and nutrient loading rates; simultaneously, the effect of biochar on N and P 

removal was also examined and is reported elsewhere.  
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3.3 Methods 

A full factorial experiment tested the effect of media type, HRT, and N and P influent 

concentration on the GHG flux (N2O, CH4, and CO2) in a flow through laboratory scale 

denitrifying bioreactor. The three media types tested were woodchips (W), woodchips with a 

10% volumetric biochar addition (B10), and woodchips with 30% volumetric biochar addition 

(B30). Three target HRTs, 3, 6, and 12 h encompassed the reported target range of 4-8 h to meet 

a target load reduction of 45% (Christianson et al., 2011; Christianson et al., 2013b). Twelve 

horizontal, flow through columns were used to test each treatment combination of media, HRT, 

and N loading in triplicate over the course of nine trials. A single combination of media and HRT 

was tested in each trial, while four different nutrient solutions, all combinations of the selected 

high (16.1 mg l-1 NO3
--N and 1.9 mg l-1 PO4

3--P) and low (4.5 mg l-1 N and 0.6 mg l-1 P) N and P 

concentrations representative of agricultural drainage, were pumped through the four sets of 

columns in triplicate. In addition to the description in 3.3.1, details of the experimental design 

can be found for a companion study of nutrient removal in Coleman (2017).  

3.3.1 Column design 

Bioreactor columns with a volume of 6560 +/- 30 cm3 were constructed from 10.22 cm 

inner diameter (ID) schedule 40 PVC pipe (4 in), with a 45° wye with a 5.25 cm ID branch with 

socket connections (4 in by 4 in by 2 in) inserted approximately 70% of the length toward the 

outlet to function as a gas sampling port. A short section of 5.25 cm PVC was cemented to the 

branch of the wye to accommodate a removable socket cap to isolate the headspace during 

GHG flux measurement. Endcaps with removable threaded plugs were affixed to each end with 

PVC primer and cement, and pipe thread sealant (RectorSeal) maintained a watertight 
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connection between the endcaps and plugs. Couplings with barbed tube fitting adaptors were 

installed in the threaded plugs and attached to tubing supplying the column-bioreactors with 

nutrient solution and freely draining effluent. The inlet coupling was located near the top of the 

column when placed horizontally, at a height of 9.75 cm from the bottom of the column, and 

the outlet coupling was at a height of 7.5 cm, just above the fill media, setting the volume of 

water contained in the column. Nutrient solution was pumped through the columns using two 

peristaltic pumps (Masterflex, Cole-Parmer, Vernon Hills, IL).  

3.3.2 Experimental treatments 

Organic carbon media included locally-sourced woodchips of mixed hardwood species, 

produced as mulch and biochar (Biochar Now, Carbondale, CO) produced from pine (Pinus sp.) 

feedstock. The biochar was produced by a two-stage pyrolysis process where low oxygen 

conditions are maintained and the feedstock is held briefly (<1 min) between 500 and 700 °C 

followed by an extended period at 300 to 550 °C, up to 14 min. The formulation consisted of 

two size fractions, 80% with dimensions approximately 1.5 cm by 1 cm by 0.5 cm and the 

remaining 20% a fine dust fraction ranging 10 to 100 µm. For each trial, 5,000 cm3 of woodchips 

were measured out for each column, and combined with either 500 cm3 or 1500 cm3 of biochar 

for the B10 and B30 treatments, respectively. The total volume of woodchips was held constant 

across treatments to maintain comparable headspace volumes within the columns, as the 

biochar filled the interstitial spaces between the woodchips, to reduce difference in GHG flux 

measurements between the columns due to differences in headspace geometry, an important 

component of the calculation of flux from direct measurements of headspace concentration. 

The biochar-amended media were combined thoroughly to produce a homogeneous mixture. 
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Prior to the start of each trial, the columns were filled with fresh media and primed with the 

same nutrient solution as would be tested experimentally by filling and draining three times 

over five days and flushed three times in short succession with deionized water.  

Flow rates for the peristaltic pumps were selected to achieve HRTs of 3, 6, and 12 h and 

determined by measuring the time between beginning to pump water through the columns and 

the first drainage at the outlet. Due to differences in porosity between the media treatments, 

being reduced in proportion to the volume of biochar added, the flow rates to achieve the 

same HRTs differed between media treatments. Porosities of the media, determined using 

volumetric displacement, were 0.66 for the woodchips, 0.61 for B10, and 0.52 for B30; porosity 

of the woodchips was within the range of 0.60 to 0.86 cm3 cm-3 for woodchips used in other 

bioreactors reported in the literature (Chun et al., 2009; Robertson, 2010; Woli et al., 2010). 

Differing flow rates between media types to achieve comparable HRTs confounded the 

assessment of the effect of influent N and P concentration, but examining N and P loading as a 

continuous variable allowed the effects of media and loading rate to be distinguished as 

described in section 2.5. 

Table 1. Flow rates, measured hydraulic residence time (HRT), and NO3
--N loading rates 

between for each media type, woodchips (W), 10% biochar (B10), and 30% biochar (B30), for 

each target HRT.  

HRT 3 h 6 h 12 h 

Media Type W B10 B30 W B10 B30 W B10 B30 

Flow rate  
(ml min-1) 

18.3 16.9 14.4 9.2 8.5 7.2 4.6 4.2 3.6 

HRT (h) 
3.3 3.1 3.4 6.0 5.8 6.6 11.8 12.5 13.1 

 
N loading  
(g N m-3 d-1) 

84.9 78.4 66.8 42.7 39.4 33.4 21.3 19.5 16.6 
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Four nutrient solutions simulating agricultural drainage were prepared for each trial, all 

combinations of representative high (16.1 mg l-1 NO3
--N and 1.9 mg l-1 PO4

3--P) and low (4.5 mg 

l-1 N and 0.6 mg l-1 P) N and P concentrations. Solutions consisted of tap water, previously 

determined to have consistently low N and P concentrations, and weighed quantities of 

granular calcium nitrate (Ca(NO3)2) and potassium phosphate monobasic (KH2PO4) mixed in 113 

L plastic tanks. During the trials, each of the four nutrient solutions was pumped at the 

prescribed rate directly to the columns via silicone tubing, a 4-channel peristaltic pump 

supplying one replicate of each nutrient loading rate and an 8-channel peristaltic pump supping 

the remaining two replicates.  

3.3.3 Greenhouse gas flux measurement 

 Fluxes of N2O, CH4, and CO2 were quantified using the closed dynamic chamber 

technique with a cavity ring-down mass spectrometer (CRDS, Picarro G2508, Santa Clara, CA), 

whereby a closed system is created by isolating the column headspace, which is pumped 

through the inline analyzer and returned to the column (Collier et al., 2014). For each trial, 

measurements were taken from each of the 12 columns beginning when the columns were 

saturated and the first effluent began to drain at 0, 2, 4, 6, 9, and 12 h, then every 6 h through 

the second day of the trial, every 12 h on the third day, and every 24 hours on the fourth and 

fifth days. Sampling frequencies accommodated the parallel objective of evaluating treatment 

effects on N and P removal by the bioreactors, based on preliminary testing of the stability of 

effluent concentrations and previous laboratory-scale bioreactor experiments (Bock et al., 

2015; Easton et al., 2015). Column headspace GHG concentrations were quantified by capping 

the open branch of the wye to create a closed system and recirculating the headspace between 
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the CRDS analyzer and the column. A socket cap was modified with two brass bulkhead unions, 

with rubber gaskets on the inside of the cap to prevent leakage, which were connected with 

compression fittings the inlet and exhaust lines of the analyzer, two 3 m lengths of 3.2 mm ID 

inert, polyethylene lined tubing with a vinyl acetate shell. The exhaust union was also fitted 

with an elbow connector inside the cap to expel the recirculated headspace away from the 

intake to minimize short circuiting of the flow. Prior to taking a measurement the exhaust line 

was disconnected from the cap and reattached only after the cap was placed onto the sampling 

port, venting to minimize the disruption of the headspace pressure gradient and diffusive flux 

from the media (De Klein and Harvey, 2012). Headspace concentrations of N2O, CH4, and CO2 

were recorded for two minutes for each column, a relatively short duration to avoid changing 

the analyte concentration gradients to the point where the rate of diffusive flux is appreciably 

affected (Collier et al., 2014). Ambient air was pumped through the instrument for at least two 

minutes between each measurement to allow return to background concentration. Barometric 

pressure (+/- 0.8 kPa) and ambient air temperature (+/- 0.2 ˚C) were recorded for each time 

point for conversion of dry molar fractions to gravimetric concentrations.  

 GHG fluxes were calculated from chamber headspace concentration measurements 

over time using least squares linear regression (LR), the most common approach to quantifying 

gas flux with chamber methodologies (Collier et al., 2014), using the equation: 

F = S∙V∙A-1                             (1)  

where S is the slope of the analyte concentration regressed over time, V is total volume of the 

recirculating system (column headspace, tubing volume, instrument internal volume, 0.00221 

m3), and A is the contained surface area (the horizontal plane determined by height of media 



69 
 

and column dimensions, 0.0749 m2). Measurement start and end times were recorded and 

manually adjusted after visual examination of the data; several of the total 1,632 individual 

measurements were eliminated due to poor data quality (n=7, n=16, and n=2 for N2O, CH4, and 

CO2, respectively.) The first 30% and last 10% of the recorded response for each measurement 

were removed prior to LR to ensure that differing background headspace concentrations would 

not bias the flux calculations; GHG accumulation in the headspace likely occurred, since 

exchange with ambient air occurred only through the 5.25 cm ID gas sampling port. If the 

background headspace concentration is elevated relative to ambient conditions, and 

measurements of ambient concentrations are included in the regression interval, fluxes would 

be overestimated by fitting a steeper slope. Additionally, selecting this inner subset of 

concentration measurements avoided error due to uncertainty in the start and stop times of 

the measurement interval.  

3.3.4 Statistical analysis  

The purpose of the empirical flux models described as follows was to differentiate and 

estimate the effects of experimental treatments (media type, HRT, N and P loading) on GHG 

flux in order to hypothesize the impact of these variables on bioreactor function at the field 

scale. Although the experimental design was factorial, all variables except for media type were 

treated as continuous to included differences between measured HRTs, and, more importantly, 

to use N loading rather than influent concentration an explanatory variable because achieving 

similar HRTs among media types given their differing porosities resulted in substantially 

different loading rates that would be masked by considering the influent concentration alone 

(Table 1). It should be emphasized that the models are not intended to predict GHG fluxes from 
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other bioreactor systems, per se, but can potentially guide future assessments of bioreactor 

emissions. 

The effect of media type, HRT, N loading, and P loading on N2O, CH4, and CO2 flux was 

evaluated with a separate LME model for each analyte. LMEs are appropriate for longitudinal 

studies or repeated measures studies that would violate assumptions of independence in 

classical linear regression, such as this column experiment where multiple, non-independent 

measurements were collected from each experimental unit (media-filled column) over time. To 

account for this non-independence, an error term assigning a random adjustment to the 

intercept of each experimental unit was modeled, and a continuous first-order autoregressive 

correlation structure was specified to indicate greater similarity between flux measurements 

from an individual column closely spaced in time compared to more distant measurements. 

Additionally, unequal variance for the different media types was modeled to avoid violation of 

the assumption of homoscedastic within-group errors. These random effects, correlation, and 

variance structures were each determined to significantly improve model fit via the likelihood 

ratio test, a statistical comparison of nested models with and without the component of 

interest. With respect to fixed effects, the most complex model specification was constrained 

to two-way interactions to limit the number of modeled parameters to a level of complexity 

supported by the dataset, given the need to model random intercepts, correlation, and 

variance components.  Fixed effects that were determined to be significant with the likelihood 

ratio test, or those main effects included in a significant interaction term, were retained in the 

models and the remaining terms were eliminated. Note that for testing fixed effects with the 

likelihood ratio test LMEs are fit by the maximum likelihood method, but for testing of random 
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effects, and correlation or variance structures LMEs are fit by restricted maximum likelihood 

method.  

Model assumptions included linearity, non-collinearity, homoscedasticity, and normal 

distribution of residuals. To meet these assumptions, the dependent variables (N2O, CH4, and 

CO2 flux) were transformed to linearize the relationship between flux measurements and 

potential explanatory variables and reduce heterogeneity of variance in the model residuals, 

since correlation between variability in flux measurements and flux magnitude was observed. 

CO2 fluxes were transformed by taking the natural logarithm and N2O and CH4 fluxes were 

transformed by taking the cubic root and preserving the mathematic sign; since several of the 

N2O and CH4 flux measurements were negative (net transfer into the bioreactors) the more 

common logarithmic transformation could not be used. Acceptable levels of collinearity were 

achieved by centering the continuous variables N loading rate and elapsed time, and verified by 

examining the variance inflation factors of each fixed effect, which were found to be less than 

3.5 for all models. Homoscedasticity was evaluated by examining plots of model residuals to 

fitted values, and boxplots of model residuals at each level of categorical variables media type 

and HRT (Zuur et al., 2010), which originally prompted modeling different variance according to 

media type. Subsequently, the Levene test the variance distribution of the residuals with 

respect to media type and HRT, and the null hypothesis of homogenous variance failed to be 

rejected at the 95% confidence level. Normality of residuals was assessed by visual examination 

of the normalized residuals, where normalization incorporates the modeled correlation and 

variance structures, compared to normal quantiles. Data transformations significantly improved 

model diagnostics, but residuals of the all models still demonstrated deviation from normality, 
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with greater of lesser heavy tailing. However, normality is considered least important 

assumption for LMEs, particularly for describing the relationship between dependent and 

explanatory variables (Gelman and Hill, p. 46, 2007), so the modeling approach was determined 

to be appropriate.  

Statistical significance of fixed effects was evaluated with a conditional F-test and the 

significance of individual parameter coefficient estimates was evaluated with the Wald t-test. 

Back transformation was required to quantify the effect of independent variables on the 

original scale. Since both the cubic root and logarithmic transformations introduce nonlinearity 

on the original scale, the magnitude of the response to changes in the values of explanatory 

variables is relative to current conditions. For the natural logarithm transformation, where Xi is 

an explanatory variables and Bi is its corresponding coefficient, the effect of a unit increase in Xi 

is determined to be a percent increase in current flux equal to (expBi
 - 1)*100, calculated by 

subtracting the equation predicting flux at given value of Xi  (Yi) from flux at Xi+1 (Yi+1).  For the 

cubic root transformation, the effect of a one unit change in Xi is equal to a change in flux of 

3BiYi
1/2, calculated by taking the derivative of the dependent variable on the original scale, Y1/3, 

which is taken with respect to Xi.  

3.4 Results and Discussion 

Figure 1 presents all flux measurements taken from the 12 columns over nine 

experimental trials, totaling 1632 individual measurements, and Table 2 presents summary 

statistics. To assess total GHG emissions from the bed, the combined GHG emissions are also 

presented, reported as CO2 equivalents (CO2eq), an expression of the global warming potential 

of any GHG relative to that of CO2 over a 100-yr timespan, calculated by multiplying N2O and 
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CH4 fluxes by factors of 298 and 25, respectively (IPCC 2007). Emissions ranged from 682 to 27.3 

x 103 mg CO2eq-C m-2 d-1, and averaged 3.5 x 103 mg CO2eq-C m-2 d-1. N2O accounted for an 

average of 20.9% of CO2eq emissions, supplying at least 11.0% of the global warming potential 

for 75.0% of the flux measurements, but CH4 contributions were negligible (<0.6%). CO2 

supplied 79.1% of GHG emissions on average, but as little as 15.5% when N2O flux peaked at 

77.3 mg N2O-N m-2 d-1, and accounted for 84.5% of CO2eq flux. Fluxes were highly variable, N2O, 

CH4, and CO2 having coefficients of variation (CV) of 150%, 78%, and 45%, respectively. 

However, LME analysis identified statistically significant relationships between flux and 

treatment conditions.  

The relationships between dependent variables N2O, CH4, and CO2 flux and potential 

explanatory variables media type, HRT, N loading rate, P loading rate, and elapsed time, were 

evaluated with LMEs as described in section 2.5. Following this methodology, the effect of P 

loading rate was found to be insignificant and subsequently excluded from all models. Similarly, 

N loading rate was found to be insignificant and excluded from the CH4 model. Table 3 presents 

the results of conditional F-test for significance of fixed effects, and Table 4 presents the Wald 

t-test of individual parameter coefficients. Note that that coefficient estimates of explanatory 

variables in Table 4 predicts flux on the transformed scale. Woodchips were selected as the 

reference level for media type to emphasize differences between the traditional woodchip 

bioreactor media and the experimental biochar amendments. The HRT reference level was 

assigned as 6 h, corresponding to the target design HRT range 4-8 h (Christianson et al., 2011, 

2013c), to emphasize the effect of HRTs above or below the recommendation.   
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Figure 1a-d. Time series of N2O (a), CH4 (b), CO2 (c), and CO2 equivalent (d) flux measurements 
for 108 individual bioreactor columns, displayed separately for each combination of hydraulic 
residence time (HRT; 3,6, and 12 h) and influent N concentration (high 16.1 mg NO3

--N l-1, and 
low 4.5 mg NO3

--N l-1). Note that N2O and CH4 fluxes in mg m-2 d-1 while CO2 and CO2 equivalent 
fluxes are in g m-2 d-1. Shading represents the confidence interval of the lowess regression. 
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Interpretation of significant interaction terms in multivariate modeling is typically 

guided by the principal of marginality, which dictates that the effect of independent variables 

on the response variable is determined by the highest level of interaction (Nelder, 1994). 

However, the main effects describe the flux response of the reference condition, assigned as 

woodchips at 6 h HRT, and are subject to valid interpretation in the presence of interaction 

effects. For example, when the effect of HRT, elapsed time, or N loading differs among media 

types, resulting in a statistically significant interaction term, the flux response for woodchips 

would be calculated from the coefficient estimate for the main effect of a given variable, 

whereas the differing response of the biochar treatments would be calculated from the sum of 

the coefficients of the main effect and their respective interactions effects with that same 

variable. Note that the continuous variables, N loading and time elapsed have been centered, 

so the model intercepts represent the estimate of average flux for woodchips at HRT 6 under an 

N loading rate of 28.7 g NO3
--N m-3 d-1 after 37 h.  
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Table 2. Mean and standard deviation (sd) of N2O, CH4, CO2, and CO2-eq fluxes for each 
combination of media type and HRT, pooling across influent N and P concentrations.  

HRT Woodchips 10% Biochar 30% Biochar 

N2O-N mg m-2 d-1, mean (sd) 

3 h 3.24 (2.81) 4.94 (9.11) 3.78 (4.06) 

6 h 1.46 (1.51) 1.99 (1.87) 4.16 (4.38)  

12 h  1.56 (1.72) 1.52 (1.00) 3.49 (4.56) 

CH4-C mg m-2 d-1, mean (sd) 

3 h 0.09 (0.06) 0.13 (0.08) 0.12 (0.08) 

6 h 0.07 (0.07) 0.18 (0.09) 0.08 (0.04) 

12 h  0.11 (0.12) 0.14 (0.09) 0.06 (0.05) 

CO2-C mg m-2 d-1, mean (sd) 

3 h 2.53 (1.12) ∙ 103 2.75 (0.69) ∙ 103 2.95 (1.45) ∙ 103 

6 h 1.65 (0.55) ∙ 103 2.29 (1.02) ∙ 103 2.44 (0.96) ∙ 103 

12 h  2.84 (1.06) ∙ 103 2.19 (0.65) ∙ 103 4.06 (1.36) ∙ 103 

CO2eq-C mg m-2 d-1, mean (sd) 

3 h 3.50 (1.40) ∙ 103 4.24 (3.11) ∙ 103 4.04 (2.31) ∙ 103 

6 h 2.08 (0.72) ∙ 103 2.82 (1.16) ∙ 103 3.62 (1.90) ∙ 103 

12 h  3.33 (1.37) ∙ 103 2.65 (0.76 ) ∙ 103 5.10 (1.82) ∙ 103 

 

 
 
 
 
 
 
 
 
 
 
 
 
 



78 
 

Table 3. Fixed effects included in linear mixed effects models of N2O, CH4, and CO2 flux. Note 
transformations of the dependent variables Effects determined to be statistically significant at 
the 95% confidence level are indicated by a star. 

N2O , (mg N2O-N m-2 d-1)1/3  

 DFnum DFden F-value p-value 

Intercept 1 1511 128.915 <0.0001* 

Time  1 1511 0.055     0.8139         

N  1 94 8.008 0.0057* 

Media  2 94 5.774 0.0043* 

HRT  2 94 6.357 0.0026* 

Time x N 1 1511 0.444      0.5052 

Time x Media 2 1511 5.338     0.0049* 

Time x HRT 2 1511 1.416     0.2430 

N x Media 2 94 6.712     0.0019* 

N x HRT 2 94 7.125 0.0013* 

Media x HRT 4 94 4.950 0.0012* 

CH4, (mg CH4-C m-2 d-1 ) 1/3 

Intercept 1 1504 1086.276 <0.0001* 

Time  1 1504 0.056     0.8128 

Media  2 102 21.629 <0.0001* 

HRT  1 102 0.168        0.6831 

Time x Media 2 1504 27.185 <0.0001* 

Time x HRT 1 1504 15.319 0.0001* 

Media x HRT 2 102 5.036 0.0082* 

CO2, ln(mg CO2-C m-2 d-1) 

Intercept 1 1491 11713.690 <0.0001* 

Time  1 1491 0.054      0.8160 

N  1 94 2.275      0.1348 

Media  2 94 9.369 0.0002* 

HRT  2 94 12.825 <0.0001* 

Time x N 1 1491 8.085 0.0045* 

Time x Media 2 1491 119.034 <0.0001* 

Time x HRT 2 1491 7.873 0.0004* 

N x Media 2 94 0.088      0.9155 

N x HRT 2 94 2.399      0.0964 

Media x HRT 4 94 7.958 <0.0001* 
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Table 4. Coefficient estimates and statistical significance (*) for parameters included in linear 

mixed effects models of N2O, CH4, and CO2 flux. Note transformations of dependent variables.  

N2O, (mg N2O-N m-2 d-1)1/3 

Parameter Value Std. Error DF t-value p-value 

Intercept 1.17E+00 7.07E-02 1512 16.577 <0.0001* 
Time -1.48E-04 9.08E-04 1512 -0.163 0.8707 
N 1.71E-02 3.77E-03 98 4.531 <0.0001* 
B10 1.16E-01 8.92E-02 98 1.300 0.1968 
B30 2.47E-01 8.96E-02 98 2.760 0.0069* 
HRT 4.79E-02 2.23E-02 98 2.147 0.0343* 
Time  x N 1.62E-05 2.89E-05 1512 0.561 0.5746 
Time x B10 1.70E-03 1.37E-03 1512 1.238 0.2160 
Time x B30 4.56E-03 1.40E-03 1512 3.250 0.0012* 
Time  x HRT -3.18E-04 1.87E-04 1512 -1.697 0.0900 
N  x B10 -1.08E-02 4.06E-03 98 -2.648 0.0094* 
N x B30 -4.57E-03 4.51E-03 98 -1.014 0.3129 
N x HRT 1.73E-03 7.73E-04 98 2.243 0.0272* 
B10 x HRT -5.93E-02 2.72E-02 98 -2.177 0.0319* 
B30 x HRT 1.06E-02 2.76E-02 98 0.384 0.7016 

CH4, (mg CH4-C m-2 d-1 ) 1/3 

Intercept 4.06E-01 1.23E-02 1504 32.959 <0.0001* 
Time -5.30E-05 2.24E-04 1504 -0.237 0.8128 
B10 9.92E-02 1.67E-02 102 5.942 <0.0001* 
B30 1.44E-02 1.68E-02 102 0.856 0.3938 
HRT 1.41E-03 3.45E-03 102 0.409 0.6831 
Time x B10 -3.46E-04 2.80E-04 1504 -1.235 0.2171 
Time x B30 1.43E-03 2.88E-04 1504 4.942 <0.0001* 
Time  x HRT 1.13E-04 2.88E-05 1504 3.914 0.0001* 
B10 x HRT -1.99E-04 4.45E-03 102 -0.045 0.9645 
B30 x HRT -1.15E-02 4.46E-03 102 -2.570 0.0116* 

CO2 (mg CO2-C m-2 d-1 ) 

Intercept 7.56E+00 5.14E-02 1517 147.060 <0.0001* 
Time -1.19E-03 4.24E-04 1517 -2.819 0.0049* 
N -8.70E-03 2.77E-03 98 -3.138 0.0022* 
B10 3.67E-02 6.09E-02 98 0.603 0.5477 
B30 2.38E-01 6.12E-02 98 3.891 0.0002* 
HRT -1.15E-02 1.68E-02 98 -0.685 0.4950 
Time  x N 2.02E-05 1.05E-05 1517 1.930 0.0538 
Time x B10 5.66E-03 5.32E-04 1517 10.639 <0.0001* 
Time x B30 8.62E-03 5.45E-04 1517 15.818 <0.0001* 
Time  x HRT -1.68E-04 6.65E-05 1517 -2.527 0.0116* 
N  x B10 -2.63E-03 2.93E-03 98 -0.898 0.3715 
N x B30 9.61E-04 3.23E-03 98 0.298 0.7667 
N x HRT -2.39E-03 5.50E-04 98 -4.344 <0.0001* 
B10 x HRT -5.32E-02 1.99E-02 98 -2.672 0.0088* 
B30 x HRT 2.02E-02 2.00E-02 98 1.008 0.3160 
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3.4.1 Nitrous oxide 

For N2O, the two-way interaction effects of media by N loading, HRT, and elapsed time 

are all significant at the 95% confidence level, indicating that the flux response to changes in 

each of these variables differs between media types (Table 3). Additionally, the interaction 

between N loading and HRT is also significant, reflecting different responses to N loading 

among the three HRTs, as visualized in Figure 2. Although interaction terms more accurately 

describe the relationship between N2O flux and the explanatory variables under specific 

conditions, several significant main effects reflect meaningful average predicted responses. The 

statistically significant positive coefficient estimates for N loading, B30, and HRT suggest that, on 

average, N2O flux increases as N loading rate (p < 0.0001) or HRT increase (p=0.034), and that 

B30 fluxes tend to be significantly higher than either W or B10 (p=0.0069). In addition to 

exhibiting the highest average flux, B30 is also differentiated by a significantly greater increase in 

N2O flux over time (p = 0.0012) than W and B10, which are predicted to remain relatively stable 

through time. For all media types, the interaction effect of N loading by HRT suggests a 

compounding effect of N loading at low HRTs, where a given increase in N loading results in a 

larger increase in N2O flux at lower HRTs for all media types (p = 0.0272). For example, an 

increase in N loading from 20 g NO3
--N m-3 d-1 to 40 g NO3

--N m-3 d-1 is predicted to increase N2O 

flux from woodchip columns by ~80% from 0.8 to 1.4 mg N2O-N m-2 d-1 for a 3 h HRT, but for a 

12 h HRT the same increase in N loading would be expected to increase flux by over 210%, from 

1.4 to 4.3 mg N2O-N m-2 d-1. This explanation of the N loading by HRT interaction term requires 

such context due to the non-linearity of the flux response introduced by the cubic root data 

transformation, which means that the effect of a parameter is dependent on current conditions 
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(predicted flux). Thus, these nonlinear relationships are better described visually in Figure 2, 

which displays predicted fluxes for each HRT across three levels of N loading (10, 40, and 70 g 

NO3
--N m-3 d-1) over the trial duration (120 h).  

 

Figure 2. N2O fluxes predicted by linear mixed effects model for each combination of 
representative hydraulic residence times and N loading rate. Shaded areas represent +/- one 
standard error of the predicted flux.  
 

Unexpectedly high fluxes were observed in B10 columns under low N loading at HRT3 

(Figure 1a), the highest N2O fluxes measured during the experiment (up to 77.3 mg N2O-N m-2 

d-1), in comparison to all other combinations of HRT and N loading where B30 columns exhibited 
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the highest average N2O flux (Table 2). As a result, the fitted model included significant 

interaction terms predicting higher fluxes for B10 at lower HRTs (p = 0.0319) and, more 

problematically, prescribed an inverse relationship between B10 and N loading (p = 0.0094). 

Subsequently, the model was refit excluding flux measurements from the twelve bioreactor 

columns with experimental treatment combination B10 and 3 h HRT data to determine how 

these data points affected coefficient estimation of the fixed effects. The determinations of 

significance at the 95% confidence level for each term shared by the models were in agreement 

except for the B10 by HRT interaction term, which became non-significant in the partial model 

(data not shown). All coefficient estimates shared the same mathematic sign and differed by 

less than two times the standard error except for B10, which decreased from 0.116 to -0.081, 

and in contrast with the full model indicating predicted lower average N2O fluxes from B10 

compared to W. However, the effect of B10 was not significant in either the partial (p=0.3678) 

or full (p=0.1968) models. Nonetheless, some of the highest N2O emission factors were 

observed for B10 at HRT 3 under low influent concentration, up to 5.1% of NO3
--N removed, 

exceeded only by B30 at HRT 12 under high N in influent (Figure 3) when N2O accounted from 

9.5% of NO3
--N removed, and without cause to doubt validity of these data, uncertainty in 

treatment effects persists due to substantial variability in flux measurements.  
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Figure 3. N2O emission factors (Nef, top) and NO3
--N removal rates (Nrr, bottom) of each media 

type, woodchips (W), 10% biochar (B10), and 30% biochar (B30, for each combination of tested 
hydraulic residence time (HRT) and NO3

--N loading rate.  
 

3.4.2 Methane 

Although media type, HRT, and elapsed time significantly affected CH4 flux as 

determined by the LME model (Tables 3 and 4), CH4 contributed negligibly to total GHG 

emissions evaluated in terms of CO2eq. With such insignificant fluxes, less than 1% of the CO2eq 

from N2O, evaluation of the effect of the explanatory variables on CH4 flux is of limited value. 

However, notable effects include W producing the lowest average flux across HRT and time 

(>0.1 mg CH4-C m-2 d-1), with B30 averaging twice the W flux, and a significant increase in B30 flux 

over time across HRTs (directionality of trend over time changes for W and B10 across HRTs). 

These results indicate that the highest potential for CH4 emissions, like N2O emissions, occurs in 
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the B30 columns, albeit the differences in CH4 flux among media types and treatment conditions 

are not of environmental significance.  

 

Figure 4. CH4 flux predicted by linear mixed effects model for each media type for the three 
tested hydraulic residence times. Shaded areas represent +/- one standard error of the 
predicted flux.  
 

3.4.3 Carbon Dioxide 

 For CO2, all two-way interaction effects with time were significant, as was the 

interaction between HRT and media type (Table 2), and these relationships are displayed in 

Figure 5. The media by time effect reflects that B10 and B30 CO2 flux is predicted to increase over 

time at rates of 9.3-13.5% and 16.8-21.7% per day, respectively, under average N loading (~30 g 

N m-3 d-1), whereas the W flux slightly decreases over time (1.1-4.6% per day). Ranges for the 

effect of the time by media interaction are reported because the time by HRT interaction is also 

significant (Table 2, p=0.0004), and the reported flux response represents the combined 

predictions for HRTs of 3, 6, and 12 hours. The N loading rate is also provided as context for the 
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estimated effect due to significance of the time by loading interaction (Table 2, p =0.0045), 

although the parameter coefficient is only marginally significant and the coefficient estimate is 

small (Table 3, p=0.0538). Additionally, HRT interacts significantly with media, as can been seen 

in Figure 5 where B30 fluxes increase with HRT (p<0.001), B10 fluxes decrease with increasing 

HRT (p<0.0001), and W fluxes are not significantly correlated with HRT (p=0.4950). Overall, 

across N loading rates and HRTs, W fluxes are the lowest while B30 fluxes are the highest and 

increase the most over time.  

Figure 5. CO2 fluxes predicted by linear mixed effects model for each combination of 
representative hydraulic residence times and N loading rates. Note that flux units are g m-2 d-1. 
Shaded areas represent +/- one standard error of the predicted flux.  
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3.4.4 Greenhouse gas emissions in context 

Woodchips generally produced the lowest GHG emissions among the media types 

across a range of HRTs and N loading rates, and were less likely to increase in flux over time. 

However, the LME predictions rely on the assumption of a linear relationship between 

independent and predictive variables, which is unlikely to capture GHG flux dynamics over time, 

and not fully justified as Figure 1 suggests nonlinear relationships. Close examination of flux 

time series shows a variety of responses over time including stability, peaks followed by a 

return to baseline, and increases with or without a plateaus (Figure 1). Previous bioreactor 

column studies in closed system batch experiments, in contrast to this flow-through system 

with free exchange of headspace with the atmosphere, have shown both constant headspace 

concentrations and peaks within similar timespans (Bock et al., 2015; Easton et al., 2015).  

While headspace GHG concentrations in gastight columns are likely poor predictors of GHG 

fluxes in open systems, steady increases observed here could be the rising limb of flux peaks. 

Consequently, constraining interpretation of predicted increases in flux over time as indicative 

of higher average fluxes may be more appropriate although elapsed time had a statistically 

significant effect in all models. Fluxes also tended to increase with HRT, suggesting that lower 

flows resulting in higher HRTs may increase GHG emissions as N2O and CO2 even in the absence 

excessively reducing conditions that would support methanogenesis; lengthy HRTs resulting in 
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highly reduced environments which would be expected to yield significant CH4 fluxes. 

Christianson et al. (2011) also observed a correlation between N2O emissions and HRT in 

woodchip and biochar-amending laboratory columns. In addition, GHG fluxes increased as N 

loading increased, with a potentially important interaction exacerbating the effect of HRT, 

resulting in the highest observed N2O fluxes and emission factors, the proportion of removed 

NO3
--N converted to N2O. Nitrous oxide emissions averaged only 0.47% of NO3

--N removed but 

ranged from -0.07% to 9.5% (Figure 3), with negative fluxes, net transfer of N2O into the 

columns in <2% of measurements.  

Woli et al. (2010) measured N2O fluxes similar to the mean treatment fluxes reported in 

Table 1 (1.46-4.94 mg m-2 d-1) from a denitrifying bioreactor receiving tile drainage and 

operating with removal rates of 6.4 g NO3
--N m-3 d-1, which ranged 0.24-3.12 mg N2O-N m-2 d-1 

and were considered by the authors to be negligible. Column fluxes less than the maximum flux 

reported by Woli et al. (2010) accounted for over 73% of the measurements, but the top 5% 

ranged 9.8-77.3 mg N2O-N m-2 d-1and occurred almost exclusively in the B10 columns with 3 h 

HRTs; fluxes were highly variable and variability was correlated with flux magnitude, the second 

highest of N2O flux only 39.2 mg N2O-N m-2 d-1, significantly larger N2O fluxes than even the 

highest encountered in this experiment were observed by Warneke et al. (2011) from a 

woodchip bioreactor receiving very high N influent from a greenhouse (>100 mg NO3
--N l-1), 

which ranged 61.6-158.8 mg N2O-N m-2 d-1and averaged 113 mg N2O-N m-2 d-1; CH4 and CO2 

emissions were similar to those measured in the columns, ranging 0.03-0.73 mg CH4-C m-2 d-1 

and 7.9-37.2 g CO2-C m-2 d-1, respectively, although average the fluxes were about twice the 

magnitude of those in the columns. Warneke et al. (2011) also reported simultaneous 
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measurements of dissolved GHGs, and found that while 1% of NO3
--N removed was emitted 

from the bed surface at N2O an additional 3.3% was exported as dissolved N2O, and considered 

the total 4.3% conversion of NO3
--N to N2O a significant adverse effect. Thus, measurements of 

surface emissions alone may underestimate the total GHG produced by the bioreactor columns, 

when significant quantities of GHGs are exported dissolved in the effluent. However, Elgood et 

al. (2010) and Moorman et al. (2010) observed much smaller losses of dissolved N2O, averaging 

only about 0.6% of NO3
--N removed in both cases, in applications more representative of 

bioreactor applications in agroecosystems, a streambed and tile-drain-fed bioreactor, 

respectively. Elgood et al. (2010) also presented export of dissolved N2O as an area-normalized 

flux, 5.4-14.6, which corresponds to approximately the 85th to 98th percentile of measured 

column fluxes, suggesting that a similar partitioning of N2O export between gaseous and 

dissolved fluxes similar to that reported by Warneke et al. (2010), where dissolved export 

exceeds gaseous flux by a factor of three.  In contrast, Moorman et al. (2010) observed no 

differences in dissolved N2O concentrations between bioreactor effluent and tile drainage in 

untreated control plots, and concluded that the bioreactor did not increase indirect losses of 

N2O. Given the technical demands of simultaneously quantifying dissolved and gaseous 

greenhouse gas flux, it is unsurprising that Warneke et al. (2010) remains the only bioreactor 

study to measure both loss pathways, but elucidating controls on GHG production in 

bioreactors will require experiments providing a more complete mass balance, ideally in the 

field setting.  
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3.5 Conclusions 

Amendment of laboratory-scale woodchip bioreactors with a hardwood feedstock 

biochar induced higher GHG fluxes. While biochar may increase N removal rates (Bock et al., 

2016; Pleur et al., 2016), at least temporarily, the added water quality benefits may not be 

worth the additional cost of GHG emissions, particularly since biochar has not proved to be an 

effective P sorbent as had previously been hypothesized (Christianson et al., 2011; Pluer et al., 

2016). Overall, the woodchip bioreactor emitted the smallest quantities of GHGs among for a 

range of influent NO3
--N concentrations and HRTs, often maintaining relatively low and stable 

fluxes throughout the trials. However, this experiment did not address potential losses of GHGs 

dissolved in the bioreactor effluent, which can be contribute substantially to total GHG export. 

As more comprehensive approaches are taken with respect to evaluating the environmental 

impact of denitrifying bioreactors, more work must be done to determine the variables 

controlling unwanted effects like GHG emissions.   
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4. NUTRIENT REMOVAL AND GREENHOUSE GAS EMISSIONS IN AN UNDER-

LOADING DENITRIFYING BIOREACTOR IN THE VIRGINIA COASTAL PLAIN 

4.1 Abstract 

Nutrient removal and greenhouse gas emissions were quantified in a 36.6 m3 woodchip 

denitrifying bed with a 17% volumetric addition of biochar interfaced with a 6.5 ha subsurface 

drainage system located in the Virginia Coastal Plain during the second year of operation. 

Exceptionally low nitrogen (N) loading to the bed resulted in low mass removal rates averaging 

0.41 g NO3--N m-3 d-1. No P removal was observed. Temperature, hydraulic residence time 

(HRT), and influent NO3--N concentration were all found to be significant controls on N removal 

rates. Closed dynamic soil flux chamber methodology was used to quantify fluxes of nitrous 

oxide (N2O), methane (CH4), and carbon dioxide (CO2) form the bed surface. Nitrous oxide 

emission factors, proportion of NO3
--N removed lost as N2O ranged -6.5-8.1%, indicating that 

the bioreactor could serve both as a source and sink for N2O. On the basis of CO2 equivalents, 

N2O flux accounted for an average of 6.0% of GHG emission from the bed, with a maximum of 

44%; CH4 averaged 3.6% of GHG emissions and reached a maximum of 15%. Understanding the 

effect of in-bed conditions that limit N removal and increase GHG production and how they are 

derived from field conditions will help adapt bioreactor designs to a wider range of agricultural 

systems and geographic regions. 

4.2 Introduction 

Artificial drainage of agricultural land increases productivity and promotes soil 

conservation, but elevated concentrations of nitrogen (N) and phosphorus (P) are often 

detected in drainage waters, and a large body of research links agricultural drainage to 
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increased N and P export to water bodies, resulting in water quality degradation (e.g., David et 

al., 2015; Dinnes et al., 2002; Ikenberry et al., 2014; Kladivko et al., 1991). Nutrient losses are 

exacerbated by the accelerated removal of water from the soil profile, the object of drainage, 

through both surface (ditches) and subsurface (tile) drainage, which short circuits interaction of 

nutrient laden waters with the soil and reduces opportunity for natural uptake and nutrient 

cycling to occur. With over 36.8 million hectares of tile drained cropland in the US according to 

the 2012 census of agriculture (USDA NASS, 2012), various best management practices (BMPs) 

to reduce the water quality impact have been developed, including incorporation of level 

control structures to adjust in-field water table height, riparian buffers, and denitrifying 

bioreactors.  

Denitrifying bioreactors are structural best management practices that mitigate excess 

N by intercepting N-enriched drainage water and supporting naturally occurring soil 

microorganisms that convert nitrate (NO3
-) into inert dinitrogen gas (N2), thereby removing it 

before it enters a water body. This process of heterotrophic denitrification occurs in the 

presence of sufficient N as an electron acceptor, organic carbon as an electron donor, and 

under anaerobic conditions where oxygen is not available to serve as the thermodynamically 

preferred electron acceptor. Denitrifying bioreactors are becoming accepted management 

practices used in conjunction with subsurface drainage in the Midwest, as evidenced by their 

incorporation into state-level nutrient reduction strategies in the Upper Mississippi River Basin 

(IA EPA, 2015; IDALS, 2014; MN PCA, 2014) and the development of a conservation practice 

standard by the USDA Natural Resources Conservation Service (USDA-NRCS, 2015). However, 

less work has been done outside of the Corn Belt to evaluate the utility of bioreactors in 
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meeting water quality goals in other agriculturally significant areas of the United States. This 

work contributes to early efforts to adapt denitrifying bioreactors to agricultural systems in the 

Mid-Atlantic to meet Chesapeake Bay water quality improvement goals. 

Building on previous laboratory (Bock et al., 2015a, Easton et al., 2015) and pilot-scale 

experiments (Bock et al., 2016) on biochar-amended woodchip bioreactors, a field-scale 

woodchip bioreactor amended with 10% biochar by volume was installed in August 2014 in a 

field with subsurface drainage in a nutrient management target area identified by the 

Chesapeake Bay TMDL. The bioreactor was monitored from March 2015 to December 2016 to 

quantify N removal, P removal, and emissions of the greenhouse gases (GHGs) carbon dioxide 

(CO2), methane (CH4), and nitrous oxide (N2O). Nutrient removal was calculated as the 

difference in influent and effluent loads, determined from measurements of outlet flow and 

nutrient concentrations in aqueous samples. GHG flux was measured in the field using a non-

steady-state flow-through chamber method with Picarro GHG analyzer. This system provides a 

useful case study of bioreactor performance at the lower limits of N loading and pH reported in 

the literature, providing an information pertinent to the adaptation of bioreactor designs to the 

US Mid-Atlantic. 

4.3 Materials and Methods 

4.3.1 Site description and bioreactor design 

A denitrifying bioreactor was installed in August 2014 to treat subsurface drainage from 

a 6.5 ha area on a farm located in the tidal portion of the Rappahannock River in Middlesex 

County, VA, in the Coastal Plain physiographic region. The field was planted in soy 2014-2016, 

no fertilizer was applied per agronomic recommendations. The dominant soils comprising 
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approximately 60% of the drainage area are poorly drained, including the Myatt loam (30%) 

and an equal mixture of Bertha and Daleville soils (30%); (Soil Survey Staff, accessed 4/6/2017). 

The remaining 40% of the soils are moderately well drained (20% Slagle silt loam, 15% 

Nansemond loamy fine sand, and 5% other soil types); (Soil Survey Staff, accessed 4/6/2017). 

All of these soil types are characterized by a low pH, measured in a 1:1 soil/water slurry, their 

average values ranging 4.6-5.1.  

The bioreactor is 36.6 m3, 5.79 m long by 5.33 m wide by an average 0.82 m deep (after 

woodchip settling), and intercepts a 15.24 cm (6 in) terra cotta tile drain serving as the outlet to 

a 6.5 ha drainage area. The sides and bottom of the bed are lined with impermeable 

polyethylene and the top is covered with permeable landscaping fabric. The bed was not 

covered with a layer of soil, as is typical, to maximize the potential for greenhouse gas 

emissions to reduce the chance of underestimating fluxes based on a limited number of 

measurements.  The bioreactor connects to the tile drain with a water-level control structure 

(AgriDrain Corp., Adair, IA), and an identical control structure with removable stoplogs serves as 

the outlet. The water-control structures can govern the inflow and outflow by adjusting the 

stage by adding or removing stoplogs. An inlet manifold, consisting of two lengths of 15.24 cm 

(6 in) PVC pipe with many 0.6 cm (0.25 in) drilled holes, connects to the inlet control structure 

with a T and runs width of the bioreactor to promote uniform residence times by distributing 

the flow to increase mixing and minimize bypass flow. During installation, the bed was filled 

with 55 m3 mixed hardwood woodchips and 6.1 m3 of biochar, which was mixed into the 

woodchips as they were added. The additional woodchips were mounded to compensate for 

settling, which ultimately resulted in the 36.6 m3 measured bed volume with a biochar 
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amendment rate of about 17% by volume, which was increased to nearly 19% when an 

additional 0.76 m3 was incorporated in March 2016 in an effort to raise bed pH. Biochar was 

selected as a supplemental source of organic carbon based on laboratory-scale evidence from 

batch experiments that biochar amendment reduces N2O production and increases N and P 

removal relative to woodchip bioreactors (Bock et al., 2015; Easton et al., 2015). A pilot-scale 

experiment on a paired woodchip only and biochar-amended bioreactor system provided 

limited evidence that biochar may increase N removal with moderate to high influent NOx-N 

concentrations (>10 mg l-1), but field-scale evidence of biochar’s enhancement of bioreactor 

performance remains lacking (Bock et al., 2016). The biochar was purchased from Biochar 

Solutions Inc. (Carbondale, CO), produced from a pine feedstock via a two-stage pyrolysis 

process. Briefly, the feedstock is held for <1 min at 500-700°C under low oxygen conditions, and 

then the temperature is reduced to 300 to 550°C and held for up to 14 min. Two size fractions 

are produced by passing the biochar through an auger, yielding a biochar consisting of about 

80% pieces approximately 1.5 cm long by 1 cm wide by 0.5 cm and 20% as a fine dust fraction 

on the order of 10-100 µm. 

4.3.2 Data collection 

4.3.2.1 Water chemistry monitoring and sampling  

Retrieval of aqueous samples, greenhouse gas flux measurement (described in 4.3.2.2), 

and equipment maintenance occurred approximately every two to four weeks between 

December 2014 and November 2016. Aqueous grab samples were collected in triplicate from 

the inlet and outlet control structures, as well as a peizometer within the bed, on 31 occasions 

(on 8 others the bed was dry). An automated monitoring and sampling system installed April 
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2015 provided more inlet and outlet water samples, and recorded rainfall, bed outflow, and 

water chemistry. The automated system consisted of two 24-bottle Isco autosamplers 

(Teledyne Isco, Lincoln, NE); a rain gauge (Isco module 674); pressure transducer (Isco 

submerged flow module 720) installed in the outlet control structure, along with a 45˚ v-notch 

weir, to calculate flow rate; a multiparameter sonde (TROLL 9500, In-Situ, Inc.) fitted with 

sensors to measure dissolved oxygen (DO), pH/ORP (combined sensor for pH and oxidation 

reduction potential), temperature, and barometric pressure; and a power source, two deep 

cycle marine batteries in parallel, recharged by a 110 watt solar panel. Additionally, two 

capacitance probes (WT-HR Data Logger, TruTrack, Intech Instruments LTD, NZ) recorded water 

levels in the inlet and outlet control structures at 15- to 30-min intervals.  

Recorded flow triggered nearly simultaneous sample collection at the inlet and outlet, 

one 200 ml sample for every 5 m3 of effluent, with four 200 ml samples per 1000 ml bottle. 

Beginning in May 2015, fresh sample bottles were prepared with 5 ml of 10% concentrated 

sulfuric acid (H2SO4) to prevent sample degradation at ambient temperature, following the 

method of Burke et al. (2002), who demonstrated that H2SO4  preservation maintained stable 

NO3
- and TP concentrations in groundwater samples for up to seven days in the field at 

temperatures exceeding those observed at the bioreactor site. Testing of field spikes and 

comparison of refrigerated and unrefrigerated acid-preserved samples showed that this 

approach was adequate for ensuring stability of NO3
- and TP sample concentrations for up to 

two weeks in the field (data not shown).  

Grab samples were field-filtered with 0.45 m nylon filters and stored on ice for transport 

from the field site to the lab, and subsequently stored at 4˚C until analyzed, typically within 48 
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h. Acid-preserved autosampler-collected samples were transported and stored at ambient 

temperature until pH-adjusted to neutral with 0.5 M sodium hydroxide solution using an 

autotitrator (Easy pH Titrator System, Mettler Toledo), after which they were filtered and 

analyzed or stored at 4˚C until further analysis. Filtered samples collected between January 

2015 and March 2015 were analyzed colorimetrically by spectrophotometer (Thermo Scientific 

Orion AquaMate 7000 Vis Spectrophotometer) to measure NO3
--N (chromotropic acid method, 

Orion AQUAFast method ACR007) and either PO4
3- (ascorbic acid method, ACR095) or TP 

(ascorbic acid/persulfate digestion method, ACD095). Note that because all samples were 

filtered prior to analysis, TP more precisely refers to total filterable phosphorus. Early grab 

samples were analyzed for ammonium (salicylate method, ACR012), but all results were below 

the method detection limit 0.02 NH4
+-N mg l-1; autosampler-collected samples were not 

analyzed for NH4
+-N, because the measurement would be invalid due to the instability of the 

analyte under field conditions. Beginning April 2016, samples were analyzed by flow injection 

analysis system (QuikChem® 8500, Lachat Instruments, Loveland, CO), using the cadmium 

reduction method for NOx (NO3
-+NO2

-, Lachat method 10-107-04-1-A); the sodium salicylate gas 

diffusion method for NH4
+ (10-107-06-5-J); and the ascorbic acid method for PO4

3- (DRP) and TP, 

using undigested and persulfate digested samples, respectively (10-115-01-4-C). Grab sample 

concentrations of NH4
+ continued to be below the new method detection limit, 0.1 NH4

+-N mg l-

1, so analysis was discontinued. Note that in subsequent discussion NOx will be referred to as 

NO3
-, because NO2

- is relatively unstable and NO3
- is the dominant form of dissolved N observed 

in tile drainage waters (Williams et al., 2015). Likewise, NH4
+ is discussed although the precise 
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proportion of un-ionized NH3
 to ionized NH4 is unknown, NH4

+ is the dominant dissolved form in 

the acidic bioreactor environment.  

4.3.2.2 Greenhouse gas flux measurement 

Three soil collars were installed December 2015, deployed in a row perpendicular to the 

direction of flow 1.9 m upstream from the outlet water control structure, centered along the 

width of the bioreactor. Collars were constructed from 0.5 m sections of 25.4 cm (10 in) inner 

diameter (i.d.) schedule 40 PVC with beveled bottom ends. Each collar was installed to a depth 

of approximately 30 cm to isolate vertical gas transport and prevent exchange between the 

atmosphere and air within the bioreactor media through the large voids between the 

woodchips, leaving a 20 cm section above the bed surface. Collars were refilled with the 

mixture of woodchips and soil removed during excavation to a height within the collar level to 

the bed surface. Collar placement aimed to provide replicate measurements of GHG flux by 

minimizing the effect of position rather than capture longitudinal variation in flux that might be 

expected as NO3
- and DO concentrations, known to affect N2O vary along the direction of flow 

(Elgood et al., 2010).  

GHG fluxes from the bioreactor were measured in each of the three collars on 15 

occasions between January and October 2016 using the non-steady-state flow-through method 

(Duran and Kucharik, 2013); the first measurements occurred four weeks after collar 

installation, to minimize the effect of disturbance the resultant disturbance. The non-steady-

state flow-through method uses an inline instrument that recirculates air between the soil 

collar headspace and instrument’s detector and records the changing trace gas concentration, 

from which flux is calculated using regression techniques to estimate the rate of change of gas 
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concentration (Duran and Kucharik, 2013). A portable cavity ring-down spectroscopy (CRDS) 

analyzer (Picarro G2508, Santa Clara, CA) measured real time CO2, CH4, and N2O concentrations, 

pumping headspace from the top of the collar through the inlet line to the analyzer and 

returning through the exhaust line to the collar and discharged from an L-connector midway 

between the soil surface and inlet sampling port (~10 cm from the soil surface) toward the side 

of the collar to prevent short circuiting the flow. Two 15.24 m lengths of 3.2 mm i.d. inert, 

polyethylene-lined tubing with an ethyl vinyl acetate shell were used for the inlet and exhaust 

lines, attached to the PVC collar cap with compression fittings, and affixed to the collar cap with 

bulkhead unions inserted through holes in the PVC cap paired with rubber gaskets to prevent 

leakage around connections. Each collar was capped for two minutes during which the 

instrument recorded CO2, CH4, and N2O concentrations and water content, needed to calculate 

the dry molar fraction of the analytes. The collar was vented, per the recommendations of de 

Klein and Harvey (2012), by disconnecting the inlet line from the cap during capping to prevent 

changes to the pressure inside the collar and disruption of the gas concentration gradient 

driving diffusive gas flux. Before reconnecting the inlet line, a wide elastic band was secured 

around the overlap of the collar and cap to create a gastight seal. Ambient air was pumped 

through the instrument between measurements for five minutes to allow a complete return to 

atmospheric concentration prior to measuring flux from the next collar. Air temperature and 

barometric pressure were recorded during flux measurements using a calibrated digital 

thermometer with an accuracy +/- 0.2 ˚C and barometer accuracy of +/-0.8 kPa, for calculation 

of analyte mass concentration from dry molar fraction using the ideal gas law. Flux 

measurements were conducted consistently at midday, approximately 12:00 to 14:00, to 
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minimize variation due to diurnal patterns in GHG flux, recognizing that this window likely 

captures fluxes slightly greater than the daily average expected 10:00 to 12:00 (de Klein and 

Harvey, 2012). 

4.3.3 Data processing and calculations  

All calculations were performed using the R language and environment for statistical 

computing (R development core team, 2017).  

4.3.3.1 Nutrient loading and removal 

Nutrient loading and removal were assessed for over a one-year period beginning 

approximately one year after bioreactor installation, September 30, 2015 to September 29, 

2017. Daily average concentrations were used for calculations when multiple concentration 

measurements are available for a given day. Nutrient concentrations determined with different 

analytical methods (e.g., spectrophotometer and FIA) were treated as equivalent based on 

testing a subset of samples analyzed with both methods. Samples below the method detection 

limit were assigned as half of that concentration, 0.01 for TP quantified by FIA, 0.06 for TP 

quantified by spectrophotometer; NO3-N concentrations of all samples exceeded the detection 

limit. At least one sample was collected from the inlet and outlet to measure nutrient 

concentration on 42% and 46% of the days in the observation period for N and P, respectively. 

Flow rates were calculated from a continuous record of nappe height using an equation 

calibrated specifically for the AgriDrain 45˚ degree v-notch weir:  

Q = 1.7406 H1.953                                                    (1) 

where Q is the flow (l min-1) and H is the nappe over the v-notch (cm), which is valid for flows 5-

153 l min-1 (Partheeban et al., 2014). Non-zero daily flow averages were below the calibration 
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range only 3% of the time. The daily drainage volume passing through the bed (Vflow), used to 

calculate the mass of N and P into and out of the bed, is the sum of measured flow rates 

multiplied by the time elapsed between measurements (15-30 min).  

For consistency with the body of bioreactor research, average removal (or export) rates 

are reported as g m-3 d-1 on the basis of total bed volume (36.6 m3), calculated as: 

 ∑(Cin – Cout)*Qd/Vbed                           (2)   

where Cin and Cout are the bed inlet and outlet concentrations of the analyte, Qd is the measured 

flow rate for a given day, and Vbed the total bed volume. For evaluation of the relationship 

between removal rates and bed conditions, actual daily removal rates were estimated on the 

basis of saturated bed volume (Vsat); Vsat is the product of bed surface area and the average 

daily water depth, as measured by the capacitance probes in the inlet and outlet drainage 

control structures.  

4.3.3.2 Greenhouse gas flux estimates 

GHG fluxes were calculated from chamber headspace concentration measurements over 

time using two methods, linear regression (LR) and a physically-based, non-steady-state 

diffusive flux estimator (NDFE) developed by Livingston et al. (2006). The NDFE method 

estimates pre-deployment flux by applying Fick’s Law (stating gas diffusion is proportional the 

concentration gradient) and assuming gas transport only occurs in the vertical direction, matrix 

homogeneity, and a trace gas source supplying a constant, positive flux under undisturbed 

conditions. The 30 cm depth to which the soil collars were installed, preventing horizontal gas 

movement, and the relative uniformity of the woodchip mixture were deemed to meet these 

assumptions adequately. Ultimately, the fluxes calculated with NDFE method were used for 
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subsequent analysis unless LR flux estimates were negative (bed acting as GHG sink), in which 

case the NDFE equation is invalid, or the LR better fit the data, as described below. 

Prior to applying the regression equation estimates, concentration data were processed by 

visually examining the data and adjusting the two-minute recording interval to remove 

measurements of ambient GHG concentrations prior to curve fitting. The dry molar fraction 

GHG gas concentrations recorded by the GHG analyzer were converted from volumetric (ppmv) 

to mass (mg m-3) using ideal gas law, molecular weight of the element of interest in analyte (C 

in CO2 and CH4, N in N2O), and ambient temperature and pressure recorded during flux 

measurement (Collier et al., 2014). First, fluxes were calculated by LR as: 

F = S∙V∙A-1                          (3)   

where F is flux, S is the slope of the analyte concentration regressed over time, V is total volume 

of the recirculating system, and A is the surface area contained in the soil collar for which flux is 

measured (Duran and Kucharik, 2013). Volumes were measured for the right, middle, and left 

collars as 8181, 9198, and 9774 cm3, respectively, including the internal volume of the analyzer 

and connecting tubing, and surface area contained within each collar was defined as 504.3 cm2. 

Next, the NDFE method was used to calculate flux for all measurements of positive flux as 

determined by LR, which was 26 of 45 for N2O, and 37 of 45 of the CH4 measurements, and all 

of the CO2 flux measurements. GHG concentration curves were fit to the NDFE equation (Eq. 4) 

with a Levenberg-Marquardt modification to the least-squares algorithm:  

𝐶𝑡 = 𝐶0 + 𝑓0𝜏 (
𝐴

𝑉
) [

2

√𝜋
√𝑡 𝜏⁄ + exp(𝑡 𝜏⁄ ) erfc(√𝑡 𝜏⁄ )-1]                                                               (4) 
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where Ct is headspace concentration at a given time, t, f0 is pre-deployment flux, C0 is ambient 

trace gas concentration, τ is an experimental constant representing the time until the 

concentration gradient in the chamber decreases to zero for a specific collar design, soil, and 

gas species as gases accumulate in the headspace, and erfc is the complimentary error function. 

Starting values of f0 are assigned as the LR flux calculation, and τ is set to (V/A)2/D, where V is 

the total internal volume and A is the soil surface area contained within the collar, and D is the 

diffusivity of the trace gas in air.  

Given the many reports that LR substantially and systematically underestimates trace gas 

flux in closed soil flux chambers, even with the short deployment times associated with flow-

through chambers meant to avoid deviations from linearity (Duran and Kucharik, 2013; 

Kutzbach et al., 2007; Livingston et al., 2006), NDFE was preferred when selecting between the 

two calculations. Livingston et al. (2006) demonstrated that NDFE was significantly more 

accurate than LR for CO2 flux at a rate of 50 µg CO2-C m-2 s-1 or less, which was lower than the 

majority of the observed CO2 fluxes from the bioreactor, so the NDFE calculation of CO2 fluxes 

was used for all subsequent analyses. Graphical assessment of the goodness-of-fit for the CO2 

data supported the use of the NDFE model. For the CH4 flux estimates, NDFE was used for all 

except the five negative LR fluxes, which could not be calculated by NDFE. Agreement between 

LR and NDFE for the low magnitude CH4 fluxes provided confidence in the accuracy of the LR 

calculations of the small negative fluxes; the ten lowest positive fluxes (all greater in absolute 

value than the negative fluxes) differed by less than 7.2%. The differences in fluxes calculated 

with the two methods increased as fluxes approached the 50 µg C m-2 s-1 rate at which 

Livingston et al. (2006) demonstrated significant nonlinearity. N2O fluxes, however, were 
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several orders of magnitude smaller than the CO2 and CH4 fluxes that produced nonlinear soil 

collar headspace concentration curves, approximately -0.01 to 0.4 µg N2O-N m-2 s-1. Graphical 

assessment did not show significant deviations form linearity despite low LR r2 values, which 

appear to be driven by the high signal to noise ratio of the headspace concentration data. Given 

that over 40% of the N2O flux measurements were negative and could only be calculated with 

LR, and the relatively low robustness of the LR flux calculation method to measurement error 

compared to NDFE (de Klein and Harvey, 2012), LR calculations were used for all except the two 

highest N2O fluxes, where nonlinearity was visually apparent and which were better fit by the 

NDFE equation. Diffusion theory supports the observation of a transition from a linear to 

nonlinear increase in headspace trace gas concentrations for larger fluxes due to depression of 

the soil-headspace concentration gradient driving diffusive flux as gas accumulates in the closed 

system, as has been well established in chamber-based flux measurement applications (de Klein 

and Harvey, 2012). However, for sufficiently sized chambers with small increases in headspace 

trace gas concentration enabled by short measurement windows, LR can be an appropriate 

method of flux calculation, as was determined to be the case for these N2O flux measurements 

(de Klein and Harvey, 2012; Healy et al., 1996). To estimate the proportion of NO3-N removed 

by the bed that was completely reduced to N2 as opposed to in complete denitrification 

resulting in release of N2O, the daily mass of N2O emitted from the bed was calculated by 

extrapolating the average flux of the three collars to the entire bed surface area (30.9 m2), 

assuming the measured flux to represent average flux over a 24 h period.  
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4.3.4 Statistical Analysis 

4.3.4.1 Nutrient Removal 

The average removal rates of N and P and their statistical significance were calculated 

from the irregularly spaced time series of flow and nutrient concentration measurements 

collected during the second year of operation (mo 13-26) using one-sample t-tests adjusted for 

serial correlation. To compensate for the pseudoreplication present in the time series of 

calculated removal rates, the procedure descried by Ghane et al. (2016) was followed, whereby 

anticonservative p-values are corrected adjusting the standard error for autocorrelated data. 

Removal rates during the growing (4/10/16-9/29/16) and non-growing (9/30/15-4/9/16) 

seasons were also evaluated separately, and the mean difference was determined with an 

unpaired two-sample t-test. The t-test assumption that sample means are normally distributed 

within the population was verified by graphical examination of the distribution of bootstrapped 

mean removal rates (calculated from 10,000 sample subsets (n=10) with replacement), 

validating the assumption of normality by the central limit theorem. The anticipated serial 

correlation of the measured removal rates of N and P was confirmed with the Durbin-Watson 

test for autocorrelation of errors at the p=0.1 significance level (N p<0.0001; P p=0.0867). To 

account for this serial correlation, we adjusted the standard error term after Ghane et al. (2016) 

as: 

𝑆𝐸 =  √
1+𝑟1

1−𝑟1

𝑠

√𝑛
                                   (5) 

where s is the standard deviation of the measured removal rates, n is the sample size, and r1 is 

the correlation coefficient at lag=1 of a first order autoregressive model (AR1). N and P removal 
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rates were determined to be appropriately represented by an AR1 model because partial 

autocorrelation function was below the 0.05 significance level after the first lag. One year of 

data was insufficient to assess the stationarity of the nutrient removal time processes.  

 The effects of influent N concentration, HRT, and temperature on nutrient removal 

rates were examined using a linear model fit by generalized least squares (GLS). GLS relaxes the 

assumption of independence of errors required for ordinary least squares, and a continuous 

AR1 correlation structure was included in the model to account for non-independence and 

serial correlation errors over time. Model parameters were selected by comparing nested 

models with the log likelihood ratio test, beginning with maximal model including all 

interactions in addition to the main effects and iteratively removing terms. The significance of 

individual predictors in the final model was determined by analysis of variance (ANOVA), 

specifying the test type as marginal (equivalent to type II sum of squares). The model was fit 

using 118 days of data collected during a subset of the monitoring period (1/16/16-10/4/16, mo 

17-26) for which measurements of influent and effluent nutrient concentration, flowrate, and 

saturated volume were recorded. Validity of model assumptions were evaluated by visual 

examination of the normalized residuals compared to normal quantiles and fitted values, the 

Shaprio test of normality, the Breusch-Pagan test of heteroskedasticity, the autocorrelation 

function to assess error independence, and the variance inflation factor to assess collinearity. 

Note that normalized residuals were used for these assessments, which incorporate the 

modeled error correlation structure. All model assumptions were met except for normality of 

residuals, which is the least important assumption for linear models, especially for describing 
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relationships between the explanatory and dependent variables as opposed to predicting 

responses under specific conditions (Gelman and Hill, p. 46, 2007).  

4.3.4.2 Greenhouse gas flux models 

To characterize the relationship between bioreactor conditions and GHG emissions from 

the bed surface, N2O, CO2, and CH4 flux measurements were each regressed by potential 

predictive variables influent N concentration, HRT, temperature, and collar position (left, right, 

and center along a transect perpendicular to flow) by generalized least squares. To fit the 

model, measurements were excluded for 3 of the 15 measurement dates (June 29, Aug. 24, and 

Sept. 21) during periods of no flow through the bioreactor, and an additional single 

measurement from June 15 was excluded from the CH4 dataset due to poor data quality. 

Interaction effects were not evaluated due to the small size of the dataset (N2O and CO2 n=36, 

CH4 n=35). GLS was, again, used to estimate linear regression parameters and account for 

temporal correlation of fluxes. All explanatory variables were centered by subtracting their 

mean value. Model assumptions were evaluated as described in 2.4.1, with the addition of the 

Levene test of equality of variance between collars. To meet assumptions of homoscedasticity 

and normality of errors, each of the dependent variables (N2O, CO2, and CH4 flux 

measurements) was transformed. A cubic root transformation was applied to N2O and CH4 flux 

measurements, which included negative values (net transfer into bed) that precluded the 

logarithmic transformation for positive skew. The natural log transformation was applied to 

CO2, for which all flux measurements were positive. 

Transformed dependent variables necessitate back transformation to describe the 

relationship between explanatory variables and flux on the original scale. Since both the cubic 



111 
 

root and logarithmic transformation introduce nonlinearity on the original scale, the effect of a 

change in temperature, HRT, or influent concentration is dependent on the current conditions 

(current predicted flux) to which this change is applied. The approach to interpreting a liner 

model where the dependent variable is a natural logarithm is, where Xi is one of the 

explanatory variables and Bi is its corresponding coefficient, subtracting the equation for flux at 

given value of Xi (Yxi) from flux at Xi +1 (Yxi+1) and algebraically rearranging to determine that the 

effect of a unit increase in Xi is a percent increase in flux equal to (expBi
 - 1)*100.  The approach 

to interpretation with a cubic root transformed dependent variable is to take the derivative of 

the dependent variable on the original scale, Y1/3, with respect to Xi, which by applying the 

chain rule is equal to 3BiY2; that is, the effect of a one unit change in Xi is equal to three times 

the coefficient of Xi (Bi) multiplied by the square of the current flux.   

4.4 Results 

4.4.1 Nutrient loading and removal  

Nutrient loading to the bioreactor represented export from the 6.5 ha drainage area at 

an average rate of approximately 10.0 kg NO3
--N ha-1 yr-1 without fertilizer application. Average 

nutrient loading, removal, and influent and effluent concentrations for the period September 

2015 to September 2016 and separates the growing (April 10 to September 29 2016) and non-

growing (September 30, 2015 to April 9, 2016) seasons are shown in Table 1. Mean values were 

calculated from direct observations (Figure 1a-c) and their 95% confidence intervals were 

calculated using t-tests with standard error adjustment for autocorrelation as described in 

section 2.5.1. Figures 1a and 1b show the seasonal trends of flow and temperature; with the 

exception of storm response, flows were inversely correlated with temperature. Figures 1b and 
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1c show a seasonal trend in influent nutrient concentrations, with higher N and P 

concentrations occurring during the non-growing season.  

Table 1. Mean nutrient loading rate, bed-normalized removal rate, and flow-weighted influent 
and effluent concentrations calculated from observed data are presented; 95% confidence 
interval of the mean loading and removal rates are determined by one-sample t-test with 
standard error adjustment for serial correlation. Total phosphorus removal is not reported 
because it is not statistically significant.   

Nitrogen as Nitrate 
Annual Growing Non-grow 

mean (95% confidence interval) 

Loading 
kg ha-1 yr-1 10.0 (6.9-13.1) 4.0 (2.7-5.4) 14.2 (7.0-21.3) 

g m-3 d-1 4.86 (3.34-6.37)  1.96 (1.31-2.61) 6.89 (3.40-10.36) 

Removal 
g m-3 d-1 0.41 (0.32-0.51) 0.40 (0.17-0.63) 0.40 (0.32-0.49) 

mean %  8.4  20.4  5.8  

Conc. 
inlet mg l-1 4.37  3.07  5.06  

outlet mg l-1 4.04  2.45  4.77  

Total Phosphorus 
Annual Growing Non-grow 

mean (95% confidence interval) 

Loading 
kg ha-1 yr-1 0.27 (0.11-0.43) 0.04 (0.01-0.07) 0.48 (0.30-0.65) 

g m-3 d-1 0.13 (0.06-0.21) 0.02 (0.00-0.03) 0.23 (0.15-0.32) 

Conc. 
inlet mg l-1 0.139  0.187  0.029  

outlet mg l-1 0.127 0.170   0.025 
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Figure 1a-c. Measured flowrate of water leaving the bioreactor and daily rainfall (a); 
concentrations of nitrate as nitrogen (b) and total phosphorus (c) in bed influent and effluent 
water samples. Dashed lines represent method detection limits (MDL). 
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The bioreactor removed approximately 8.4% of the influent NO3
--N at an average bed-

normalized rate of 0.41 g m-3 d-1, but significant TP removal was not observed. Note that NO3
--N 

reported rates in Table 1 are calculated on the basis of total bed volume for consistency with 

the literature and to facilitate comparison between studies. Actual rates of denitrification 

within the bed on the basis of saturated volume would be higher since the median measured 

saturated volume (from inlet and outlet water height) was just below 50% and ranged ~13-60%. 

Indeed, the bed-normalized removal rate is estimated to be only about 47% of the actual 

removal rate by simple GLS linear regression including a correlation structure for non-

independence or errors over time. Bed normalized removal rates ranged -0.93-1.58 g NO3
--N m-

3 d-1 while actual removal rates ranged -1.76-5.23 g NO3
--N m-3 d-1, negative rates represent net 

export of NO3
--N from the bed. Flow through the bed was continuous through the non-growing 

season, but flow ceased for 49 days (~28%) of the growing season, 6/24/16-6/29/16 and 

8/17/16-9/28/16. 

Mean NO3
--N removal was statistically significant during the observation period (t-

statistic=9.57, p<0.001), and the 95% confidence interval (CI) of the mean removal rate, 

estimated as 0.41 g NO3
--N m-3 d-1, was 0.32-0.51 g NO3

--N m-3 d-1 (Table 1). Removal rates were 

not statistically different between the growing and non-growing season (t-statistic=0.0171, 

p=0.9863). However, NO3
--N loading differed seasonally (t-statistic=-4.365, p<0.001), with 

growing season NO3
--N loading averaging a very low 1.96 g m-3 d-1 (95% CI 1.32-2.61 g m-3 d-1, 

Table 1) compared to 6.89 g m-3 d-1 (95% CI 3.40-10.36, Table 2) during the non-growing season. 

Both greater influent NO3
--N concentrations (Table 1) and drainage volumes (Table 2) during 

the non-growing season drove seasonal differences in loading, and the flow-weighted influent 



115 
 

concentration was 60% higher than during the growing season. From the field perspective, the 

rate of NO3
--N export via tile drainage was more than three times greater in the non-growing 

season (14.2 kg ha-1 yr-1) than the growing season (4.0 kg ha-1 yr-1).  

Mean TP removal was not significantly different from zero during the observation period 

(t-statistic=1.261, p=0.2082) or for either the growing (t-statistic=0.2012, p=0.8003) or non-

growing season (t=2.008, p=0.2354). TP loading to the bioreactor was about 6.5 times greater 

during the non-growing season, which was a statistically significant difference (t-statistic=-

3.654, p=0.0003).   Given that TP concentrations were below the limit of quantification at 0.01 

mg P l-1 in approximately 30% and 22% of the influent and effluent samples, respectively, it is 

unsurprising that no statistical difference was found between inlet and outlet concentrations 

despite the flow-weighted average concentrations being slightly lower at the outlet (Table 1).  

Table 2. Cumulative rainfall and drainage volume flowing through the bioreactor as well as 
average temperature and flow rate on an annual basis and separated by growing and non-
growing season.  

  Annual Growing Non-growing 

Total drainage (cm)  22.8  6.0  16.8  
rainfall (cm) 151.9 77.4 74.5 

Mean temp (˚C) 17.9 21.7 12.5 
 flow (l s-1) 28.1 15.5 39.3 
 pH 5.3 5.2 5.5 

 

4.4.2 Variables influencing N removal  

N removal rate was found to be significantly correlated with influent N concentration, 

HRT, and temperature as determined by GLS regression. The interaction effects of influent 

concentration by HRT and temperature by HRT were significant at the 95% confidence level, as 

were the main effects of influent concentration and temperature (Table 3). Significant 
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interactions with HRT indicate that the relationship between either influent concentration and 

removal rate or temperature and removal rate is dependent on HRT. The interaction effect 

between influent concentration and temperature was not significant, meaning that at a given 

HRT that the effect of influent concentration on N removal is constant across temperatures and 

the effect of temperature on N removal is constant across influent concentrations; this non-

significant interaction term was removed from the model. Note that modeled removal rates 

were normalized to saturated volume rather than bed volume to avoid the confounding effect 

of adjustment of stop log position in the drainage control structures, and thus not equivalent to 

bed normalized removal rates reported in Table 1. 

The N removal rate generally increases as influent concentration increases, reflecting a 

first-order kinetic relationship (Figure 2a). However, the standard error band for the regression 

of removal rate by influent concentration for the 20 h HRT encompasses a zero slope, 

uncertainty in removal rates increasing as the difference between influent and effluent 

concentrations decreases, indicating that influent concentration may not be directly related to 

removal rate after a threshold HRT is exceeded. Below this threshold, a difference in influent 

concentration will have a larger effect on removal rate for lower concentrations. For example, if 

influent concentration increases from 3 mg N l-1 to 4 mg N l-1 when HRT is 12 h, N removal rate 

is predicted to increase by an average of 1.2 g N m-3 d-1, but the increase in removal rate is 

approximately doubled for the 1 mg N l-1 increase in influent concentration, 2.5 g N m-3 d-1. 

Figure 2b shows that N removal rate increases as temperature increases, as would be expected 

for a biochemical reaction like denitrification. As with influent concentration, differences in 

temperature have a larger effect on N removal rate as HRT decreases; an increase of 5C 
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increases removal rate by 3.81 g N m-3 d-1 when HRT is 12 hours, but by only 2.55 g N m-3 d-1 

when HRT is 6 hours. Relative to the range of observed bed conditions (influent concentration 

1.77-6.32 mg NO3-N l-1 and temperature 8.1-25.3C), changes in influent concentration were 

associate with larger differences N removal rate than changes in temperature. While N removal 

rates up to 8.3 g N m-3 d-1 were predicted for higher influent concentrations and temperatures 

(values approximately in the upper 50% of observed influent concentrations and 

temperatures), N export was predicted for lower influent concentrations and temperatures 

(Figure 2a, b); the rates of both removal and export were intensified at lower HRTs. N export 

occurred during 16% of the observations (19 d) used to fit the model, 15 of which were 

attributable to differences between influent and effluent concentration of <0.25 mg N l-1 

resulting in low magnitude export, up to -0.28 (-0.15 bed-normalized) g N m-3 d-1.  More 

substantial export was observed during four consecutive days in June 2016, up to -1.76 (bed-

normalized -0.93 g N m-3 d-1). Note that predicted export and removal rates displayed in Figures 

2a and 2b across representative bed conditions exceed the range of observed values (-1.76-5.28 

g N m-3 d-1) and must be interpreted with caution. 
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Table 3. Summary of a generalized least squares linear model of N removal rate (g N m-3 d-1), 
fit by restricted maximum likelihood, with influent N concentration, HRT, bed temperature, and 
their two-way interactions as independent variables. Note that removal rates are calculated on 
the basis of saturated volume, not total bed volume. Starred p-values denote statistical 
significance at the 95% confidence level.  

Explanatory 
Variable 

N Removal Rate 

coefficient standard error t-value p-value 

Intercept 0.422 0.575 0.734 0.4643 

[Nin] 1.248 0.179 6.981 <0.0001* 

HRT -0.053 0.031 -1.699 0.0920 

Temp 0.521 0.083 6.245 <0.0001* 

[Nin] : HRT -0.162 0.028 -5.859 <0.0001* 

HRT : Temp -0.031 0.005 -5.809 <0.0001* 

 

 

Figure 2. Modeled interaction effects of influent N by HRT (left) and temperature by HRT (right) 
from GLS model of N removal rate with prediction bands indicating +/- the standard error. The 
interaction of influent N by HRT is presented at median temperature (15.8 °C), and the 
interaction of temperature by HRT is presented at median influent concentration (3.5 mg N l-1). 
Limits of the x axes correspond to the range of respective variables observed in the bioreactor.  
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4.4.3 Greenhouse gas flux  

Measured GHG flux from the surface of the denitrifying bioreactor exhibited high 

variability both spatially, between soil collars and temporally, between measurement dates 

January to October 2016 (Figure 3a-d). During periods of active flow through the bioreactor, 

N2O had the greatest variability with a 310% coefficient of variation (CV) and measured fluxes 

ranging -0.60-19.7 mg N2O-N m-2 d-1, followed by CH4 ranging -0.03-308 mg CH4-C m-2 d-1 with 

260% CV, and CO2 ranging 540-82,250 mg CO2-C m-2 d-1 with 160% CV. Median fluxes were 0.08 

mg N2O-N m-2 d-1, 1.66 mg CH4-C m-2 d-1, and 4,580 mg CO2-C m-2 d-1. Variability generally 

increased as the mean flux from the soil collars increased, as indicated by the error bars in 

Figure 3a-d. To assess total GHG emissions from the bed, the combined GHG flux is reported as 

CO2 equivalents (CO2-eq), whereby N2O and CH4 fluxes are multiplied by their global warming 

potential over a 100-yr timespan, factors of 25 and 298, respectively (IPCC 2007). From this 

perspective, both N2O and CH4 contributed substantial portions of total warming potential of 

GHGs emitted from the bed at certain times. Up to 44% of total CO2-eq flux of was supplied by 

N2O, although the average contribution was just over 6%, and CH4 accounted for up to 15% of 

CO2-eq, but averaged only 3.6%. Calculated CO2-eq ranged 1.3-166.6 g CO2-eq m-2 d-1, over 90% 

of which was emitted as CO2 on average. The N2O emission factor, percentage of removed NO3
-

-N emitted as N2O-N, ranged -1.9-7.0%.  
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Figure 3a-d. Average flux measurements of N2O (a), CH4 (b), CO2 (c), and the combined warming 
potential of the three gases as CO2 equivalents (d) from three soil collars installed in a 
denitrifying bioreactor.  Error bars represent +/- one standard deviation, and the dashed line is 
positioned at zero net flux. Note y axes are different scales and units differ between 3a-b (mg 
m-2 d-1) and 3c-d (g m-2 d-1). 
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Table 4 presents the GLS linear models of the N2O, CH4, and CO2 flux. As described in 

section 2.4.2, the dependent variables (flux measurements) were transformed to ensure 

homogeneity of variance and linearize the relationships between flux measurements and 

potential explanatory variables; a cubic root transformation was applied to N2O and CH4 

measurements, and the natural log transformation was applied to CO2. The coefficients of 

explanatory variables and their standard errors are presented on the transformed scale, and 

back transformation was performed as described in section 2.4.2.  

The model predicts N2O flux at average temperature (17.6°C), HRT (13.4 h), and influent 

concentration (3.5 mg NO3-N l-1) as 0.029 mg N2O-N m-2 d-1
, and the 95% confidence interval 

(>0.001-0.150 mg N2O-N m-2 d-1) encompassed the median observed value, 0.08 mg N2O-N m-2 

d-1. HRT was the only variable with a statistically significant correlation with N2O flux (p = 

0.0017). Although the predicted fluxes were not significantly different between the three 

collars, the collar variable was retained in the model because it improved model residuals; only 

the average effect of HRT on flux is of interest. Flux was predicted to decrease as HRT 

increased, a 1 h increase from the mean HRT predicted to eliminate N2O flux (a decrease of 

0.029 mg N2O-N m-2 d-1, 95% 0.012-0.046). The high variability in N2O flux was not explained by 

the variation in temperature, HRT, or influent concentration.   

Average predicted CH4 flux was 2.48 mg m-2 d-1 (95% CI 0.94-5.15) and both 

temperature and HRT were found to have a significant, positive exponential correlation with 

CH4 flux. An increase in temperature from the mean of 17.6 to 18.6°C increases the flux by 1.05 

mg m-2 d-1 (95% CI 0.69-1.42), and a further increase to 19.6°C adds another 1.26 mg m-2 d-1 

(95% CI 0.82-1.69), while a decrease to 15.6°C is predicted to eliminate CH4 flux.  A 1 h increase 
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in the mean HRT (13.4) to 14.4 h is predicted to increase CH4 emissions by only 0.32 mg m-2 d-1 

(95% CI 0.16-0.49), and a further 1 h increase adds an additional 0.34 mg m-2 d-1 (0.17-0.52). 

The model suggests that when HRT decreases to about 8 h CH4 emissions cease. Uncertainty in 

predicted fluxes increases exponentially as the absolute difference from mean temperature and 

HRT increases.  

Average predicted CO2 flux is 4510 mg m-2 d-1 (95% CI 4120-4950). All tested variables 

displayed significant correlation with CO2 flux, with flux increasing as temperature increased, 

but decreasing as HRT and influent concentration increased. On the original scale, an increase 

of 1 °C from the mean results in a 9.5% increase in flux (95% CI 4.3-14.9%), an increase in the 

HRT by one hour results in an 8.7% decrease (95% CI 6.2 to 11.2%), but influent concentration 

was most influential, with a 1 mg l-1 increase from the average influent concentration (3.5 mg l-

1), reduced emissions by 51% (95% CI 39-61%).  
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Table 4. Summary of generalized least squares models of greenhouse gas flux (N2O, CO2, and 
CH4) with t-statistics and corresponding p-values indicating the probability that a given 
coefficient estimate is equal to zero.  Note that soil collar was retained as an explanatory 
variable only for N2O because its inclusion reduced the model’s residual sum of squares as 
determined by the log likelihood ratio, whereas including the effect of collar did not improve 
the CO2 or CH4 model fits. 

Greenhouse Gas Flux Models 

N2O (mg N2O-N m-2 d-1)1/3  

 Coefficient Standard Error t-value p-value 

Intercept  0.309 0.111  2.774 0.0094* 

Temperature -0.005 0.029 -0.181 0.8579 

HRT -0.057 0.017 -3.444 0.0017* 

Influent N -0.116 0.135 -0.856  0.3986 

Collar (middle) -0.198 0.157 -1.259 0.2177 

Collar (right) -0.218 0.157  -1.388 0.1754 

CH4 (mg CH4-C m-2 d-1 ) 1/3 

 Coefficient Standard Error t-value p-value 

Intercept  1.354 0.187 7.244 <0.0001* 

Temperature  0.113 0.039 2.926  0.0064* 

HRT  0.069 0.017 3.972  0.0004* 

Influent N -0.094 0.158   0.557  0.5572 

CO2 ln(mg CO2-C m-2 d-1) 

 Coefficient Standard Error t-value p-value 

Intercept  8.415 0.092 91.923 <0.0001* 

Temperature  0.091 0.024    3.759 <0.0001* 

HRT -0.091 0.014   -6.679 <0.0001* 

Influent N -0.710 0.111                                                      -6.378 <0.0001* 
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4.5 Discussion 

4.5.1 Nutrient Removal 

Average N removal efficiency (8.4%) and bed-normalized mass removal rates (0.41 +/- 

0.10 g NO3
--N m-3 d-1) for this denitrifying bioreactor are substantially lower than the target 

removal efficiency range of 25-45% and the mean removal rate of 4.7 g NO3
--N m-3 d-1 reported 

for denitrifying beds based on 27 individual units (Addy et al., 2016). However, removal rates 

were within the range reported for three tile drain bioreactors in the Maryland Coastal Plain, 

0.21 to 5.36 g NO3
--N m-3 d-1, and just below the corresponding removal efficiency range of 9.0-

62%. Performance was also comparable, although somewhat weaker, in a ditch diversion 

bioreactor also located in the Maryland Coastal Plain, where removal rates averaged 0.97 g 

NO3
--N m-3 d-1 and N load reduction was 25% (Christianson et al., 2017). Recall that for 

consistency with the literature removal rates are reported here on the basis of total bed 

volume, but due to suboptimal hydraulic utilization of the bed, an average of only 50% of the 

bed volume was saturated and actively treating drainage waters. Thus, if removal rates increase 

from -0.93-1.58 g NO3
--N m-3 d-1 on the basis of total bed volume to -1.76-5.23 g NO3

--N m-3 d-1 

on the basis of saturated bed volume. Apart from occurrences of N export (negative removal 

rates), removal for actively bed volume very closely corresponds to removal rates observed by 

Rosen and Christianson (2017), and brings average removal to nearly 1 g NO3
--N m-3 d-1, in line 

with Christianson et al. (2017). Additionally, observed N removal rates can be further explained 

by average influent concentrations, HRT, and bed age, all of which were found to be statistically 

significant controls on N removal in bioreactors in a recent a recent meta-analysis by Addy et al. 

(2016). Conditions in this bioreactor would be classified as low influent (< 10 mg NO3
--N l-1) with 
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an average concentration of 4.37 NO3
--N l-1, typically within the mid-range 6-20 h HRT category, 

and with a bed age exceeding 13 mo. This meta-analysis showed that N removal rates tended to 

increase with HRT, although the 6-20 h category was not significantly different from the >20 

category, increase with higher influent concentrations, and decrease after 13 mo to a rate 

thought to be representative of long term performance, 13-24 mo and >24 mo categories not 

being significantly different. While HRTs 6-20 h corresponded to average N removal rates 

similar to the overall aver of 4.7 g NO3
--N m-3 d-1 for denitrifying beds, the low influent N 

category averaged only 2.4 g NO3
--N m-3 d-1 and the beds with ages 13-24 mo averaged 2.6 g 

NO3
--N m-3 d-1 (Addy et al., 2016). Within this context, observed N removal was still lower but 

closer to expected rates, and low N loading, only 4.86 g NO3
--N m-3 d-1, is thought to be the 

dominant constraint. 

Findings of Addy et al. (2016) emphasize the importance of N limitation as a control on 

N removal in denitrifying bioreactors and suggest that N-limited conditions persist at higher 

influent concentrations than previously reported (Addy et al., 2016). N-limited conditions 

within a bioreactor are often defined by effluent < 0.5 mg l-1 (e.g., van Driel et al., 2006), but 

this meta-analysis found that N removal rates were correlated with influent concentration and 

significantly differed between high (>30 mg N l-1), intermediate (10-30 mg N l-1), and low (<10 

mg N l-1) categories (Addy et al., 2016). Thus, it is suspected that N-limited conditions persisted 

during the observation period, except during temperature-limited conditions during the winter, 

as evidenced by the linear relationship between removal rate and influent concentrations 

(Table 3, figure 2a). The significant interaction effect between influent concentration and HRT, 

where for a given influent concentration the removal rate decreases as HRT increases, provides 
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further evidence for N-limited conditions. For constant influent concentration, as flow increases 

and thus HRT decreases, N loading to the bioreactor increases; if the bioreactor N removal rate 

is zero-order, as has been encountered (Hua et al., 2016; Warneke et al., 2011e), bed 

concentration decreases linearly with reaction time (analogously to effluent concentration 

decreasing linearly with HRT), and removal rate remains constant independently of HRT. 

However, if removal rate is first-order due to N-limitation, bed concentration decreases 

asymptotically, and the removal rate decreases as HRT increases, as captured by the GLS linear 

model (Figure 2a).  Notably, though loading was significantly lower during the growing season, 

mean removal rates not significantly different for the non-growing season, indicating that 

cooler temperatures became rate limiting, overwhelming the effect of increased influent 

concentration.  

The dominance of N-limited conditions in this bioreactor provides a unique assessment 

of bioreactor performance under consistently low N loading. Although the low loading rates 

were the result of three years of continuous soy cultivation, with no fertilizer application the 

season prior to bioreactor installation and during the first two years of use, and clearly not 

representative of the typical corn-soy rotation, this study provides important insight into field-

scale bioreactor performance at the lower boundary of N inputs. Understanding performance 

under low N loading is relevant not only to situations where fertilization does not occur, but, 

perhaps more importantly, informs expectations for N removal efficiency in bioreactors used in 

conjunction with drainage water management, which alone can reduce N losses from the field 

by 17-80% (Skaggs et al., 2010).  
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N export in tile drainage was quite low at 10.0 kg ha-1 yr-1 (Table1) compared to the 31.4 

kg ha-1 yr-1 reported by Christianson et al. (2013) as representative of Midwestern drainage N 

loading. Additionally, the distribution of N loading throughout the year constrained removal 

more severely than would be predicted by the average loading rate of, expressed on the basis 

of bioreactor volume as 4.86 +/- 1.52 g NO3
--N m-3 d-1, decreasing sharply during the growing 

season to 1.96 +/- 0.65 g NO3
--N m-3 d-1; even nearing complete removal during the growing 

season would result in relative underperformance as judged by mass removal rate. Previous 

work in the Midwest has noted the increased N loading and drainage volume occurring in the 

spring coincide with low N removal due to decreased residence times and lower temperature, 

creating a “design and operational challenge” (Christianson et al., 2013).  

Other factors likely contributed to suppressing removal rates, specifically low pH 

conditions and suboptimal bed dimensions. Bed pH averaged 5.3, reflecting the acidic soils 

typical of the Atlantic Coastal Plain. The inhibition of denitrification at below optimal pH 7-8 is 

well established (Mateju et al., 1992), but the effect of pH on N removal could not be 

distinguished. Quantifying and potentially compensating for suppression of removal rates in 

locations with acid soils like the Atlantic Coastal Plain will require regionally-specific 

investigation. These acid soils may play a role in the relatively low average removal rates 

reported for bioreactors in the Maryland Coastal Plain (Christianson et al., 2017; Rosen and 

Christianson, 2017). Additionally, the bed length to width ratio of 1:1.1, constrained by site 

characteristics, deviates substantially from the recommended minimum 1:5 to avoid 

preferential flow (Christianson et al., 2013b). Preferential flow results in dead zones that reduce 

the effective volume of the bioreactor and cause calculations of theoretical HRT to 
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overestimate residence times. Calculated HRT values averaged 11 h, but observed removal 

rates correspond to the averages for HRT < 6 in the Addy et al. (2016) meta-analysis, 0.7 g m-3 d-

1 (95% CI 0.3-1.3), suggesting hydraulic inefficiency may be constraining.  

Removal of P was not observed, corroborating findings of Christianson et al. (2011) in 

laboratory tests and Pluer et al. (2016) in field-scale bioreactors that biochar addition did not 

enhance P removal. This conflicts with results of a laboratory batch study (Bock et al., 2015), 

which appears to have limited relevance to field-scale, flow-through systems. Note that 

different biochars were used in each of these studies, highlighting the considerable variability in 

biochar properties.  

4.5.2 Greenhouse gas emissions 

On 13 dates January through October 2016, N2O emission factors, proportion of NO3
- 

removed released as N2O, ranged -1.8-7.0% for individual measurements and 1.0-2.3% 

averaging measurements from the three collars. The overall average emission factor was 0.20% 

and the median only 0.02%, substantially less than the 0.75% determined by the IPCC for 

agricultural NO3
- inputs. Although maximum emission factor of 7% observed is the higher than 

typically reported, most flux measurements yielded emission factors below those reported in 

the literature. Warneke et al. (2011) reported an average loss of 1% as removed NO3- -N 

emitted as N2O-N from the bed surface and an additional 3.3% exported dissolved in the 

effluent. Elgood et al. (2010) and Moorman et al. (2010) also quantified dissolved N2O in 

bioreactor effluent, reporting 0.6% and 0.84% of removed NO3 -N lost as N2O, respectively. 

These analyses of dissolved N2O export emphasize the potential significance of bioreactors as 

sources of GHGs even with low emissions from the bed surface. However, the range measured 



129 
 

flux rates, -0.60-19.7 mg N2O-N m-2 d-1, was similar to those dissolved in the effluent of a 

stream-bed bioreactor and normalized to bed area, -5.4-14.6 mg N2O-N m-2 d-1, and to those 

reported to represent agricultural soils, 0.1-15 mg N2O-N m-2 d-1 (Elgood et al., 2010). Nearly 

90% of measured fluxes were within the range reported by Woli et al. (2010) of 0.24-3.12 mg 

N2O-N m-2 d-1, which the authors considered to be negligible in a tile-fed woodchip bioreactor 

averaging N removal rates of 6.4 g N m-3 d-1. Measured CH4 fluxes (-0.03-308 mg CH4-C m-2 d-1) 

were within the range observed by Elgood et al. (2010), -2.6 to 1236 mg CH4-C m-2 d-1, who 

likewise observed the highest CH4 production in the warmer summer months (Figure 3b), and 

noted the similarity to CH4 fluxes for peatland soils (0.2-423 mg CH4-C m-2 d-1, Lai, 2009). With 

respect to CO2, as noted by Schipper et al. (2010), the substrate used in the bioreactor would 

have decayed and released CO2 had it been used elsewhere, and thus does not contribute to 

net CO2 emissions.  Therefore, although individual measurements resulted in high N2O 

emission factors, and both N2O and CH4 contributed significantly to total greenhouse gas 

emissions from the bed as determined by their carbon dioxide equivalent fluxes, GHG emissions 

form this particular bioreactor did not raise serious concern.  

4.6 Conclusion 

The concurrence of the lowest influent N concentrations and periods of no flow with 

seasonally high temperatures enabling the highest potential rates of denitrification exacerbated 

the effect of low influent concentration on removal (Figure 1). Additionally, low bed pH and 

suboptimal bed dimensions may have suppressed removal. However, N mass removal rates 

(0.41 g NO3
--N m-3 d-1) and efficiency (8.4%) correspond to the low end of reported 

performance in bioreactors within the Atlantic Coastal Plain region and elsewhere where 
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influent concentrations are low or residence times are short. The addition of biochar was not 

successful in removing P, as no statistically significant difference between influent and effluent 

concentrations was observed. Although effect of biochar on N2O emissions could not be 

determined from this study, mitigating the effects of low pH may be important for bioreactor 

applications in areas with acidic agricultural drainage waters given that ratio N2:N2O produced 

during denitrification is known to decrease with soil pH (Liu et al., 2010). 

Understanding the effect of in-bed conditions that limit N removal of GHG emissions 

and how they are derived from field conditions will help adapt bioreactor designs to a wider 

range of agricultural systems and geographic regions. Although denitrifying bioreactors 

becoming important tools for managing agricultural nonpoint source pollution in the Midwest, 

their performance in other agriculturally important areas in the United States, such as the Mid-

Atlantic, is only beginning to be tested. In addition to installation and monitoring of new 

bioreactors to develop regionally-specific nutrient removal efficiencies, considering how 

regional differences typically translate to the field scale and how they impact known in-bed 

controls on N removal (e.g. pH) can help identify differences in design, implementation, and 

performance requiring further investigation or consideration. Although bioreactor N removal 

efficiency is highly variable and effectiveness relies on site-specific design, regional difference in 

artificial drainage networks, cropping systems, soil types, and hydrologic regimes can inform 

assessment of bioreactor utility and cost-effectiveness in the Mid-Atlantic. 
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5.0 CONCLUSIONS 

5.1 Summary 

Denitrifying bioreactors hold promise for managing agricultural drainage in the Mid-

Atlantic, but challenges remain with respect to adapting designs for large subsurface drainage 

networks to the ditch drainage systems and small, targeted tile drain systems typical of this 

region. Growing interest in denitrifying bioreactors has expanded the application 

geographically, spurred active efforts in substrate engineering (Christianson and Schipper, 

2016), and a renewed focus on mitigating unintended impacts of bioreactors related to 

pollution swapping. Motivated by the success of bioreactors in mitigating N export from 

agricultural systems in the US Midwest, opportunities to expand bioreactor application 

operationally and geographically were investigated. Each section of this document has provided 

context, approaches, and analyses to support the advancement of bioreactor technology to 

improve environmental outcomes. Substrate engineering to enhance biologically mediated N 

removal was investigated in Section 2, controls on production of the harmful greenhouse gases 

(GHGs) and additional opportunities for substrate engineering were explored in Section 3, and 

performance of one of the first denitrifying bioreactors implemented in the Mid-Atlantic 

Coastal Plain was evaluated in Section 4.  

The pilot study demonstrated that biochar has the potential to enhance NO3
--N removal 

in woodchip DNBRs receiving sufficiently NO3
--N-enriched influent at concentrations (5-10 mg 

NO3
--N l-1) likely to be encountered in agricultural drainage. By achieving a given level of 

removal with a shorter residence time than a woodchip bed, biochar amendment could either 

allow for smaller bed designs or the treatment of larger flows with high NO3
--N concentrations. 
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An economic analysis of the costs and N removal benefits from woodchip and biochar-amended 

bioreactor developed with removal efficiencies predicted by the model developed during this 

pilot study indicated that if these predictions represent field performance, biochar amendment 

could be a cost-effective means to boost N removal (DeBoes et al., 2017). However, 

considerable uncertainty in the magnitude of the effect of biochar on N removal within the 

context of the pilot study remains and, as emphasized by Christianson et al. (2016), the effect of 

wood-based biochars on N removal in bioreactors must be validated at the field scale. Further 

motivation to investigate the performance of biochar-amended bioreactors was supplied by a 

laboratory batch experiment suggesting that these wood-based biochars increase P removal 

and reduced nitrous oxide (N2O) emissions relative to woodchips alone (Bock et al., 2015). 

Indeed, with agricultural drainage also recognized as important sources of P export (Gentry et 

al., 2007) and agricultural sources representing approximately 6% of total anthropogenic N2O 

emissions (IPCC, 2007), leveraging denitrifying bioreactors to address these pollutants presents 

a natural opportunity.  

With a growing interest in managing pollution trade-offs within denitrifying bioreactors 

(Christianson and Schipper, 2016), a controlled laboratory experiment with horizontal flow-

through bioreactor columns was used to test the effect of pine-feedstock biochar on GHGs N2O, 

methane (CH4), and carbon dioxide (CO2). Biochar amendment was found to substantially 

increase N2O and CO2 flux compared to woodchips alone across the range of hydraulic 

residence times (HRTs 3,6, and 12 h) and influent concentrations (4.5 and 16.1 mg NO3
--N l-1) 

tested, with fluxes increasing with longer residence times, and for N2O, with increased N 

loading. While CH4 fluxes across all media types tested (woodchips, 10% biochar, 30% biochar) 
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were negligible, N2O fluxes contributed an average of over 20% of the total global warming 

potential produced by the columns. The data suggest that higher rates of biochar may increase 

GHG fluxes, posing a caution to evaluating the potential benefits of N removal with biochar 

amendment without a mass-balance approach to determine the fate of removed N.  

Biochar amendment to woodchip bioreactors would not be recommended without prior 

verification of a specific biochar’s effects on GHG emissions and better understanding of the 

mechanisms involved. Adding additional complication, the variability of biochar materials as a 

function of feedstock and pyrolysis process (mainly temperature and oxygen levels) and how 

these characteristics affect properties relevant to the yet-to-be determined mechanism 

influencing denitrification and other biochemical processes resulting in nutrient removal or 

GHG production should be considered. The freshness of the carbon media (both woodchips and 

biochar) used in this study also constrains the transferability of the results, because recent work 

has shown that the ability of biochar to enhance N removal may erode over months to years 

(Pleur et al., 2016). Consequently, the laboratory study is unlikely to be predictive of long-term 

performance, this conclusion being supported by a recent bioreactor meta-analysis by Addy et 

al. (2016) substantiating that laboratory experiments produce significantly higher rates of N 

removal than field-experiments. While the tightly controlled conditions of a laboratory likely 

favor higher rates of removal over the more variable conditions of the field, this decrease in 

performance over time for both woodchips and biochar suggests that more labile components 

of the bioreactor media temporarily sustain higher removal rates. Perhaps the increase in GHG 

emissions with biochar amendment would also decrease over time as the more labile 

components are consumed. The effect of biochar amendment on both N removal and GHG 
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emissions must be further investigated before a determination can be made regarding the 

benefits or detriments of its application.  

In addition to exploring opportunities to enhance bioreactor performance with biochar, 

the aim of this work was to investigate the potential to use denitrifying bioreactors to address 

water quality problems in the Chesapeake Bay watershed. Although denitrifying bioreactors 

becoming important tools for managing agricultural nonpoint source pollution in the Midwest, 

their performance in other agriculturally important areas in the United States, such as the Mid-

Atlantic, remains largely untested. A field-scale study of a woodchip bioreactor amended with 

17% pine-feedstock biochar (same material as column study) installed in the Atlantic Coastal 

Plain provided insight into potential opportunities and challenges for bioreactors in this region. 

The main distinguishing characteristic of this installation was the atypically low N loading as a 

result of continuous soy cultivation without fertilizer application in the drainage area, on 

average 10.0 kg ha yr-1, which resulted an average N removal rate on the lower boundary of 

those reported in the literature, 0.41 g N m-3 d-1. N removal was likely also constrained by 

additional factors including low pH, substantial periods of no flow during the growing season, 

and a ~1:1 length to width ratio deviating from the recommended maximum of 1:5. However, 

low influent N concentrations and loading, particularly during the growing season when 

elevated temperatures allow higher potential denitrification rates, was the dominant cause of 

low removal. Significant P removal was not observed. Greenhouse gas fluxes were driven by 

CO2, which increased with temperature and as influent N or HRT decreased. However, N2O and 

CH4 both contributed significantly to total GHG emissions at times suggesting that incomplete 

denitrification was significant, potentially due to low pH, and overly lengthy HRTs sometimes 
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enabled methanogenesis. These findings form one of the first bioreactor applications in the 

Mid-Atlantic Coastal Plain provide a useful information for establishing regionally-specific 

nutrient removal rates for denitrifying bioreactors. Additionally, this work provides a unique 

assessment of performance under consistently low N loading, which has relevance to soy 

cultivation in rotation cropping, or use of bioreactors in conjunction with drainage water 

management, which in itself can be very effective at reducing N export (Skaggs et al., 2010).  

  Understanding the effect of the in-bed conditions that limit N removal and increase 

GHG production and how they are derived from field conditions will help adapt bioreactor 

designs to a wider range of agricultural systems and geographic regions. Considering the 

regional differences at the field scale and how they impact known in-bed controls on N removal 

can identify differences in design, implementation, and performance requiring further 

investigation or consideration. Although bioreactor N removal efficiency is highly variable and 

their effectiveness relies on site-specific design, regional difference in artificial drainage 

networks, cropping systems, soil types, and hydrologic regimes can inform assessment of 

bioreactor utility and cost-effectiveness in the Mid-Atlantic. 

5.2 Future Work 

 As research relating to denitrifying bioreactors continues to gain momentum, and the 

controls on performance are identified, focus will shift to identifying approaches for cost-

effective implementation and adapting designs to a wider range of applications. Although some 

experiments with biochar and other organic carbon media have shown some promise with 

respect to increasing N removal rates, little of this work has been successfully translated to the 

field scale with questions remaining about longevity in the field and mechanisms of action. 
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Early efforts to refocus on the physical design of bioreactors are expanding the horizon and 

show perhaps the most promise for increasing the impact of bioreactors (Christianson et al., 

2017). Adapting the traditional tile drain bioreactor design to ditch drainage networks, 

overcoming shallow water tables and low gradients, and more effectively treating low N loads 

in small tile drain systems has the potential to yield substantial water quality benefits in the 

Chesapeake Bay watershed where surface drainage of agricultural land predominates. 

However, opportunities to improve performance through substrate engineering remain, such as 

for mitigating the effects of low pH, which can limit N removal and increase N2O production. As 

more holistic evaluation of bioreactor performance includes consideration of GHG emissions 

and other harmful byproducts, understanding of the controls and mechanisms of GHG export 

should be refined. Though denitrifying bioreactors are becoming important tools for managing 

agricultural nonpoint source pollution, exciting opportunities to improve their performance and 

expand their application await.  
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