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(ABSTRACT)

Regulatory acceptance of monitored natura attenuation (MNA) requires demonstration
that natural processes, such as sorption and biodegradation, attenuate specific contaminants of
concern on a time scale that is comparable to other remediation options while concurrently
preventing contaminant migration to site-specific points of contact. Two of the tools used to
demonstrate the efficacy of MNA, microcosm experiments and numerical fate and transport
modeling, were examined in this study. In the first phase of this work, laboratory microcosm
studies were initiated as part of an overall MNA site assessment to determine whether a native
microbial consortia collected with a soil sample from a petroleum-hydrocarbon contaminated site
was capable of biodegrading specific polynuclear aromatic hydrocarbon (PAH) compounds.
Results indicated that selected PAH compounds were biodegraded under simulated natural
conditions using oxygen and sulfate as electron acceptors. In the second phase of this study, a
numerical experiment was conducted using the three-dimensional, multiple substrate, multiple
electron acceptor fate and transport model SEAM3D (Waddill and Widdowson, 1997) to
evaluate the impact of including iron(l11)-reducing conditions during numerical simulations of
natural attenuation. Results for this phase of the study indicated that the mass of hydrocarbon
simulated as biodegraded by the iron(lll)-reducing population was significantly larger than
hydrocarbon biodegradation under aerobic conditions. The final component of research used the
SEAM3D model to interpret field observations recorded during a natural attenuation experiment
where the fate and transport of selected hydrocarbon contaminants (BTEX and naphthalene) was
tracked through an extremely heterogeneous, but well-instrumented test aquifer. Results from the
calibrated model for the NATS experiment indicated that the majority of the contaminant
remained in the non-agueous phase during the first year of the experiment, and that aerobic
biodegradation was the dominant natural attenuation process. Model results were particularly
senditive to the rate of contaminant release and the starting mass of electron acceptor.
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CHAPTER 1

Introduction

Background

Environmental and public health concerns over the carcinogenic properties of certain
petroleum hydrocarbon compounds has brought increasing attention to the uncontrolled release
of xenobiotic petroleum hydrocarbons into the subsurface environment. Active remediation
strategies, such as pump and treat, soil excavation, and air-sparging, are generally successful at
short-term removal of agueous phase hydrocarbon contaminants, but these techniques may be
expensive in both energy and economic requirements. Additionally, long term monitoring of
agueous phase contaminant concentrations at some sites shows that contaminant levels may
increase with time after the active remediation has stopped. This rebound in aqueous phase
contaminant concentration is attributed to desorption of sorbed contaminants from the aquifer
media back into the bulk pore water. The desire to reduce financia costs while permanently
removing petroleum contaminants has led to increased interest in determining whether natural in
situ processes, collectively grouped under the term natural attenuation, may serve as an effective
petroleum contaminant remediation strategy.

Research over the last two decades has shown that biologically mediated redox reactions
under aerobic and anoxic conditions can permanently remove many petroleum hydrocarbon
contaminants in situ. The more recent discovery of additional in situ processes, such as naturally
occurring iron(l11) and sulfate based biodegradation of petroleum contaminants, has the potential
to make natural attenuation a realistic and cost-effective aternative in the effort to clean the

nation’ s groundwater.

Objectives and Scope

As indicated by the USEPA (1999), regulatory acceptance of monitored natural
attenuation (MNA) requires that natural processes attenuate the contaminants of concern on a
time scale that is comparable to other remediation options while concurrently preventing
contaminant migration to site-specific points of contact. The common theme for the three phases

of research presented in this study was to that each investigation corresponded to a different

1



aspect of MNA site assessment. A brief review of previous research into petroleum hydrocarbon
biodegradation in the subsurface under sequential electron accepting conditions is provided as
background in Chapter 2. Chapter 3 contains the method and results from a laboratory
microcosm study that was conducted as part of an larger MNA site assessment for a No. 2 fuel
oil-contaminated site located in the Atlantic Coastal Aquifer of northeastern Virginia
Specificaly, the objective of this microcosm experiment was to determine whether a native
microbia population, collected with a soil sample at highly contaminated location, was able to
biologically transform specific polycyclic aromatic hydrocarbon compounds (PAH) under
simulated in situ conditions. If biodegradation was shown to occur, the secondary objective of
the microcosm study was to estimate rates of biodegradation for each PAH compound that could
then be used in the larger MNA assessment to estimate a time until contaminant removal.

The impact of iron(l11)-based biodegradation on numerical model simulations of natural
attenuation was investigated using a series of numerical experiments, as discussed in Chapter 4.
Multiple researchers have shown that iron(ll1)-based biodegradation of hydrocarbons is
occurring at petroleum hydrocarbon-contaminated sites (e.g. Lovely et a., 1994), but few
attempts have been made to assess the impact of including iron(l11)-based biodegradation in
numerical modeling of MNA. The impact of including iron(lll)-based biodegradation in
modeling of MNA was quantified via a series of numerical experiments in a hypothetical
heterogeneous aquifer that simulated hydrocarbon biodegradation under sequential aerobic and
iron(l11)-reducing (i.e. ferrogenic) conditions using the SEAM3D solute transport model
(Waddill and Widdowson, 1997). Variation in the initial iron(l11) concentration and distribution
was investigated during this study, and the implications of model results on MNA site
assessment was discussed.

Numerical models provide unique insights into MNA site assessment by aiding in both
the interpretation of collected solute concentration data and future predictions of contaminant
fate and transport. In Chapter 5, both a conceptual and numerical model are developed for the
Natural ATtenuation Study (NATS) field experiment, during which a known mass of
hydrocarbon contaminant was released under natural-gradient conditions. Using the suite of
solute concentrations measured in the dense three-dimensional sampling grid installed prior to
the NATS contaminant release, a calibrated numerical model was developed and used to

interpret results of the NATS experiment.
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CHAPTER 2

Literature Review

The Biodegradation Environment

As Wilson et al. (1986) indicate, the local microbial population, the concentration of
available electron acceptor, or the concentration of the electron donor limits biodegradation in
the natural environment. Microbial populations require a carbon, energy, and respiratory source
to survive and grow (Bedient et a., 1994). In bioremediation, a groundwater contaminant, such
as an aromatic hydrocarbon, can serve as the energy and carbon source, or substrate, and
respiration is satisfied by an electron acceptor, such as oxygen, nitrate, iron(ll1), or sulfate.
Wilson et al. (1986) also note that many aquifers support a microbia population capable of
degrading various groundwater contaminants, and cite the work of Ghiorse and Balkwill (1983)
as evidence that these aguifers are capable of supporting this population, even at deeper
locations. Given an adequate microbial population in the presence of suitable concentrations of
both a substrate and electron acceptor, contaminant oxidation (i.e. biodegradation) may occur,
unless limited by the presence of one or more inhibitory substances.

Electron Tower Theory and Sequential Electron Acceptors

Microorganisms gain energy from the oxidation of organic matter by coupling substrate
oxidation to the reduction of various electron acceptors. The electron tower theory, based on a
thermodynamic analysis of free energy potential, demonstrates that some electron acceptors
contain more energy potentia than others. Suflitaand Sewell (1991) report the electron acceptor
utilization order, shown schematically as Figure 1, by examining the energy potential for each
reduction process. Jargensen (1989) uses the Gibbs free energies for the electron acceptor half
reactions, calculated by Stumm and Morgan (1981), to support a similar electron acceptor
sequence. Stumm and Morgan (1981) note that microbes tend to oxidize organic substrate by
preferentially using the electron acceptor that provides the most energy. The results of Stumm
and Morgan's work, combined with field observations by Lyngkilde et al. (1991), Lovley et al.
(1994) and others, has led to the interpretation that biological activity in contaminant plumes
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Figure 1. Electron acceptor utilization sequence determined by electron
potential energies. (After Suflita and Sewell, 1991)

varies from a highly reactive aerobic plume boundary, through interior zones of nitrate and
iron(l11) reduction, to a central core where highly reduced sulfate and methanogenic conditions
dominate, as shown in Figure 2. Rates of contaminant oxidation will vary within the contaminant
plume based on each contaminant’s susceptibility to microbial attack, the presence of a suitable
microbial population, the availability and quantity of an appropriate electron acceptor, and the
presence (or absence) of specific biological inhibitors. For example, the introduction of oxygen
during anoxic and anaerobic degradation of petroleum hydrocarbons has been shown to inhibit
further oxidation of the hydrocarbon under nitrate-, iron-, and sulfate reducing conditions
(Hutchins, 1991; Chang et al., 1993; Coates et a., 1996). Similarly, Coates et a. (1996) show
that iron(l11)-reducing conditions may inhibit petroleum hydrocarbon oxidation by sulfate-
reducers, but it is not clear whether this inhibition is due to a real disruption of the sulfate-
reduction process or whether the increased reduction potential of iron(lll) alows iron(l1l)-
reducers to simply out-compete sulfate-reducers for the available substrate.

Petroleum Hydrocarbon Removal by Sequential Electron Acceptor Processes

Early research into organic compound degradation recognized only the importance of
oxygen-based, or aerobic, respiration. Lee et al. (1987) found that petroleum hydrocarbons, such
as gasoline, aviation fuels, and heating oils, are some of the most aerobically biodegradable
compounds found in the subsurface environment. Severe limits may be placed on aerobic
biodegradation of petroleum hydrocarbons, however, due to the low solubility of oxygen and the
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Figure 2. Spatial variation of electron acceptor conditionsfor atypical
groundwater contaminant plume. (Adapted from Lyngkilde et al., 1991)

rapid reaction rates typical of oxygen reducing environments (Wilson et al., 1986; Zeyer et al.
1986; Barker et a., 1987).

More recent investigations have led researchers to recognize the significance of anaerobic
degradation of aromatic hydrocarbons. Investigation of aromatic hydrocarbon oxidation using
nitrate-reducing (Zeyer et al., 1986; Hutchins, 1991; Arcangeli and Arvin, 1994), iron(l1l)-
reducing (Lovley and Lonergan, 1990; Lovley et a., 1993), sulfate-reducing (Haag et al., 1991,
Edwards and Grbic-Galic, 1992) and methanogenic (Wilson and Rees, 1985; Grbic-Galic and
Vogel, 1987) organisms has helped generate more interest into natural attenuation as an effective
treatment strategy. According to Chapelle (1995), iron(lll) and sulfate terminal electron
accepting process may exhibit a rate constant two to three orders of magnitude less than aerobic
conditions, but still adequately contain the contaminant plume if the groundwater velocity is
slow relative to the rate of substrate biodegradation. The large degradation potential of iron(l11)-
and sulfate reducing processes is attributed to the greater mass of iron(l11) and sulfate in the
subsurface environment which allows for longer reaction times of anaerobic degradation (Wilson
et al., 1986; Hutchins, 1991; Landmeyer et al., 1996). Furthermore, the biodegradation impact of
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iron(l11)- and sulfate-reducing microorganisms on a substrate, which is biodegradable under
multiple electron acceptors (e.g. toluene), may be the difference between attaining a contaminant
threshold level or not. For example, if the mass (or concentration) of oxygen and nitrate is low,
the mass of contaminant consumed during anaerobic degradation may be much greater than the
mass lost under aerobic or anoxic conditions, as shown in Figure 3. From this hypothetical
example, the recognition of anaerobic degradation of petroleum hydrocarbons is critical to the
overall success and regulatory acceptance of natural attenuation as a complete remediation
Strategy.

Unfortunately, not all hydrocarbons readily degrade under multiple electron acceptor
conditions. Some hydrocarbons, such as benzene, appear to degrade under multiple electron
acceptor conditions at some sites, while degrading solely under aerobic conditions at other sites.
Other compounds, such as pyrene, have only been shown to degrade under aerobic conditions
and are considered recalcitrant under both anoxic and anaerobic conditions.

Contaminant
Threshold Level ;

Concentration (or Total Mass)

Time 1 Time 2 Time 3 Time 4

B Substrate O Oxygen O Fe(ll) O Sulfate

Figure 3. Microbially mediated contaminant removal by sequential microbial
(aerobic/iron(l11)-reducing/sulfate-reducing) electron accepting processes.

Modeling Natural Attenuation of Petroleum Hydrocarbons

Given the uncertainty in determining whether a specific contaminant is degrading in a
given aguifer location, regulators and other interested parties are turning to mathematical models
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of natura attenuation as important interpretive and predictive tools. To accurately simulate
petroleum contaminant plume migration, mathematical models of natural attenuation need to
include biodegradation under multiple electron acceptor conditions. Considering that different
petroleum hydrocarbons degrade at different rates and under specific reducing environments,
tracking of multiple hydrocarbon substrates is also important. The concentration distribution of
potential electron acceptors is also likely to vary with both space and time, and these
distributions will affect migration and degradation of hydrocarbon contaminant plumes.

Limitations of computational power, mathematical model complexity, and techniques for
characterization of heterogeneous aquifers necessarily confined early in situ biodegradation to
simplified models. Early reactive solute transport models were generally limited to homogeneous
flow fields which simulated either two-dimensional or quasi-three dimensional solute transport.
Biodegradation kinetics in these models were aso simplistic, generaly using instantaneous,
single electron acceptor reaction kinetics. Advances in computational power have allowed
current models, such as the SEAM3D model developed by Waddill and Widdowson (1997), to
use sequential, Monod-type reaction kinetics while tracking three-dimensional transport of
multiple substrates, multiple electron acceptors, and multiple reaction end products.

Based on these improvements in computation ability in numerical models for biologically
reactive solute transport, researchers such as Gelhar (1986) initiated investigations into how
stochastically generated heterogeneous flow fields affect solute transport. MacQuarrie and
Sudicky (1990) and MiralesWilhem et al. (1997) use single electron acceptor (aerobic)
biodegradation models of hydrocarbon fate and transport to demonstrate that increases in aquifer
heterogeneity produce increases in the total mass of biodegraded hydrocarbon under simulated
natural conditions. In contrast to these findings of a positive correlation between heterogeneity
and hydrocarbon biodegradation under natural attenuation, Schafer and Kinzelbach (1992) show
that increasing aguifer heterogeneity decreases biodegradation effectiveness of active
remediation strategies for model simulations that pump oxygen into a hypothetical hydrocarbon
plume in an effort to increase biodegradation. Of greater concern is that MacQuarrie and Sudicky
(1990), Schéfer and Kinzelbach (1992), and Miralles-Wilhelm et a. (1997) agree that using a
homogeneous flow field and macrodispersivity (i.e. a. > 10 cm) to simulate biologically reactive
transport in truly heterogeneous flow fields causes numerical models to overpredict hydrocarbon
biodegradation due to artificial mixing between the hydrocarbon and oxygenated water.

8



Published research into modeling sequential electron acceptor biodegradation in
heterogeneous aquifersis limited to the work of Waddill (1998), which uses the SEAM3D model
to examine the effects of aguifer heterogeneity under sequential aerobic/sulfate-reducing
conditions. Waddill (1998) indicates that increasing aquifer heterogeneity increases degradation
of petroleum hydrocarbons under sequential (oxygen/sulfate-reducing) electron acceptor
conditions, although his work was limited to a single hydraulic conductivity realization.
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CHAPTER 3

Biodegradation of Selected Polycyclic Aromatic Hydrocarbons by Native Microbial
Populations under Simulated Natural Conditions

J. STEVEN BRAUNER, MARK A. WIDDOWSON, JOHN T. NOVAK, AND NANCY G. LOVE
200 Patton Hall, Department of Civil and Environmental Engineering
Virginia Polytechnic Institute and Sate University
Blacksburg, VA 24061-0105

ABSTRACT

A laboratory microcosm study was initiated to estimate site-specific biodegradation rates
for five polycyclic aromatic hydrocarbon compounds (PAHs) under simulated intrinsic
conditions. This work was part of a natural attenuation assessment at a No. 2 fuel oil-
contaminated site in the Atlantic Coastal Plain of Virginia. First-order biodegradation rates for
acenaphthene, fluorene, phenanthrene, pyrene, and benzo(b)fluoranthene were calculated as 1.57
year?, 1.45 year™, 1.13 year, 1.58 year™, and 1.65 year™, respectively, prior to cessation due to
electron acceptor limitation. No observable lag period was noted. Stoichiometric mass balance
calculations suggest that the majority of PAH mass loss (38-53%) was due to aerobic
biodegradation, although sulfate-reduction also accounted for a measurable portion of PAH mass
loss (~9%). During a previous microcosm study at this site using an identical methodology but a
soil sample from a less contaminated location, first-order biodegradation rates for fluorene,
phenanthrene, and pyrene were reported as 2.41 year, 3.28 year™, and 2.98 year after an
approximately 75 day acclimation period. Acenaphthene and benzo(b)fluoranthene
biodegradation was not observed in microcosms containing soil from the less contaminated site.
Results indicate that both the acclimation period and biodegradation rate for specific PAH
compounds will vary with location at this site.

Introduction

Regulatory acceptance of monitored natural attenuation (MNA) at petroleum
hydrocarbon sites is dependent on site-specific data that show attenuation of specific

contaminants which are of health and environmental concern. One line of evidence for
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determining whether MNA may be considered as part of a remediation plan for a specific Site is
to perform microcosm experiments using soil samples collected from that site to demonstrate
contaminant biodegradation under simulated natural conditions (1). As part of a MNA
remediation plan, an estimate of the time to contaminant removal is also required.
Biodegradation rates obtained from microcosm studies are useful for estimating the time to
removal for individual compounds under either enhanced or natural conditions.

Although biodegradation has been demonstrated for most PAH compounds under at |east
one electron acceptor condition, the extent of PAH biodegradation by native microbial consortia
under intrinsic conditions is not fully known when these compounds are found as either a sole or
mixed substrate. The term “intrinsic conditions’ is intended to refer to field conditions or
laboratory experiments in which biostimulation (i.e. addition of electron acceptors, nutrients, and
cometabolites) and/or biocaugmentation (i.e. addition of specific cultures of microorganisms) was
not employed to stimulate PAH biodegradation. Research has demonstrated PAH biodegradation
under aerobic conditions when an appropriate mixture of microorganisms, nutrients, and oxygen
were present (e.g. 2-4). Biotransformation of acenaphthene, acenaphthylene, anthracene,
fluorene, naphthalene, and phenanthrene, and pyrene under strictly anaerobic, nitrate-reducing
conditions has also been shown to occur (4-7). Two recent studies were the first to demonstrate
PAH biodegradation under sulfate-reducing conditions, as a native microbial population
collected with marine sediments was shown to biodegrade fluorene, fluoranthene, phenanthrene,
and naphthalene (8,9). Variation in microbia population size and ability to biodegrade specific
PAHSs has also been observed to vary by location in a native fresh-water population at a former
manufactured gas plant site (10).

The goa of the present study was to establish whether a native, non-specific microbial
consortia, collected with a deep soil sample from a contaminated location at a No. 2 fuel oil
contaminated site, was able to biologicaly transform a mixture of five PAH compounds under
simulated intrinsc conditions. The PAHs investigated in this study (acenaphthene,
benzo(b)fluoranthene, fluorene, phenanthrene, and pyrene) were selected based on a previous
site investigation (11) that found each of these compounds in measurable quantities at various
locations of the site. Biodegradation rates for PAHs were estimated based on the difference in
mass loss rates between live and autoclaved control microcosms that were prepared under

aerobic conditions. Using measurements of observed electron acceptor consumption, the
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theoretical mass of biodegraded PAH was calculated to determine if one microbia process was
dominant in the live microcosms. Two stoichiometric methods for calculating the theoretical
hydrocarbon mass loss were applied and compared. PAH biodegradation rates observed in
microcosms containing the deep soil were compared with results from a previous study (12) at a
less contaminated location of the site. Based on results from the microcosm experiments,
implications for applying natural attenuation to this site are discussed.

Experimental Section

Site selection and soil collection. Soil samples were collected from the Atlantic Coastal
Plain in northern Virginia, in an area where No. 2 fuel oil had leaked from a large number of
underground storage tanks (USTs) serving residential housing. Samples were collected
aseptically, placed in sterilized jars, transported to the laboratory, and stored at 20 °C until used
in the microcosm experiment. The soil used in the present study (hereafter referred to as Site A)
was collected from well cuttings brought to the surface during the installation of a monitoring
well into an area previousy shown as highly-contaminated with fuel oil. Analysis by gas
chromatography using mass spectrometry (GC-MYS) indicated that this soil sample contained
relatively low concentrations of CH,Cl, extractable hydrocarbons, although a strong petroleum
smell exuded from the sample. An identical analytical procedure was applied to a near land
surface soil collected as part of a previous study (12) that will be discussed in the results section.
GC-MS analysis of this second sample (hereafter referred to as Site B) indicated that this soil
was contaminated with a series of akane hydrocarbons, but there was no evidence of previous
exposure to PAHSs.

Microcosm construction. Microcosm samples were prepared under aerobic conditionsin
sterilized, 10 mL, threaded test tubes and sealed with Teflon®-lined caps. Acenaphthene,
fluorene, phenanthrene, pyrene, and benzo(b)fluoranthene were dissolved in hexane and added to
a portion (approximately 40 percent, by weight) of each soil sample. Prior to contacting the soil
with the PAH/hexane mixture, soil particles that were larger than a few millimeters in diameter
were broken into smaller pieces using a mortar and pestle to promote a more homogenous PAH
distribution. After thorough mixing, the solvent (hexane) was alowed to evaporate from the
sample. The freshly PAH-contaminated soil was combined with the remaining portion of soil
(which had not been contacted with hexane to preserve the native microbiota) and well mixed. A
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small portion (~ 5g) of mixed soil was added to each microcosm aong with 5 mL of deionized,
autoclaved water. An identical set of abiotic ‘control’ microcosms was created for each soil by
repeatedly autoclaving (10 repetitions of 25-minute duration at 121°C and 15 psi) the soil prior to
addition of the hexane/PAH mixture. Other than providing a fresh source of PAHs and oxygen
(in the deionized water), no other chemical or biological amendments were added to the
microcosms. The microcosms were incubated in the dark at 12 °C until destructively sacrificed in
triplicate.

Analytical Methods. PAH compounds were extracted from each microcosm by
combining the microcosm contents with 15 mL CH,Cl, in 40 mL amber vias. The 40 mL vias
were sealed with screw-on caps containing Teflon coated septa and rotated for 24 hours to
promote thorough contact between the microcosm contents and CH,Cl,. After rotation, the
contents of the 40 mL vials were alowed to settle and were stored in the dark at 4°C for a
minimum of 4 and maximum of 24 hours prior to analysis by a gas chromatograph using a flame
ionization detector (GC-FID). Extractable PAHs were measured in duplicate by injecting a2 nL
sample into the GC-FID. PAH concentrations (mg PAH per liter CH,Cl,) were quantified using a
series of external standards, and converted to mass of PAH per mass of soil by considering the
volume of solvent (15 mL) and initial mass of soil (5 g) in each microcosm vial.

Oxygen concentrations were measured using a dissolved oxygen (DO) probe. A two
point calibration procedure was performed by successively bubbling nitrogen gas (0% oxygen)
and breathing air (21% oxygen) through a calibration cell. Electrode calibration was monitored
and adjusted (when needed) before and after each set of measurements to account for the effects
of drift inherent to the electrode. Nitrate and sulfate concentrations were measured concurrently
by removing approximately 1.5 mL of water from the microcosms (prior to CH,Cl, extraction)
and analyzing the sample using ion chromatography (IC). Prior to injection into the ion
chromatograph, the sample was filtered using an IC syringe filter (0.45 nm pore size,
polyethersulfone, and hydrophilic, bi-directional membrane). Externa standards were used to
calculate nitrate and sulfate concentrations.

Degradation Rate Estimation. Degradation rates were calculated using a linear
regression on log transformed PAH concentrations, yielding first-order exponential rate
constants. PAH degradation rates in the control microcosms were calculated using al available
data points. PAH degradation rates in the live microcosms from Site A were calculated for two
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distinct periods. The first period, which consisted of the first nine data points, corresponded to
the time when oxygen and sulfate were present in the microcosm. The second period of PAH
measurements consisted of data points ten through thirteen, which were collected after DO was
measured below the detection limit of 0.1 mg/L. R-sguared values for Site A controls varied
over a wider range (0.43 to 0.88) than values for the Site A live samples during the initial
degradation period (0.75 to 0.90). Statistical comparison of degradation rates in the live and
control microcosms was accomplished using a method similar to that developed in a previous
microcosm study on slowly degrading chlorinated compounds (13). The degradation rate in the
live microcosms was considered statistically greater than the rate in the control microcosms
when the 95 percent confidence interval of the degradation rate in the live microcosms did not
include the degradation rate of the controls.

Stoichiometric Mass Balance Procedure. Stoichiometric mass balance equations were
developed to estimate the mass of PAH that could theoretically be oxidized to carbon dioxide for
observed changes in electron acceptor mass. Because the five PAHs added during microcosm
construction served as a mixed substrate, calculations for the theoretical PAH mass loss could
only be estimated as the total for al five PAHs. A theoretical estimate for the total PAH mass

mineralized under electron accepting condition n ( DPAH "¢ y \yas estimated using
) DEA observed
DPAH:’]hEOI’etICd - é] (1)
n

where DEA™™* \yas the observed mass of electron acceptor n consumed and g, was the
mean electron acceptor use coefficient for the mass of electron acceptor n reduced per mass of

PAH mineralized [Mga/Mpan]. The aqueous phase DEA 2™®! \yas estimated by subtracting the
difference between the electron acceptor concentration measured in the live microcosms at the
end of the experiment from the concentrations measured in the controls, and multiplying this
concentration differential by the volume of water in the microcosm (5 mL). For oxygen, the
gaseous phase DEA %V \yas calculated by assuming that 21 percent of the air in the 2.5 mL

headspace was oxygen, and added to the agqueous phase component. The mass of oxygen in the
headspace was included in the total mass of consumed oxygen because gaseous oxygen was
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assumed to readily diffuse from the headspace into the agueous phase to replenish agueous phase
oxygen consumed during biodegradation.

For the five PAH substrate mixture used in this experiment, g, was estimated as

1%
gn = M rTélgm,n (1)

where 0., was the use coefficient for mineralization of PAH m under electron acceptor

condition n. Each electron acceptor use coefficient was calculated based on PAH and electron
acceptor molecular weights and the molar ratio of PAH to electron acceptor estimated from
stoichiometrically balanced equations, which were developed using half cell reactions for PAH
mineralization and electron acceptor reduction. The least complex stoichiometric formulation
assumes that the PAHs were the sole electron donors, carbon dioxide and water were the only
products, and none of the hydrocarbon was converted to biomass (i.e. zero yield). Half cell
reactions for phenanthrene and pyrene mineralization (14) and electron acceptor reduction (15)
have been previously developed, whereas half cell reactions for acenaphthene, fluorene, and
benzo(b)fluoranthene mineralization were developed in this study using the general electron
donor half cell reaction given by

;CaHb-}-iHZO@ a
(4a+Db) (4a+Db) (4a+b)

and described in (16). The constants a and b in Equation 2 represent the number of carbon and

CO,+H" +¢ 2)

hydrogen atoms, respectively, in the original hydrocarbon compound. Table 1 contains the
stoichiometric equations for the zero yield case for all five PAHs under aerobic and sulfate-
reducing conditions. Table 2 contains electron acceptor use coefficients for each PAH under
aerobic and sulfate-reducing conditions for the zero yield case, which were calculated using the

stoichiometric ratios from Table 1. As shown in Table 1, g, was therefore estimated as 2.96 mg-

o2/mgpean and 4.45 mgsos/mgean for aerobic and sulfate-reducing conditions, respectively, when
yield was not included in the stoichiometric equations.
Because the stoichiometric calculations in Table 1 neglect biomass yield, the values for

g, presented in Table 2 will result in an underestimation the theoretical mass of PAH

mineralized for a given mass of electron acceptor consumed. Previous work, which assumed that
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a portion of the hydrocarbon is converted to biomass, demonstrated that one method of
accounting for microbial growth in stoichiometric formulations was to treat biomass production
as a reaction endproduct given by the empirica formula CsH;O,N (17). This method aso
incorporated a biomass yield coefficient (Y) to account for the efficiency of biomass production
on a given substrate. Theoretical estimates for the average biomass yield during PAH oxidation
under aerobic and sulfate-reducing conditions have been reported as 0.33 Qhiomasd/Gran and 0.06
Obiomasd/ Opan, respectively (14), using a bioenergetic model that assumed ammonium was a non-
limiting source of nitrogen (18). Based on these theoretical estimates for the yield coefficients,
stoichiometric equations that include biomass yield were developed for PAH oxidation to CO,
under aerobic and sulfate-reducing conditions, and are presented in Table 3. The corresponding

use coefficients for each PAH are presented in Table 4, with values for Qn estimated as 1.98 mg-

o02/mgean @nd 4.18 mgsos/Mmgean for aerobic and sulfate-reducing conditions, respectively, when

yield was included in the stoichiometric equations.

Results and Discussion

PAH Degradation and Electron Acceptor Disappearance. Results for PAH
concentration versus time are reported in Figure 1 for each of the five PAH compounds
measured in the Site A live and control microcosms. Each data point represents the average
concentration of three sacrificially sampled microcosms, with error bars representing + one
standard deviation. The starting concentrations of the five PAHs ranged between 15 and
100 mgpan/kgsii and were consistent with the range of maximum PAH concentrations measured
a the site. The slopes of the best fit lines through the first nine data points in the Site A live
microcosms and all of the data points in the Site A control microcosms are reported in Table 5 as
the live and control degradation rates, respectively, for each PAH. During the first three and a
half months of the experiment, PAH mass loss rates in the Site A live microcosms ranged from
1.65 year to 2.23 year! and were greater than the rates observed for the Site A controls, which
ranged from 0.36 to 1.06 year™. Statistical regression (p < 0.05) of Site A degradation rates,
calculated using log-transformed data, showed that rates of removal were statistically greater in
the live microcosms than in the control microcosms for al five PAHs. At approximately 112
days into the experiment, mass loss rates in the Site A live microcosms (computed from the last
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four data points) were statistically similar to mass loss rates in the control microcosms for al five
PAHSs.

Dissolved oxygen concentrations recorded 112 days into the experiment were below
detection (lessthan 0.1 mg/L) in the Site A live microcosms, indicating that the available oxygen
had been consumed. Sulfate concentrations in the live microcosms were measured as
1.2 (x0.9) mg/L at day 218. In comparison, dissolved oxygen and sulfate concentrations in the
Site A control microcosms were measured as 5 (£1.8) mg/L and 53 (x2.3) mg/L, respectively, at
day 218. Measured concentrations of nitrate, another potential €lectron acceptor, were less than
1 mg/L for al samples tested (both live and control microcosms), suggesting that little or no
PAH oxidation occurred due to nitrate-reduction. Addition of sulfate to the microcosms 314 days
into the experiment did not produce additional PAH or sulfate consumption.

PAH mass losses in the control microcosms were believed to reflect irreversible abiotic
processes produced by a combination of micropore diffusion and oxidative coupling. Several
studies have shown that long contact times between PAHs and soil may result in a decrease in
extractable hydrocarbon mass with time (19,20). These researchers attributed this phenomenon
to diffusion of hydrophobic compounds into soil micropores when contact times were on the
order of severa days to several months. The solvent extraction procedure used in this study
measured the combined mass of aqueous and ‘reversibly’ sorbed PAH per dry soil mass, as the
portion of PAH mass located in the soil micropores (i.e. irreversibly sorbed PAH) was not likely
to come into contact with CH,Cl,. Additional research has suggested that oxidative coupling can
irreversibly bind PAH compounds and their intermediates to soil (21), further contributing to
abiotic losses during microcosm studies.

Based on the statistically greater loss rates calculated for the Site A live microcosms,
relative to the Site A control microcosms, it was evident that biodegradation was responsible for
aportion of PAH mass loss in the Site A live microcosms. The observed depletion of oxygen and
sulfate as terminal electron acceptors coincided with PAH disappearance in the live microcosms,
suggesting that aerobic and sulfate-reducing microorganims were active during PAH
biodegradation in the Site A microcosms. It is not known whether al PAH compounds were
biodegraded as a result of solely these two terminal electron accepting processes. PAH
biodegradation in the Site A microcosms was believed to have ceased around Day 112 due to

electron acceptor limitation, as indicated by (1) a decrease in the PAH mass loss rates in the live
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microcosms (2) the similarity in the degradation rates in the live and control microcosms after
Day 112, and (3) the observed consumption of oxygen and sulfate. Biodegradation rates for the
live Site A microcosms (last column of Table 5) were calculated as the difference in mass loss
rates between the live and control samples for each PAH compound, and represent the average
PAH biodegradation rate for each PAH under al active electron acceptor conditions.

Mass Balance Analysis. The total observed PAH mass loss in the Site A live
microcosms was calculated by summing up the observed losses of each individua PAH. Based
on the first order degradation rates listed in Table 5, the total PAH mass loss in the Site A live
microcosms was calculated as 0.64 mg. The abiotic portion of this mass loss was calculated as
0.21 mg using the mass loss rates from the control microcosms (Table 5, Column 5).
Biodegradation was assumed to have removed the remaining 0.43 mg, representing roughly 67
percent of the total hydrocarbon lost.

The tota theoretical PAH mass loss was estimated using the mass of electron acceptor
consumed in the Site A microcosms, and was calculated for both stoichiometric formulations
(i.e. with and without growth). PAH mass loss calculations were performed assuming that
oxygen and sulfate were the only available electron acceptors, as these electron acceptors were
the only two observed to decline between the Site A control and live microcosms. The observed
mass of oxygen and sulfate consumed in the Site A live microcosms was 0.65 mg and 0.27 mg,
respectively. Using the stoichiometric relationships for the no-growth model (Table 1) the
theoretical mass of PAH loss due to aerobic biodegradation in the Site A microcosms was
calculated as 0.24 mg or 38 percent of the total hydrocarbon lost. Theoretical calculations for
sulfate-based PAH mass loss in the Site A indicated that approximately 0.06 mg (9 percent) of
the PAH mass loss was consumed due to sulfate-reduction. As indicated in Table 6, adding the
theoretical PAH mass loss under aerobic and sulfate-reducing conditions with the abiotic losses
left approximately 20 percent of the observed mass loss unaccounted for when using the zero
yield stoichiometric calculations. Although other microbial processes may have been active in
the live microcosms, there were no visual indications of iron-reduction during the experiment.

Theoretical mass balance calculations were also made for the stoichiometric relationships
listed in Table 3, which assume that a portion of the PAH degraded was converted into biomass.
The small yield coefficient for sulfate had a negligible effect on the total PAH predicted to
biodegrade. The mass of PAH theoretically biodegraded under aerobic conditions, however,
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increased to 0.31 mg, or 53 percent of the total observed PAH loss in the Site A live microcosmes.
Asindicated in Table 6, inclusion of yield in the theoretical PAH mass loss cal culations reduced
the discrepancy between the theoretical and observed estimates for PAH mass loss to less than 5
percent of the total mass loss.

Although the agreement between the theoretica and observed PAH mass loss is
improved when PAH mass loss under sulfate-reducing conditions was included, no
distinguishable change in the degradation rate in the Site A live microcosms was noted, as may
be expected if biodegradation conditions shifted sequentially from aerobic to sulfate-reduction.
The microcosm vias were not agitated during the experiment and it is probable that sulfate-
reduction may have been active in the portion of the microcosm which was furthest from the
headspace, even though oxygen was still detetable in the headspace. Prior to oxygen depletion in
the headspace, oxygen measurements collected just below the water/soil interface were
consistently lower (by > 50%) than concentrations measured in the water above the soil
(unpublished data), but it is unknown whether the presence of the soil interfered with oxygen
data collection using the needle probe.

The discrepancy between the theoretical estamte and observed PAH mass loss may have
been caused by incomplete hydrocarbon mineralization, which would reduce the electron
acceptor demand per mass of PAH observed to disappear. Accumulation of PAH intermediates
was not detected during GC-FID analysis of the CHCI, extractable hydrocarbons, implying that
PAH oxidation was complete or that the PAH intermediates were irreversibly bound to the soil
by oxidative coupling.

Variability in PAH Degradation with Location. The results from this study were
different in three ways from results from a previous microcosm study (12) conducted using an
identical experimental method and a soil sample from a different location of this same site
(Site B). First, alag period of approximately two months was noted prior to biodegradation in the
Site B microcosms (shown in Figure 2), whereas no lag period was observed in PAH degradation
in the Site A live microcosms (Figure 1). This variation in lag period between the present and
previous studies was attributed to different contaminant exposure histories of the soil and its
impact on the microbial consortium. Biodegradation of a new substrate by non-specific microbial
consortia often requires time for metabolic adaptation prior to the substrate removal. During a

previous microcosm study of PAH biodegradation, a lag period was observed prior to the onset

21



of biodegradation when a mixture of anthracene, phenanthrene, and pyrene was introduced as the
sole substrate for a psuedomonad strain that had been cultured from an uncontaminated soil (7).
In the same study, PAH biodegradation was observed to begin without a detectable lag period in
two separate experiments where the microcosms were inoculated with psuedomonad strains that
were cultured from PAH-contaminated soils. Considering that the Site A soil sample was
collected from a known area of PAH contamination, it is reasonable to assume that the microbial
population collected with this soil was acclimated to PAHSs, and that no time was required for
microbial adaptation to PAH degradation. In contrast, GC-MS anaysis of the Site B soil
indicated that exposure of the microbial population in this sample may have been limited to
petroleum hydrocarbons that were more volatile and soluble than the 3-, 4- and 5- ring PAHSs
(12). The time period observed prior to PAH degradation in the Site B live microcosms of Figure
2 may therefore represent the time required for the microbial population in an ‘unacclimated’
sample to adapt to PAH degradation.

A second difference between the two studies was an observed variation in the
biodegradation capability. In live microcosm containing the Site A soil, all five PAH compounds
were observed to biodegrade, whereas only fluorene, phenanthrene, and pyrene were observed to
biodegrade in the live microcosms containing soil from Site B. The lack of previous exposure to
a range of PAHs may explain why microbes in the Site B soil were not observed to degrade
acenaphthene and benzo(b)fluoranthene. During microcosm studies of PAH biodegradation by
other researchers, acenaphthalene was observed to resist biodegradation in soil samples which
biodegraded multiple other PAHs (22). The agreement between these studies may suggest that
the structure of acenaphthalene makes this compound less susceptible to biodegradation than
other PAHSs, athough the observed biodegradation of acenaphthene in the acclimated Site A
microcosms indicates that this compound is not completely recalcitrant.

A third difference between these studies was in the rate of PAH biodegradation. Table 6
presents first-order PAH biodegradation rates for the two samples, indicating that the
biodegradation rates in the live Site A microcosms were consistently less than the degradation
rates observed in the live Site B microcosms. Biodegradation rates for Site B microcosms were
greater than biodegradation rates found for the Site A by a factor varying from 1.7 to 2.9 and
may be the result of either the presence of excess hydrocarbons, a difference in the amount of

catabolically-capable biomass, and/or a difference in microbial physiological state. Another
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contributing factor may be that the microorganisms in the unacclimated sample were at a
physiological state capable of supporting faster PAH metabolism than the microbes in the
acclimated sample. Variation in physiological state has previously been shown to influence the
biodegradation rate of a single substrate in the presence of a compound-specific microbial
population poised at different growth levels (23).

Results of this study demonstrate that a native microbial consortium was capable of
biodegrading a mixture of five PAH compounds under simulated intrinsic conditions.
Comparison of results from this study with those from a different location at the site indicate that
both the biodegradation rate and the ability of the native microbia population to biodegrade
specific PAHSs is likely to vary with location. Three compounds (fluorene, phenanthrene, and
pyrene) were observed to biodegraded at two different locations of this site, providing one line of
evidence that MNA is a potential remediation option for these PAHs. Two other PAHSs
(acenaphthene and benzo(b)fluoranthene) were observed to biodegrade during the present study,
but neither of these PAHs was shown to biodegrade during a microcosm study using soil
collected from a different location (12). More investigation is required for these two compounds,
through either additional laboratory microcosm studies or the initiation of a field microcosm
study, to determine whether MNA is an appropriate treatment technology for acenaphthene or
benzo(b)fluoranthene. Theoretical estimates for the mass of PAH biodegraded during this
experiment, based on the mass of electron acceptor consumed, were closer to the observed total
PAH mass loss when theoretical yield coefficients were included in stoichiometric formulations.
This result indicates that including PAH conversion to biomass in stoichiometric equations of
PAH oxidation may improve future estimates of PAH mass loss for a given mass of electron

acceptor.
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TABLE 1

Oxidation-Reduction Reactions for PAH Mineralization to Carbon
Dioxide under Aerobic and Sulfate-reducing Conditions, Assuming
Zero Biomass Yield. (Modified from (14).)

Acenaphthene

CpoHi0 + 1450, ® 12 CO; + 4 HO

CizH1o + 7.25 SO,” + 10.88 H' ® 12 CO, + 3.63 H,S + 3.63 HS + 5 H,0
Fluorene

CisHi0 + 1550, ® 13 CO, + 5 H,O

CisHio + 7.75 SO, + 11.63 H' ® 13 CO; + 3.88 H,S + 3.88 HS + 5 H,0
Phenanthrene

CuHi0 +16.50,® 14 CO, + 5 H,O

Ci4H10 + 8.25 SO4% + 12.38 H' ® 14 CO; + 4.13 H,S + 4.13 HS + 5 H,0
Pyrene

Ci6H10 + 1850, ® 16 CO, + 5 H,O

Ci6H1o + 9.25 SO,* + 13.88 H* ® 16 CO, + 4.63 H,S + 4.63 HS + 5 H,0
Benzo(b)fluoranthene

CaoH12 + 23 0, ® 20 CO, + 6 H,O

CaoH1z2 + 11.5 SO4% + 17.25 H' ® 20 CO; + 5.75 H2S + 5.75 HS™ + 6 H.0
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TABLE 2

Electron Acceptor Use Coefficients by PAH and Electron
Acceptor Condition for Stoichiometric Calculations
Assuming Zero Biomass Yield.

Use Coefficient, Gnn

aerobic sulfate-reducing

compound [Mgo/Mygpan] [Mgo/Mygpan]
Acenaphthene 3.01 452
Fluorene 2.98 4.48
Phenanthrene 2.96 4.45
Pyrene 2.93 4.39
Benzo(b)fluoranthene 2.92 4.39

Average (g, ) = 2.96 4.45
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TABLE 3

Oxidation-reduction Reactions for PAH Mineralization to CO, Under Aerobic and Sulfate-reducing
Conditions, Assuming Biomass Growth Using a Non-limiting Mass of Reduced Nitrogen. Yield Coefficients
(mgbiomass/MQpan) for the Aerobic and Sulfate-reducing Microbial Populations Were 0.33 and 0.06,

Respectively.
Acenaphthene

Ci2Hi0 + 9.7 O2 + 0.96 HCO3 + 0.96 NH," ® 8.2 CO; + 0.96 CsH702N + 4.0 H,0

Ci2H10 + 6.8 SO4% + 10.2 H' + 0.17 HCO3 + 0.17 NHs" ® 11.3 CO; + 0.17 CsH7O02N + 3.4 HyS + 3.4 HS + 4.8 H,0
Fluorene

CisHio + 10.4 Oy + 1.02 HCO3 + 1.02 NH;* ® 8.9 CO, + 1.02 CsH;O2N + 4.0 H,0O

CisHio + 7.3 SO4% + 10.9 H' + 0.19 HCO3 + 0.19 NHs" ® 12.3 CO; + 0.19 CsH7O02N + 3.6 HyS + 3.6 HS™ + 4.8 H,0
Phenanthrene

CisH10 + 11.1 O2 + 1.09 HCO3 + 1.09 NH," ® 9.6 CO; + 1.09 CsH;02N + 3.9 H,0

Ci4H10 + 7.8 SO4” + 11.6 H' + 0.20 HCO3 + 0.20 NH4" ® 13.2 CO; + 0.20 CsH702N + 3.9 HyS + 3.9 HS + 4.8 H,0
Pyrene

CisHio + 12.4 Oz + 1.22 HCO3 + 1.22 NH,” ® 11.1 CO; + 1.22 CsH;03N + 3.8 H,0

Ci6H1o + 8.7 SO4” + 13.0 H + 0.22 HCO3 + 0.22 NH4" ® 15.1 CO; + 0.22 CsH7O02N + 4.3 HyS + 4.3 HS + 4.8 H,0
Benzo(b)fluoranthene

CooH1z + 15.4 O, + 1.58 HCO3 + 1.58 NH,” ® 13.9 CO, + 1.58 CsH;03N + 4.5 H,0

CaoH12 + 10.8 SO4* + 16.2 H' + 0.28 HCO3 + 0.28 NH,* ® 18.9 CO; + 0.28 CsH;02N + 5.4 H,S + 5.4 HS + 5.7 H,0
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TABLE 4

Electron Acceptor Use for Stoichiometric Calculations when
Yield Coefficients (Mgbiomass'Mmgran) Of 0.33 and 0.06 were used
for the Aerobic and Sulfate-reducing Microbial Populations,
Respectively.

Use Coefficient, Omn

aerobic sulfate-reducing

compound [Mgo/Mygpat] [Mgo/Mygpan]
Acenaphthene 2.02 4.25
Fluorene 2.00 4.21
Phenanthrene 1.98 4.18
Pyrene 1.96 4.13
Benzo(b)fluoranthene 1.96 412

Average (g, ) = 1.98 4.18
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TABLE 5

First-order Rate Constants, Conifidence Intervals, and R-Squared Coefficients for Disappearence of

Selected PAH Compounds in Microcosms Containing Soil from Site A.
Live Microcosms

compound
Acenaphthene
Fluorene
Phenanthrene
Pyrene
Benzo(b)fluoranthene

average rate (+ 95% C.1.)

[year™] [year™]
-2.20 (1.20)
1.91 (0.60)
-1.65 (+0.50)
-1.85 (+1.09)
2.23 (+1.67)

0.87
0.89
0.90
0.83
0.75

average rate (+ 95% C.1.)

Control Microcosms

[year™] [year™]
-0.63 (+1.06)
-0.46 (£0.47)
-0.52 (0.36)
-0.27 (+0.57)
-0.58 (£0.92)

RZ
0.55
0.77
0.88
0.43
0.58

Net Degradation
Rate
[year™]
-1.57
-1.45
-1.13
-1.58
-1.65
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TABLE 6

Stoichiometric Accounting for PAH Mass Loss in the Site A Live Microcosms.
No Growth Model

PAH mass loss

% of observed PAH mass loss

Yield Included

% of observed

loss mechanism (mg) PAH mass loss (mg) PAH mass loss
Aerobic 0.24 38 0.34 53
Sulfate-reducing 0.06 9 0.06 9
Abiotic 0.21 33 0.21 33
Unaccounted 0.13 20 0.03 5
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TABLE 7
Comparison of First-order Rate Constants in Microcosms
Containing Either Soil A or Soil B.

Degradation Rate

Site A Site B ®
compound [year™] [year™]
Acenaphthene -1.57 0.0°
Fluorene -1.45 -2.41
Phenanthrene -1.13 -3.28
Pyrene -1.58 -2.98
Benzo(b)fluoranthene -1.65 0.0°

® First-order degradation rates for a soil sample collected from a location of the
site where PAH compounds were not found, as reported previously (12).

L Biodegradation of acenaphthene and benzo(b)fluoranthene was not observed
in the PAH degradation microcosm study conducted using soil from Site B.
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FIGURE 1. PAH concentration versustime for (A) acenaphthene, (B) fluorene, (C) phenanthrene, (D) pyrene,
and (E) benzo(b)fluoranthene in microcosms containing soil from Site A. The dash dotted (— - +)
line representsthe best fit regression line for the control microcosms. The solid (—) line represents
the best fit through the live microcosms during the ‘active’ phase, while the dashed (— —) line
represents the best fit line during periods when the live microcosms were inactive. Error bars
represent + one standard deviation in the concentration measur ement.
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CHAPTER 4

Impact of Iron(lll) and Microbial Distributions on Numerical Modeling of Petroleum
Hydrocarbon Fate and Transport

J. STEVEN BRAUNER AND MARK A. WIDDOWSON
THE CHARLESE. VIA, JR. DEPARTMENT OF CIVIL AND ENVIRONMENTAL ENGINEERING

VIRGINIA POLYTECHNIC INSTITUTE AND STATE UNIVERSI TY

ABSTRACT

Ferrogenic hydrocarbon biodegradation has been observed during monitored natural attenuation
(MNA) studies at numerous petroleum hydrocarbon-contaminated sites. Although hydrocarbon utilization
rates under iron(l11)-reducing conditions and the concentration of bioavailable iron(l11) present in various
aquifer systems has been reported in the literature, and the quantitative influence of these factors (i.e.,
assimilative capacity) has been investigated, an understanding of the potentia role of ferrogenic
biodegradation on the natural attenuation of petroleum hydrocarbon compounds in groundwater has not
been fully explored. In an effort to further our understanding, numerical experiments were conducted
using a three-dimensional solute transport model (SEAM3D) to simulate an instantaneous release of
biodegradable hydrocarbon into a hypothetical, but realistic heterogeneous hydraulic conductivity field.
The purpose of this study was to evaluate the quantitative impact of ferrogenic biodegradation on
hydrocarbon plume transport and dispersion, biodegraded mass and peak concentration reduction by
comparing sequential aerobic/ferrogenic model results with results in which hydrocarbon biodegradation
occurred solely under aerobic conditions.

The results indicated that, for the range of initial conditions for the iron(l1l) concentration

variable considered (50-150 ng Fe*'/g soil) and the simulation time (2,000 days), the majority of



hydrocarbon biodegradation (70-80%) was attributed to iron reduction, while the remaining percentage of
hydrocarbon biodegradation (20-30%) was aerobic. Ferrogenic biodegradation was identified as the
dominant terminal electron accepting process, in terms of hydrocarbon mass biodegraded, within 200
days after contaminant release. Ferrogenic biodegradation was responsible for an order of magnitude
decrease in the maximum hydrocarbon concentration in and immediately downgradient of the source aresa,
such that concentrations at one downgradient monitoring point were reduced from 8 mg/L to < 1 mg/L for
a initial iron(ll) concentration of 3 100 my Fe**/g soil. Spatial moment calculations indicate that
sequential aerobic/ferrogenic biodegradation caused a greater decrease in the longitudinal center of mass
and spatial standard deviation than aerobic only biodegradation. Similar trends were observed in
hydrocarbon fate when a second heterogeneous hydraulic conductivity field, of equal statistical
parameters but different local hydraulic conductivity distribution than the original heterogeneous flow
field, was used. Results from a series of experiments, conducted using multiple heterogeneous
distributions of equal mean for the initial iron(l11) concentration distribution, showed variation in plume
concentration and mass biodegraded, but the level of iron(lll) concentration in and immediately
downgradient of the source area ultimately determined the extent of hydrocarbon biodegradation.
Correlating either the initial iron(I11) concentration or initial ferrogenic microbia population to hydraulic
conductivity did not consistently increase or decrease biodegradation relative to simulations using a
homogeneous initial distribution for either of these parameters. Given the ubiquitous nature of iron(l11) in
the subsurface, these results suggest that the inclusion of ferrogenic biodegradation is essential for proper
evaluation of MNA as a remediation strategy at petroleum-contaminated sites, as ferrogenic
biodegradation will effectively shorten the time estimate for contaminant mass removal, while also

reducing peak hydrocarbon contaminant concentrations and enhancing plume attenuation.

Introduction
Regulatory acceptance of monitored natural attenuation (MNA) as a remediation strategy for

petroleum hydrocarbon-contaminated sites is dependent on the efficacy of aerobic and anaerobic
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microbial processes removing contaminants within a reasonable time frame when compared to other
available remediation options and before reaching site-specific points of concern (USEPA, 1999).
Although the rates of biodegradation for anaerobic processes have often been reported as an order of
magnitude or more less than aerobic biodegradation rates, anaerobic biodegradation may contribute
significantly to the overall mass of contaminant removed if the groundwater velocity is slow relative to
the rate of substrate biodegradation (Sturman et al., 1995; Chapelle and Bradley, 1998). Using a mass
balance approach where the ability of an aquifer system to biodegrade hydrocarbon compounds under
specific redox conditions was estimated, Kennedy et al. (1999) calculated that the assimilative capacity
for hydrocarbon biodegradation by iron(I11)-reduction was much greater than the combined assimilative
capacity of oxygen and nitrate in a gasoline contaminated aquifer in Oklahoma. Numerical models for
natural attenuation may serve as an important tool for interpreting whether the assimilative capacity of an
aquifer system will allow site-specific treatment goals to be attained for specific contaminants of concern
by incorporating the effects of solute transport, biodegradation kinetics, and electron acceptor in
calculations of hydrocarbon fate and transport.

Research by Lovley et al. (1993) has shown that ferrogenic bacteria are capable of biodegrading a
wide variety of organic groundwater contaminants. The total mass of Fe** measured in aquifer sediments
at petroleum hydrocarbon-contaminated sites has been reported as approximately 1 percent of the dry
weight of soil sediments (~10,000 mg Fe**/g soil) by Parkhurst et al. (1993), Libelo et al. (1997), and
Kennedy et a. (1999). Work by Munch and Ottow (1980), Lovley and Phillips (1986), and Lovley et al.
(1989) showed that iron found in amorphous Fe** oxyhydroxides (e.g. ferrihydrite) were preferentially
used over crystalline forms during microbia Fe**-reduction in laboratory incubations. Lovley and Phillips
(1987) adapted a hydroxylamine extraction technique developed by Chao and Zhou (1983) and found that
hydroxylamine-reducible iron concentrations were representative of bioavailable iron concentrations at
two hydrocarbon contaminated sites. Maximum hydroxylamine-reducible iron concentrations were

observed to range from zero to 6700 ny Fe**/g soil in fresh water river sediment samples and from zero to
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22 ny Fe*/g soil in a mixed sand and gravel aquifer (Lovely and Phillips, 1987). More recently, field
measurements by Kennedy et al. (1999) reported the bioavailable Fe** concentration using a 0.5 M
hydrochloric acid assay in a finely grained, poorly cemented, sandstone aquifer to be greater than 200 ng
Fe*/g soil. Kennedy et al. (1999) also reported that bioavailable Fe** was distributed non-uniformly by an
unknown depositional or geological process.

Research has shown increased microbial activity in zones of higher hydraulic conductivity in
heterogeneous flow systems (Chapelle and Lovley, 1990; Konopka and Turco, 1991; Thomas and Ward,
1992; Aelion and Long, 1994). Chapelle and Lovely (1990) indicated a correlation between microbial
activity and hydraulic conductivity that may have occurred due to increased microbial and nutrient
mobility in sandy aguifer sediments relative to clayey sediments. Intermediate scale experiments in a
meter long flow cell by Murphy et a. (1997) found that biomass detachment to the aqueous phase and
advective transport through zones of higher hydraulic conductivity produced local variations in the
biomass distribution which were correlated to zones of higher hydraulic conductivity. Waddill (1998)
correlated the microbial population to the hydraulic conductivity distribution for hydrocarbon solute
transport simulations under sequential agueous phase electron acceptor conditions and found that the
mass of hydrocarbon biodegraded was more sensitive to variations in hydraulic conductivity than it was
to variations in the microbial population. To date, there is no research on how heterogeneity in the
ferrogenic microbial population affects either hydrocarbon or Fe** consumption.

The purpose of this study was to evaluate the impact of microbially-based Fe** reduction and the
initial bioavailable Fe* concentration on natural attenuation of a hypothetical petroleum hydrocarbon
plume. Specifically, this study investigates how the mass, concentration, center of mass, and longitudinal
spreading of the hydrocarbon plume are affected by the inclusion of ferrogenic biodegradation. Numerical
experiments were conducted using the numerical transport model SEAM3D (Waddill and Widdowson,
1998) to simulate three-dimensional solute transport and biodegradation of an instantaneous slug injection

of biodegradable hydrocarbon through a hypothetical, but realistic hydraulic conductivity field. Currently,
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SEAM3D is the only fate and transport model that explicitly simulates Fe** utilization when hydrocarbon
biodegradation is occurring under ferrogenic conditions, thus alowing SEAM3D to limit the mass of
hydrocarbon biodegraded based on the availability of Fe**. The impact of including Fe**-reduction in
numerical simulations of MNA was evaluated by comparing model results from the base case model,
which simulated sequential aerobic/Fe**-reducing biodegradation and homogeneous initial electron
acceptor conditions, with results from a model that simulated hydrocarbon biodegradation solely under
aerobic conditions. Both the starting Fe** concentration and the spatial Fe** concentration distribution
were varied to quantify the impact of the starting Fe** condition on numerical simulations of natural
attenuation. Numerical results from a simulation where the microbial population was correlated to
hydraulic conductivity were also examined and compared to the base case. Hydrocarbon fate and
transport through a second heterogeneous flow field was simulated for selected initial Fe** conditions to
determine whether earlier findings were dependent on the original heterogeneous flow field. Variation
between simulations was assessed using model results for hydrocarbon and electron acceptor
concentration distributions, the mass of biodegraded hydrocarbon, and spatial moment calculations for the

hydrocarbon plume centroid and spatial standard deviation.

Hypothetical Model

The hypothetical model used in this study consisted of numerical model for groundwater flow
through a heterogeneous hydraulic conductivity field and a solute transport model that simulated
sequential  aerobic/ferrogenic biodegradation for both homogeneous and heterogeneous initial Fe**
concentration distributions. This section describes both the assumptions and components of the
groundwater flow and solute transport models in detail.

Mode Assumptions

A conceptual model for biodegradation was developed using the following assumptions. A single
hydrocarbon compound was subjected to sequential biodegradation in the presence of aerobic and

ferrogenic microbial populations. Aerobic biodegradation was simulated during each simulation, as the
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majority of hydrocarbon spills occur in near-surface aquifers that are naturally aerobic. The hydrocarbon
served as the sole electron donor and carbon-source for microbial growth. To isolate the effects of
biodegradation, the hydrocarbon was modeled as non-sorbing. A uniform ambient oxygen concentration
was assumed and the specified initial Fe** concentration was considered the only source of bioavailable
Fe** (i.e. microbially-reduced Fe** was assumed to precipitate into a non-bioavailable form). Aqueous
phase Fe** reaction with oxygen was not simulated, as oxygen was assumed to inhibit Fe**-reducing
activity and limit interaction between these compounds. Other environmental conditions (e.g.
temperature, pH, nutrient concentrations) were assumed as favorable for biodegradation and constant with
respect to space and time. Microbial growth was assumed to occur for two independent microbial
populations, one aerobic and one ferrogenic. This conceptual model for biodegradation facilitates
interpretation of ferrogenic biodegradation effects and may be an appropriate model for aquifers where
the background concentrations of nitrate is close to zero and the contribution of sulfate-based and
methanogenic activity to hydrocarbon biodegradation is insignificant when compared to aerobic and/or
ferrogenic biodegradation.

Groundwater Flow Model and Numerical Grid
MODFLOW (MacDonald and Harbaugh, 1988) was used to simulate fully three-dimensional,

steady state groundwater flow, through the confined aquifer system shown in Figure 1. The governing

equation for steady state groundwater flow in a confined aquifer is given by:
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where K,, Ky, and K; are the hydraulic conductivity in the longitudinal, transverse, and vertical directions,
respectively [L/T], and h is hydraulic head [L].

No flow boundaries were specified along the top, bottom, and longitudinal boundaries of the
model domain. Heads along the transverse boundaries were specified as constant, and a 0.1 m head

differential between the upstream (x = 0 m) and downstream (x = 40 m) boundaries produced an average
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hydraulic gradient of 0.0025 m/m in the longitudinal direction. All model layers were simulated as fully
saturated, with flow between layers simulated using the MODFLOW vertical 1eakance term.

As shown in Figure 1, the dimensions of the hypothetical model domain were 40-m by 20-m by
3-m. The horizontal and vertical grid spacing was chosen based on research by Ababou (1988), which
indicated that a minimum of 4 nodes per correlation scale is required when using discretized models to
capture variahility in heterogeneously distributed parameters. Based on this criterion, a fine horizontal
and vertical grid spacing of 0.5 m and 0.05 m, respectively, was used to discretize the model domain into
80 rows, 40 columns, and 30 layers.

Hydraulic Conductivity Field
A hypothetical heterogeneous hydraulic conductivity field, designated as distribution A, was

developed for the model domain using statistical parameters that were reported as typica for a sandy
loam soil by Carsel and Parrish (1988). Horizontal hydraulic conductivity was assumed locally isotropic,
while geological deposition was assumed to produce vertical hydraulic conductivities that were smaller
than the horizontal component. Using the statistical parameters listed in Table 1, specific values for the
horizontal components of hydraulic conductivity at each node were generated using the turning bands
method (Mantoglou and Wilson, 1982) as implemented by Tompson et al. (1987). A horizontal to vertical
anisotropy ratio (K, to K,) was specified as 2:1 at all locations. Figure 2 shows horizontal and vertical
cross sections of the hydraulic conductivity distribution, taken through the centerline of the model
domain. Vaues for the horizontal component of hydraulic conductivity in distribution A ranged from a
minimum of 0.013 m/d to a maximum of 75.6 m/d.

Solute Transport Model
SEAM3D (Waddill and Widdowson, 1997) was used to simulate solute transport and microbial

utilization of two solutes (a reactive hydrocarbon and oxygen) and one solid phase electron acceptor
(Fe*). Solute transport of a conservative tracer was also simulated, with model results for tracer transport

serving as a baseline for evaluation of reactive transport. Solute transport and electron acceptor-limited
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biodegradation is smulated in SEAM3D using the advection-dispersion eguation, as developed in

Waddill and Widdowson (1998), and given by

E=le--£9-l : _ RBio
R M 9x D ﬂxjg T (V'C) nkC )

where R is the retardation factor [-]; C is the aqueous phase solute concentration for either the tracer (T),
substrate (S), or oxygen (O) [M L7; t is time [T]; x is distance in the i" direction [L]; Dy is the
hydrodynamic dispersion coefficient tensor [L? T7; v is the average pore water velocity in the i

direction [L T™]; and R is the rate of solute loss due to biodegradation [Ms L T*]. Since sorption

effects were ignored for the hypothetical model, R was equal to one for all solutes. Conservative transport

of the tracer was simulated by setting R5'S ¢ €qual to zero. The mass balance equation for the solid phase

electron acceptor, Fe™, is

F io
1117 =R, 3

where F is the solid phase iron(I11) concentration [Mres Mg '] and RE% - is the rate of Fe** loss due to

biodegradation [Mees L3 T7.
Hydrocarbon biodegradation under sequential aerobic, Fe*-reducing conditions was calcul ated

using adual Monod kinetic expression for oxygen and a single Monod kinetic term for Fe**, given by
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where Sis the effective concentration of the substrate [Ms L'3]; Ois the effective concentration of
oxygen [Mo L]; q is the effective porosity [-], My is the biomass concentration for the aerobic (x = 1)
and ferrogenic (x = 2) populations [Mg L™]; n™ is the maximum specific rate of substrate utilization for
each population x [Ms Mg"'T™]; K¢S is the effective half saturation constant for aerobic substrate

utilization [Ms L™]; K ©is the effective half saturation constant for oxygen [Mo L?]; KZis the effective
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half saturation constant for substrate utilization under ferrogenic conditions [Me L'3]; and lgo is an

inhibition function defined by
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where ke is the inhibition coefficient representing oxygen inhibition of Fe** consumption [Mo L. In
the event that microbial utilization results in depletion of Fe*, the single Monod term for substrate
utilization by the Fe**-reducing population in Equation (4) is set equal to zero.

Oxygen consumption during biodegradation is calculated using a dual Monod kinetic expression
given by

Bio _Ml max? S ue O u
inko = —— 91 &=

(6)

where @ is the oxygen use coefficient [Mo Ms']. Fe* utilization is calculated using a single Monod

kinetic expression, given as
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where ¢ is the Fe** use coefficient [Mg Ms?] and r, is the bulk mass density of the porous medium

[MsoLio L¥]. When Fe* is depleted or reaches a user defined minimum threshold, Equation (7) is set to

zero.
Growth for the aerobic and ferrogenic microbial populations were calculated using
1 ™M ¢ S ¥ 0 u
— 1= 1n{naxé == =U0- Ky 1 (8a)
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where Y, is the yield coefficient for population x [Mg Ms"], representing the biomass produced per unit
mass of substrate consumed, and kq is the decay coefficient for each microbial population x [T™].
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For the numerical experiments in this study, heterogeneity in the groundwater flow and solute
transport field was simulated using a randomly generated flow field with local-scale dispersivity (a, £ 10
cm). This approach was used so that the influence of aquifer heterogeneity on hydrocarbon transport
could be investigated, while the impact of large-scale dispersivity on biodegradation could be minimized.
For example, MacQuarrie and Sudicky (1990) found that simulating biologically reactive hydrocarbon
transport using a random heterogeneous hydraulic conductivity distribution with local scale dispersivity
produced model results that were in agreement with field observations of benzene in the Borden aquifer,
whereas using a homogeneous hydraulic conductivity distribution and large-scale macrodispersivity to
simulate the effects of heterogeneous transport caused the model to overpredict aerobic hydrocarbon
biodegradation. MacQuarrie and Sudicky (1990) and later research by MirallesWilhelm et a. (1997)
indicated that the use of macrodispersivity is largely inappropriate for biologically reactive solute
transport models, as large values for dispersivity produce artificial mixing between the hydrocarbon and
agueous phase electron acceptors. Brauner and Widdowson (2000) found that results from biologically
reactive solute transport through heterogeneous hydraulic conductivity fields were insensitive to
adjustments in local-scale longitudinal dispersivity values.

Solute Transport and Biodegradation Parameters
Solute transport equations were solved using athird order TVD scheme based on the ULTIMATE

algorithm (Leonard, 1988). A Courant number of 1.0 was used to satisfy stability and accuracy
requirements of the SEAM3D model. Based on this criterion, the model-calculated maximum allowable
time step was 1.06 days. Solute transport during each simulation was simulated for 2000 days, which
trandated into run times of approximately 12 hours on a Pentium 400MHz PC with 256MB of RAM. The
remaining solute transport parameters (dispersivity, effective porosity, and soil bulk density) were
assumed constant throughout the model domain and are listed in Table 2. The ratio of longitudinal to

transverse to vertical dispersivity was specified as 1.0 to 0.1 to 0.01. A porosity of 0.35 was considered
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typical for sandy aquifers. Carsel and Parrish (1988) reported a soil bulk density of 1.66 x 10° g/m® as
typical for sandy soils.

Initial and boundary conditions were designed to simulate an instantaneous slug injection of a
dissolved mixture of conservative tracer and reactive hydrocarbon. The slug injection was specified using
an initial concentration of 60 mg/L for both the tracer and hydrocarbon in all model cells of the 4 x 4 x
0.4 m source area shown in Figure 1. Tracer and hydrocarbon concentrations at al other locations were
specified as zero. The initial concentration of agueous phase electron acceptor (i.e. oxygen) was 3.0 mg/L
throughout the entire domain. Distribution of Fe** varied by simulation, but the mean starting
concentration was 100 ng Fe*/g oil, unless otherwise indicated. The upgradient (x = 0) boundary was
specified as a constant concentration boundary, with the constant concentrations specified as identical to
the background concentrations for all constituents. Zero-gradient conditions were specified aong the top,
bottom, longitudinal, and downgradient boundaries.

Hydrocarbon biodegradation under sequential aerobic/iron(lI1)-reducing conditions was
simulated using the biodegradation parameters listed in Table 3. Both the maximum specific utilization
rate and initial microbial populations were chosen within the range of values reported from a calibrated
modeling study at one site where aerobic and ferrogenic microbia activity was simulated (Brauner and
Widdowson, 2000). For all but two simulations, the starting microbia population distributions were
assumed as uniformly distributed throughout the model domain. For the remaining two simulations, the
distribution of both the aerobic and ferrogenic microbia populations was assumed to be correlated to the
hydraulic conductivity field. For this specia case, the minimum and maximum initial concentrations for
the aerobic microbial population were 0.011 and 0.86 gu/m°®, respectively. Minimum and maximum
concentrations for the ferrogenic population were exactly one order of magnitude less than the values of
the aerobic population. Values for the yield coefficient and half saturation constants were chosen within
the range reported for monoaromatic hydrocarbons in the literature (e.g. Suarez and Rifai, 1999). Electron

acceptor use coefficients were based on stoichiometric calculations for complete mineralization of toluene
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to carbon dioxide. The inhibition coefficient chosen for this study resulted in significant inhibition of
iron(l11)-reduction in locations where oxygen concentrations were greater than 0.10 mgo,/L .

Iron(111) Concentration and Distribution
Three homogeneous and eleven heterogeneous Fe** distributions were used to investigate how

changes in the Fe** initial condition affected model results. The starting concentration of bioavailable Fe**
for the base case model was specified as 100 ng Fe*'/g soil, which falls between the 22 ng Fe*/g soil
bioavailable Fe** concentration reported by Lovley and Phillips (1987) and the greater than 200 mg Fe**/g
soil bioavailable Fe** concentration reported by Kennedy et al. (1999). Since this starting concentration
for Fe** was arbitrarily selected, two additional simulations were conducted using a homogenous Fe**
dtarting concentration of 50 ng Fe**/g soil and 150 ng Fe*'/g soil, respectively. Heterogeneous
redizations for the initial spatial distribution of Fe** concentration were randomly generated and tested
using the hypothetical model. No statistical parameters have been reported for bioavailable Fe*
distribution, so the correlation scale was arbitrarily chosen as equal to that of the hydraulic conductivity
distribution (i.e. 1.5 m horizontally and 0.15 m vertically). To facilitate comparison between model
results for the base case and results from heterogeneous distributions of Fe**, the mean bioavailable Fe**
concentration was set equal t0100 ng Fe*/g soil for all heterogeneous Fe** distributions. A standard
deviation for the log normal Fe** distribution (Sinreqy) Was chosen as 0.5, which produced Fe*
concentrations that ranged between 10 to 1000 my Fe**/g soil. As with the hydraulic conductivity field,
values for Fe** at individual model nodes were generated using the turning bands method. Table 4 lists
the naming convention that will be used in the results section to describe initia condition for each

simulation.

Method of Analysis
Hydrocarbon plume behavior was investigated using a combination of hydrocarbon contour plots,
mass balance calculations, and method of moments calculations. Trends in contour plots of electron

acceptor concentrations were also evaluated and included as part of model assessment. Cross sections for

45



contour plots were al taken along either the horizontal (y = 10 m) or the vertical (z = 1.5 m) centerlines
of the model domain at 1000 and 2000 days into the model simulation. SEAM3D mass balance options
were specified to report both the mass of hydrocarbon remaining in the domain and the mass of
hydrocarbon biodegraded by each electron acceptor process at user specified times. This latter option was
used to determine which electron acceptor process was dominant for a given ssimulation, and whether the
dominant electron acceptor process varied with time.

The method of spatial moments was used to quantitatively access average, large-scale movement
of the hydrocarbon plume. This method, as defined by Aris (1956) and implemented for SEAM3D by

Waddill (1998), calculates the ijK" spatial moment of a solute of concentration C at timet using
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where q is the porosity [L*L?]. The zero order moment (i = j = k = 0) estimates the total mass of solute in

the domain at any time (t). The first spatial moments with respect tox (i=1),y (j=1),and z (k = 1)
(M 100, M0, Moop) locates the center of mass (X, Y., Z;) of the solute plume, and are calculated as

XC:MlOO ; yC:MOlO 4 :MOOl (9)
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and describe the average location of the hydrocarbon plume. The spatia standard deviations (Sxx, Syy, Sz)
of the plume quantifies the degree of plume spreading and are calculated using the second spatial

moments (M 200, Mozo, Moop) for the x (i = 2), y (j = 2), and z (k = 2) directions using:

s, = MZOO-Xf ;Syy:fMozo_ycz ;SZZ:/MOOZ_ZCZ_ (10)
M 000 M 600 M 600

Hydrocarbon concentration versus time at two hypothetical monitoring points was aso recorded
and compared to quantify differences between model simulations. Both points were located at the mid-
elevation (z = 1.5 m) and on the transverse centerline (y = 10m) of the model domain. These points are

shown in Figure 1 as monitoring point 1 (MP1) and monitoring point 2 (MP2). MP1 was 4 m
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downgradient of the source area (x = 10 m), while MP2 was 14 m downgradient of the source area (x =

20 m).

Results

Tracer and Aerobic Biodegradation

Figure 3 depicts tracer, hydrocarbon, and oxygen concentration distributions for the aerobic only
(Case AQ) simulation along horizontal and vertical cross sections, taken through the model centerline, at
1000 and 2000 days. As shown in the top row of Figure 3, smulating conservative solute transport
through the heterogeneous hydraulic conductivity field produced an irregularly-shaped solute plume,
which was moving toward the downgradient boundary. By 2000 days, the majority of the tracer had left
the source area, and the leading edge of the plume had reached the downgradient boundary. The middle
row of Figure 3 shows that aerobic biodegradation produced a hydrocarbon plume that was smaller than
the tracer plume in both the horizontal and vertical directions. The bottom row of Figure 3 indicates that
the zone of oxygen depletion was nearly identical in size and shape to the hydrocarbon plume.

Sequential Aerobic/Ferrogenic Biodegradation
The addition of ferrogenic biodegradation caused the model to predict increased hydrocarbon

biodegradation, which was observed in model results as a genera decrease in hydrocarbon concentrations
and an increase in the mass of biodegraded hydrocarbon. Figure 4 depicts hydrocarbon and electron
acceptor concentrations along the horizontal and vertical centerline cross sections for sequential
aerobic/ferrogenic biodegradation of the hydrocarbon substrate (Case A1). As observed by comparing the
middle row of Figure 3 with the top row of Figure 4, the addition of ferrogenic-based biodegradation had
little effect on the longitudinal spread of the hydrocarbon plume (defined by the 0.01 and 0.1 mg/L
contours) at both 1000 and 2000 days. Concentrations in the interior of the hydrocarbon plumes (defined
here by the 1 and 10 mg/L contours) for Cases A0 and A1 were also similar at 1000 days. By 2000 days

into the smulations, however, the volume of the Case A1 hydrocarbon plume defined by the 1 mg/L
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contour was greatly reduced when compared to Case A0, and concentrations greater than 10 mg/L were
nearly eliminated during the simulated sequential biodegradation of Case A1l.

Figure 4 aso shows the oxygen and Fe* concentration distributions at 1000 and 2000 days into
Case Al. Although, the overall length of the oxygen-depleted zone was similar between Cases AO and
A1, the transverse width of the oxygen-depleted zone was approximately a meter narrower for the
sequential biodegradation simulation. For both Case A0 and Case Al, oxygen concentrations in and
around the source area were near zero at 1000 days, but were returning to background concentrations by
2000 days due to downgradient migration of the hydrocarbon and the ambient flux of oxygen into the
source area from the upgradient model boundary. The zone of Fe** depletion for Case A1, shown in the
bottom row of Figure 4, was much smaller than both the hydrocarbon plume and zone of oxygen
depletion. Fe** concentrations in the source area were depleted by 1000 days into the Case A1 simulation,
and the zone of Fe** depletion was observed to extend past x = 15 m by 2000 days. Fe** depletion was
greatest in and immediately downgradient of the source area, as the inhibition function limited ferrogenic
activity to oxygen-depleted zones. Also note that Fe** concentrations did not return to ambient
concentrations after downgradient migration of the hydrocarbon, as the reduced Fe** endproduct was
assumed to precipitate into a non-bioavailable iron compound. By explicitly modeling Fe** utilization,
this model result suggests that the future biodegradation potential of an aquifer system may be reduced
following exposure to hydrocarbon contamination.

Figure 5 shows the mass of hydrocarbon remaining in the model domain (5A) and the total mass
of biodegraded hydrocarbon (5B) as a function of time for the tracer and hydrocarbon in Cases AO and
A1. As shown in Figure 5A, the change in tracer mass in the model domain was negligible over the 2000
day duration of the model smulation, and mass balance caculations indicated a less than 0.5 percent
change in tracer mass at 2000 days. In contrast, the mass of hydrocarbon in the model domain was
observed to decrease with time when either aerobic (Case A0) or sequential aerobic/ferrogenic (Case Al)

biodegradation was simulated. Considering that the mass of tracer leaving the domain was negligible over
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the 2000-day simulation, observed decreases in the mass of hydrocarbon were produced solely by
biodegradation. Figure 5B, which shows the cumulative mass of hydrocarbon biodegraded by all active
biodegradation processes as a function of time, confirms this observation in that the mass of hydrocarbon
biodegraded corresponds almost exactly to the difference between the mass of tracer and hydrocarbon in
the domain at any given time. Figure 5B also shows that the mass of hydrocarbon biodegraded under
sequential biodegradation conditions increased substantially over the mass of hydrocarbon biodegraded
aerobically around 150 days, indicating that ferrogenic biodegradation caused the break between the
aerobically degraded and sequentially degraded hydrocarbon mass in the domain observed in Figure 7A.

Biodegraded hydrocarbon mass calculations indicate that ferrogenic biodegradation caused a
more than 300 percent increase in the mass of hydrocarbon biodegraded by 2000 days. Calculations of
hydrocarbon mass loss by electron acceptor condition indicate that, by 500 days into the sequential
biodegradation simulation, ferrogenic biodegradation accounted for more cumulative hydrocarbon mass
loss than aerobic biodegradation. Further analysis shows that ferrogenic biodegradation remained the
dominant mechanism for hydrocarbon mass loss through the remaining 1500 days of the simulation and
that, by 2000 days, ferrogenic biodegradation was responsible for nearly 80 percent of the total
hydrocarbon mass consumed during the sequentia biodegradation simulation.

Figure 6 reports the results of spatial moment calculations for the tracer and hydrocarbon in Cases
AOand Al. Figures 6A, 6B, and 6C show the center of mass for the tracer and hydrocarbon plumesin the
longitudinal, transverse, and vertical directions, respectively. As shown in Figure 6A, aerobic
biodegradation caused the center of mass for the hydrocarbon plume to remain closer to the source area
than center of mass for the tracer by approximately 700 days into the model simulation. Figure 6A aso
shows that adding ferrogenic biodegradation caused a further decrease in the downgradient migration of
the hydrocarbon plume center of mass. The locations of the transverse and vertical centers of mass, shown
in Figures 6B and 6C, respectively, were observed to oscillate for both the tracer and the hydrocarbon,

reflecting that the plumes were meandering through the heterogeneous hydraulic conductivity field.
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Figures 6D, 6E, and 6F show the spatial standard deviations for the tracer and hydrocarbon plumes for
Cases A0 and Al in the longitudinal, transverse, and vertical directions, respectively. The spatial standard
deviations were consistently smaller for the hydrocarbons than the tracer, indicating that biodegradation
was reducing the spread of the hydrocarbon plume. As shown in Figure 6D, sequential biodegradation
caused a greater decrease in the longitudinal spatial standard deviation than aerobic only biodegradation,
indicating that the addition of ferrogenic biodegradation produced less longitudinal concentration
variation in the hydrocarbon plume. This effect was noted quantitatively in the discussion of Figure 4 in
that the sequential biodegradation was observed to noticeably reduce the higher substrate concentrations
in and around the source area but to not affect the lower concentrations located at the hydrocarbon plume
boundaries. As shown in Figure 6E, the spatial standard deviation of the hydrocarbon plume in the
transverse direction was not significantly affected by the addition of ferrogenic biodegradation to the
aerobic only simulation, suggesting that aerobic biodegradation was controlling transverse spreading of
the hydrocarbon plume. In the vertical direction, the spatial standard deviation was observed to decrease
with the addition of each biodegradation process, indicating that ferrogenic biodegradation did affect
vertical spreading of the hydrocarbon plume.

The inclusion of ferrogenic biodegradation also produced a decrease in hydrocarbon
concentration at the two hypothetical monitoring points, MP1 and MP2. Figure 7 presents the tracer and
hydrocarbon concentrations breakthrough curves at MP1 and MP2. At both monitoring points, the peak
concentration for the aerobically biodegraded hydrocarbon was approximately 1 mg/L less than the tracer
concentration. The addition of ferrogenic biodegradation in the sequential biodegradation model caused a
1.5 mgyc/L decrease in the peak hydrocarbon concentrations at MP1, and an 8 mgyc/L decrease at MP2.
Thus, Ferrogenic biodegradation was not only observed to cause a larger decrease in hydrocarbon peak
concentration at both monitoring points than was predicted by aerobic biodegradation, but was also
observed to have an increased influence at the monitoring point which was located further from the

source. Because oxygen was in the agueous phase and moving downgradient with the dissolved
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hydrocarbon, the mgjority of oxygen available for hydrocarbon biodegradation was the initial aqueous
phase concentration of 3 mg/L. For an initial oxygen concentration of 3 mg/L and an oxygen use
coefficient of 3.2 mgo,/mgyc, stoichiometric calculations indicate that the change in hydrocarbon
concentration is 0.94 mg/L, which is nearly identical to the change in concentration observed at both
hypothetical monitoring points. In contrast, simulating Fe** as a non-mobile, solid phase electron acceptor
caused the hydrocarbon to come into contact with fresh supplies of Fe** during downgradient migration,
resulting in the increased influence of ferrogenic biodegradation on hydrocarbon concentration observed
in the direction of flow.

The above results suggest that inclusion of ferrogenic biodegradation may affect model
predictions for MNA in severa ways. The addition of ferrogenic biodegradation was observed to
substantially increase the total mass of biodegraded hydrocarbon, which would produce a shorter estimate
for the time to remediation, as defined by the time for complete contaminant mass remova from the
aquifer. A judtifiable reduction in the estimate for the time to remediation may make MNA more
attractive when MNA is compared to other remediation aternatives. For the hypothetical case examined
here, the addition of ferrogenic biodegradation was not shown to limit longitudinal spreading of the
hydrocarbon plume or necessarily prevent downgradient aquifer locations from becoming contaminated,
but it was demonstrated that ferrogenic biodegradation could reduce hydrocarbon contaminant
concentrations by an order of magnitude or more. Considering that many MNA plans are contingent on
reducing maximum contaminant concentrations below a specified level at potential POCs, the reduction
in contaminant concentration realized by the inclusion of ferrogenic biodegradation may determine
whether MNA can be considered an acceptable alternative in terms of meeting contaminant concentration
godls.

Variation in Iron(l11) Concentration
Two additional homogeneous Fe* initial conditions were investigated to determine how sensitive

model results were to varying the initial bioavailable Fe** concentration within the range reported in the
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literature by Lovley and Phillips (1986) and Kennedy et a. (1999). For Case A2, the starting Fe*
concentration was reduced by 50 percent to 50 my Fe**/g soil, while the starting Fe** concentration for
Case A3 was increased by 50 percent to 150 ng Fe**/g oil.

Figure 8 shows the hydrocarbon and electron acceptor concentration distributions for a horizontal
dlice through the model domain at z = 1.5m and 2000 days for Cases A2 and A3. Figure 8 (top row)
shows that the overall length of the hydrocarbon plume (defined by the 0.001 mg/L contour) did not
change with variation of the initial Fe** concentration. The interior of the hydrocarbon plume (defined
here by the 1 mg/L contour) was notably smaller for an increase in the initial Fe** concentration. The
oxygen concentration plots of Figure 8 show that the length of the oxygen-depleted zone did not vary
between simulations, although the average horizontal width of the oxygen-depleted zone was observed to
be approximately 1 m narrower for Case A3 then it was for Case A2. The horizontal width of the zone of
oxygen depletion was observed to narrow for increases in initial Fe** concentration because increased
hydrocarbon biodegradation led to a smaller concentration gradient and less hydrocarbon spreading in the
transverse direction. Although the length of the depleted Fe* zone decreased with increasing initial Fe**
concentrations (Figure 8, bottom row), mass calculations indicated that a larger mass of Fe** was
consumed during Case A3 than was consumed during Case A2.

Figures 9A and 9B show the mass of solute in the domain and the location of the center of mass,
respectively, versus time for the tracer and hydrocarbon in Cases AOQ, A1, A2, A3, and A4. As shown in
Figure 9A, the mass of hydrocarbon remaining in the domain was observed to decrease for increases in
the starting Fe** concentration, starting approximately 200 days into the model simulations. Figure 9B
shows that the longitudinal hydrocarbon center of mass remained closer to the source area for increasesin
the Fe** concentration, although the variation from the base case (A1) was less than 10 percent at 2000
days. The remaining spatial moment calculations indicated that adjusting the initial Fe** concentration by
+ 50 percent produced insignificant changes in the transverse center of mass, vertical center of mass, and

spatial standard deviations for the sequentially biodegraded hydrocarbon (data not shown).
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Hydrocarbon mass loss calculations indicate that, at 2000 days, a 50 percent decrease in the
staring Fe* concentration produced a 22 percent decrease in total hydrocarbon biodegradation, whereas a
50 percent increase in Fe* concentration produced a 12 percent increase in biodegradation. Calculation of
hydrocarbon mass consumed by electron acceptor condition indicated that aerobic biodegradation
removed the majority of hydrocarbon mass during the first 200 days, regardless of the starting Fe**
concentration. The majority of the hydrocarbon mass lost during the remainder of each simulation (i.e.
200 < t < 2000 days), however, was by the ferrogenic microbia population. Figure 10 shows the
percentage of hydrocarbon biodegraded by each electron accepting process as a function of time for the
various starting Fe* concentrations. This figure shows that increasing the starting Fe** concentration
caused a decrease in the percentage of hydrocarbon biodegraded aerobically and a corresponding increase
in the percentage of hydrocarbon biodegraded ferrogenically.

Hydrocarbon concentration breakthrough curves for the three starting Fe** concentrations are
provided in Figure 11. As shown in this figure, increasing the Fe** concentration from 100 to 150 ny
Fe*'/g soil generally produced minor changes in the hydrocarbon concentrations at MP1 and MP2.
Decreasing the Fe** concentration from 100 to 50 nmy Fe**/g soil did not alter the peak concentration at
MP1, athough hydrocarbon concentrations. Decreasing the Fe* concentration by 50 percent did,
however, produce a greater than 250 percent increase in the observed hydrocarbon concentration at MP1,
relative to the base case concentration, between 500 and 850 days. The effects of decreasing the Fe**
concentration were more dramatic a8 MP2, where the hydrocarbon concentration for Case A2 was
observed to be larger than the concentration observed in the base case starting at 1000 days. By 2000
days, the hydrocarbon concentration was observed to increase from less than 1 mg/L for the base case to
greater than 6 mg/L for Case A2. The observed increase in hydrocarbon concentration for decreasing Fe**
availability was the result of Fe** depletion between the source area and MP2, and illustrates the

advantage of explicitly simulating Fe** utilization during ferrogenic biodegradation.
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These results demonstrate that changes in the starting bioavailable Fe** concentration primarily
affected hydrocarbon concentrations in the interior of the hydrocarbon plume. Increasing the starting Fe**
concentration was observed to increase the total mass of hydrocarbon biodegraded, while reducing the
overall demand for dissolved oxygen. Observation of increased hydrocarbon concentrations at two
hypothetical monitoring points for decreases in the bioavailable Fe* concentration indicated that
decreasing the Fe** concentration limited hydrocarbon biodegradation by producing electron acceptor
limited conditions in the aguifer. The observed limitation on ferrogenic hydrocarbon biodegradation due
to Fe*" availability can only be simulated in models that explicitly model Fe** utilization, and can not be
accounted for in first-order kinetics models.

Variation in Iron(l11) Distribution
To investigate the effects of Fe** distribution on simulation results, hydrocarbon fate and

transport was simulated for ten random heterogeneous Fe* concentration distributions. In terms of mass
of hydrocarbon biodegraded, the results indicated that five of the smulations predicted an increase in the
mass of hydrocarbon biodegraded relative to the results from Case A1, while the remaining five predicted
a decrease in the mass of hydrocarbon biodegraded relative to the base case. The Fe** distributions for
two simulations, designated as Cases A4 and A5, caused the model to predict the minimum and
maximum masses of biodegraded hydrocarbon, respectively. For Case A4, the model predicted an 11
percent decrease in hydrocarbon biodegradation at 2000 days, when compared to the base case (Al).
whereas hydrocarbon biodegradation was observed to increase by nearly 10 percent for Case A5.

Figure 12 reports the hydrocarbon concentration distribution at 2000 days and both the initial and
2000-day Fe** concentration distribution for Cases A4 and A5, taken as a horizontal slice through the
model domain at z= 1.5 m. For Case A4, hydrocarbon concentrations greater than 1 mg/L were observed
to extend up to 25 m downgradient of the source area by 2000 days whereas, for Case A5, hydrocarbon
concentrations greater than 1 mg/L extended less than 10 m downgradient of the source at 2000 days.

Variation in interior hydrocarbon concentration distribution (and the total mass of hydrocarbon
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biodegraded) was observed for different Fe** concentration distributions because the proximity of the
source relative to high concentrations of Fe** was different for each Fe** distribution. A contour plot of
theinitial Fe** distributions for Case A4, provided as the middle left contour plot of Figure 12, shows that
the initial Fe** concentrations in and immediately downgradient of the source area were consistently
lower than the average concentration of 100 ng Fe**/g soil. Thus, in locations where the hydrocarbon was
located for the majority of the simulation (i.e. in and immediately downgradient of the source area), less
Fe** was available for ferrogenic hydrocarbon biodegradation in Case A4 than was available for during
the homogenous case, resulting in less hydrocarbon biodegradation over time. The final concentration
distribution is aso shown for Case A4 in Figure 12 (bottom left). From this plot, the area of Fe**
depletion is observed to encompass an area nearly 4 m wide and 10 m long by 2000 days. Conversely, the
randomly generated Fe** distribution for Case A5 (middle right contour plot in Figure 12) placed high
concentrations of Fe* downgradient of the source area, which produced increased ferrogenic hydrocarbon
biodegradation near the source. The Fe* distribution 2000 days into Case A5 is provided as the bottom
right plot of Figure 12. The zone of Fe* depletion from Case A5 was notable smaller than that for Case
A4, dthough mass calculations indicated that more Fe** was consumed during Case A5 than was
consumed during Case A4.

Iron(l11) Distribution Correlated to Hydraulic Conductivity

For Case A6, the heterogeneous Fe* concentration distribution (mean = 100 ng Fe’'/g,
Simeeqiy = 0.5, horizontal correlation scale = 1.5 m) was specified as correlated to the hydraulic
conductivity distribution. Figure 13 shows the 2000-day hydrocarbon, initial Fe*, and 2000-day Fe**
concentration distribution along a horizontal dlice of the model domain a z = 1.5 m. The smulated
hydrocarbon (top row, Figure 13) and oxygen (not shown) concentration distributions for Case A6 were
nearly identical to the results from the base case (A1). As shown in the middle contour plot of Figure 13,
the initial spatial distribution of Fe* for Case A6 placed lower than average Fe** concentrations in the

source area, but higher than average Fe** concentrations immediately downgradient of the source area. As
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shown in the bottom contour plot of Figure 13, Fe* depletion in the source area was nearly complete by
2000 days, and a finger of Fe** depletion was observed to extend approximately 10 m downgradient of
the source by the end of the simulation. Mass loss calculations indicated that the mass of hydrocarbon
biodegraded during Case A6 was consistently less than the hydrocarbon mass biodegraded in the base
case (A1), although this difference was less than 5 percent at 2000 days.

Microbial Population Correlated to Hydraulic Conductivity

For Case A7, both the aerobic and ferrogenic microbial populations were correlated to hydraulic
conductivity to test how correlating microbial activity to zones of higher hydraulic conductivity affected
model results. As shown in the left column of Figure 14, correlating microbial activity to hydraulic
conductivity produced little deviation from the base case at 1000 days into the simulation. At 2000 days
into the simulation, however, hydrocarbon concentrations greater than 10 mg/L have been nearly
eliminated but the 1 mg/L contour of the hydrocarbon plume was observed to extend approximately 25 m
downgradient from the source area.

An additional simulation was conducted with both the microbial populations and the Fe**
distribution correlated to hydraulic conductivity (Case A8). The results from spatial moments calculations
for Case A8 are provided along with results from the base case (A1), Case A6 (Fe* correlated to
hydraulic conductivity), and Case A7 (microbial populations correlated to hydraulic conductivity) in
Figure 15. As shown in Figure 15A, correlating either the Fe** distribution or the microbial population to
hydraulic conductivity produced a decrease in the mass of hydrocarbon biodegraded, relative to the
hydrocarbon mass biodegraded in the base case, after approximately 250 days into the ssimulation. Of the
four cases presented in Figure 15A, Case A8 produced the least amount of hydrocarbon biodegradation.
This result indicates that correlating both the microbial population and the Fe** distribution to hydraulic
conductivity had an additive effect on hydrocarbon biodegradation. Figure 15B shows the results for
center of mass calculations for the hydrocarbon plume in Cases A1, A6, A7, and A8. This figure shows

that hydrocarbon center of mass was more sensitive to correlating the microbial population to hydraulic
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conductivity than it was to correlating the Fe** distribution to hydraulic conductivity. Furthermore,
specifying the microbial population as correlated to hydraulic conductivity caused the model to predict
that the longitudinal hydrocarbon center of mass would migrate further from the source area than was
observed for the hydrocarbon in the base case. Figure 15C depicts the longitudinal spatia standard
deviation for the correlated cases (A6, A7, andA8) and the base case. As shown in Figure 15C, correlating
the microbial population to the hydraulic conductivity resulted in less variation in the hydrocarbon plume
in the longitudina direction. This finding was consistent with the qualitative observation of the
hydrocarbon in Case A7 in that the peak concentrations (greater than 10 mg/L) were observed to be
degraded, while hydrocarbon concentrations greater than 1 mg/L were observed over much of the
hydrocarbon plume. In effect, correlating the microbial population to hydraulic conductivity smoothed the
hydrocarbon distribution by biodegrading peak concentrations to a greater extent than intermediate
concentrations.

The results from this limited investigation indicate that using a heterogeneous initial condition for
the starting microbial populations caused variation in the interior concentration distribution, but did not
ater the overal plume dimensions. One reason that the heterogeneous microbial population had little
impact on the hydrocarbon plume is that the numerica model implemented for this study accounts for
microbial growth (and decay) in the presence (absence) of appropriate substrates and hydrocarbons. Since
the yield coefficient for the aerobic population was a relatively high value, the model was able to ‘grow’
the aerobic population such that the overall plume dimensions were not affected by the heterogeneity in
the initial condition. These results were interesting in that correlating the microbial population to
hydraulic conductivity decreased the mass of biodegraded hydrocarbon for the chosen hydraulic
conductivity distribution.

Sensitivity of Resultsto Hydraulic Conductivity Distribution
Results shown thus far have been for a single hydraulic conductivity field. To illustrate the effects

of varying the individual hydraulic conductivity field, a second hydraulic conductivity field of equal
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statistical parameters to distribution A was developed using a different seed number in the turning bands
program. Figure 16 depicts a horizontal and vertical slice of distribution B, which can be compared with
Figure 2 to show that the individual hydraulic conductivity fields for distributions A and B were
noticeably different. The following discussion is provided to illustrate how selected model output may
vary between individual hydraulic conductivity realizations, and is not intended to serve as a surrogate for
findings which may result from datigticaly analyzing a large number of simulations through
heterogeneous flow fields generated using the statistical parameters contained in Table 1.

Solute concentration distributions are shown in Figure 17 for the conservative tracer (top row),
the hydrocarbon subjected to aerobic biodegradation (Case BO, middle row), and the hydrocarbon
subjected to sequential aerobic/Fe*-reducing biodegradation (Case B1, bottom row). As with simulations
using hydraulic conductivity A, the inclusion of biodegradation in simulations using hydraulic
conductivity B caused a decrease in concentration and overall extent of the hydrocarbon plume relative to
the conservative tracer. Furthermore, addition of ferrogenic biodegradation caused hydrocarbon
concentrations to decrease by an order of magnitude throughout the interior of the hydrocarbon plume
relative to the aerobically biodegraded plume. Ferrogenic biodegradation also caused the sequentialy
biodegraded hydrocarbon plume to be smaller than the aerobically biodegraded hydrocarbon plume (as
defined by the 0.001 mg/L contour).

As shown in Figure 18, the size and shape of the oxygen-depleted zones for Cases BO and B1
were nearly identical in size to their corresponding hydrocarbon plumes, athough the size of the oxygen-
depleted zone for Case B1 was smaller than that for Case BO. As with simulations using hydraulic
conductivity distribution A, the majority of Fe** consumption was simulated to occur in the source area
prior to hydrocarbon migration downgradient.

Calculations for the mass of solute remaining in the domain and the location of the center of mass
versus time are presented in Figures 19A and 19B, respectively, for the tracer and hydrocarbon from

Cases B0, B1, B2, and B3. The results in Figure 19A indicate that aerobic biodegradation was able to
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biodegrade approximately 37 percent of the hydrocarbon in 2000 days (Case BO), whereas the sequential
biodegradation base case (B1) biodegraded over 98 percent of the hydrocarbon. Mass balance calculation
by electron acceptor indicated that approximately 72 percent of the total hydrocarbon biodegraded during
the length of the Case B1 simulation was due to ferrogenic biodegradation. Figure 19A also shows that
decreasing the mass of bioavailable Fe** by 50 percent (Case B2) decreased the mass of hydrocarbon
biodegraded, whereas increasing the mass of bioavailable Fe** by 50 percent (Case B3) had no significant
impact on the mass of hydrocarbon biodegraded. Figure 19B indicates that the longitudinal center of mass
of the hydrocarbon plumes subjected to sequential biodegradation were, in all cases, greater than the
center of mass of the tracer. The center of mass for the aerobically biodegraded hydrocarbon and the
tracer were nearly identical during the entire 2000-day simulation for Case BO. Furthermore, increasing
the mass of bioavailable Fe** caused the center of mass of the hydrocarbon plume to move increasingly
further downgradient. This finding was the opposite of the results for the longitudinal center of mass
using hydraulic conductivity distribution A (Figure 6A), in that increasing the mass of available electron
acceptor produced a decrease in downgradient migration of the longitudinal center of mass. Although the
rapid increase in the center of mass location for the hydrocarbon in Cases B1 and B3 after approximately
1700 days into the simulation was likely an anomaly produced by the low hydrocarbon mass (and
concentrations) remaining in the domain in the last 300 days of the smulation, the observation that the
hydrocarbon center of mass was greater than that of the tracer for Case B2 and the earlier times of Cases
B1 and B3 could not be ignored. This result was believed to occur for hydrocarbon migration through
hydraulic conductivity distribution B due to local variations in the flow field that produced increased
spreading of the hydrocarbon plume and resulted in increased mixing between the hydrocarbon and
agueous phase oxygen at the plume edges. The combination of increased aerobic biodegradation along the
lateral edges of the plume and both aerobic and ferrogenic biodegradation in the back half of the plume

may have the caused the center of mass in the hydrocarbon plume to shift forward relative to the tracer.
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The final initial Fe* condition examined for the second heterogeneous flow field was to correlate
Fe** concentration to hydraulic conductivity distribution B, as was done in Case A6. Correlating Fe**
concentration to hydraulic conductivity distribution B produced a dlight increase (less than 0.5 percent at
2000 days) in the mass of biodegraded hydrocarbon. This result was the opposite effect of correlating Fe**
to distribution A, when correlating Fe* concentration to hydraulic conductivity distribution A was
observed to decrease the mass of hydrocarbon biodegraded. Although correlating the hydraulic
conductivity and Fe* concentration distribution was expected to consistently enhance hydrocarbon
biodegradation, the fact that the source was located in a relatively low hydraulic conductivity zone in
distribution A resulted in less than an average mass of bioavailable Fe** in and around the source and,
consequently, less ferrogenic biodegradation. The converse was true for correlating Fe** concentration to
hydraulic conductivity distribution B, as the concentration of Fe** in and around the source area for this
case was greater than the mean concentration, thereby producing increased ferrogenic (and total)
biodegradation. These results indicate that correlating hydraulic conductivity to Fe** distribution does not
produce a consistent increase or decrease in hydrocarbon biodegradation. Furthermore, these results
indicate that, for the statistical parameters investigated in this study, correlating Fe** distribution to
hydraulic conductivity did not have a significant impact on simulated mass versus time or hydrocarbon

concentration distribution for either hydraulic conductivity realization.

Summary and Conclusions

The results from this numerical experiment on hydrocarbon natural attenuation in a hypothetical,
heterogeneous aquifer system demonstrate that, when compared to a hydrocarbon plume biodegraded
solely under aerobic conditions, the addition of ferrogenic biodegradation caused an increase in the mass
of hydrocarbon biodegraded, a reduction in peak hydrocarbon concentrations, an ateration in the location
of the hydrocarbon center of mass, and a reduction longitudinal spreading of the hydrocarbon plume. For
starting Fe** concentrations between 50 and 150 my Fe**/g soil, ferrogenic biodegradation was observed

to be the dominant biodegradation process in terms of hydrocarbon mass removal by 200 days after
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contaminant release. Although the inclusion of ferrogenic biodegradation was not shown to significantly
impact longitudinal spreading of the hypothetical hydrocarbon plume (defined by a 0.001 mg/L contour),
ferrogenic biodegradation was observed to reduce hydrocarbon concentrations in the interior of the
hydrocarbon plume by as much as an order of magnitude relative to concentrations predicted for a
hydrocarbon plume subjected solely to aerobic biodegradation. Changes in hydrocarbon concentration
were found to be dependent on the starting concentration of Fe**, as simulations using a 50 g Fe*'/g soil
initial Fe** were observed to be electron acceptor limited in and around the source area. This result
indicates that explicitly simulating Fe** utilization during ferrogenic biodegradation allowed the model to
account for electron acceptor limited conditions, an effect which can not be simulated using constant rate
biodegradation models.

Spatial moments cal culations for the location of the longitudinal center of mass indicated that the
local hydraulic conductivity distribution determined whether the center of mass of the hydrocarbon plume
would move further downgradient than the tracer. This result was different from the conclusions drawn by
MacQuarrie and Sudicky (1990), which suggested that the location of the center of mass for a
biodegrading hydrocarbon plume will consistently be located downgradient of the center of mass of a
conservative tracer plume in heterogeneous flow fields. The primary differences between these studies
was that the current study simulated a non-sorbing hydrocarbon with biodegradation under two,
sequential biodegradation processes (one of which was solid phase electron acceptor), whereas
MacQuarrie and Sudicky (1990) simulated a sorbing hydrocarbon subjected only to aerobic
biodegradation. Further study is needed to determine whether any conclusions can be drawn in terms of
the location of the center of mass for a biodegradable hydrocarbon plume relative to the center of mass for
aconservative tracer of equal initial starting concentration.

Results from simulations using random heterogeneous Fe** concentration distributions of equal
mean concentration indicated that hydrocarbon biodegradation increased, relative to the homogeneous

Fe** case, when high Fe** concentrations were found in and immediately downgradient of the source area.
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Correlating either the starting Fe** concentration distribution or the microbial population to hydraulic
conductivity was not found to consistently increase or decrease the mass of biodegraded hydrocarbon for
the hypothetical model used in this study.

The finding that the initial Fe** concentration has a major influence on mass of biodegraded
hydrocarbon is of significance, as future inclusion of ferrogenic biodegradation during MNA site-
assessment may lead to justifiably smaller estimates for the time to remediation of petroleum hydrocarbon
contaminated sites where MNA is applied. Furthermore, the finding that hydrocarbon concentrations may
be decreased by an order of magnitude or more due to the presence of ferrogenic activity may increase the
number of sites where MNA may be deemed an acceptable aternative in terms of meeting maximum
concentration objectives.

Additional investigation is needed to extend the methodology used in this work to include a wider
variety of source conditions and natural attenuation processes. For example, the influence of using various
source configurations, such as constant concentration, pulsed, or rate-limited NAPL release, on model
results needs to be investigated. Furthermore, the influence of sorption on mode results should be
investigated, as the majority of petroleum hydrocarbons of environmental and health concern are
hydrophobic. Variation in the model input microbial parameters and their distribution is merited, as
selection of these parameters may ultimately control the range of possible solutions for a given
hydrocarbon release. Finally, this work suggests that accurate estimates for the mass of bioavailable Fe**
immediately downgradient of contaminant spills may be critical in determining future contaminant

migration if the contaminant can be shown to biodegrade under ferrogenic conditions.
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Table 1. Statistical parametersfor the hypothetical hydraulic conductivity field, asreported for a
sandy loam soil by Carsel and Parrish (1988).

Hydraulic Conductivity Distribution Parameter Vaue

Distribution  Log-normd
Mean 1.0m/d
Sandard Deviation 1.0
Horizontal Correlation Scale 1.5m
Vertical Correlation Scale 0.15m
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Table 2. Solute transport parameters for the hypothetical transport model.

Solute Transport Parameter Vaue
Dispersivity
Longitudinal 0.01m
Transverse 0.001m
Vertical 0.0001m
Porosity 0.35
Bulk Density 1.6 x 10° g/m®




Table 3. Biodegradation parameters for the hypothetical reactive solute transport model.

Primary Electron ~ Termina Electron

Biodegradation Parameter Acceptor (Oxygen)  Acceptor (Iron(l11))
Maximum Substrate Utilization Rate (d™%) 1.0 0.1
Substrate Half Saturation Constant (mgs/L) 50 50
Electron Acceptor Half Saturation Constant (mgea/L) 05 na

Initial Biomass (gnio/m") 0.1 0.01"
Microbial Yield Coefficient (mgs/mguio) 05 0.2
Electron Acceptor Use Coefficient (mgea/mgs) 3.2 42.0
Inhibition Coefficient (mgo./L) n/a 0.10

’ Represents the mean starting concentration for simulations where the microbia population was heterogeneously
distributed.
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Table 4. Designations used to identify assumptions for a given simulation. For example, Case A3
was a simulation using hydraulic conductivity distribution ‘A’ and a heterogeneous
iron(l11) distribution of 150 ng Fe**/g soil.

Designation

Description

>

o~NOO O~ WNPEFEPO W

Hydraulic conductivity distribution ‘A’
Hydraulic conductivity distribution ‘B’

No iron(l11) biodegradation ssimulated (Aerobic Only)
Homogeneous Fe** distribution of 100 ny/g
Homogeneous Fe** distribution of 50 ny/g
Homogeneous Fe** distribution of 150 ny/g
Random Fe** distrib. with low Fe** concentrations near the source
Random Fe* distrib. with high Fe* concentrations near the source
Fe** distribution correlated to hydraulic conductivity
Microbia population correlated to hydraulic conductivity
Both Fe** distribution and microbia population correlated to hydraulic conductivity
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Figure 1. Boundary conditions and dimensions for the hypothetical numerical model domain.
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Plan View of Hydraulic Conductivity
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Figure 2. Cross sections of hydraulic conductivity distribution *A’, taken through the vertical
(z=1.5m) and horizontal (y = 10 m) centerlines of the model domain.
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Figure 4. Horizontal and vertical cross sections through the centerline of the model domain

depicting hydrocarbon (top row), oxygen (middle row), and Fe** distribution (bottom
row) for Case A1, taken at 1000 (left column) and 2000 (right column) days into the
simulation. Hydrocarbon biodegradation in Case A1 was ssimulated under sequential
aerobic/Fe* -reducing conditions for a uniform initiad Fe** concentration of

100 ny Fe*'/g soil.
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Figure 10. Percentage of hydrocarbon biodegraded by each electron acceptor process.
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CHAPTER 5

Numerical Simulation of a Natural Attenuation Experiment with a NAPL Source:
Contaminant Dissolution and Reactive Transport

J. STEVEN BRAUNER AND MARK A. WIDDOWSON
THE CHARLESE. VIA, JR. DEPARTMENT OF CIVIL AND ENVIRONMENTAL ENGINEERING

VIRGINIA POLYTECHNIC INSTITUTE AND STATE UNIVERSITY
ABSTRACT

This study presents application of a three-dimensiona reactive transport model to the Natural
ATtenuation Study (NATS), conducted at Columbus Air Force Base (CAFB) in Columbus, Mississippi.
NATS was a unique investigation of monitored natural attenuation in that the mass and composition of
the hydrocarbon source were known; the aquifer system was highly heterogeneous but well-characterized;
and a full suite of hydrocarbon, electron acceptor, and reaction endproduct solute concentrations were
collected at various times using a dense, three-dimensional multilevel sampling network. The contaminant
source for NATS was a nonagueous phase liquid (NAPL) mixture of benzene, toluene, ethylbenzene, p-
xylene (BTEX), naphthalene, decane, and bromide (conservative tracer) that was released into the shallow
unconfined aquifer. Conceptual and mathematical models were developed for NAPL source release,
sequential aerobic/anaerobic biodegradation, and sorption during NATS. Using a previously-developed
numerical site model for flow and conservative transport, a multiple species, reactive solute transport
code (SEAM3D) was employed to simulate fully three-dimensional transport and aerobic, anoxic,
iron(I11)-reducing, and methanogenic hydrocarbon biodegradation in a 60-m x 60-m x 11-m thick model
domain. Simulation results matched BTEX concentration distributions developed at five and nine month
period following NAPL release. SEAM 3D mass balance cal culations showed that the majority (>99%) of
hydrocarbon remained in the NAPL phase during the first 9 months of NATS. Of the BTEX and

naphthalene source mass, model predictions indicate that 49% was biodegraded, 13% was sorbed, and
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38% remained in the aqueous phase. The model also predicted that the complete range of terminal
electron accepting processes were active within 9 months of NAPL release, and mass balance calculations
indicated that aerobic biodegradation accounted for the majority of hydrocarbon attenuation (37% of the
attenuated mass), followed by iron reduction (23%), sorption (21%), nitrate reduction (16%) and
methanogenesis (< 4%). Sorption was the dominant attenuation process for both ethylbenzene and
naphthalene. Model results were sensitive to the rate of NAPL release, initial condition of electron
acceptors, hydrocarbon utilization rates and initial condition for the anaerobic microbia population

groups, and dispersivity.

Introduction

Regulatory acceptance of monitored natural attenuation at petroleum hydrocarbon contaminated
sites requires proof that natural processes will achieve site-specific remediation objectives within a
reasonable time frame when compared to other potential remediation methods (USEPA, 1999).
Quantitative assessment of natural attenuation may require a numerical solute transport model capable of
simulating complex biochemical interactions between petroleum hydrocarbon compounds (PHC) and
multiple electron acceptors (Waddill and Widdowson, 1998). Several researchers have demonstrated the
utility of numerical models that simulate sequential aerobic/anaerobic biodegradation by calibrating these
models at petroleum hydrocarbon contaminated sites where the flow field is two dimensiona and
horizontal (Brauner and Widdowson, 1996; Waddill and Widdowson, 1997; Lu et a, 1999; and others).

The Natural ATtenuation Study (NATS) conducted at Columbus Air Force Base (CAFB) was
specificaly designed to investigate natural attenuation of PHCs derived from a controlled release in a
heterogeneous aquifer (Stauffer et al., 1997) and resulted in a unique solute concentration data set to test
numerical fate and transport modeling in heterogeneous groundwater flow systems. The NATS
experimental data facilitated application and testing of numerical fate and transport modeling in three
ways. Firg, the initia non-agueous phase liquid (NAPL) mass of each hydrocarbon was measured prior
to source emplacement. Second, the spatial distribution of hydraulic conductivity was well characterized
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during previous investigations of the CAFB aquifer. Lastly, time series concentration data for multiple
groundwater constituents, including individual PHCs, aqueous phase electron acceptors, and reaction
endproducts, were collected from a high resolution, three-dimensional multilevel sampling network.

The purpose of this paper is to demonstrate and evaluate the application of a numerical model for
biologically reactive PHC transport at the heterogeneous NATS site. The present study uses the multiple
species, sequential electron acceptor model for three dimensional reactive transport (SEAM3D; Waddill
and Widdowson, 1998) to recreate the concentration trends observed during the NATS experiment.
Results of the numerical model facilitated interpretation of field data and assessment of the relative
impact of multiple microbial processes on individual PHCs. The paper presents a brief summary of
NATS experimental data, a site conceptual and numerical model, and simulation results. Discussion of

model sensitivity and the dominant natural attenuation processes during NATS is also presented.

Previous Work

The second MAcroDispersion Experiment (MADE-2) was the first of two controlled PHC release
experiments in a shallow unconfined aguifer at the CAFB in Columbus, Mississippi. During MADE-2,
dissolved p-xylene, benzene, naphthalene, and o-dichlorobenzene were injected into the CAFB aquifer
through a line of closaly spaced wells, and PHC migration was monitored using a dense network of
multilevel samplers (MLS). Analysis of the MLS concentration data indicated that the PHCs were
naturally attenuated primarily by a biotransformation and to a lesser degree by sorption (Boggs et a.,
1993). Field and laboratory experiments were used to estimate retardation factors and an analytical
solution was fitted to the concentration data to estimate first-order biodegradation rates for the injected
PHCs, as summarized in Table 1.

The NATS experiment was the second PHC release at the CAFB, when a known mass of NAPL
was placed into the Columbus aquifer (Boggs et a., 1995). The mass fraction of BTEX (benzene, toluene,
ethylbenzene, p-xylene) and naphthalene in the NAPL was proportional to a typical JP-4 jet fuel, with
decane serving as an octane surrogate for the remaining inert fraction of the fuel (Table 2). The NAPL
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was mixed with 30 m® of clean sand, placed in an excavated trench (hereafter referred to the source
trench), and back-filled to land surface with uncontaminated sand. Sheet piling, which had been installed
along the walls of the trench to establish hydraulic control, was extracted and the natural groundwater
gradient in the source area was restored to alow PHC dissolution into the groundwater. Solute
concentrations from selected ports in the MLS network (see Figure 1) were measured 1, 3, 5, 9, 15, and
21 months after sheet pile removal. The most comprehensive collection and analysis was conducted
during the sampling events 5 months and 9 months after source removal, hereafter referred to as Snapshot
3 and Snapshot 4, respectively. Analysis of solute concentrations by Libelo et al. (1997) indicated that
multiple electron accepting processes were active during the NATS experiment and that PHC transport
was influenced significantly by natural attenuation.

Julian et al. (2000) employed a dual domain mass transfer approach for simulating bromide
transport during NATS and found general agreement with results from modeling tritium transport during
the MADE-2 experiment (Harvey and Gorelick, 1999; Feehley et a., 1999). Julian et al. (2000) recreated
the local groundwater flow field via an intermediate scale (ISM) groundwater flow model that preserved
the hydraulic conductivity structure of the Columbus aquifer. These researchers simulated solute transport
using a small-scale flow and transport model (SSM) of finer resolution than the ISM, with constant head
boundaries on all sides of the SSM specified using heads from the calibrated ISM. Julian et al. (2000)
interpolated hydraulic conductivity values to the SSM grid directly from flowmeter hydraulic
conductivity measurements reported in Boggs et al. (1990). This approach took advantage of the finer
spatial discretization of the SSM by preserving local-scale heterogeneity in hydraulic conductivity
distribution that may have small effects on head distribution but more noticeable effects on solute
transport. The SSM thus provided the base model grid for development of reactive transport simulations

using SEAM3D.
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NATS Experiment: Hydrocarbon and Geochemical Observations

For the purpose of this study, hydrocarbon, electron acceptor, and reaction end product
concentration data collected during NATS were interpolated onto a three-dimensional grid and two-
dimensiona contour plots were rendered along multiple vertical and horizontal transects through the
hydrocarbon plume. Grid spacing for the interpolation scheme was chosen as 1-m by 1-m by 0.5-m
vertical, which was of adequate resolution to preserve small-scale heterogeneity. Vertical and horizontal
cross-sections provided a means for interpretation of field data, and later, for evaluating the accuracy of
the three dimensional reactive solute model.

Hydrocarbon and TEAP Distribution
Interpolated BTEX concentration data from Snapshot 3 exhibited distinctive fingering effects.

Using the hydraulic conductivity distribution developed for the SSM by Julian et al. (2000), Figure 2
shows that observed toluene and ethylbenzene ‘fingers coincided with zones of high hydraulic
conductivity immediately down-gradient (i.e. within 15-20m) of the source trench along the vertical
transect indicated in Figure 1. Concentration plots of all five readily-soluble PHCs at several cross
sections exhibited similar distinctive fingering, which was more pronounced than similar contour plots of
the conservative tracer, bromide. The PHC plume was also spread over a smaller vertical and horizontal
distance than bromide, which previous researchers have attributed to a combination of sorption and
biodegradation of the PHCs (Libelo et a, 1997, Boggs and Macintyre, 2000).

Figures 3A and 3B show that dissolved oxygen and nitrate concentrations, respectively, of less
than 1 mg/L were generally located in zones of high hydraulic conductivity and that a zone of depletion
was observed to increase in size between Snapshot 3 and Snapshot 4. Concentrations of two reaction
endproducts, iron(I) and methane, were also observed to increase between Snapshots 3 and 4. The
highest concentrations of iron(ll) and methane were measured in zones where oxygen and nitrate were

depleted (Figure 3C and 3D, respectively).
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Libelo et al. (1997) and Boggs and Maclntyre (2000) noted that the concentration trends observed
in the NATS experiment suggest biodegradation of at least some PHCs under multiple electron acceptor
conditions. These findings support earlier work by Boggs et al. (1995) that both aerobic and anaerobic
biodegradation processes were active in the Columbus aquifer. Stapleton et al. (1999) report that the
aerobic microbial population possessing specific hydrocarbon-degrading genes was greater inside the
plume when compared to the background population. Production of iron(ll) and methane suggest that
iron(l11)-reducing and methanogenic microbia populations were also active in the anoxic zone created
immediately downgradient of the source area. Although some data suggested localized sulfate
consumption, there is no definitive evidence that sulfate-reducing bacteria were actively biodegrading
PHCs during the NATS experiment (Boggs and Maclntyre, personal communication).

Terminal electron acceptor process (TEAP) zonation has been observed at numerous petroleum
hydrocarbon sites where sequential biodegradation was observed (Boggs et al., 1993; Vroblesky and
Chapelle, 1994; Wiedemeier et al., 1995; Borden et al., 1995 and others). Lovley et a. (1994)
successfully correlated dissolved hydrogen (H,) concentrations to TEAPs by comparing field measured
H, concentrations to observed TEAPs in microcosm experiments. Measurements of background H,
concentration in the Columbus aquifer ranged from below detection to 0.2 nM. At Snapshots 3 and 4, H,
concentrations measured in the first MLS row downgradient of the source trench generally ranged
between 0.3 nM to 0.6 nM, indicating iron(l1l)-reducing conditions. Although the increase in H,
concentration suggests moderately reduced conditions, the extreme heterogeneity of the Columbus aquifer
may have produced localized anaerobic microenvironments at a vertical scale smaller than the spacing of
the MLS ports. For example, H, concentrations measured in one sampling point downgradient of the
source area were consistently greater than the 5 nM concentration, which Lovley et a. (1994) suggest as a
lower bound for defining methanogenic activity, whereas H, concentrations measured at adjacent ports
0.5-m above and below this point were at background levels. Areal delineation of TEAP zones was also

difficult for the Columbus aquifer since H, was measured only at limited MLS locations, and it was
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impossible to sample H, in the area immediately downgradient of the source trench due to an
approximately 3-m gap between the source trench and the first MLS row.

Variability in Hydrocarbon Biodegradation
Research has shown that toluene and p-xylene tend to biodegrade at higher rates and/or under

more electron acceptor conditions than ethylbenzene and benzene in mixed PHC plumes (Acton and
Barker, 1992; Chang et al., 1993; Arcangeli and Arvin, 1994; Borden et al., 1995; Borden et al., 1997).
Although other experimental data (e.g., laboratory microcosm experiments) are required for conclusive
proof, a novel approach was employed to access variability in hydrocarbon degradation using the MLS
concentration data. Figure 4 is a plot of toluene versus ethylbenzene concentrations at Snapshots 3 and 4,
showing that toluene concentrations were decreasing with time relative to ethylbenzene concentrations.
Even though the solubility of toluene is greater than ethylbenzene, toluene concentrations tended to be
lower than ethylbenzene concentrations by Snapshot 4. A similar plot of p-xylene versus ethylbenzene
(not shown) indicated smilar trends. One explanation for the decline in toluene and p-xylene
concentrations relative to ethylbenzene concentrations is that biodegradation under anaerobic conditions
consumed more toluene and p-xylene relative to ethylbenzene during the NATS experiment. Figure 5
shows a strong linear relationship between benzene and ethylbenzene concentrations, suggesting that
these compounds were attenuated by similar phenomena and at similar rates in the Columbus aquifer. The
notion of comparable benzene and ethylbenzene biodegradation conditions and rates agreed with findings
from multiple microcosm studies using soil samples from various PHC contaminated sites, as

summarized in Salanitro et al. (1997).

Conceptual Model
Based on the findings of Boggs et a. (1993, 1995), Libelo et al. (1997), Boggs and Macintyre
(2000) and the observations noted above, a conceptual model for a reactive solute transport model of the

NATS experiment was developed. A single-solute, non-reactive transport model developed in Julian et al.
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(2000) was adapted to the reactive solute model developed for this study by the addition of multiple
solutes, NAPL source release, sequential aerobic/anaerobic biodegradation, and linear sorption.

Solutes
The model for the NATS experiment was designed to simulate the fate and transport of eleven

constituents: one conservative tracer (bromide), five non-conservative PHCs (BTEX and naphthalene),
two agueous phase electron acceptors (dissolved oxygen and nitrate), one solid phase electron acceptor
(iron(111)), and two reaction end products (iron(I1) and methane). Although decane was the largest mass
percentage (75.6% by weight) of the source NAPL, Libelo et al. (1997) reported that the low solubility of
decane (<9 ng/L) prevented migration from the source area. Decane was therefore not included as an
agueous phase solute in the conceptual model and was modeled only as an inert fraction of the NAPL.

Sorption, Phase Transfer, and the Dual Domain Approach
Abiotic hydrocarbon attenuation in the Columbus aquifer was investigated using two different

conceptual models. In the first model, hereafter referred to as the single porosity model, PHC sorption
was assumed to follow a linear, isothermic relationship in the Columbus aquifer. BTEX and naphthalene
were distributed between non-aqueous (NAPL), aqueous, and sorbed phases. The second model, hereafter
referred to as the dual domain model, simulated the agueous phase as two distinct mobile and immobile
phases but did not smulate PHC concentration variables for the solid phase. Mass transfer between the
agueous mobile and immobile phases was allowed in the dual domain model, but biodegradation was
assumed to occur only in the mobile phase. Zheng and Jiao (1998) and others found that modeling non-
reactive solute transport in the Columbus aguifer using a dual domain approach improved model fit to
bromide concentration measurements when compared to a Fickian advection-dispersion model.
Considering that the PHC in the NATS experiment are strongly sorbing compounds relative to bromide,
both models for abiotic PHC attenuation were employed to simulate the experiment. In both models,
agueous electron acceptors were modeled as a single mobile phase. Iron(l11) was assumed to have a

negligible agueous component.
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NAPL Release
During the NATS experiment, mobile aqueous phase PHCs entered the Columbus aquifer by

dissolution from the NAPL phase and physical transport from the source trench. Julian et al. (2000) noted
that bromide release from the eastern half of the source trench was limited relative to the western half of
the trench. Similarly, PHC concentrations down-gradient of the eastern haf of the source trench
suggested that the release of mass into this region was slower than release from the western half of the
trench. Figure 6 shows the location of the source area relative to the hydraulic conductivity distribution on
the down-gradient face of the source trench. Smearing of fine-grained sediments during sheet pile
installation and removal may have more extensively clogged pores in the eastern portion of the trench
relative to the western portion, thereby contributing to the differential contaminant migration observed in
the transverse direction.

Biodegradation
Based on field observation, PHC biodegradation was simulated by aerobic, anoxic, iron(l11)-

reducing, and methanogenic processes. Each readily-soluble PHC served as an electron donor/growth
substrate, but PHC biodegradability was specified as variable by TEAP. Toluene and p-xylene were
assumed to biodegrade under all simulated electron acceptor conditions. Ethylbenzene and benzene were
assumed to biodegrade only under aerobic and methanogenic conditions. Naphthalene was simulated to
biodegrade only under aerobic conditions. Decane was treated as an inert fraction of the source NAPL

and was not simulated to biodegrade under any conditions.

Numerical Model

Reactive Solute Transport Model
The SEAM3D reactive transport model (Waddill and Widdowson, 1998) was chosen to simulate

the NATS experiment, as the major features of this model (NAPL dissolution and sequential aerobic-
anaerobic biodegradation) were present during the NATS experiment. SEAMS3D input included

specification of parameters for advection, dispersion, sorption, biodegradation, NAPL source release, and
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output control options. SEAM3D output included both unformatted concentration files and columnar
mass balance files. The mass balance files created by SEAM3D recorded the mass of each constituent
remaining in a particular phase (i.e. NAPL, sorbed, or agueous) and the mass of each substrate
biodegraded under each TEAP.

Grid Design and Boundary Conditions
The finite difference model grid for the present study was identical to the SSM described in Julian

et al. (2000) and consisted of a 22 layer model with 60 nodes in both horizontal directions. Grid spacing
was 1-m horizontally and 0.5-m vertically, which created the square model domain shown in Figure 1
(plan view). The reactive transport model was fully three-dimensional so that vertical flow and
preferential pathways in the Columbus AFB aguifer may be simulated. Solute transport equations in the
reactive transport model were solved using a third order total-variant-diminishing (TVD) scheme based
on the ULTIMATE algorithm (Leonard, 1988). A Courant number of 1.0 was specified to satisfy stability
and accuracy requirement of the model, thus limiting each transport step size to 0.17 days for the single
porosity model and 2.9x107 days for the dual domain model.

Initial hydrocarbon, electron acceptor, and reaction end product concentrations were specified
based on field observations outside the NATS contaminant plume. Initial agueous phase PHC
concentrations were specified as zero, as background concentrations in the Columbus aquifer were below
detection. Initial oxygen and nitrate concentrations were uniformly set at 4.0 and 4.4 mg/L, respectively,
based on concentrations measured prior to source emplacement. The initial concentration of bioavailable
iron(l11) for the NATS model was specified as 50 ng Fe**/g soil. Maximum total iron(l11) concentrations
in the Columbus aquifer were reported as 1 percent of the total soil mass by Libelo et a (1997), but these
researchers only found small quantities of ferrihydrite and no observed amorphous iron oxides. In a
microcosm study using freshwater sediments from the Potomac River, Lovely and Phillips (1986)
demonstrated that ferrihydrite and amorphous iron(l11) oxyhydroxides were the only biologically

reducible forms of iron(lll). Based on MLS concentration data, initiad iron(ll) and methane
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concentrations were set at zero. Boundary conditions were specified as zero flux for al constituents at
each side of the model grid except for the upgradient (southern) flow boundary. Influent concentrations
for al model congtituents were specified as equal to the initial condition and held constant over time.

Single Porosity Model: Governing Equations
The governing equation for PHC fate and transport in the single porosity model, as developed in

Waddill and Widdowson (1997), was expressed as

R, Ss - 1% ‘ITSS 9 l(v S.)+ R Bio 1)
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where S; is the agueous phase hydrocarbon concentration [Ms L'3] for compound Is (Is = 1,2,...5), Djj is

the hydrodynamic dispersion coefficient tensor [L T7], v is the average pore water velocity [L T,
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is the rate of hydrocarbon transfer from the NAPL to the aqueous phase,

hydrocarbon removal by biodegradation, and R is the retardation factor, which accounts for sorption of

each PHC. For alinear sorption model, the retardation factor was calculated as
Re=1+12 q % KqJs )

wherer, is the soil bulk density [M L], ks is the distribution coefficient [L* M™], and q is the effective
porosity.
Mass balance calculations for agqueous phase electron acceptors and reaction end products were made

using Equations (3) and (4), respectively:
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where Ej is the aqueous phase concentration [M. L™¥] of electron acceptor le (le = 1 for oxygen, and 2 for

nitrate), Rs?inok,m is the rate of electron acceptor removal by biodegradation, P, is the agueous phase
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concentration [My, L] of biodegradation end product Ip (Ip = 1 for iron(ll), and 2 for methane), and
jogrce,.p is the rate of end product generation. The mass balance equation for the solid-phase electron

acceptor (le= 3 for iron(l11)) was expressed as

% =- RénkJe ©)

Dual Domain Modd: Governing Equations

The genera equation of transport in the dual domain model was expressed as
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where C,, is the solute concentration in the mobile domain [M L'3], Cim is the solute concentration in the

immobile domain [M L], g, is the portion of the total porosity filled with mobile water, g, is the portion
of the total porosity filled with immobile water, IADij is the apparent dispersion coefficient tensor [L T

(cdculated from the Darcy flux rather than the seepage velocity), and ¢ is the Darcy flux [L TY.
Equation (6) may be modified for each solute category (i.e., hydrocarbon, electron acceptor, and
biodegradation end product). A reversible, first-order mass transfer function simulated solute transfer

between the maobile and immobile zones, expressed as

ﬂCim_ _C
imT_b(Cm Cim) (7)

where b is the mass transfer rate [T™"] between the mobile and immobile zones (Zheng and Wang, 1999).

NAPL Dissolution

Hydrocarbon dissolution from the NAPL phase to the agueous phase was simulated as a rate

limited mass transfer function. Waddill and Widdowson (1997) expressed the rate of NAPL release,

NAPL
urce|ls !

as afunction of amass transfer rate coefficient (K**™) and the phase concentration differential:
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where S3'is the equilibrium concentration for PHC compound Is. Since all PHCs included in the NATS

model were similar in structural hydrophobicity, the equilibrium concentration of each hydrocarbon was

assumed as equal to the effective aqueous solubility. Using the effective solubility approach developed in

Banerjee (1984), the molar concentration of the i"™ component in amixture ( S™) was estimated as:

§% =15 9)
where f, was the mole fraction of thei™ constituent in the NAPL and SSO' was the pure phase solubility of

thei™ solute in water. A mass balance equation was also solved for each component in the NAPL phase.

Biodegradation Kinetics
Hydrocarbon mass loss due to biodegradation was expressed as the sum of aerobic and anaerobic

processes, which was a function of PHC and electron acceptor concentrations and was given by:

o _s s M ¢ 5, w® E, U
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where My is the population of microcolony x [Mb L-3], n ;‘]iﬁe is the maximum specific rate of substrate
utilization for microcolony x growing on substrate Is and electron acceptor le [Mis My T, RiJsJe isthe
effective half saturation constant for substrate Is utilizing electron acceptor le [Mys L™; R?(Jeis the
effective half saturation constant for electron acceptor le [M L-3]; is the effective concentration of
substrate Is [Ms L'3]; andEe is the effective concentration of electron acceptor le [Me L'3]. lie)i is @n

inhibition function defined by

lej =1 forle=1 (11a)
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where ki) is the electron acceptor inhibition coefficient [Me L'3] representing inhibited utilization of
electron acceptor le in the presence of eectron acceptor li. In the case of methanogenesis, the electron
acceptor Monod term in Equation (10) is not present.

Aqueous phase electron acceptor mass loss due to biodegradation was summed over all
applicable microbial populations (oxygen may be utilized by strict aerobic bacteria and facultative,

nitrate-reducing bacteria) and over al applicable PHC compounds:

M, é IS l,J(§ E u
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where gy sie IS the electron acceptor use coefficient [Me M.S'l], representing the mass of electron acceptor
le used per unit mass of substrate Is. Iron(l11) utilization (x = le = 3) was expressed as

u
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Equation 13 is set at zero in the event that microbial utilization results in depletion of iron(l11).
The rate of iron(ll) generation was a function of the rate of electron acceptor (x = le = 3)

utilization, given by
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where z,,. is the product generation coefficient [M;, Mi¢"]. For the methane production (x = le = 4), the

source term is afunction of the rate of substrate utilization, given by
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where z,s is the methane generation coefficient [M, M |S'1] .
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Model Parameter Selection

Solute Transport and Phase Transfer Parameters

Solute transport and phase transfer parameters for both the single porosity and dual domain model
were derived from previous studies at the NATS site and are summarized in Table 3. As part of model
calibration, longitudinal dispersivity was varied between 0 and 1 m, while the ratio of longitudina to
transverse to vertical dispersivity was maintained at 1.0 to 0.1 to 0.01. Retardation factors for benzene and
naphthalene were specified within the range reported by Boggs et al. (1993), while retardation factors for
the remaining PHCs were chosen based on literature values. For the dual domain model, the mass transfer
coefficient between the mobile and immobile phases (b) and the values for mobile and immobile porosity
were identical to those reported for bromide transport by Julian et a. (2000).

NAPL Dissolution Parameters
Table 2 lists input parameters required for each NAPL component when the SEAM3D NAPL

package is used to simulate mass transfer to the aqueous phase. Two of the input parameters, solubility
and molecular weight, are widely available in chemical handbooks and were used to calculate the
effective solubility for each NAPL constituent. The total NAPL mass and mass fraction of each NAPL
component (by weight) are site-specific parameters and often require estimation for each source. The
NATS experiment was unique in that both the total NAPL mass and the initial mass fraction of each PHC
was known, and therefore did not need to be estimated. The initidl NAPL mass was 608.4 kg and mass
fraction of each NAPL component is reported in the last column of Table 2.

The SEAM3D NAPL package also requires a mass transfer coefficient (K*™) for simulating
NAPL release to the agueous phase. Through trial-and-error parameter adjustment and the matching of
PHC concentration data measured at the first line of MLS transverse to flow, k""" was estimated as
5x10° days™ for the NATS source. The observed additional clogging noted in the eastern portion of the
source by Julian et a. (2000) was accounted for by reducing K™™ by one order of magnitude for selected

eastern source nodes.
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Biodegradation Parameters
Table 4 lists the biokinetic and stoichiometric parameters for the calibrated single porosity model.

Half saturation constants and yield coefficients were chosen within the range of values typically reported
in the literature for PHC sites (e.g., Waddill and Widdowson, 1997). Electron acceptor use coefficients
and methane production coefficients were calculated using stoichiometric relationships that account for
PHC oxidation and conversion to biomass, originaly developed in McCarty (1975). The iron(ll)
production coefficient was adjusted such that model predicted iron(l1) concentrations were consistent with
field measured values. The calibrated value is lower than that predicted stoichiometrically, as aqueous
phase iron(ll) is highly reactive and often precipitates to the solid phase in the subsurface environment
(Lovley et al., 1994). Inhibition coefficients were chosen based on observations of electron acceptor
disappearance and reaction end product formation.

Waddill and Widdowson (1998) indicated that adjustments to the maximum specific utilization

max
xlsle

rate (n ) govern the overall importance of a particular electron accepting process, while changes in

the initial microbial population served to simulate the lag-time often noted prior to the onset of

biodegradation. The initial microbial population and N were adjusted to the values reported in Table

xlsle

5 by trial-and-error to attain the calibrated single porosity model. The methanogenic micraobial population

was specified as constant with time (Y, .= O for le = 5), which caused substrate utilization under

Isle ™
methanogenic conditions to be caculated at a first order decay rate of 0.0017 days® following the

depletion of oxygen, nitrate, and iron.

Results and Discussion

Model Calibration

Trial-and-error parameter adjustment was used to calibrate the reactive transport model to solute
concentration distributions collected at Snapshots 3 and 4, respectively. Moddl calibration was evaluated

by comparing simulated concentrations with field data at selected MLS locations and at three vertical
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cross sections oriented in the main direction of flow. The vertical transect shown in Figure 1 offered an
optimal profile for comparing experimental and model results at Snapshots 3 and 4. Comparisons between
model-generated vertical and horizontal cross sections and those developed using field data were useful in
determining whether a particular model parameter set was recreating the general trends observed during
NATS. Zheng and Jiao (1998) and Julian et al. (2000) successfully employed a similar qualitative
approach to model calibration, as opposed to a point-by-point comparison, for non-reactive transport in
the Columbus aquifer of tritium and bromide, respectively.

Single Porosity M odel
Figure 7 presents contour plots of field data (Ieft column) and calibrated single porosity model

results (right column) for a vertical cross section located 4-m west of the source centerline for benzene,
toluene, ethylbenzene, p-xylene, and naphthalene. Comparison between columns in Figure 7 shows that
the calibrated model recreated the fingering observed for the 1 mg/L BTEX contour at Snapshot 3, and
generally reproduced the vertical and longitudinal extent of BTEX concentration plumes. The vertical and
longitudinal dimensions of the naphthalene plume were aso reproduced by the single porosity model, but
field measured naphthalene concentrations in and around the source area were approximately five times
higher than model predicted values at Snapshot 3. The calibrated single porosity model was compared
with field observations at Snapshot 4 along the same vertical cross section, as presented in Figure 8. The
calibrated single porosity model was able to recreate the observed concentration distribution of BTEX at
Snapshot 4, as both the field and model simulated BTEX concentrations were observed to increase in the
upper portion (i.e. greater than 59-m) of the plume relative to the lower portion (i.e. less than 59-m). As
with Snapshot 3, the single porosity model reproduced the longitudinal and vertical extent of the observed
naphthalene plume at Snapshot 4, but observed concentrations were an order of magnitude greater in the
observed plume relative to the model predicted values.

Horizontal dices of the field measured and model ssimulated PHC concentrations, taken at an

elevation which passed through the source trench (i.e. 60-m), showed that the reactive transport model
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captured horizontal variations in PHC transport. As an example, Figure 9 depicts horizontal contour plots
of toluene concentration developed from field data (Ieft column) and the calibrated single porosity model
(right column) for Snapshots 3 and 4. Figure 9 shows agreement between field observations and model
simulations in that toluene migration in the western portion of the plume was greater than the eastern
portion. The model simulated reduced PHC migration downgradient of the eastern portion of the source
trench by inhibited PHC release and decreased solute transport due to the low hydraulic conductivity in
that area.

Figure 10 contains a plot of model caculated toluene concentration versus ethylbenzene
concentration for all sampled MLS locations for Snapshots 3 and 4. Similar to Figure 4, results of the
calibrated single porosity model predicted decreasing toluene concentrations with time relative to the
ethylbenzene concentrations. In addition, the model predicted that toluene concentrations were near zero
a multiple sampling points where ethylbenzene was present. A plot of model calculated benzene
concentration versus ethylbenzene concentration for all sasmpled MLS points (Figure 11) showed that the
single porosity model predicted a nearly perfectly linear trend between ethylbenzene and benzene
concentration. A cross plot of field measure benzene versus ethylbenzene concentration, shown in Figure
5, also showed a direct correlation between these compounds, although there was more scatter in the field
data than predicted by the model.

Simulation results for electron acceptor and reaction end product concentration distributions
along the vertical transect are depicted in Figure 12 a Snapshots 3 and 4. Simulation of PHC
biodegradation under aerobic and anoxic conditions produced a oxygen- and nitrate depleted zone from
the source trench to approximately 14-m downgradient of the source area, as shown in Figures 12A and
12B, respectively. The zone of oxygen and nitrate depletion grew dightly larger between Snapshots 3 and
4, primarily in the upper part of the PHC plume shown in the selected cross section. Figure 12C shows
that the calibrated model predicted iron(l11)-reduction as active by Snapshot 3, and the increasing size of

the iron(ll) plume from Snapshots 3 to Snapshot 4 shows that the zone of iron(l11)-reduction is growing
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with time. The calibrated model also predicted methane production in zones that were otherwise depleted
of electron acceptors, and Figure 12D shows that the model simulated increasing methane concentrations
with time. Comparison of model simulated oxygen and nitrate concentrations with field measurements of
these electron acceptors (as shown in Figures 3A and 3B, respectively) indicated that the model predicted
a more clearly defined anaerobic zone than field data. One explanation for the disparity between the
model and simulated results is that transient and spatial variation in the levels of oxygen and nitrate were
not fully captured in the model-specified initial and upgradient boundary conditions. Better agreement
between model predicted and field measured concentrations was realized for the reaction endproducts.
The longitudinal extent and concentration distribution of both the iron(l1) and methane plumes and
concentration levels were comparable to the field data cross-sections shown in Figures 3C and 3D,
respectively.

Dual Domain M odéel
Using the microbial parameters from the calibrated single porosity model listed in Tables 3 and 4,

the dual domain approach was applied for reactive transport during the NATS experiment. Figure 13
presents contour plots for results of the dual domain model a Snapshots 3 and 4 for BTEX and
naphthalene. The left column of Figure 13 shows that the dual domain model for solute transport did not
reproduce the distinctive hydrocarbon fingering observed for the toluene, ethylbenzene, and p-xylene
during Snapshot 3 as was simulated with the single porosity model (see Figure 7). Model-predicted
BTEX concentration distributions at Snapshot 4 (right column of Figure 13) were in better agreement
with field measured concentrations, although the 5 mg/L contour for toluene was further down-gradient in
the dual domain model than the field data indicated. Overall, the single porosity (right column of Figure
8) and dua domain (right column of Figure 13) models showed similar results at Snapshot 4. Although
these results show that the single porosity model was better able to reproduce observed PHC transport
through preferential flow paths at Snapshot 3, simulating biodegradation obscured the differences

between these models by Snapshot 4.
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Modd Sensitivity

The reactive transport model was most sensitive to the NAPL mass transfer rate (K\*™), the initial

max
xlsle

concentration of biocavailable iron(lll), the substrate utilization rate (n ) and initial microbial
population (M,) for the iron(lll)-reducing and methanogenic populations, and dispersivity. PHC
attenuation was also sensitive to the ambient oxygen and nitrate concentration, but field measurements
indicated that the influent concentrations for these agueous electron acceptors were not highly variable
with time.

Order of magnitude changes in K" caused changes in both the concentration and length of the
simulated PHC plumes. For example, an order of magnitude decrease in the dissolution parameter
resulted in PHC transport of less than 5 m at Snapshot 4, compared to the observed length of
approximately 15 m. Increasing k™™ by an order of magnitude resulted in simulated PHC plumes that
were greater than 20 m in length a some locations, with PHC concentrations greater than 5 mg/L
extending more than 10 m downgradient of the source trench by Snapshot 4.

Background concentration of bioavailable iron(l11) was unknown for the Columbus aguifer, so
the initial iron(l11) concentration was allowed to vary between 10 and 200 ng/kg during calibration. The
effects of changing the iron(l11) initial condition were most noticeable at Snapshot 4. Increasing the
iron(l11) concentration to 200 ng/kg caused the model to overpredict toluene and p-xylene biodegradation,
as observed in toluene and p-xylene concentrations near the source trench less than 5 mg/L by Snapshot 4.

Reducing the iron(ll11) concentration below the calibrated initial condition (50 ng/kg) resulted in

insufficient attenuation of toluene and p-xylene.

Model predicted PHC concentrations were more sensitive to changes in n&. and M, for

xlsle
anaerobic populations (i.e. x = 3, 4) than higher-energy TEAP populations. Order of magnitude variation
in the initial aerobic and facultative microbia populations had little effect on PHC biodegradation,

indicating that electron acceptor availability was the limiting factor. A 50 percent decrease in either
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n or My for the iron-reducing population resulted in minimal anaerobic PHC biodegradation through

Snapshot 4, causing the model to over-predict toluene and p-xylene concentrations. Increasing either of
these variables for the iron-reducing population by 50 percent had little effect on model results through
Snapshot 4, as iron(l11) depletion limited further biodegradation. A 50 percent increase in the rate of
methanogenic PHC biodegradation resulted in an over-prediction of field-measured methane
concentrations, but had little noticeable effect on PHC concentration distribution at Snapshots 3 or 4.

No noticeable differences were observed in model predictions of PHC transport for alongitudinal
dispersivity at or below the local scale (i.e., a. £ 1.0 cm). Increasing the longitudinal dispersivity to 1.0
m (ary = 0.10 m and ary = 0.010 m), however, resulted in model simulations which over-predicted the
horizontal extent of PHC transport, under-predicted PHC concentrations in and around the source trench,
and did not recreate the hydrocarbon fingering observed at Snapshot 3.

PHC Attenuation

SEAM3D mass balance calculations using the single porosity model with zero dispersivity were
compiled to quantify biotic PHC mass loss (specified by TEAP) and abiotic PHC mass attenuation for the
NATS experiment. At Snapshot 4, the SEAM3D model predicted that approximately 99 percent of the
origina BTEX and naphthalene mass was till in the NAPL phase. For the BTEX and naphthalene mass
which was simulated to dissolve into the agueous phase by Snapshot 4, mass balance calculations
indicated that 49 percent was biodegraded, 13 percent was sorbed to the aquifer, and the remaining 38
percent was present in the agueous phase. Aerobic biodegradation was calculated to have transformed
more aqueous phase PHC than any other simulated process, and accounted for 37 percent of the
transformed PHC. Mass balance calculations indicated that iron(l11)-reduction accounted for 23 percent of
aqueous phase PHC removal, followed by sorption (21%), nitrate reduction (16%) and methanogenesis
(< 4%).

Figure 14 reports the cumulative PHC mass transformed by each simulated natural attenuation

process at Snapshots 3 and 4. The results in Figure 14 indicate that the principal natural attenuation
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process varied by PHC and, in some cases, with time. For example, the calibrated single porosity model
calculated that the dominant transformation process for toluene and p-xylene was aerobic biodegradation,
while sorption was simulated as the dominant attenuation process for ethylbenzene and naphthalene. No
single transformation process accounted for benzene attenuation, as the model indicated that the mass of
transformed benzene was comparable for al three simulated processes (aerobic biodegradation,
methanogenic biodegradation, and sorption). The increasing importance of toluene removal by
iron(l1)-reduction with time is aso illustrated in Figure 14, as toluene mass transformation under

iron(l11)-reduction was predicted to increase by more than a factor of three between Snapshots 3 and 4.

Conclusions

This study was successful in developing a numerical model to simulate PHC transport during the
NATS experiment. Model calibration was realized at Snapshot 3 (5 months after NAPL release) using a
single porosity transport model with zero dispersivity. Model calibration to observed BTEX concentration
distributions was more successful than results for naphthalene, although the overall length and width of
the simulated naphthalene plume compared favorably with field observations. The numerical model for
the NATS site was verified using a second data set a Snapshot 4 (9 months after NAPL release).
Considering that anaerobic processes had little effect on PHC attenuation at Snapshot 3, matching field
observations at Snapshot 4 served more to complete the calibration process than as a true model
verification step.

The model aso predicted the development of multiple TEAP zones following PHC release, which
agreed with analysis of field data reported by Libelo et a. (1997) and Boggs and Macintyre (2000).
Simulation results for oxygen and nitrate may improve if a non-uniform initial and/or boundary
concentration could be used for these electron acceptors, but insufficient data was available prior to the
NATS experiment to create a non-uniform initial condition. Model predictions for the formation of two
reaction endproducts, iron(ll) and methane, were in agreement with field observations. Both field data
and model results suggested that the anaerobic processes, including methanogenesis, were active and
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detectable less than 9 months after NAPL release. In contrast, observations at a gasoline-contaminated
site in a relatively homogeneous aquifer at Laurel Bay, South Carolina did not detect methanogenic
activity in the source area five years after contaminant introduction (Landmeyer et al., 1996). The rapid
development of a methanogenic zone in the NATS experiment relative to other studies may have been
caused by the formation of localized anaerobic environments, the rapid depletion of other available
electron acceptors (particularly iron(I11)), and/or a shorter acclimation period for microbial population due
to previous PHC exposure during MADE-2.

Model predicted PHC concentrations were particularly sensitive to changes in the NAPL mass
transfer rate (K*) and, for toluene and p-xylene, the starting concentration of bioavailable iron(l11).
Model sensitivity to k"™ indicates that field studies are needed to test various NAPL dissolution models
and develop methods for estimating in situ NAPL mass transfer parameters, while sensitivity to the
starting iron(I11) concentration suggests a need for accurate analytical techniques for measuring
biocavailable iron(l11). The results of this study also indicate that the PHC concentration distribution at
Snapshot 3 was better smulated using a single porosity, linear sorption model, relative to the dual domain
model, but that the differences between the two models were minimal by Snapshot 4. At the time of this
study, SEAM3D did not have the capability to combine dual domain transport with sorption to the solid
phase and sequential electron acceptor biodegradation. Future research may show that use of a dua
domain transport model may improve model calibration if al natural attenuation processes can be
simulated.

SEAM3D mass balance calculations for the calibrated single porosity model provided a unique
method for evaluating the NATS experiment. Model calculations indicated that aerobic biodegradation
transformed more total PHC than any other natural attenuation process This finding was not uniform for
all PHCs, as results from the calibrated model also indicated that sorption was the dominant natural
attenuation process for ethylbenzene and naphthalene. The calibrated model predicted that the importance

of iron(l1l)-reduction to toluene and p-xylene transformation was increasing with time, but that the
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mixing of ambient dissolved oxygen and nitrate at the edges of the PHC plume resulted in a continuous

contribution of al TEAP processes to natural attenuation during the NATS experiment.
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Table 1. Range of values for the retardation factor and first-order biodegradation rate for
benzene, p-xylene, and naphthalene reported from MADE-2 (Boggs et al., 1993).

Retardation First-order Biodegradation Rate

Component Factor (day™)

Benzene 1.2-1.3 0.008-0.010
p-Xylene 1.16-1.24 0.011-0.016
Naphthalene 1.42-1.45 0.007-0.013
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Table 2. Composition and chemical properties of the NAPL source for the NATS experiment.
Solubility, molecular weight, and initial percentage of the NAPL (by weight) were
required SEAM3D input parameters.

NAPL Solubility Molecular Weight % of NAPL
Component (mg/L) (g/mal) (by weight)
Benzene 1790 78.1 0.05
Toluene 500 921 6.6
Ethylbenzene 165 106.7 7.1
p-Xylene 185 106.7 6.9
Naphthalene 34 128.2 7.8
Decane (Inert) 0.009 142.3 71.5
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Table 3. SEAM3D input parameters for aquifer, soil, and PHC sorption properties.

Par ameter Value
Bulk density 1.77 g/em® ¥
Diffusion Coefficient 10 m?/d
Single Por osity Dual Por osity
Model Mode @
Porosity
Mobile 0.30 0.05
Immobile n/a 0.30
Dua domain mass transfer coefficient n/a 0.0025
Retardation Factor
Benzene 1.20 @ n/a
Toluene 1.35 n‘a
Ethylbenzene 1.35 n/a
p-Xylene 1.35 n/a
Naphthalene 1.45® n/a

@ Boggs et al. (1990); @ Julian et al. (1999); ©® Boggs et al. (1993)
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Table 4. Biodegradation parameters for microbia kinetics, inhibition, electron acceptor

consumption and reaction endproduct formation.

K)fje K;}Je Yx,Is,Ie gx,ls,le z x i k leli
Microbial Population | (@m®) (@m®) (gg) (9g) (@g’) (@m?)
Aerobes 0.5 1.25 0.50 1.6 -- 2.0
Nitrate reducers 0.5 0.5 0.30 3.4 -- 15
Iron reducers 0.5 -- 0.20 35.0 0.1 1000.0
M ethanogens 0.5 -- 0.00 -- 0.8 --
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Table 5. Maximum specific utilization rates (nyy,.) and initial microbial population

concentration (M) for each ssimulated electron acceptor condition. NS means that
hydrocarbon biodegradation was not simulated for that electron accepting condition.

Electron Accepting Maximum specific utilization rates, n o, (day™) M,
Condition Benzene Toluene Ethylbenzene p-Xylene Naphthalene | (gm?)
Aerobic 0.025 0.70 0.025 0.15 0.01 0.05
Nitrate-reducing NS 0.35 NS 0.075 NS 0.05
[ron(l11)-reducing NS 0.07 NS 0.007 NS 0.05
M ethanogenic 0.005 0.005 0.005 0.005 NS 0.10
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Figure 1. NATS test site location map and orientation map for model domain relative to multi-
level sampling locations and the NAPL source trench location.
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Figure 2. Correlation between contaminant contours (ppm) and hydraulic conductivity for a
vertical slice taken 4 m west of the source trench centerline at Snapshot. The top

figure depicts toluene concentrations, while the bottom figure is for ethylbenzene.
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Figure 1.
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Figure 5. Comparison of field measured benzene and ethylbenzene concentrations for all

monitoring points. Filled diamonds (¢ ) are for Snapshot 3 and empty diamonds (©)

are for Snapshot 4.
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Figure 7. Comparison of field measured BTEX and naphthalene concentrations with model
simulations for the single porosity model along a vertical cross section 4-m west of the
source centerline for Snapshot 3.
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Figure 8. Comparison of field measured BTEX and naphthalene concentrations with model
simulations for the single porosity model along a vertical cross section 4-m west of
the source centerline for Snapshot 4.

125



Longitudinal Distance (m)

Longitudinal Distance (m)

FIELD DATA MODEL PREDICTION
20 20
Snapshot 3 Snapshot 3
15+ 15
10| 10
| e .
0- -0
T T T T T I I I I I
-10 -5 0 5 10 10 5 0 5 10
20 20
Snapshot 4 Snapshot 4
15+ 15
10
-5
-0
I I I I I I I I I I
-10 5 0 5 10 -10 5 0 5 10

Transverse Distance (m)

Transverse Distance (m)

Toluene Concentration (mg/L)

0.1

1.0

5.0

a horizontal cross section at z = 60m at Snapshots 3 and 4.

126

Figure 9. Comparison of field measured toluene concentrations with model simulated values for



O
$ &8
14 & ©
%
o
Y %
O L) L) Ll

0 1 2 3 4
Ethylbenzene Concentration (mg/L)

Toluene Concentration (mg/L)

Figure 10. Comparison of model simulated toluene and ethylbenzene concentrations for all
monitoring points. Filled diamonds (" ) are for Snapshot 3 and empty diamonds
() arefor Snapshot 4.

127



0.8

Benzene Concentration (mg/L)

0.0 r T T T T T

0 2 4 6 8
Ethylbenzene Concentration (mg/L)

Figure 11. Comparison of model simulated benzene and ethylbenzene concentrations for all
monitoring points. Filled diamonds (#) are for Snapshot 3 and empty diamonds

(©) are for Snapshot 4.

128



SNAPSHOT 3 SNAPSHOT 4
Electron Acceptor Concentrations

—~ 62 62
£ A A
we i .
(mg/L) S 58 273 58 273
QL
W s 56
0 5 10 15 20 25 0 5 10 15 20 25
~ 62 62
E "B B
8 Y
(mg/L) g 58 g 58 3
Q2
Y o56 56
0 5 10 15 20 25 0 5 10 15 20 25
Reaction Endproduct Concentrations
~ 62 62
3 c C
c 60 0 60 2
Iron(Il) S - g
= .5
(mg/l-) § 58 2 0.25 58 1 0.25
Q
w 56 56
0 5 10 15 20 25 0 5 10 15 20 25
__ 62 62
€ D _ __ D
Methane = 4, 60 1 " i
(mglL) £ 01880 05
S 58 0.025 58 ] 0.025
u 56 T T T T 56
0 5 10 15 20 25 0 5 10 15 20 25
Longitudinal Distance (m) Longitudinal Distance (m)

Figure 12. Model calculated electron acceptor and reaction endproduct concentration distributions at
Snapshots 3 and 4 for the single porosity reactive transport model. All cross sections are
taken 4 m west of the source centerline.
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Figure 13. BTEX and naphthalene concentrations for model simulations using the dual domain
reactive transport model along a vertical cross section 4-m west of the source
centerline for Snapshots 3 and 4.
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