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(ABSTRACT)

The structure and function of stream ecosystems may be strongly influenced by

land-use practices within watersheds.  The magnitude of land-use impacts may depend

upon the spatial arrangement of development in watersheds.  This study examines the

relationship between land-cover patterns and stream structure and function in 9 southern

Appalachian headwater basins.  Using a GIS/remote sensing approach, land-cover

patterns were quantified at several spatial scales, including the entire watershed, riparian

corridor, and riparian sub-corridors extending upstream in 200 m increments for 2 km.

In-stream physico-chemical variables were related to land-cover patterns at different

spatial scales.  Dissolved constituents (e.g., TIN, alkalinity) were frequently related to

physical features or land-cover patterns at the watershed scale.  Conversely, mean

substrate particle size and stream temperature were most strongly related to land-use

practices at the entire riparian corridor scale.  Finally, maximum stream temperature was

best explained from land-cover patterns at the 200 m sub-corridor scale.

The relationship between land-cover patterns and benthic macroinvertebrate

communities is examined in Chapter 1.  Macroinvertebrate assemblage structure was

quantified using the slope of rank-abundance plots, and further described using standard

diversity and evenness indices.  Macroinvertebrate taxa richness ranged from 24 to 54

among sites, and the analysis of rank-abundance curves defined three distinct groups with

high, medium, and low diversity.  In general, other macroinvertebrate indices were in

accord with rank-abundance groups, with richness and evenness decreasing among sites

with maximum stream temperature.  Macroinvertebrate indices were most strongly

related to land cover patterns evaluated at the 200 m sub-corridor scale, suggesting local,

streamside development effectively alters assemblage structure.

The relationship between land-cover patterns and leaf breakdown is examined in

Chapter 2.  Breakdown rate for American sycamore (Plantanus occidentalis) leaf packs
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varied significantly among sites (k = 0.0051 to 0.0180 d-1), but fell within the range

reported in the literature for sycamore.  Leaf breakdown rate increased among sites with

shredder density and biomass.  Further, breakdown rate and shredder density and biomass

were positively related to mean substrate particle size.  Though several instream variables

were related to watershed-scale features, leaf breakdown rate was not related to land

cover at the watershed scale.  Leaf breakdown rate was inversely related to % non-forest

within riparian sub-corridors of approximately 1 km.  Results suggest that the distribution

of shredders is critical to leaf processing in these streams.  In some streams, increased

sediment inputs as a result of agricultural activity or residential development in riparian

corridors may limit the distribution of shredders and thus influence leaf breakdown rates.

Alternatively, near stream development may reduce the quantity and/or quality of

allochthonous inputs to streams, and thus indirectly influence the distribution of

shredders.
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General introduction

Aquatic and terrestrial ecosystems are tightly coupled by the exchange of materials.  This

relationship is particularly important in forested headwaters that are largely dependent

upon allochthonous organic matter as the primary energy source (Fisher and Likens

1973).  Research has demonstrated that the conversion of forests to pastures and/or

residential areas may influence in-stream habitat and subsequent structure and function of

stream ecosystems.  Loss of terrestrial vegetation (Swank et al. 1988) and increased

impervious surface area (Changnon and Demissie 1996) can influence evapotranspiration

and infiltration, and alter natural flow regimes (Poff et al. 1997).  Many land-use

practices increase sediment inputs to streams, changing substrate characteristics and

channel morphology, reducing macroinvertebrate biodiversity  (Lenat and Crawford

1994, Waters 1995, Quinn et al. 1997), and altering the rate of organic matter processing

(Reice 1974, 1980; Meyer 1980).   Removal of streamside vegetation and subsequent

increased solar radiation reaching the stream channel can elevate temperatures (Burton

and Likens 1974, Rutherford et al. 1997, Quinn et al. 1997) and alter thermal regimes that

are critical to the life history and ecology of macroinvertebrates (Vannote and Sweeny

1980, Ward and Stanford 1982, Quinn et al. 1994).  In association with altered catchment

hydrology and land use, inputs of inorganic nutrients from terrestrial sources (Omernik

1976, Hunsaker and Levine 1995, Johnson et al. 1997) may accelerate the rate of leaf

breakdown (Meyer and Johnson 1983).  In addition, greater nutrient delivery may interact

with increased light availability and elevated stream temperature to enhance in-stream

primary production (Webster et al. 1983) generating changes in the trophic structure of

benthic communities  (Gurtz and Wallace 1984).

The relative magnitude of these changes frequently depends upon the spatial

distribution of land use in the catchment (Allan and Johnson 1997). Catchment hydrology

as well as the availability of inorganic nutrients is often related to processes that occur

throughout the entire terrestrial landscape (i.e., watershed scale) (Swank et al. 1988,

Hunsaker and Levine 1995). Conversely, light and organic carbon availability in streams

is often related to processes restricted to the scale of streamside vegetation (i.e., riparian
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corridor scale)(Gregory et al. 1991).  Several studies examining the influences of land-

use patterns on stream ecosystems have shown that instream features can be constrained

by catchment properties operating at different spatial scales.   Richards et al. (1996)

identified watershed-scale characteristics, particularly basin geology and the distribution

of row-crop agriculture, as features mediating channel morphology and stream

hydrology.  At the same time, land-cover patterns in the riparian corridor had strong

influence on bank erosion, and instream sediment-related variables.  Further, they found

that watershed-scale land cover was the strongest predictor for macroinvertebrate

assemblage structure.  Conversely, Richards et al. (1997) showed that despite watershed-

scale control of channel structure and hydrology, macroinvertebrate species traits were

strongly correlated with local (reach-scale) features.   Spatial scales of catchment control

may vary temporally.  Johnson et al. (1997) found that the relative importance of

watershed scale vs. riparian scale land-cover patterns varied seasonally and with different

dissolved chemical constituents in midwestern streams.  Furthermore, Harding et al.

(1998) documented a strong relationship between historical land-use patterns at both the

watershed and riparian corridor scale and macroinvertebrate biodiversity in North

Carolina streams.

Clearly, many complex aquatic-terrestrial linkages acting on an array of spatial

and temporal scales influence the structure and function of stream ecosystems.  With this

in mind, my thesis research seeks to examine these relationships and shed light on how

they are modified in streams draining watersheds in the southern Appalachians. The

southern Appalachian region of the United States has been subject to a variety of land-use

disturbances during the last century (Benfield 1995).  Between 1880 and 1920, logging

practices resulted in nearly complete harvesting of all timber in the states of Virginia,

West Virginia, North Carolina and Tennessee (Yarnell 1998).  This followed by

agricultural activity, which increased in importance through the 1960’s.  Since 1970,

human population in the southern Appalachians has increased by nearly 30% and

agricultural activity has declined by 31%, resulting in a large-scale conversion of

agricultural land to either forests or residential areas (SAMAB 1996).  This land-use

history has resulted in a patchwork of land-cover types across the landscape.  Current

patterns of land cover in Southern Appalachian watersheds are characterized by high
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gradient headwater areas that are difficult to develop and are often forested, and low

gradient areas that still have active agriculture or are being converted to residential or

suburban developments (Wear and Bolstad 1998).  As a result, land-use practices in the

southern Appalachians may differentially impact upland and streamside forests with

potentially differential affects on the physical and chemical features of headwater streams

and the structure of communities that inhabit them.

This thesis is composed of two chapters that investigate the relationship between

land-cover patterns and the structure of macroinvertebrate communities, and leaf

breakdown in southern Appalachian headwater streams.  In the first chapter, I address

how land-cover patterns among watersheds influence stream physico-chemical variables

and macroinvertebrate assemblages and how changes in in-stream features relate to the

spatial distribution of land use in watersheds.  In the second chapter, with a similar

approach, I use a measure of leaf breakdown to evaluate the impact of land-cover

patterns, at multiple spatial scales, on ecosystem function.  Both chapters represent

individual manuscripts; therefore include a certain degree of overlapping methods and

statistical approaches.
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Chapter 1

Relationships between land use, spatial scale and stream macroinvertebrate

Communities
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1To whom correspondence should be addressed.  Present address:  Department of
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Abstract

The structure of lotic macroinvertebrate communities may be strongly influenced

by land-use practices in watersheds.  The magnitude of land-use impacts on benthic

communities may depend upon the spatial arrangement of development in watersheds.

We examined the influence of land-cover patterns on instream physico-chemical features

and macroinvertebrate assemblages in nine southern Appalachian headwater basins

characterized by a mixture of land use-practices.  Using a GIS/remote sensing approach,

we quantified land-cover at 5 spatial scales, including the entire watershed, riparian

corridor, and riparian ‘sub-corridors’ extending 2000, 1000 and 200 m upstream of

sampling reaches.   Stream water chemistry variables were related to features at the

watershed scale.  Conversely, stream temperature and substrate characteristics were

strongly influenced by land-cover patterns at the riparian corridor, and sub-corridor

scales.  Macroinvertebrate assemblage structure was quantified using the slope of rank-

abundance plots, and further described using standard diversity and evenness indices.

Macroinvertebrate taxa richness ranged from 24 to 54 among sites, and the analysis of

rank-abundance curves defined three distinct groups with high, medium, and low

diversity.  In general, other macroinvertebrate indices were in accord with rank-

abundance groups, with richness and evenness decreasing among sites with maximum

stream temperature.  Macroinvertebrate indices were most strongly related to land cover

patterns evaluated at the 200 m sub-corridor scale, suggesting local, streamside

development effectively alters assemblage structure.

Keywords:  Geographic information system, spatial scaling, riparian corridor,

temperature.

Introduction

Maintenance of stream biodiversity in the face of encroaching human

development has received much attention in recent years (e.g., Allan and Flecker 1993,

8



Harding et al. 1998).   Furthermore, research has demonstrated that conversion of forests

to pastures and/or residential areas may influence in-stream habitat and macroinvertebrate

communities in several ways.  Loss of terrestrial vegetation (Swank et al. 1988) and

increased impervious surface area (Changnon and Demissie 1996) can influence

evapotranspiration and infiltration, and alter natural flow regimes (Poff et al. 1997).

Many land-use practices increase sediment inputs to streams, altering substrate

characteristics and channel morphology, often reducing macroinvertebrate biodiversity

(Lenat and Crawford 1994, Waters 1995, Quinn et al. 1997).   Removal of streamside

vegetation and subsequent increased solar radiation reaching the stream channel can

elevate temperatures (Burton and Likens 1974, Rutherford et al. 1997, Quinn et al. 1997)

and alter thermal regimes that are critical to the life history and ecology of

macroinvertebrates (Vannote and Sweeny 1980, Ward and Stanford 1982, Quinn et al.

1994).  In association with altered catchment hydrology and land use, inputs of inorganic

nutrients from terrestrial sources (Omernik 1976, Hunsaker and Levine 1995, Johnson et

al. 1997) interact with increased light availability, and elevated stream temperature to

potentially enhance in-stream primary production (Webster et al. 1983) and may generate

changes in the trophic structure of benthic communities  (Gurtz and Wallace 1984).

The relative magnitude of these changes frequently depends upon the spatial

distribution of land use in the catchment (Allan and Johnson 1997). Catchment hydrology

as well as the availability of inorganic nutrients is often related to processes that occur

throughout the entire terrestrial landscape (i.e. watershed scale) (Swank et al. 1988,

Hunsaker and Levine 1995). Conversely, light and organic carbon availability in streams

is often related to processes restricted to the scale of streamside vegetation (i.e. riparian

corridor scale)(Gregory et al. 1991).  Several studies examining the influences of land-

use patterns on stream ecosystems have shown that instream features can be constrained

by catchment properties operating at different spatial scales.   Richards et al. (1996)

identified watershed-scale characteristics, particularly basin geology and the distribution

of row-crop agriculture, as features mediating channel morphology and stream

hydrology.  At the same time, land-cover patterns in the riparian corridor had strong

influence on bank erosion, and instream sediment-related variables.  Further, they found

that watershed-scale land cover was the strongest predictor for macroinvertebrate

9



assemblage structure.  Conversely, Richards et al. (1997) showed that despite watershed-

scale control of channel structure and hydrology, macroinvertebrate species traits were

strongly correlated with local (reach-scale) features.   Spatial scales of catchment control

may vary temporally.  Johnson et al. (1997) found that the relative importance of

watershed scale vs. riparian scale land-cover patterns varied seasonally and with different

dissolved chemical constituents in Michigan streams.

The southern Appalachian region of the United States has been subject to a

variety of land-use disturbances during the last century (Benfield 1995).  Between 1880

and 1920, logging practices resulted in nearly complete harvesting of all timber in the

states of Virginia, West Virginia, North Carolina and Tennessee (Yarnell 1998).  This

was followed by agricultural activity, which increased in importance through the 1960’s.

Since 1970, human population in the southern Appalachians has increased by nearly 30%

and agricultural activity has declined by 31%, resulting in a large-scale conversion of

agricultural land to either forests or residential areas (SAMAB 1996).  This land-use

history has resulted in a patchwork of land-cover types across the landscape.  Current

patterns of land cover in Southern Appalachian watersheds are characterized by high

gradient headwater areas that are difficult to develop and are often forested, and low

gradient areas that still have active agriculture or are being converted to residential or

suburban developments (Wear and Bolstad 1998).  As a result, land-use practices in the

southern Appalachians may differentially impact upland and streamside forests with

potentially differential affects on the physical and chemical features of headwater streams

and the structure of communities that inhabit them.  Elucidating the spatial scales of land-

use impacts on streams will enhance our understanding of the nature of terrestrial-aquatic

linkages in headwater streams of this region and promote responsible stewardship in face

of land-use change.

In this study, we investigated the impact of land-use patterns on benthic

macroinvertebrate assemblages in southern Appalachian headwaters streams.

Specifically, we address how land-cover patterns among watersheds influence instream

physico-chemical features and macroinvertebrate assemblages and how changes in

instream physico-chemical features and corresponding assemblages relate to the spatial

distribution of land use in watersheds.  To do this, we investigated the relationship
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between land-cover variables and macroinvertebrate community structure at multiple

spatial scales.

Materials and Methods

Site Description

The study was conducted in the Upper Roanoke River Basin (URRB) in southwestern

Virginia (Figure 1) at the interface of the Appalachian Valley and Ridge and Blue Ridge

physiographic provinces.  The URRB is topographically and geologically diverse, and is

characterized by Precambrian and Cambrian metamorphics and clastics at higher

elevations and Cambrian and Ordovician carbonates in lower elevations (Waller 1976).

Nine watersheds, with 2nd or 3rd order streams, were selected for study.  Watersheds

ranged in elevation from 325 to 575 m, and watershed area varied from 278 to 1014

hectares.  Six of the 9 watersheds were characterized by some degree of human activity

(agricultural or residential); the remaining 3 had no current development.  Fifty-meter

stream reaches were selected within each watershed as study sites.  Benthic habitat at all

streams was dominated by particles ranging from silt to cobbles, though the relative

proportion of these varied among sites.

Land use Quantification

A Geographical Information System (Arcview 3.1) was used to quantify land

cover within each watershed.  Digital land-cover information for the Roanoke Valley was

obtained from the preliminary basic land cover map (DRAFT) of Virginia, produced

through the Virginia Gap Analysis Project (VAGAP) for 1992.  This statewide data set

was generated from 14 Landsat thematic mapper scenes, and classified using both

unsupervised and enhanced supervised methods (Morton et al 1998).  Pixels provided 30

x 30 m resolution and included information from seven land-use categories: deciduous

forest, coniferous forest, mixed forest, shrub/scrubland, herbaceous (mostly agriculture),

open water, and disturbed (areas lacking vegetation).  We categorized the data into forest

and non-forest.  The ‘forest’ category included all forest types, dominated by the
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‘deciduous’ class.  The ‘non-forest’ category included agriculture areas and urban/sub-

urban areas. Morton (1998) used aerial videography to acquire reference data, and assess

land-cover accuracy, which was found to be 81% (i.e., Kappa statistic = 0.81).  However,

this level of accuracy may not hold for riparian corridors, which are more difficult to

classify, particularly in mountainous areas.   Our accuracy assessment for riparian

corridors from 25 locations across the 5 study catchments with greatest land-cover

heterogeneity found approximately 75% of the streamside pixels were correctly

classified. Of the pixels classified as ‘non-forest’, 50% had thin strips of riparian

vegetation but otherwise lack riparian vegetation.  Incorrect classifications encountered in

the assessment generally occurred when pixels classified as ‘forest’ had small residences

but were otherwise well forested.

Watersheds were delineated using “The Watershed Delineator” (ESRI and Texas

Natural Resource Conservation Commission 1997).  The watershed delineator uses

neighborhood functions with data from USGS Digital Elevation Maps (DEMs) to

quantify the surface area contributing to drainage through a given point.  The outputs

were converted to ‘watershed polygons’, which included the entire drainage area

upstream of the sampling reach.  Land-cover derived from all pixels within watershed

polygons were used to characterize watershed scale land-use patterns.  Within each

watershed polygon a 60 m ‘riparian corridor’ polygon was created with 30 m of width

extending laterally from both sides of the stream, beginning at the sampling reach and

continuing for the entire length of the stream.  The influence of riparian land-cover at

specific distances upstream of study the reach was assessed by dividing riparian corridors

longitudinally into ‘sub-corridors’.  Overall, we employed 5 spatial scales for analysis: 1)

the watershed scale, including all area within the watershed 2) riparian corridor scale,

extending the entire length of the stream, 3) 2000 m riparian sub-corridors, 4) 1000 m

riparian sub-corridors, and 4) 200 m riparian sub-corridors (Figure 2).  Associated

watershed, riparian corridor, and sub-corridor polygons were overlaid onto the digital

land-cover data for each study basin.  Percentages for land-cover categories were

quantified within all spatial polygons. Regression analysis was used to relate physico-

chemical and biological variables to land cover at the watershed, riparian corridor, and
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sub-corridor scale.  Percent non-forest values were transformed (arcsine square root) for

statistical analyses.

Physical and chemical characterizations

Physical and chemical measurements were made for each stream from January to

December 1999. Triplicate water samples were collected monthly from each site, passed

through glass fiber filters (Whatman GFF, Gelman Type AE), and frozen before

analyzing dissolved constituents.  Samples were analyzed for ammonium-nitrogen (NH4-

N) using the phenate method (Soloranzo 1969) and nitrate-nitrogen (NO3-N) by

colormetric techniques following reduction by Cd (Wood et al. 1979) on a Technicon

Auto-analyzer.  Total inorganic nitrogen (TIN) was calculated as the sum of NH4-N and

NO3-N.  Ortho-phosphate (PO4-P) was analyzed as soluble reactive phosphorus (SRP)

using the molybdate colormetric method (Murphy and Riley 1969, Wetzel and Likens

1991).  Specific conductance was measured seasonally using a YSI Model 30/50-

conductivity meter.  Alkalinity was determined once at each site by standard methods

(APHA, 2000).  Temperature was recorded monthly until continuous temperature data

recorders (HOBO®) were installed in March 1999, after which it was recorded hourly

through November 1999.  Temperature variables used in the following analyses will

include the overall mean temperature (Tx, 
oC), and maximum summer temperature (Tmax,

oC).  Discharge was measured at least monthly at each site using velocity determined

with an electronic flow meter (FLOW-MATE, Marsh-McBirney, INC.) and cross

sectional area (Gore 1996).  Mean substrate particle size (MPS) was determined using

standard granulometry techniques (sensu Wolman 1954) on 100 randomly selected rocks

at each site using a USGS gravelometer (FISP US SA-97).   The proportion of all

particles measured at each site small enough to be categorized as coarse gravel and sand

substrate was determined as the percentage of particles less than 16 mm.

Benthic algal biomass

Epilithic biomass and chlorophyll a (mg/m2) were determined monthly at each

site from the surfaces of 5 rocks collected along each 50 m reach.  Upon collection, rocks

were packed in ice, and returned to the laboratory for processing.  Upper surfaces were

13



scrubbed and the resultant slurry sub-sampled and collected on pre-weighed glass fiber

filters (Whatman GFF, Gelman Type AE).  Filters were incubated in a 90% buffered

acetone solution for 24 hr (after Steinman and Lamberti 1996).  Photosynthetic pigments

(chlorophyll a, and pheophytin) were measured using spectrophotometry (at 664, 665,

and 750 nm) on a Shimadzu UV-1601 spectrophotometer.  An additional sub-sample was

taken to determine epilithic ash-free dry mass (AFDM) by gravimetric techniques (drying

at 50 oC for 48hrs, followed by ashing at 550 oC for 1hr).  Photosynthetic pigment

concentration (mg/m2) and AFDM (g/m2) were normalized to surface area determined by

covering scraped surfaces with aluminum foil of known mass per unit area.

Invertebrate assemblages

Benthic invertebrates were collected from all sites in April 1999.  Five Hess

samples (surface area = .08 m2/sample, mesh size = 250 micrometers) were taken along

each 50 m reach.  Samples were preserved in 80% Ethanol, and individuals identified to

genus following Merritt and Cummins (1996), Stewart and Stark (1993), and Wiggins

(1996).  Chironomid larvae from all samples within a site were combined, quantitatively

sub-sampled, mounted and identified following Epler (1995) and Merritt and Cummins

(1996).

To address changes in benthic community structure, we quantified traditional

measures of richness and evenness, and a compositional index commonly used to indicate

environmental stress.  Indices used to assess diversity included taxa number (S), and the

Shannon-Weiner Diversity Index, a common index for richness given by:

H' = Σ pi (lnpi), from [1, S]

Where pi represents the proportion of individuals found in the ith taxon, with values

summed across all taxa (S).  We also used the associated evenness measure calculated

from H'.  This index assumes that maximum diversity occurs when all taxa are equally

abundant (i.e., H' = H'max = lnS).  Therefore, the ratio of H'/ H'max represents a measure of

evenness where an assemblage with an equal abundance of taxa would have a value of 1

(Pielou 1969).   As an additional measure of evenness we quantified the percentage of the

total numbers accounted for by of the 5 most dominant taxa at each site (% 5 Dominant)

(Barbour et al. 1999).  Finally, to assess compositional differences among sites, we
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quantified the taxonomic richness of commonly intolerant taxa (Ephemeroptera +

Plecoptera + Trichoptera, EPT), widely used as an indicator of disturbance to stream

communities (Lenat and Crawford 1994, Wallace et al. 1996).

Rank abundance curves (sensu Whittaker 1977, Hawkins et al 1982) were

generated for invertebrate assemblages at each site.  Curves consisted of lognormal

proportional abundance (pi) for each taxon plotted against the corresponding taxonomic

abundance ranking.  The slope of this line (log pi/ N, where N = number of taxa) was

used as an integrative measure of taxa richness and evenness.   Diversity maximized

when the slope of the curve approaches zero.  Slopes become increasingly negative when

the overall proportion of total numbers accounted for by an individual taxon (pi)

increases (i.e., evenness decreases), or when taxa richness decreases.  We used the

absolute value of the slope for all analyses; therefore larger values represent steeper rank-

abundance curves. 

Data Analysis

Bivariate regression analysis was used to relate land cover variables (% non-

forest) at each spatial scale to the instream physico-chemical variables and

macroinvertebrate indices measured at all sites.  In addition, invertebrate indices were

used as dependent variables in stepwise multiple regression analyses with instream

physico-chemical parameters.  Variables that failed to meet a 0.05 probability value were

removed from multiple regression models.  Regression analysis was used to test rank

abundance curves for linearity and the slope of the lognormal plots was compared among

sites using methods described in Zar (1996) with a Bonferroni correction for multiple

comparisons.  All regression analyses were performed on SAS 7.0 (Cary, NC).

Results

The magnitude and spatial arrangement of non-forested land varied considerably

among watersheds at the watershed, riparian corridor, and sub-corridor scales (Table 1).

When compared to non-forested cover at the scale of the entire watershed, the proportion

of non-forested area within the entire riparian corridor varied greatly.  In four basins

(Table 1, sites 1, 2, 3 and 6), % non-forest in the entire riparian corridor decreased to
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approximately 25% of that observed at the scale of the entire watershed, including nearly

an order of magnitude decline at sites 2 and 3.  At the same time, % non-forest within the

riparian corridor increased 2.8 (site 4), 1.3 (site 5), and 1.4 (site 8) fold at three sites,

while remaining relatively unchanged at sites 7 and 9.  Within the riparian corridor,

distribution of non-forested area varied in proximity to the study reach (Table 1).  In

basins with low non-forest cover at both watershed and total riparian scales, non-forest

cover in sub-corridors was also low.  At sites 1-3, six of nine riparian sub-corridors were

entirely forested and a maximum of only 3.12% was non-forest (Table 1).  For basins less

forested at larger scales, % non-forest in riparian sub-corridors greatly increased.  For the

4 basins with the lowest forest cover at the watershed scale, % non-forest in the sub-

corridors averaged 58% and was as great as 93%.  Changes in forest cover within any

riparian corridor, however, varied greatly among basins.  For instance, at site 9, 19.7%

and 19.9% of land cover was non-forest the watershed and entire riparian corridor scales,

respectively.  However, if only the first kilometer of the riparian corridor is considered,

80% of the landscape is non-forest.  Conversely, site 6 was 34.2% non-forest at the

watershed scale, but only 19.2 % and 4.3% was non-forest at the entire riparian corridor

and 1000 m sub-corridor scales.

Physical responses

Variation in several instream physical properties (Table 2) was related to

watershed features and/or land cover patterns at multiple spatial scales.  Average

discharge ranged 40.1 L/s from a maximum of 55.2 L/s at Site 5 to a minimum of 15.3

L/s at site 3 (Table 2).  In general, discharge varied to a similar extent within streams

with annual CV ranging from 46.0 to 83.0 %.  Discharge was closely related to watershed

area (r2 = 0.85, p = 0.004) which varied 4-fold among sites.  Mean stream temperature

varied by only 4.3 oC among sites, but maximum temperature ranged 6.7 oC with greatest

mean temperature and highest maximum temperature observed at site 7.  Mean stream

temperature decreased with increasing elevation (r2 = 0.78, p = 0.002), and multiple

regression indicated that the combination of elevation and % non-forest at the entire

riparian corridor explained 93% of the variation (R2 = 0.93, P = 0.02).  Maximum

temperature was related to land cover at the entire riparian corridor scale (r2 =0.79, p =
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0.001), and at the scale of 2000m and 1000m sub-corridors (r2 = 0.71, p = 0.005; r2 =

0.71, p = 0.005). The strongest relationship between maximum temperature and % non-

forest was found at the 200 m riparian sub-corridor scale (r2 = 0.81, p = 0.001).   Mean

particle size ranged among sites from 72.38 mm (site 2) to 44.80 mm (site 8) to and

decreased with the percentage of non-forested land at the watershed (r2 = 0.56, p = 0.02),

riparian corridor (r2 = 0.74, p = 0.003) and 2000, 1000, and 200 m sub-corridors (r2 =

0.80, p = 0.001; r2 = 0.61, p = 0.013; r2 = 0.7397, p = 0.0029, respectively). The % of

particles < 16 mm ranged from 44.44 (site 8) to 17.09 (site 3) and was only weakly

related to % non-forest within 200 m sub-corridor polygons (r2 = 0.52, p = 0.03).

Chemical responses

Chemical variables were also related to catchment features or land-cover patterns

at the watershed scale.  Alkalinity ranged from to 98.0 mg/l (site 9) to 16.0 mg/l (site 1)

and decreased with elevation (r2 = 0.63, p = 0.01).  Specific conductance (µs) varied

among sites from 261.80 (site 9) to 47.25 (site 1), was strongly related to alkalinity (r2 =

0.9529, p = 0.0001), and likewise decreased with elevation (r2 =0.67, p = 0.007).

Concentration of NO3-N, and NH4-N (as total inorganic nitrogen, TIN) varied among

sites (CV = 79.5%) with maximum values of 0.918 mg/l (site 6), and minimum values of

0.1024 (site 3).  TIN increased with the percentage of non-forested land at the watershed

scale (r2 = 0.59, p = 0.02).  Soluble reactive phosphorus (SRP) was not as variable among

sites (CV = 38.33%) and did not correspond to any physical features of the watershed, or

land cover at any spatial scale.

Biological responses

Based on field observation, algal assemblages were generally dominated by

diatoms though filamentous algae (e.g., Cladophora sp.) were found in abundance at

some streams in more developed watersheds (e.g., sites 8 and 9).  Mean annual epilithic

chlorophyll a concentration ranged from a maximum of 121.11 mg/m2 at site 8 to just

6.95 mg/m2 at site 3. Chlorophyll a values were lowest for sites 1-3, where averages

ranged from 6.95 to 27.9 mg/m2, and concentration were higher at the remaining sites

(Table 2).  Bivariate regression analysis showed a strong relationship between

chlorophyll a concentration and mean stream temperature (r2 = 0.66, p = 0.008).

However, multiple regression analysis incorporated only maximum temperature into the
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model, explaining 73% of the variability in chlorophyll a (R2 = 0.73, p = 0.0034).

Epilithic biomass ranged from 33.8 g/m2 at site 9 to 5.34 g/m2 at site 3, and was closely

related to epilithic chlorophyll a concentration (r2 = 0.80, p = 0.001).

  Macroinvertebrate density varied among sites from 15,730 m-2 at site 9 to 6,974

m-2 at site 3 (Table 3).  Multiple regression analysis with density as the dependent

variable incorporated only epilithic biomass into the model, accounting for 87% of the

variability among sites (R2 = 0.87, P = 0.0003).  A total of 77 invertebrate taxa were

identified from the nine sites.  Taxa richness spanned from 54 at site 3 to 24 at site 8,

with 22 EPT taxa at sites 2 and 3 and only 5 EPT taxa at site 8 (Table 3).  Results of the

comparison of rank abundance slopes indicated significant differences in among sites  (p

< 0.001, after Bonferroni correction), with three general groups emerging that represent

high, medium, and low diversity/evenness (Figure 3).  All curves fit linear models (r2 >

0.9, p > 0.001) and slope values ranged from –0.0470 at both Powers Br. and Sugar Run

to –0.1100 at Mudlick Cr.  Multiple regression analyses between invertebrate indices and

instream physico-chemical variables generally incorporated a single independent variable

into the models (Table 4).  The slope of rank abundance curves increased among sites

with greater epilithic chlorophyll a concentration (R2 = 0.64, p = 0.009).  Total taxa

number (S), and EPT richness decreased with maximum temperature (R2 = 0.54, p =

0.02, R2 = 0.75, p = 0.003). Shannon-Weiner Diversity index (H`), Shannon’s evenness

(H'/Hmax), also decreased with maximum temperatures (R2 = 0.72, p =0.004; R2 = 0.83, p

= 0.002).  Percent 5 dominant taxa ranged from 92.9% at site 8 to 54.6% at site 3, and

increased with increasing maximum stream temperature (R2 = 0.75, p =0 .003).

The structure of macroinvertebrate assemblages corresponded to land-cover

patterns among watersheds (Table 5).  Invertebrate density was most strongly related to

‘% non-forest’ at the 2000 m sub-corridor scale.  Rank-abundance slopes increased with

the percentage of non-forested land at the entire riparian corridor, and 2000, 1000, but

were most strongly associated with land-cover patterns at the 200 m sub-corridor scales.

In general, other measure of evenness, diversity and composition most closely

corresponded to % non-forest at the 200 m sub-corridor scale.  Shannon’s evenness

measure (H'/Hmax) decreased with % non-forest, only at the 200 m sub-corridor scale.

Taxa richness (S), Shannon-Wiener diversity (H'), percent 5 dominant taxa and EPT taxa
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richness were most strongly related to land cover within 200 m sub-corridors, but were

significantly related with measures of % non-forest in other sub-corridors.  In addition,

EPT taxa richness was related to % non-forest at watershed scale and was the only

invertebrate index that corresponded to land-cover patterns evaluated at all spatial scales.

Discussion

Physico - chemical responses

Observed variability in many chemical parameters in URRB streams can be

attributed to physical features (e.g., watershed elevation) or land-cover patterns at the

watershed scale.   The relationships between alkalinity and specific conductance and

elevation most likely reflect shifts in watershed geology in (Waller 1976).  In this part of

the URRB, watersheds at higher elevation are dominated by clastic materials (both

granitic and sedimentary) and have relatively low alkalinity and specific conductance

compared to lower elevation streams influenced by more soluble parent lithology.  The

three watersheds nearest the town of Salem, VA (Site 7,8 and 9) have a mixture of both

clastic and carbonate material, and show correspondingly higher alkalinity and specific

conductance.  Variation in TIN concentration in stream water was related to % non-forest

at the watershed scale.  This is consistent with many studies that have shown land-cover

variables at the watershed scale to be the strongest predictor of instream nutrient

concentration, particularly nitrate (Omernik 1976, Close and Davies-Colley 1990,

Hunsaker and Levine 1995, Johnson et al. 1997).

Instream physical variables were also closely related to land cover patterns,

particularly at the riparian corridor and sub-corridor scales.  Mean stream temperature,

although related to watershed elevation, was also influenced by land-cover patterns

within riparian corridors.  Moreover, maximum temperature was strongly related to %

non-forest at the scale of the 200 m riparian sub-corridor.  Elevated mean and maximum

stream temperatures may result from solar radiation reaching the stream channel (Burton

and Likens 1973, Beschta and Taylor 1988, Rutherford et al. 1997), and/or run-off heated

by impervious surfaces in residential areas (Galli 1991).  The local influence of land-

cover on stream temperature (i.e., at the 200 m sub-corridor scale) also supports the idea

that temperature can change quickly (with respect to longitudinal distance) when
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streamside vegetation is removed from low order stream.   Burton and Likens (1973)

found summer stream-water temperature fluctuations of 4-5 oC, alternating between 50 m

reaches where riparian vegetation had been experimentally removed or left intact in

Hubbard Brook streams.   Storey and Cowley (1997) also showed that elevated

temperatures in pasture streams of New Zealand returned to ‘forest control’ levels after

running through approximately 300 m of remnant riparian forests.

Substrate characteristics were also related to land cover.  Mean substrate particle

size was inversely related to % non-forest at all spatial scales, but the strongest

relationships were observed at the 2000 m sub-corridor scale.  The % of particles < 16

mm was also related to land-cover patterns, but only at the 200 m sub-corridor scale.

Reduction in mean substrate size is associated with a greater frequency of fine particles

that result from sedimentation (Waters 1995).  Sediment input to streams has been

attributed to many types of land-use practices (e.g., agriculture, silviculture, road

construction, etc.), particularly when these occur streamside (Lenat et al. 1981, Waters

1995, Richards et al. 1996).  Several studies also suggest that intact streamside vegetation

may inhibit sediment delivery to streams.  Peterjohn and Correl (1984) found that 19 m of

riparian forests removed up to 90% of the particulate materials moving overland from

agricultural areas.  In addition, Robinson et al. (1996) showed that the initial 3 m of

riparian forests removed more than 70% of sediment runoff to Iowa streams.

Variability in algal chlorophyll a and epilithic biofilm (as AFDM) standing crops

also reflected changes generated by land-cover patterns within riparian corridors.

Chlorophyll a was strongly related to thermal regimes in URRB streams (both mean and

maximum temperature).  The strength of these relationships most likely reflects the

influence of both increased stream temperature and light availability.  Several studies

have demonstrated a positive relationship between stream temperature and algal growth

(Bothwell 1988, Duncan and Blinn 1989, Suzuki and Takahashi 1995) and many studies

have attributed greater algal biomass in forested regions to increases in light availability

(Lowe et al. 1986, Hill and Harvey 1991, Quinn et al. 1997).  Interestingly, while many

studies have linked algal abundance and nutrient availability  (Fairchild et al 1985,

Grimm and Fisher 1986, Biggs 1995), variability in algal biomass was not related to

instream concentrations of TIN or SRP.   However, TIN or SRP were never low enough
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at our study sites to suggest the potential for nutrient limitation (Grimm and Fisher 1986,

Lohman et al. 1991).  The importance of thermal regime in the face high nutrient

availability was illustrated by Bothwell (1988), who showed that in the absence of

nutrient limitation, stream temperature explained 90% of the annual variability in benthic

algal growth.

Invertebrate density responded strongly to increased algal biomass and biofilm

standing stock.  This relationship is most likely driven by increases in chironomid

abundance, which ranged two orders of magnitude among sites.  Many studies have

indicated that invertebrate density and production may increase with greater algal

biomass (Dudley et al. 1986, Behmer and Hawkins 1986, Richardson and Minshall 1988,

Death and Winterbourn 1995).   Furthermore, studies in impacted stream ecosystems

(mostly agricultural) have documented greater overall macroinvertebrate density, often

associated with increased abundance of environmentally tolerant taxa (Lenat et al. 1994,

Harding and Winterbourn 1995, Quinn et al. 1997).  Greater density at some sites may

also be related to the presence of filamentous algae.  Highest algal standing crops, and

invertebrate densities were measured at sites 8 and 9, where periphyton mats were

dominated by filamentous green algae.  Dudley et al. (1986) suggest that the abundance

of Cladophora sp. may influence invertebrate density directly as a food source, or by

accumulating other food resources (e.g., detritus, smaller epiphytes) or indirectly by

increasing habitat availability.

Use of rank-abundance curves allowed us to statistically assess differences in

macroinvertebrate diversity and evenness among sites, an approach not appropriate for

other indices of community structure used in this study.  The analysis clearly identified

three groups of streams that differ in the number and relative proportion of benthic taxa.

Sites with low diversity and high dominance had the steepest rank-abundance slopes

(sites 7, and 8) and were characterized by large numbers of only a few chironomid taxa,

particularly members of the Orthocladius/Cricocladius group.   The group with

intermediate rank-abundance slopes (sites 4, 5, and 9) had either slightly higher overall

diversity, in conjunction with high dominance by the Orthocladius/Cricocladius

chironomids (site 9), or had relatively diverse chironomid assemblages (sites 4, and 5).

The group with rank-abundance slopes approaching zero had the most diverse
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macroinvertebrate assemblages, including a greater abundance of more sensitive taxa

(e.g., EPT taxa), and frequently more than 10 chironomid taxa.  The size of the rank-

abundance slopes was most closely associated with chlorophyll a concentration.  This

relationship is driven largely by sites 7, 8, and 9 that supported among the highest algal

standing crops across all sites, and had macroinvertebrate assemblages dominated by

Orthocladius/Cricocladius chironomids.  In general, other macroinvertebrate indices

corresponded well to the R-A diversity groups, suggesting that the rank-abundance

curves adequately described assemblage structure in URRB streams.

Measures of diversity (S, H'), evenness (H'/Hmax, % 5Dominant) and assemblage

composition (EPT richness) corresponded closely to maximum stream temperature in

URRB streams.  The influence of temperature on the life history and ecology of aquatic

insects has been well documented (Vannote and Sweeney 1980, Ward and Stanford 1982,

Sweeney and Vannote 1986, Quinn et al. 1994).   Reduced invertebrate biodiversity

resulting from increased maximum temperature has been illustrated for both larger

regulated rivers (Fraley 1979) and for pasture streams  (Quinn et al. 1990, Quinn et al.

1997, Storey and Cowley 1997).   Ward and Stanford (1982) suggested that greater diel

fluctuations in stream temperature might increase invertebrate diversity by generating

acceptable thermal conditions, and the potential for niche segregation among a wider

range of benthic taxa.  However, this may not hold in the current study when maximum

stream temperatures become too high, especially for particularly sensitive taxa, such as

many stoneflies (Sweeney et al. 1986, Quinn et al. 1994).  Vannote and Sweeney (1980)

describe optimal thermal regimes as those that maximize adult body size and fecundity,

and suggest that increases in temperature, and subsequent reductions in fitness, may

increase the probability for local extinction.

   Macroinvertebrate diversity decreased with the percentage of non-forested land

among watersheds.  Several studies comparing macroinvertebrate assemblages among

watersheds characterized by different land-use practices (e.g., native forest vs. pasture) or

parent geology have documented predictive ability at the watershed-scale (Lenat and

Crawford 1994, Harding and Winterbourn 1995, Richards et al.1996, Quinn et al. 1997).

In this study, the relationship between land-cover patterns and macroinvertebrate

assemblages was best illustrated by evaluating land-cover patterns at the 200m sub-
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corridor scale.  This suggests that changes induced by local, near-stream development are

sufficient to alter community structure, regardless of land-cover patterns found further

upstream.   For example, the catchment including site 5 was over 90% forested when

evaluated at the watershed scale, yet the first few hundred meters of riparian forest

upstream of our study reach is 75% non-forested due to recent residential development.

Assemblage structure at site 5 had taxa relatively low overall (40 taxa), and EPT taxa

richness (15 taxa), suggesting that local land-cover patterns had a strong influence on

habitat quality.  Studies investigating the importance of road construction (Lenat et al.

1981) and run-off from agricultural areas (Lemly 1982) have also documented the

influence of local, streamside development on macroinvertebrate assemblages, including

shifts in dominance to intolerant taxa like chironomids.  Sponseller and Benfield (IN

PRESS) found that riparian land-cover within 1 km of the study sites was the strongest

landscape predictor for leaf breakdown rate in these same streams.  Current results

suggest that community structure in these streams may be more sensitive to localized

land-use disturbances than ecosystem processes that incorporate both biotic and abiotic

components that appear to be organized at greater spatial scales.   This supports the idea

that functional and taxonomic responses to disturbance do not necessarily correspond to

one another (Wallace et al.1986).

The spatial relationship between land cover and macroinvertebrate indices also

suggests that local, upstream patches of riparian forest may have an ameliorative effect

on macroinvertebrate assemblages.   For example, the stream at site 6 drains a watershed

subject to a mixture of land-use practices (both agriculture and residential), yet several

hundred meters of riparian forest remained intact upstream of the sampling site.  The

macroinvertebrate assemblage at site 6 was fairly diverse (51 taxa), and analysis of rank-

abundance curves grouped this stream with those completely lacking current

development.  Storey and Cowley (1997) compared macroinvertebrate assemblages in

upstream pasture reaches to downstream sites after streams ran through approximately

600 m of native riparian forest. They found that the presence of riparian forests

minimized the effects of conversion to pasture, as several physical parameters (e.g.,

temperature) as well as assemblage structure in downstream sites were more similar to

forested control sites than upstream agricultural sites.   The role of riparian forest patches
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in regulating stream temperature may be critical to the distribution of more thermally

sensitive taxa. This may explain why EPT taxa richness was the macroinvertebrate index

most sensitive to land-cover patterns in the present study.

Our inability to predict macroinvertebrate assemblage structure from land cover at

the watershed or entire riparian corridor scale may relate to the lack of historical land-

cover data.  Harding et al. (1998) found that, compared to land cover patterns collected at

the watershed scale for 1970, and 1990, watershed scale measure of land cover from 1950

was the single strongest predictor of current biodiversity in North Carolina streams.  In

this study, we have assessed current land cover patterns at multiple spatial scales, but

have not addressed the temporal dynamic of land use.  The degree to which current

assemblage structure in these streams reflects land-use history is unknown.  For example,

the watershed at site 3 is without any current human activities; yet old barbed wire

fencing across the stream in several sections as well as the dominance of sycamore

(Plantanus occidentalis) in the riparian forest suggests the area was agricultural in the

recent past.  Interestingly, the macroinvertebrate assemblages at site 3 had a much higher

percentage of chironomids than the other 2 basins lacking current development (sites 1,

and 2), much more similar to percentages found in our developed sites.  In addition to

this, we are unable to date the various patches of residential development within and

among watersheds.   Many of the developed watershed are dominated by relatively old

neighborhoods, while others show signs of much more recent development.  The time

required for macroinvertebrate communities to recover from residential or agricultural

land use, the affects of additional land-use disturbances on communities recovering from

previous development (e.g., residential development in old pasturelands), and the relative

stage of assemblage recovery at the time of sampling remain unknown.  Incorporating

both the appropriate spatial and temporal scales will be critical to fully understanding and

predicting macroinvertebrate community structure in developing watersheds.
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Table 1.1.  Land-cover patterns for the 9 study basins.  Values are percent non-forested land within each scale category.  Sub-corridor
values are the percent of non-forested land within a polygon of 60m width and progressively greater distances upstream from the
sampling reach.

Site # 1 2 3 4 5 6 7 8 9

Scale

Watershed 7.50 11.74 13.88 20.31 8.37 34.20 41.41 19.31 19.66

Entire riparian
corridor

1.20 1.89 1.28 56.28 10.79 19.17 34.70 26.41 19.86

Sub corridors

200m 0.00 0.00 0.00 75.00 23.08 14.29 85.71 92.86 84.62

1000m 0.00 0.00 3.12 92.19 7.25 4.29 80.82 55.88 77.03

2000m 0.00 0.76 1.54 77.61 3.65 22.79 49.29 51.11 54.55
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Table 1.2.  Physical, chemical, and biological parameters measured at all study streams.  Data are means ± SE derived from monthly values (n =12), except specific conductance
(n=4), and elevation, watershed area, and alkalinity which were determined once for each site.

Parameter 1 2 3 4 5 6 7 8 9

Elevation (m) 575.0 555.0 489.0 448.0 403.0 381.0 345.0 332.0 325.0

WS Area
(hectares)

612.8 393.30 278.5 415.6 1014.4 248.7 555.3 708.1 590.3

Dicharge (l/s)
41.13
±7.88

21.58
±4.67

15.30
±3.41

17.70
±3.62

55.42
±9.50

17.19
±2.10

26.45
±4.93

28.56
±6.13

32.01
±4.46

Mean Temp oC
13.62

± 0.058
13.87

± 0.053
14.15

± 0.051
16.66

± 0.070
16.09

± 0.064
16.10

± 0.060
17.00

± 0.070
15.93
± 0.05

16.88
± 0.060

Max Temp oC 22.1 21.7 21.3 27.5 26.3 25.6 28.7 26.3 27.1

MPS  (mm) 66.73 ±4.83 72.39 ±4.47 72.06 ±5.01 46.71 ±3.69 64.88 ±5.17 45.84 ±3.78 46.76 ±3.73 44.81 ±4.04 46.43 ±3.87

% <16 mm 22.73 21.32 17.09 30.00 27.82 30.91 28.32 44.44 26.17

Alk. (mg/l) 16.00 32.00 26.00 34.00 30.00 36.00 58.00 80.00 98.00

Spec. cond (�s)
47.25
± 4.55

86.78
± 9.09

77.08
± 7.24

131.06
± 11.60

84.58
± 9.98

123.90
± 9.13

154.10
± 12.20

199.30
± 27.80

261.80
± 27.5

NO3-N (ppm)
0.302 ±
0.047

0.148 ±
0.035

0.102
± 0.035

0.530
± 0.071

0.090
± 0.016

0.918
± 0.109

0.588
± 0.075

0.274
± 0.029

0.125
± 0.016

NH4-N (ppm)
0.010

± 0.003
0.012

± 0.002
0.013

± 0.003
0.022

± 0.005
0.015

± 0.003
0.014

± 0.003
0.014

± 0.004
0.012

± 0.002
0.016

± 0.003

PO4-P (ppm) 0.024
± 0.003

0.039
± 0.004

0.014
± 0.001

0.023
± 0.003

0.018
± 0.003

0.015
± 0.002

0.016
± 0.002

0.016
± 0.001

0.018
± 0.005

Chl a (mg/m2)
27.9

± 5.45
9.9

± 3.02
6.95

± 1.47
88.83

± 17.05
72.78

± 13.52
54.78

± 10.68
75.08

± 16.48
121.12
± 17.39

88.61
± 12.34

AFDM (g/m2)
7.77

± 1.30
4.83

± 1.02
5.34

± 0.79
19.28
± 2.57

17.88
± 3.20

20.38
± 3.79

19.51
± 3.39

28.18
± 3.76

33.84
± 7.55
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Table 1.3.   Benthic macroinvertebrate indices for each study site.  Density data are mean ± SE for 5 Hess samples from each 50 m
study reach.  Sites are presented in groups with other sites having statistically similar rank-abundance slopes.

Site number 1 2 3 6 5 4 9 8 7

Density
7009.0
±849.0

7330.0
±1138.0

6974.0
±1447.0

12909.0
± 1800.0

8861.0
±1042

11744.0
±2293.0

15730.0
±1334.0

13907.0
±671.0

8923.0
±2664.0

Taxa richness
(S) 51 47 54 51 40 45 40 30 24

EPT taxa 20 22 22 17 15 15 16 11 5

H' 2.62 2.62 2.96 2.49 1.81 2.27 1.98 1.78 1.20

H'/ Hmax 0.67 0.68 0.74 0.63 0.49 0.60 0.54 0.52 0.38

%5Dominant 64.3 68.5 54.6 70.3 84.8 78.2 83.3 89.5 92.9

R-A Diversity
Grouping                        High Medium    Low
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Table 1.4.   Results of stepwise multiple regression analyses between macroinvertebrate indices and instream physico-chemical
parameters measured at each site.  Variables were removed from the model that did not meet a probability value of 0.05.  R-A Slope =
absolute value of rank-abundance slopes.

Dependent variable
Independent variable 1 partial

r2 p
Independent
variable 2

partial
r2 p

Model
R2

Model
p

Density AFDM (g/m2) 0.87 0.0003 None 0.87 0.0003

R-A slope Chlorophyll a (mg/m2) 0.64 0.009 None -- -- 0.64 0.009

Taxa number Tmax 0.54 0.02 None -- -- 0.54 0.02

H’ Tmax 0.72 0.004 None -- -- 0.72 0.004

H’/ Hmax Tmax 0.75 0.003 None -- -- 0.75 0.003

%5Dominant Tmax 0.83 0.002 None -- -- 0.835 0.002

EPT taxa Tmax 0.75 0.003 None -- -- 0.75 0.003
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Table 1.5.  Regression coefficients (r2) for significant bivariate regressions (p<0.05) between macroinvertebrate indices and ‘% non-
forest’ at 5 spatial scales.  R-A slope = absolute value of rank-abundance slopes.  ns = not-significant

Density R-A slope Total taxa H` H`/Hmax %5Dominant EPT taxa

Watershed ns ns ns ns ns ns 0.46

Riparian
Corridor

ns 0.44 ns ns ns ns 0.52

2000 m 0.57 0.51 ns ns ns 0.44 0.45

1000 m ns 0.61 0.42 0.43 ns 0.50 0.52

200 m 0.54 0.82 0.64 0.64 0.60 0.76 0.68
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Abstract

Stream ecosystems can be strongly influenced by land use within watersheds.

The extent of this influence may depend on the spatial distribution of developed land and

scale at which it is evaluated.  Effects of land-cover patterns on leaf breakdown were

studied in eight southern Appalachian headwater streams.  Using a GIS, land cover was

evaluated at several spatial scales including the watershed, riparian corridor, and ‘sub-

corridors’ that extended upstream in 200 m increments for 2 km.  Breakdown rate for

American sycamore (Plantanus occidentalis) leaf packs varied significantly among sites

(k = 0.0051 to 0.0180 d-1), but fell within the range reported in the literature for

sycamore.  Leaf breakdown rate increased among sites with shredder density and

biomass.  Further, breakdown rate and shredder density and biomass were positively

related to mean substrate particle size.  Though several instream variables were related to

watershed-scale features, leaf breakdown rate was not related to land cover at the

watershed scale.  Leaf breakdown rate was inversely related to % non-forest within

riparian sub-corridors of approximately 1 km.  Results suggest that the distribution of

shredders is critical to leaf processing in these streams.  In some streams, increased

sediment inputs as a result of agricultural activity or residential development in riparian

corridors may limit the distribution of shredders and thus influence leaf breakdown rates.

Alternatively, near stream development may reduce the quantity and/or quality of

allochthonous inputs to streams, and thus indirectly influence the distribution of

shredders.

Keywords:  Geographical Information Systems (GIS), shredders, riparian corridor,

sedimentation.

Introduction

Aquatic and terrestrial ecosystems are tightly coupled by the exchange of

materials.  This relationship is particularly important in forested headwater streams,

which depend on allochthonous organic matter as the primary energy source (Fisher and

Likens 1973).  Leaves entering streams are trapped by retentive structures and broken
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down through several biological and physical processes (Petersen and Cummins 1974,

Webster and Benfield 1986, Gessner et al. 1999).  Microbial colonization of leaves marks

the beginning of leaf breakdown (Barlocher and Kendrich 1975, Suberkropp and Klug

1976), followed by invertebrate feeding, which can strongly influence breakdown rates

(Sedell et al. 1975, Benfield and Webster 1985, Cummins et al. 1989).  Water

temperature (Suberkropp et al. 1975), dissolved oxygen (Cummins et al. 1980),

availability of inorganic nutrients (Suberkropp and Chauvet 1995), stream

geomorphology (Reice 1974, 1980; Meyer 1980), and organic matter retention structures

(Rounick and Winterbourn 1983), all may influence the rate of leaf breakdown in

streams.

Changes in both the biotic structure and physicochemical characteristics of

streams induced by land-use activities may also influence leaf breakdown (Webster et al.

1995).  For example, the presence of toxins or anthropogenic acidification has been

shown to reduce leaf breakdown rates (Carpenter et al. 1983, Forbes and Magnuson 1980,

Mulholland et al. 1987, Griffith and Perry 1993).  Logging practices also may affect

breakdown rates by increasing the delivery of sediments (Webster and Waide 1982) and

dissolved nutrients (Meyer and Johnson 1983) to streams.  Benfield et al. (1991)

attributed greater breakdown rates in streams draining logged watersheds to enhanced

physical abrasion generated by a combination of increased sedimentation, loss of in-

stream retention structures, and altered hydrologic regimes.  Finally, because of the

variation in breakdown rate among leaf species (Petersen and Cummins 1974), vegetation

changes that accompany disturbances in the riparian zone may govern the distribution of

shredder taxa and influence in-stream processing (Benfield et al. 1977, Smock and

MacGregor 1988, Cummins et al. 1989).

The extent of land-use impacts on stream ecosystems may depend on the spatial

distribution of development in the watershed, as well as the spatial scale at which this

distribution is evaluated (Allan and Johnson 1997).  Johnson et al. (1997) found that

water chemistry variables in sixty-two Michigan streams were influenced both by land

cover within 100m riparian corridors and watershed-scale features.  The relative

importance of both spatial scales varied with season and chemical constituent.  Several

studies have examined the influence of watershed vs. local (or riparian) features on
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stream ecosystem structure.   Richards et al. (1996) found that watershed-scale

characteristics, particularly geology and row-crop agriculture, governed aspects of stream

channel morphology and hydrology.  However, riparian corridors mediated erosional

processes and influenced sediment related variables in streams.   Using a similar

approach, Richards et al. (1997) showed that despite watershed-scale control of channel

structure and hydrology, macroinvertebrate species traits were strongly correlated with

local (reach-scale) features.  Furthermore, Harding et al. (1998) suggested that the history

of land-use patterns at both the watershed and riparian corridor scale are important

determinants of community structure in streams.  Ultimately, land-use practices in

watersheds can alter processes acting at multiple spatial and temporal scales, and have the

potential to strongly influence stream ecosystem processes.

In this study, we used leaf breakdown to evaluate the impact of land use on

ecosystem function in southern Appalachian headwater streams.  This region has been

subject to a variety of land-use disturbances during the last century, including extensive

logging, agriculture, and more recently, residential development (Yarnell 1998).  Our

objective was to determine how changes in ecosystem processes are related to the spatial

distribution of land use within a watershed.  Because several physical, chemical, and

biological factors can influence leaf processing, we predicted that disturbances operating

at different spatial scales would act concurrently to influence breakdown rates.  Our

approach was to first determine which factors are the most important determinants of leaf

breakdown.  We then attempted to discern the spatial scale(s) over which land use

governs those features or processes that drive breakdown rates in streams.

Materials and Methods

Site Description

The study was conducted in the Upper Roanoke River Basin (URRB) in

southwestern Virginia (Figure 1) at the interface of the Appalachian Valley and Ridge

and Blue Ridge physiographic provinces.  The URRB is topographically and geologically

diverse, and is characterized by Precambrian and Cambrian metamorphics and clastics at

higher elevations and Cambrian and Ordovician carbonates at lower elevations (Waller

1976).  Land use patterns in the URRB vary among sub-basins but are generally
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characterized by a mixture of small livestock farms, and residential areas that are variable

in age.  Eight watersheds, with 2nd or 3rd order streams, were selected for study.

Watersheds ranged in elevation from 325 to 575 m, and in watershed area from 278 to

1014 hectares.  Fifty-meter stream reaches were selected in each watershed for study

sites.  Benthic habitat at all streams was dominated by particles ranging from silt to

cobbles, though the relative proportion of these varied among sites.

Land use Quantification

A Geographical Information System (Arcview 3.1) was used to quantify land

cover within each watershed.  Digital land-cover information for the Roanoke Valley was

obtained from the preliminary basic land cover map (DRAFT) of Virginia, produced

through the Virginia Gap Analysis Project (VAGAP) for 1992.  This statewide data set

was generated from 14 Landsat thematic mapper scenes, and classified using both

unsupervised and enhanced supervised methods (Morton 1998).  Pixels provided 30 x 30

m resolution and included information from seven land-use categories: deciduous forest,

coniferous forest, mixed forest, shrub/scrubland, herbaceous (mostly agriculture), open

water, and disturbed (areas lacking vegetation).  We categorized the data into forest and

non-forest.  The ‘forest’ category included all forest types, but was dominated by the

‘deciduous’ class.  The ‘non-forest’ category included both agriculture areas and

urban/sub-urban areas. Morton (1998) used aerial videography to acquire reference data,

and assess the accuracy of the land-cover data, which was found to be 81% (i.e., Kappa

statistic = 0.81).  This level of accuracy may not hold for riparian corridors, which are

more difficult to classify, particularly in mountainous areas.   Our accuracy assessment

for riparian corridors from 25 locations across the 5 study catchments with greatest land-

cover heterogeneity found approximately 75% of the streamside pixels were correctly

classified. Of the pixels classified as ‘non-forest’, 50% had thin strips of riparian

vegetation but were otherwise ‘non-forest’.  Incorrect classifications encountered in this

assessment generally occurred when pixels classified as ‘forest’ had small residences but

were otherwise well forested.

Watersheds were delineated using “The Watershed Delineator” (ESRI and Texas

Natural Resource Conservation Commission 1997).  The watershed delineator uses
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neighborhood functions with data from USGS Digital Elevation Maps (DEMs) to

quantify the surface area contributing to drainage through a given point.  The outputs

were converted to ‘watershed polygons’, which included the entire drainage area

upstream of the sampling reach.  Within each watershed polygon a 60 m ‘riparian

corridor’ polygon was created with 30 m of width enclosing the stream laterally on both

sides, beginning at the sampling reach and extending the entire length of the stream.  To

assess the influence of riparian land-cover at specific distances upstream of the study

reach, riparian corridors were subdivided longitudinally into ‘sub-corridors’ (Figure 2).

Sub-corridors began with an initial polygon of 60 X 200 m, then increased longitudinally

by 200-m increments (i.e., 60 X 400 m, 60 X 600 m, etc.) until 2 km of upstream length

was included.  For each study basin, associated watershed, riparian corridor, and sub-

corridor polygons were overlaid onto the digital land-cover data.  It is important to note

that the 2 km sub-corridor polygon did not represent the entire longitudinal distance for

any streams in this study.  Percentages for each land-cover category were quantified

within the polygons. Regression analysis was used to relate leaf breakdown rate and

physico-chemical variables to land-cover patterns at the watershed, riparian corridor, and

sub-corridor scale.  A sequential Bonferroni correction (Rice 1988) was used when

multiple bivariate comparisons were performed between several independent variables

(e.g., land cover at all spatial scales) and a single dependent variable.  Percent non-forest

values were transformed (arcsine square root) for statistical analyses

Physical and chemical characterizations

Physical and chemical measurements were made for each stream from January to

May 1999. Triplicate water samples were collected monthly from each site, passed

through glass fiber filters (Whatman GFF, Gelman Type AE), and frozen before analysis

of dissolved constituents.  Samples were analyzed for ammonium-nitrogen (NH4-N)

using the phenate method (Soloranzo 1969) and nitrate-nitrogen (NO3-N) by colormetric

techniques following reduction by Cd (Wood et al. 1979) on a Technicon Auto-analyzer.

Ortho-phosphate (PO4-P) was analyzed as soluble reactive phosphorus (SRP) using the

molybdate colormetric method (Murphy and Riley 1969, Wetzel and Likens 1991).

Alkalinity, hardness, and specific conductance were measured once using standard
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laboratory protocol (Standard Methods, APHA, 1999) and a YSI Model 30/50-

conductivity meter.  Temperature was recorded monthly until data loggers  (HOBO®)

recording hourly temperature were installed in March 1999.  Discharge was measured at

least monthly at each site using velocity determined with an electronic flow meter

(FLOW-MATE, Marsh-McBirney, INC.) and cross sectional area (Gore 1996).  Mean

substrate particle size (MPS) was determined (sensu Wolman 1954) from randomly

selected particles using a USGS gravelometer (FISP US SA-97 284).  MPS was

calculated from 100 particles along 50-m reaches (MPS reach) and from 50 particles

along the 10 m areas where leaf packs were placed (MPS site).

Leaf Decomposition

Breakdown rates for American Sycamore (Plantanus occidentalis) were

determined from litterbags placed at the eight sites in January 1999.  Sycamore was

selected because it dominates riparian corridors in developed watersheds in this region

(Benfield et al. 1977) and was present at all study sites.  Abscised sycamore leaves were

collected in autumn 1998 and air-dried to a constant weight.  Approximately 8 grams of

leaf material were placed into plastic mesh bags (mesh size = 5 mm).  Fifteen litterbags

were anchored in riffles by tying them to a length of cable attached to a stake in the

streambed.  Three additional packs were taken to each site to serve as handling loss

controls and to determine initial ash free dry mass (AFDM).  Three leaf packs per site

were retrieved randomly after 13, 45, 70, 105, and 130 days, placed immediately into

plastic bags, and returned to the laboratory on ice.  Leaf material was washed to remove

sediments and macroinvertebrates and oven dried  (50o C) to a constant weight.

Individual packs were ground by a Wiley mill, sub-sampled, and ashed at 500oC to

determine ash-free dry mass (AFDM).  Remaining ground material was pooled by site

and analyzed for total Kjeldahl nitrogen (TKN) using micro-Kjeldahl digestion (Standard

Methods, APHA, 1999).  C: N ratios were determined for leaf packs assuming C

constitutes 48% of AFDM.  Leaf breakdown rate (k, d-1) was calculated as the slope of

the line derived from the regression of natural log (% AFDM) remaining against time

(Petersen and Cummins 1974).  Regression analysis was used to test the null hypothesis

(k = 0) and an analysis of covariance (ANCOVA) with a dummy variable technique
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(Kleinbaum et al. 1988) and Bonferroni correction was used to compare breakdown rates

among sites.

Macroinvertebrates washed from leaf packs were preserved in 80% ethanol, and

shredders (sensu Cummins 1973, Merritt and Cummins 1996) were separated and

identified to genus following Merritt and Cummins (1996), Stewart and Stark (1993), and

Wiggins (1996).  After identification, shredders from each pack were combined oven

dried (50o C), and weighed on a microbalance (Mettler Toledo MT5).  Because

preservation in ethanol reduces invertebrate dry weight, these data were only used as

comparative measures of invertebrate biomass.  Shredder density and biomass per

remaining leaf pack AFDM were compared among sites using a Multivariate Analysis of

Variance (MANOVA) and post-hoc univariate comparisons with Bonferroni correction

on log-transformed data.   All statistical procedures were performed on SAS (SAS

Institute, Cary N.C., Version 7).

Results

Land use quantification

The magnitude and distribution of non-forested areas within watersheds, riparian

corridors, and sub-corridors varied considerably among sites (Table 1).  Moreover,

several sites showed vastly different land-cover patterns when the spatial scale of analysis

was shifted from the watershed to the riparian corridor.  Land-cover patterns derived

from sub-corridors indicated that some watersheds had a high percentage of non-forested

area located within several hundred meters upstream of the sampling reach.  At Franklin

Cr., for example, 19.7% and 19.9% of the land was ‘non-forest’ at both the watershed and

riparian corridor scales, respectively.  However, within the first kilometer upstream of the

reach, 80.0% of the riparian corridor was non-forest.   Conversely, Greenbriar Br. was

34.2% non-forested when evaluated at the watershed scale, but only 19.2% and 4.3%

when the scale of analysis was shifted to the riparian corridor and 1km sub-corridor,

respectively.
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Physico-chemical characterizations

Mean particle size along 50 m reaches (MPS reach) ranged from 72.0 mm at

Purgatory Trib. to 44.8 mm at Barnhardt Cr., and decreased with the percentage of non-

forested area within the entire riparian corridor and the sub-corridors, the strongest

relationship occurring with polygons of 1800 m length (r2 = 0.80, p = 0.003).  Differences

in elevation and watershed area among sites contributed to variability in several of the

instream physico-chemical variables (Table 2).  Most of the variability associated with

discharge could be attributed to watershed area  (r2 = 0.76, p = 0.005).  Specific

conductance, hardness and alkalinity were generally related to elevation at the sample

reach (r2 = 0.70, p = 0.009; r2 = 0.59, p = 0.025; r2 = 0.68, p = 0.012, respectively).

Mean stream temperature was also related to elevation (r2 = 0.77, p = 0.004).  Further,

when elevation and % non-forested land within the riparian corridor were used in a

multiple regression, the explanatory power for mean temperature was much stronger (R2

= 0.94, p = 0.013).  NH4-N and NO3-N concentration (as total inorganic nitrogen, TIN)

varied among sites (CV = 74.6%) and increased with the percentage of non-forested area

at the watershed scale (r2 = 0.54, p = 0.036, not significant after Bonferroni correction).

Soluble reactive phosphorus (SRP) concentrations were not as variable (CV = 50.47%)

among sites, and did not correlate to land use at any spatial scale.  Neither TIN nor SRP

concentration were related to any other physical variables measured in the study.

Leaf Breakdown

Leaf breakdown rate was significantly different (p = 0.0017) among sites (Table

3), ranging from 0.0051 d-1 at Martins Cr. to 0.0180 d-1 at Powers Br.  Leaf breakdown

rate was not related to mean particle size (mm) assessed at the 50 m reach (MPS reach)

(r2 = 0.268, p = 0.188), but was strongly related to mean particle size (mm) (r2 = 0.873, p

= 0.0007) determined at the 10m site (MPS site) (Figure 3).  Variation in leaf breakdown

rate was not explained by stream temperature (r2 = 0.53, p = 0.04), TIN (r2 = 0.29, p =

0.17), or SRP (r2 = 0.0003, p = 0.16) measured in stream water.  Finally, breakdown rate

was not related to land cover at the watershed scale (r2 = 0.116, p = 0.409) or the entire

riparian corridor (r2 = 0.476, p = 0.060).  However, there were relationships between
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breakdown rate and % non-forest within the riparian sub-corridor.  The strength of the

relationship between leaf breakdown rate and land cover in sub-corridors varied with

longitudinal scale.  Figure 4 is a plot of coefficients of determination (r2) for the analyses

between land cover within sub-corridors of variable length and leaf breakdown

coefficients.   After correcting for multiple comparisons, the data show that leaf

breakdown rate decreased with the percentage of non-forested land within sub-corridors

of 800m –1200m length.

Nitrogen Accumulation

The initial nitrogen concentration in leaf pack material was 13.97 mg

TKN/gAFDM, or approximately 1.4% of the total ash-free dry mass.  Mass-specific TKN

generally increased at all sites with time (r2 = 0.55, p = 0.0001).  Accordingly, C: N ratios

began at 34: 1 and declined at all sites throughout the study (r2 = 0.57, p = 0.0001).

Despite site-specific patterns in TKN accumulation, there was an initial increase during

the first 45 days of incubation at all sites (Figure 5).  The magnitude of initial increase

was not related to leaf breakdown rate (r2 = 0.02, p = 0.699), nor was the mean TKN

value obtained for each site over the course of the study (r2 = 0.288, p = 0.170).

Furthermore, mean nitrogen accumulation over the course of the study was unrelated to

TIN and SRP in stream water (r2 = 0.037, p = 0.645; r2 = 0.069, p = 0.527 respectively).

The variability in mean nitrogen accumulation over the course of the study was best

explained by mean stream temperature (r2 = 0.71, p = 0.009).

Shredders

Shredder abundance and density varied significantly among sites (Table 4).  Mean

density (#/gAFDM) ranged over two orders of magnitude from 0.08 at Mudlick Cr. to

19.50 at Powers Br.  Comparable variation was observed for shredder biomass

(mg/gAFDM), with minimum values of 0.42 at Martins Cr. and maximum values of

50.16 at Powers Br.  Shredder density and biomass were not related to mean particle size

(mm) at the 50 m reach scale (MPS reach); however, they were strongly related to

substrate size at the 10m sites where leaf packs were situated (MPS site) (Figure 6a, and

b).  There was a positive relationship between both invertebrate density (r2 = 0.64, p =
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0.018) and biomass (r2 = 0.84, p = 0.001) and mean substrate size (mm) at the 10m scale.

Breakdown rate was strongly related to shredder density (r2 = 0.63, p = 0.017) and

biomass (r2 = 0.76, p = 0.005) (Figures 7a, and b).

Discussion

Leaf Breakdown

The mean breakdown rate (0.0096 d-1) across all sites was within the range

previously published for sycamore leaves in streams (Webster and Benfield 1986).

However, the range of values in this study includes those indicative of “slow”,

“medium”, and “fast” breakdown rates (sensu Petersen and Cummins 1974) depending

on site.  The disparity among site-specific breakdown rates reflects differences in

shredder abundance in leaf packs.  At sites with slow breakdown rates (e.g., Martins Cr.),

shredders were typically limited to low numbers and biomass of winter stoneflies (e.g.,

Amphinemoura) (Table 5). Benfield et al. (1977) found a breakdown rate (0.0057 d-1) for

sycamore leaves in a pasture stream that was similar to our slowest rates (0.0051 d–1 at

Martins Cr.).  They also found relatively low numbers of shredders in leaf packs, mostly

small winter stoneflies, as was the case in some of our sites.  Where breakdown rate was

more rapid (e.g., Powers Br.), we found shredders in greater abundance and biomass in

leaf packs, including relatively large-bodied species (e.g., Pteronarcys, Tipula).  Our data

support the notion that feeding by shredders can strongly influence leaf breakdown rate

(Sedell et al. 1975, Short et al. 1980, Benfield and Webster 1985, Cuffney et al. 1990).

Our data also suggest that breakdown rates were influenced by the presence/absence of

shredders with larger body size.  Larger shredders (e.g., Tipula) feed by removing chunks

of leaves whereas smaller taxa (e.g., Tallaperla) skeletonize leaves (Wallace et al. 1970).

This difference in feeding method may influence breakdown rates and make the

distribution and abundance of larger shredders critical to leaf processing in these streams

(Benfield et al. 1977).

Nitrogen content in leaves (as mg TKN/g AFDM) increased at all sites over the

course of the study, a pattern often attributed to nitrogen immobilization and biomass

accumulation by microbes (Triska and Buckley 1978, Webster and Benfield 1986, Casas

and Gessner 1999).  However, TKN accumulation may also result from the formation of
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complexes between nitrogen and other compounds in leaves (e.g., lignin) (Odum et al.

1979), or reflect differential feeding by invertebrate consumers among sites

(Barlocher1980, Rossi 1985).  Temporal patterns of nitrogen accumulation varied among

sites, and were not statistically related to leaf breakdown rate.  In addition, TKN

accumulation was not related to the concentration of inorganic nutrients in streams,

despite relatively large differences in TIN among sites.  The lack of statistical

relationship between TIN in streams and TKN suggests that nitrogen was available in

excess of that required to support microbial production.  Meyer and Johnson (1983)

found nitrate enrichment in an Appalachian headwater stream led to greater microbial

biomass (measured both as ATP and TKN) on decomposing leaf litter.  However, the

difference in microbial biomass resulted from an increase in stream NO3-N of two orders

of magnitude (0.006 v 0.6 ppm).  In our study, the lowest NO3-N concentrations were

more similar to the enriched values reported by Meyer and Johnson (1983).  Average

TKN on leaves was higher in streams with elevated mean temperatures, suggesting that

nitrogen immobilization and microbial biomass accumulation was greater in warmer

streams (e.g., Paul et al. 1978, Iron et al. 1994).  In our study, biomass accumulation and

the potential influence of microbial activity on breakdown rate may be masked by other,

more important factors, namely feeding by shredders (e.g., Short et al. 1980, Irons et al.

1994).

Watershed-scale effects

Variability in breakdown rate among streams in the URRB is closely related to

land-cover patterns within watersheds, provided the appropriate spatial scale is used for

analysis.  Of watershed-scale features, elevation was strongly related to several instream

physical and chemical variables.  Alkalinity, hardness, and specific conductance were

strongly related to elevation, reflecting changes from non-carbonate to carbonate geology

as streams reached lower elevation in the Roanoke Valley (Waller, 1976).  Also,

elevation and land-cover in riparian corridors interacted strongly to influence mean

stream temperature.  In contrast to several studies (e.g., Suberkropp et al. 1975, Paul et al.

1983), breakdown rate was not related to stream temperature.  Because land-cover in

riparian corridors and mean stream temperature were also related, we contend that the
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lack of relationship between leaf breakdown and temperature reflects the negative

influence of land-cover patterns on leaf breakdown via other processes (i.e.,

sedimentation). Though not statistically significant, there was a trend of higher TIN

concentration with increased percentage of non-forested land at the watershed scale.  This

relationship is similar to that observed in many studies that have shown watershed scale

characteristics to be generally good predictors for water chemistry, particularly nitrate

(Omernick 1976, Close and Davies-Colley 1990, Johnson et al 1997).  Differences in the

concentration of inorganic nutrients among streams were not closely coupled to leaf

breakdown in our study (but see Meyer and Johnson 1983).

Riparian corridor effects

When analyzed at the watershed and entire riparian corridor scale, the impact of

land-cover patterns on leaf breakdown in these streams appeared minimal.  However,

breakdown rate did show a strong inverse relationship with land-cover in riparian sub-

corridors.  Furthermore, the strength of this relationship depended on where development

existed upstream of sampling reaches. Our results suggest that land-cover patterns within

riparian sub-corridors of approximately 1 km in length have the most influence on leaf

breakdown.  The importance of this longitudinal distance is most likely related to the

spatial characteristics of upstream development.  Development in many of these

watersheds is concentrated in lower gradient areas adjacent to riparian corridors, whereas

the high gradient, upland areas are generally forested.  This spatial pattern is an apparent

aspect of development documented for many Appalachian watersheds (Wear and Bolstad

1998).   In this study, the 1 km distance may maximize the percentage of developed land

per unit of longitudinal distance.  Assessing the influence of riparian land cover over

short longitudinal distances (e.g., 200 m sub-corridors) may not include enough of the

upstream landscape to generate predictive relationships between land-cover variables and

in-stream processes.  In addition, functional redundancy among taxa that are

differentially tolerant to environmental stress (e.g., Pteronarcys vs. Tipula) may create a

situation where local land-use disturbances do not effectively reduce the influence of

shredder feeding on leaf breakdown rate.  Alternatively, evaluating riparian land cover

over greater longitudinal distances (e.g., entire riparian corridor) often includes high
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gradient upland areas.  Because these areas are generally forested, the percentage of non-

forested land quantified at larger spatial scales is reduced, and analyses between land

cover at these scales and in-stream variables are often less explanatory.

 We contend that development within the riparian corridors influences leaf

breakdown by altering sediment inputs.  This notion is supported by the strong negative

relationship between the percentage of non-forested land in the riparian corridor and the

mean substrate particle size within the 50-m study reach.  Smaller mean particle sizes in

some sites reflect an increased abundance of particles in smaller size classes.  In

headwater streams, decreased particle size often result from sediment inputs from near-

stream development (Lemly 1982, Lenat and Crawford 1994, Waters 1995).

Sedimentation can directly slow the rate of detritus processing by burying leaf packs

(Herbst 1980, Webster and Waide 1982, Rounick and Winterbourn 1983).  Burial may

reduce breakdown rates by decreasing the amount of exposed surface area available for

microbial activity, minimizing physical abrasion, or creating anoxic conditions (Herbst

1980, but also see Boulton and Foster 1998).  Leaf packs taken from watersheds severely

impacted by both agricultural and residential development (e.g., Martins Cr.) were

frequently filled with fine sediment and silt and often were blackened, and smelled of

H2S, indicating anoxic conditions. Sedimentation may also indirectly affect leaf

breakdown by influencing the distribution and availability of shredders in streams.  The

strong relationship between shredder abundance and leaf breakdown rate, and shredder

abundance and mean substrate size at the 10-m site (MPS site) supports this view.  Reice

(1974) suggested that reduced habitat stability, and subsequent changes in community

structure, that correspond to the local distribution of fine sediments can lead to a lower

shredder density and slower leaf breakdown rates.  Reducing substrate particle size,

through sedimentation, may also limit the accumulation and retention of leaf material in

streams and thus prevent the development and maintenance of local shredder populations

(Rounick and Winterbourn 1983).

 Conversion of riparian forests to pastures or suburban neighborhoods may also

influence the distribution of shredders by decreasing both the total amount and diversity

of leaf species entering streams (Benfield et al. 1977, Campbell et al. 1992).  Wallace et

al. (1997) demonstrated that a reduction in the amount of leaf inputs to streams could
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reduce shredder biomass and production.  In our study, many of the pixels in riparian

corridors that were classified as ‘non-forest’ actually had thin riparian strips (often < 1 m

wide). As a result, all streams seem to receive substantial inputs of leaf-fall, most of

which was sycamore or black walnut (R. Sponseller, personal observation).  Vegetation

changes that accompany land-use practices in riparian corridors may result in a

discontinuity in the “leaf-processing continuum” proposed by Petersen and Cummins

(1974), where leaf species with inherently different processing rates attain a state of

optimal conditioning along a temporal continuum and thus meet annual resource needs

for detritivores (Benfield et al. 1977, Golladay et al. 1983).  Eliminating diversity in leaf

inputs may, therefore, prevent the long-term establishment of shredder populations in

some streams.  This may explain why forested patches located upstream of sample

reaches influence leaf breakdown rates.  For example, Greenbriar Br., which had a high

percentage of non-forested land (mostly agriculture) at the watershed scale, had several

hundred meters of intact riparian forest upstream of the study reach.  This stream also had

the second highest shredder density and second fastest leaf breakdown rate of the eight

sites.  Johnson and Covich (1997) found that upstream riparian cover (500 and 1000m

segments) was closely related to the amount of leaf material in transport in Oklahoma

streams.  Therefore, upstream riparian forest patches may be influencing breakdown rate

by contributing leaf species required to complete the continuum and thus meet the annual

resource needs of shredder populations.

Microhabitat effects

Despite the strong relationship between land use and substrate size within the 50

m study reaches (MPS reach), shredder abundance could only be predicted by mean

particle size measured at the 10m areas around leaf packs (MPS site).  This is because

leaf packs were sometimes placed in riffles with substrata not representative of the entire

50m reach.  This was particularly evident at Greenbriar Br., where riffle habitat used for

the study represented less than 10% of the entire 50m reach.  In this case, the riffle area

may have acted as a “patch”, or processing location, where in-situ organic matter was

retained on the surface and served as a source of invertebrate shredders for the artificial

leaf packs.  Reice (1974) suggested that variability in leaf pack processing may be
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attributed to “patch-specific” community dynamics that are governed by the relative

distribution of sediment particles of different sizes and the resources associated with

them.  Therefore land-cover in the riparian corridor may result in reduced particle size

over larger spatial scales (e.g., the 50m reach), but patches of habitat amenable to detritus

processing may still persist within these impacted systems.  Because land-cover patterns

are not longitudinally homogeneous, many streams in developed watersheds will have

patches where inputs of coarse particulate organic matter and the distribution of

appropriate substrate would support detritus processing rates more representative of

streams not affected by residential or agricultural development.  Further, continued

human development may reduce the distribution and abundance of such patches, and

ultimately, retention and processing of organic matter may decline.

Conclusion

Differences in leaf decomposition rates among sites are related to land-cover

patterns, but documenting this relationship requires the appropriate spatial scale for

investigation.  Determining which spatial scale is appropriate first requires an

understanding of which biotic and abiotic features or processes are exerting the greatest

influence on decomposition rates.  The relative importance of these factors (e.g., shredder

abundance, dissolved inorganic nutrients, etc.) may vary considerably among stream

types.  In this study, shredder abundance (both density and biomass) was the most

important factor governing the rate of leaf decomposition.  Watershed-scale features that

were strongly correlated to differences in water chemistry did not contribute directly to

the variability in leaf breakdown.  Agricultural and/or residential development within

riparian corridors was the land-cover variable with the greatest influence on leaf

breakdown, most likely reflecting increased sedimentation rates and reduced species

diversity of leaf inputs to streams.  Finally, within reaches, small-scale patches of

sediment and resources may influence the accessibility of leaf packs to shredders.

56



Acknowledgements

This work was supported by the NSF/EPA Waters and Watersheds Program.  We

thank members of the Virginia Tech ‘Stream Team’ for assistance in the field and

laboratory.  D.J. Orth, S.A. Thomas, H. M. Valett, and J.R. Webster made constructive

comments on earlier drafts of this manuscript. Comments by R. Creed, L. Johnson, and

an anonymous reviewer also improved the manuscript.

57



Literature Cited

Allan, J.D., and L.B. Johnson.  1997.  Catchment-scale analysis of aquatic ecosystems.  

Freshwater Biology 37:107-111.

American Public Health Association.  1998.  Standard methods for the examination of

 water and wastewater.   Twentieth Edition.  American Public Health Association,

Washington, D.C., USA.

Barlocher, F., and B. Kendrick.  1975.  Leaf-conditioning by microorganisms.  Oecologia

20:359-362.

Barlocher, F.  1980.  Leaf-eating invertebrates as competitors of aquatic Hyphomycetes.

Oecologia 47: 303-306.

Benfield, E.F., and J.R. Webster.  1985.  Shredder abundance and leaf breakdown in an

Appalachian Mountain stream.  Freshwater Biology 15:113-120.

Benfield, E.F., D.R. Jones, and M.F. Patterson.  1977.  Leaf pack processing in a 

pastureland stream.  Oikos 29:99-103.

Benfield, E.F., J.R. Webster, S.W. Golladay, G.T. Peters, and B.M. Stout.  1990.  Effects of

forest disturbance on leaf breakdown in southern Appalachian streams.

Verhandlungen der Internationalen Vereinigung fur Theoretische und Angewandte

Limnologie 24:1687-1690.

Boulton, A.J., and J.G. Foster.  1998.  Effects of buried leaf litter and vertical hydrologic

exchange on hyporheic water chemistry and fauna in a gravel-bed river in northern

New South Wales, Australia.  Freshwater Biology 40:229-243.

Campbell, I.C., K.R. James, B.T. Hart, and A. Devereaux.  1992.  Allochthonous coarse 

particulate organic material in forest and pasture reaches of two southeastern 

Australian streams. II. Litter processing.  Freshwater Biology 27:353-365.

Carpenter, J., W.E. Odum, and A.E. Mills.  1983.  Leaf litter decomposition in a reservoir

affected by acid mine drainage.  Oikos 41:165-172.

Casas, J.J., and M.O. Gessner.  1999.  Leaf litter breakdown in a Mediterranean stream 

characterised by travertine precipitation.  Freshwater Biology 41: 781-793.

58



Close, M.E., and R.J. Davies-Colley.  1990.  Baseflow chemistry in New Zealand rivers 

2. Influence of environmental factors.  New Zealand Journal of Marine and

 Freshwater Research 24:343- 356.

Cuffney, T.F., J.B. Wallace, and G.J. Lugthart.  1990.  Experimental evidence quantifying

the role of benthic invertebrates in organic matter dynamics of headwater streams.

Freshwater Biology 23:281-299.

Cummins, K.W.  1973.  Trophic relations of aquatic insects.  Annual Review of

Entomology. 18:183-206.

Cummins, K.W.,  G.L. Spengler, G.M. Ward, R.M. Speaker, R.W. Ovink, D.C. Mahan,

and R.L. Mattingly.  1980.  Processing of confined and naturally entrained leaf litter

in a woodland stream ecosystem.  Limnology and Oceanography 25: 952-957.

Cummins, K.W., M.A. Wilzbach, D.M. Gates, J.B. Perry, and W.B. Taliaferro.  1989.

Shredders and riparian vegetation.  BioScience 39:24-30.

Fisher, S.G., and G.E. Likens.  1973.  Energy flow in Bear Brook, New Hampshire: an

 integrative approach to stream ecosystem metabolism.  Ecological Monographs 

43:421-439.

Forbes, A.M., and J.J. Magnuson.  1980.  Decomposition and microbial colonization of

leaves in a stream modified by coal ash effluent.  Hydrobiologia 76:263-267.

Gessner, M.O., E. Chauvet, and M. Dobson.  1999.  A perspective on leaf litter breakdown

in streams.  Oikos  85: 377-384.

Golladay, S.W., J.R. Webster, and E.F. Benfield.  1983.  Factors affecting food utilization

 by a leaf shredding aquatic insect: leaf species and conditioning time.  Holarctic 

Ecology 6: 157-162.

Gore, J.A.  1996.  Discharge Measurements and Streamflow Analysis.  In: Methods in 

Stream Ecology, editors F. R. Hauer, and G.A. Lamberti.  Academic Press.

Griffith, M.B., and S.A. Perry.  1993.  Colonization and processing of leaf litter by

macroinvertebrate shredders in streams of contrasting pH.  Freshwater Biology

30:93-103.

Harding, J.S., E.F. Benfield, P.V. Bolstad, G.S. Helfman, and E.B.D. Jones III.  1998.

Stream biodiversity: The ghost of land use past.  Proceedings of the National

Academy of Science 95:14843-14847.

59



Herbst, G.N.  1980.  Effects of burial on food value and consumption by aquatic

invertebrates in a lowland forest stream.  Oikos 35:411-424.

Irons, J.G., III, M.W. Oswood, R.J. Stout, and C.M. Pringle.  1994.  Latitudinal patterns in

leaf litter breakdown: is temperature really important? Freshwater Biology 32:401-

411.

Johnson, S.L., and A.P. Covich.  1997.  Scales of observation of riparian forests and

distributions of suspended detritus in a prairie river.  Freshwater Biology 37:163-

175.

Johnson, L.B., C. Richards, G. Host, and J.W. Arthur.  1997.  Landscape influences on 

water chemistry in Midwest stream ecosystems.  Freshwater Biology 37: 193-208.

Kleinbaum, D. G., Kupper, L.L., and Muller, K.E.  1988.  Applied regression analyses

 and other multivariate methods. –PWS- Kent Publishing Co., Boston.

Lemly, D.  1982.  Modification of benthic insect communities in polluted streams:

 combined effects of sedimentation and nutrient enrichment.  Hydrobiologia 87: 

229-245.

Lenat, D.R., and J.K. Crawford.  1994.  Effects of land use on water quality and aquatic

 biota of three North Carolina Piedmont streams.  Hydrobiologia 294: 185-199.

Merritt, R.W., and K.W. Cummins.  1996.  An introduction to the aquatic insects of 

North America, Third Edition.  Kendall/Hunt Publishing Company.  Dubuque,

 Iowa.

Meyer, J.L.  1980.  Dynamics of phosphorus and organic matter during leaf 

decomposition in a forest stream.  Oikos 34:44-53.

Meyer, J.L., and C. Johnson.  1983.  The influence of elevated nitrate concentration on rate

of leaf decomposition in a stream.  Freshwater Biology 13:177-183.

Mulholland, P.J., A.V. Palumbo, J.W. Elwood, and A.D. Rosemond.  1987.  Effects of

acidification on leaf decomposition in streams.  Journal of the North American

Benthological Society 6:147-158.

Murphy, J., and J.P. Riley.  1962.  Determination of phosphate in natural waters.

  Analytica Chimica Acta 27: 31-36.

Morton, D.D.  1998.  Land cover of Virginia from Landsat thematic mapper images. 

 Master’s thesis. Virginia Polytechnic Institute and State University, Blacksburg, 

60



Va.

Omernik, J.M.  1977.  Nonpoint source - stream nutrient level relationships: a nationwide 

study. US EPA - 600/3-77-105; Corvallis, Oregon.

Odum W.E., P.W. Kirk, J.C. Zieman.  1978.  Non-protein nitrogen compounds associated

with particles of vascular plant detritus.  Oikos 32: 363-367.

Paul, R.W., Jr., E.F. Benfield, and J. Cairns Jr.  1978.  Effects of thermal discharge on leaf

decomposition in a river ecosystem.  Verhandlungen der Internationalen

Vereinigung fur Theoretische und Angewandte Limnologie 20:1759-1766.

Paul, R.W., Jr., E.F. Benfield, and J. Cairns Jr.  1983.  Dynamics of leaf processing in a

medium-sized river. Pages 403-423 in T. D. Fontaine III and S. M. Bartell (editors).

Dynamics of lotic ecosystems. Ann Arbor Science, Ann Arbor, MI.

Petersen, R.C., and K.W. Cummins.  1974.  Leaf processing in a woodland stream.

Freshwater Biology 4:345-368.

Reice, S.R.  1974.  Environmental patchiness and the breakdown of leaf litter in a

woodland stream.  Ecology 55:1271-1281.

Reice, S.R.  1980.  The role of substratum in benthic macroinvertebrate microdistribution

and litter decomposition in a woodland stream.  Ecology 61:580-590.

Rice, R.R. 1988.  Analyzing tables of statistical test.  Evolution.  43: 223-225.

Richards, C., R.J. Haro, L.B. Johnson, and G.E. Host.  1997.  Catchment and reach-

scale properties as indicators of macroinvertebrate species traits.  Freshwater

 Biology 37: 219-230.

Richards, C., L.B. Johnson, and G.E. Host.  1996.  Landscape-scale influences on stream 

habitats and biota.  Canadian Journal of Fisheries and Aquatic 

Sciences53:295-311.

Rossi, L. 1985. Interactions between invertebrates and microfungi in freshwater

ecosystems.  Oikos 44: 175-184.

Rounick, J.S., and M.J. Winterbourn.  1983.  Leaf processing in two contrasting beech

forest streams: Effects of physical and biotic factors on litter breakdown.  Archiv

fur Hydrobiologie 96:448-474.

Sedell, J.R., F.J. Triska, and N.S. Triska.  1975.  The processing of conifer and hardwood

leaves in two coniferous forest streams: I. weight loss and associated invertebrates.

61



Verhandlungen der Internationalen Vereinigung fur Theoretische und Angewandte

Limnologie 19:1617-1627.

Short, R.A., S.P. Canton, and J.V. Ward.  1980.  Detrital processing and associated

macroinvertebrates in a Colorado mountain stream.  Ecology 61:727-732.

Soloranzo, L.  1969.  Determination of ammonium in natural waters by the

 phenolhypochlorite method.  Limnology and Oceanography 14: 799-801.

Stewart, K.W., and B.P. Stark.  1993.  Nymphs of North American stonefly genera 

(Plecoptera).  University of North Texas Press, Denton, Texas.

Stout, B.M.  1989.  Effects of forest disturbance on leaf quality and shredder production in

headwater streams.  Ph.D. Dissertation, Virginia Polytechnic Institute and State

University, Blacksburg, Virginia.

Suberkropp, K., and M.J. Klug.  1976.  Fungi and bacteria associated with leaves during

processing in a woodland stream.  Ecology 57: 707-719.

Suberkropp, K., M.J. Klug, and K.W. Cummins.  1975.  Community processing of leaf

litter in woodland streams.  Verhandlungen der Internationalen Vereinigung fur

Theoretische und Angewandte Limnologie 19:1653-1658.

Suberkropp, K., and E. Chauvet.  1995.  Regulation of leaf breakdown by fungi in streams:

Influences of water chemistry.  Ecology 76: 1433-1445.

Triska, F.J., and B.M. Buckley.  1978.  Patterns of nitrogen uptake and loss in relation to

litter disappearance and associated invertebrate biomass in six streams of the

Pacific Northwest, USA.  Verhandlungen der Internationalen Vereinigung fur

Theoretische und Angewandte Limnologie 20:1324-1332.

Wallace, J.B., S.L. Eggert, J.L. Meyer, and J.R. Webster.  1997.  Multiple trophic levels of

a forest stream linked to terrestrial litter inputs.  Science 277:102-104.

Wallace, J.B., W.R. Woodall, and F.F. Sherberger.  1970.  Breakdown of leaves by feeding

of Peltoperla maria nymphs.  Annals Entomological Society of America. 63:562-

567

Waller, J.O.  1976.  Geohydrology of the Upper Roanoke River Basin, Virginia. Virginia 

State Water Control Board - Planning Bulletin 302.  Bureau of Water Control

 Management, Richmond, Virginia 148 p.

62



Waters, T.F.  1995.  Sediment in Streams; sources, biological effects and control. 

American Fisheries Society Monograph 7.  Bethesda, Maryland.

Wear, D.N., and P. Bolstad.  1998.  Land-use changes in southern appalachian landscapes:

Spatial analysis and forecast evaluation.  Ecosystems 1:575-594.

Webster, J.R., and E.F. Benfield.  1986.  Vascular plant breakdown in freshwater

ecosystems.  Annual Review of Ecology and Systematics 17:567-594.

Webster, J.R., and J.B. Waide.  1982.  Effects of forest clearcutting on leaf breakdown in a

southern Appalachian stream.  Freshwater Biology 12:331-344.

Webster, J.R., J.B. Wallace, and E.F. Benfield.  1995.  Organic processes in streams of the

eastern United States. Pages 117-187 in C. E. Cushing, G. W. Minshall and K. W.

Cummins (editors). Ecosystems of the World 22:  River and Stream Ecosystems.

Elsevier, Amsterdam.

Wetzel, R.G., and G.E. Likens.  1991.  Limnological analyses.  Second edition.

  Springer-Verlag.

Wiggins, G.B.  1996.  Larvae of the North American caddisfly genera (Trichoptera).  

University of Toronto Press Inc.

Wolman, M.G.  1954.  A new method of sampling coarse riverbed.  Transactions of the 

American Geophysical Union 35: 951-956.

Wood, E.D., F.A.J. Armstrong and F.A. Richards.  1967.  Determination of nitrate in

seawater by cadmium-copper reduction to nitrate.  Journal of the Marine Biology

Association of the United Kingdom 47:23-31.

Yarnell, Susan L.  1998.  The Southern Appalachians: a history of the landscape.   Gen.

Tech. Rep.  SRS-18.  Asheville, NC: U.S.  Department of Agriculture, Forest

Service, Southern Research Station.  45 p.

63



Table 2.1.  Land-cover patterns in the 8 study basins.  Values are the percent of non-forested land within each scale category.  Sub-
corridor values are the percent of non-forested land within a polygon of 60m width and progressively greater distances upstream from
the sampling reach.  ‘Entire riparian corridor’ includes riparian areas for the entire length of the watershed.

Powers Greenbriar LBC Purgatory Barnhardt Mudlick Franklin Martins

Scale
Watershed 7.50 34.20 8.37 13.88 19.31 41.41 19.66 20.31

 Entire riparian
corridor

1.20 19.17 10.79 1.28 26.41 34.70 19.86 56.28

Sub corridors
Sample reach 0.00 0.00 100.00 0.00 100.00 0.00 18.18 50.00

200m 0.00 14.29 23.08 0.00 92.86 85.71 84.62 75.00
400m 0.00 6.67 10.34 0.00 46.43 67.86 67.86 83.33
600m 0.00 4.65 9.76 0.00 61.90 76.19 79.07 88.89
800m 0.00 3.51 7.02 3.85 60.71 79.66 73.77 92.00
1000m 0.00 4.29 7.25 3.12 55.88 80.82 77.03 92.19
1200m 0.00 13.41 6.02 2.56 57.32 68.97 80.46 88.61
1400m 0.00 19.15 5.21 2.17 62.50 59.41 74.00 85.87
1600m 0.00 18.52 4.50 1.90 61.11 56.25 67.83 83.96
1800m 0.00 25.41 4.00 1.69 56.56 51.59 60.47 77.50
2000m 0.00 22.79 3.65 1.54 51.11 49.29 54.55 77.61
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Table 2.2.  Physical and chemical conditions in the study streams.  Except for watershed area and elevation, values are means (±SE) generated from
monthly values for each stream from January to June 1999.  Variable measured once during the study are denoted with an asterisk (*).  MPS = Mean
substrate particle size (mm).

Parameter Powers Greenbriar LBC Purgatory Barnhardt Mudlick Franklin Martins

Elevation (m) 575.0 381.0 403.0 489.0 332.0 345.0 325.0 448.0

WS Area
(hectares) 612.8 248.7 1014.4 278.5 708.1 555.3 590.3 415.6

Discharge (l/s)
47.86

(±10.71)
18.03

(±3.02)
53.36

(±9.42)
17.16

(±4.91)
30.49

(±6.49)
27.13

(±5.08)
35.48

(±5.75)
17.19

(±3.37)

Temp oC
11.04

(±0.07)
13.59

(±0.07)
13.77

(±0.08)
11.63

(±0.06)
13.83

(±0.07)
14.60

(±0.10)
14.40

(±0.08)
14.18

(±0.10)

Spec. cond.*
(�S) 33.9 97.6 64.8 64.5 154.3 119.2 199.5 102.6

Hardness*
(ppm) 14.0 32.0 18.0 26.0 78.0 64.0 108.0 36.0

Alkalinity*
(ppm) 16.0 36.0 30.0 26.0 80.0 58.0 98.0 34.0

NO3-N (ppm)
0.394

(±0.065)
0.982

(±0.151)
0.116

(±0.023)
0.115

(±0.026)
0.302

(±0.034)
0.689

(±0.103)
0.145

(±0.022)
0.594

(±0.110)

NH4-N (ppm)
0.006

(±0.003)
0.014

(±0.005)
0.016

(±0.002)
0.014

(±0.004)
0.012

(±0.004)
0.016

(±0.007)
0.018

(±0.007)
0.024

(±0.007)

PO4-P (ppm)
0.024

(±0.004)
0.011

(±0.003)
0.015

(±0.004)
0.013

(±0.002)
0.014

(±0.002)
0.015

(±0.003)
0.020

(±0.009)
0.022

(±0.004)

MPS reach*
(mm)

66.73
(±4.83)

45.84
(±3.78)

64.88
(±5.17)

72.06
(±5.01)

44.81
(±4.04)

46.76
(±3.73)

46.43
(±3.87)

46.71
(±3.69)

MPS site*
(mm)

89.14
(±7.31)

70.18
(±6.11)

72.52
(±7.09)

59.40
(±7.47)

50.33
(±4.64)

35.81
(3.01)

45.93
(±5.13)

37.69
(±3.85)
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Table 2.3.  Mean breakdown rates (-k, day-1) and coefficients of determination (r2)
derived from significant (p < 0.05) regressions of sycamore leaf mass and time for
each study stream.  Breakdown rates were compared using an ANCOVA
with site as a dummy variable (Kleinbaum et al. 1988).  Values with
the same superscripts are not significantly different (" = 0.0017, after Bonferroni
correction).

Site k (day-1) r2

Powers 0.0180 A 0.907
Greenbriar 0.0145 AB 0.979
LBC 0.0107 BC 0.959
Purgatory 0.0097 CD 0.953
Barnhardt 0.0068 DE 0.938
Mudlick 0.0067 DE 0.940
Franklin 0.0053 E 0.955
Martins 0.0051 E 0.977
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Table 2.4.  Invertebrate abundance on experimental leaf packs.  Shredder density (#/g AFDM) and biomass (mg/g AFDM) are mean
(±SE) derived from 5 collection dates per site.  Means were compared using MANOVA followed by univariate multiple comparisons
with Bonferroni correction on log-transformed data.  Values with the same superscripts are not significantly different.

Mean site values Powers Greenbriar LBC Purgatory Barnhardt Mudlick Franklin Martin
Density

#/gAFDM
19.50A

(±5.42)
11.11A

(±2.94)
1.11B

(±0.28)
2.32B

(± 0.73)
1.75B

(± 0.49)
0.08B

(±0.04)
0.36B

(±0.12)
1.42B

(±0.41)

Biomass
mg/gAFDM

50.16A

(±23.27)
11.50ABC

(±4.88)
15.96AB

(±9.10)
3.64BCD

(±1.07)
1.84DC

(±1.30)
1.87DC

(±1.16)
4.92BCD

(±3.31)
0.416D

(±0.28)
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Table 2.5.  Distribution of shredders throughout the study sites. Values are percentages of the total number represented by each genus.

Taxa Powers Green. Br LBC Purgatory Barnhardt Mudlick Franklin Martin
Plecoptera

Pteronarcys sp. 35.5 21.2 30.9 3.1
Tallaperla sp. 11.0 23.1 20.2 4.7
Peltoperla sp. 0.21

Oomopteryx sp. 13.3 1.9 3.2 4.7
Taeniopteryx sp. 0.2 21.2

Amphinemoura sp. 17.0 87.4 32.2 90.0 38.0 78.4
   Shipsa sp. 18.7 7.7 1.0 20.0 4.7 6.2

Allocapnia sp 3.1 0.02 3.8 3.0 9.5 1.0
Leuctra sp. 1.0 5.3 4.7 1.0
Trichoptera

Pycnopsyche sp. 0.6 1.1
Diptera

Tipula sp. 0.4 11.2 21.2 2.1 6.0 80.0 33.3 10.3
Total Number 482 365 52 94 101 5 21 97
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Summary

This study addressed the relationship between land-cover patterns and the

structure and function of headwater streams.  Results from both chapters clearly support

the connection between land use practices, changes in stream habitat, and associated

impacts to stream communities and ecosystem processes.  This work also demonstrated

that variation in stream habitat features, macroinvertebrate assemblage structure, and leaf

breakdown were related land-cover patterns at different spatial scales.  For example,

dissolved constituents measured in streams (e.g., TIN, alkalinity) were only statistically

related to catchment features or land-cover variables assessed at the watershed scale.

Conversely, mean substrate particle size and mean stream temperature were most

strongly related to land-cover patterns at the scale of the riparian zone.  Finally, variation

in maximum stream temperature was best explained by the percentage of non-forested

land at the 200 m sub-corridor scale.

Variation in biotic variables across the landscape frequently corresponded to land-

cover assessed at the spatial scale under which the stream ‘habitat variable’ of importance

operated.  For example, in chapter 1, measures of macroinvertebrate diversity and

evenness were best explained by maximum stream temperature among sites.   Maximum

stream temperature was strongly related to land-cover at the 200 m sub-corridor scale,

and accordingly, the 200 m sub-corridor scale best explained measures of taxonomic

diversity and evenness.  These results suggest that local, streamside development can

effectively alter the structure of macroinvertebrate assemblages.  Also, it is likely that the

role of riparian vegetation in mediating stream thermal regimes is critical to the

distribution of thermally sensitive taxa (e.g., EPT taxa).  In chapter 2, variation in leaf

breakdown rate was best explained by the interaction between feeding by

macroinvertebrate shredders and substrate composition.  Mean substrate particle size was

strongly influenced by land-cover patterns operating at the entire riparian corridor scale.

Accordingly, the relationship between land-cover and leaf breakdown could only be

documented for riparian sub-corridors of approximately 1 km, very close to the same

spatial scale that best explained mean substrate particle size.
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My results also suggest that community structure in these streams may be more

sensitive to localized land-use disturbances than ecosystem processes.  Benthic

communities are thought to be organized by the structure of the local habitat template and

therefore may be very sensitive to disturbances that alter local habitat conditions.

Conversely, ecosystem processes that incorporate both biotic and abiotic components,

frequently organized at greater spatial scales, may not necessarily respond to local land-

cover changes.   Though results from chapter 2 illustrate the importance of the biotic

component of ecosystem processes, functional redundancy among taxa that are

differentially tolerant to environmental stress may create a situation where biotic

processes are less sensitive to land-use disturbances than the taxonomic structure of the

communities involved.
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